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Chair Dallas May 

Colorado Parks and Wildlife Commission 

Hilary Hernandez, CPW Regulations Manager 

6060 Broadway 

Denver, CO 80216 

dallas.may@state.co.us  

dnr_cpwcommission@state.co.us  

hilary.hernandez@state.co.us  

December 18, 2024 

Re: Opposition to September 27, 2024 Citizen Petition for Rulemaking requesting pause in 

gray wolf reintroduction activities pending completion of management changes 

Dear Chair May, Commissioners, and Ms. Hernandez: 

The undersigned groups oppose the citizen petition for rulemaking submitted by the Middle 

Park Stockgrowers Association and 20 other entities on September 27, 2024.  The petition 

requests that Colorado Parks and Wildlife be required to pause gray wolf reintroductions until the 

agency has made various changes to its rules and policies—a request that would undermine 

Colorado law and the voters’ will. 

Colorado is in the midst of a historic, voter-mandated effort to restore gray wolves, a native 

carnivore that occupied the state for millennia until extirpated by humans.  As part of the 

restoration process, Colorado established a wolf management program with numerous provisions 

aimed at minimizing harm to the livestock industry.  For example, Colorado compensates the 

owners of wolf-killed livestock up to $15,000, the most generous compensation program in the 

country. 

Nonetheless, anti-wolf livestock groups and their allies now seek to disrupt Colorado’s 

democratically enacted reintroduction effort, claiming deficiencies in the state’s management 

program.  They request an amendment to Chapter W-16 of the Commission’s procedural rules, 2 

Colo. Code Regs. § 406-16, that would prohibit CPW from reintroducing more wolves until the 

Commission and CPW have taken seven steps relating to wolf management. 

DISCUSSION 

CPW should deny the petition.  An agency has “broad discretion to decide whether to engage 

in a rulemaking,” and judicial review of such decisions is “extremely limited” and “highly 

deferential.”  Colo. Oil and Gas Conservation Comm’n v. Martinez, 433 P.3d 22, 27 (Colo. 2019) 

(quoting Massachusetts v. EPA, 549 U.S. 497, 527–28 (2007)).  The petition here should be 

denied because (1) granting it would violate CPW’s legal obligations and (2) the agency is 

already undertaking the seven measures requested in the petition. 
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I. Granting the petition would violate CPW’s legal obligations. 

Colorado state agencies may—indeed, must—deny a petition for rulemaking if granting it 

would violate their legal obligations.  For example, the Supreme Court upheld the Colorado Oil 

and Gas Conservation Commission’s denial of a rulemaking petition where the action requested 

was contrary to statute.  Martinez, 433 P.3d at 25.  Here, granting the petition would violate (1) 

state statute and (2) the agency’s own wolf management plan. 

A. Pausing releases would violate state statute  

Colorado law directs CPW to “restore” a “self-sustaining population” of gray wolves to 

Colorado.  Colo. Rev. Stat. §§ 33-2-105.8(2)(a), (3)(a)(III).  A pause in wolf reintroductions 

would be directly contrary to this mandate because it would undermine progress toward a self-

sustaining population.  As discussed in Exhibit 1 to this letter, population size and genetic 

diversity strongly influence population viability.  Without more wolves, Colorado’s small, 

nascent population will remain susceptible to, among other things, genetic drift, population 

bottlenecks, and Allee effects from difficulty finding mates.  Thus, additional releases on an 

annual basis are essential to fulfilling CPW’s legal mandate to restore a self-sustaining 

population of gray wolves to Colorado.   

Pausing releases now would also conflict with the December 31, 2023 statutory deadline.  

See Colo. Rev. Stat. § 33-2-105.8(2)(d).  Although the statute does not expressly set out a multi-

year timeline for wolf releases, the December 2023 deadline is properly construed as a date by 

which full restoration efforts must begin.  The statute does not provide CPW authority to halt or 

pause restoration efforts once started, and pausing releases would undermine the statutory 

deadline by weakening the ecological value of the first year of releases.  In other words, the 

statute plainly requires that wolves be released during the 2023–24 winter, and, for the reasons 

set out in Exhibit 1, the restoration value of those wolves—and the considerable time and 

taxpayer dollars spent to release and manage them—diminishes if they are not immediately 

followed by more wolves.   

Indeed, in its response to Club 20’s September 3, 2024 letter, CPW explained that pausing 

wolf releases would be inconsistent with its statutory mandate.  Colorado Parks & Wildlife Oct. 

31, 2024 Letter to Club 20 re Response to September 3, 2024 Wolf Concerns.  CPW 

acknowledged that Proposition 114 and state statute require the agency to establish a self-

sustaining population of wolves in Colorado and stated that it “do[es] not believe pausing wolf 

releases is consistent with” that mandate.  Id. at 1, 3.  More specifically, and consistent with the 

science noted above, CPW explained that any pause of restoration efforts would likely result in 

additional wolf mortalities from the preliminary source before those wolves have had the 

opportunity to breed and pair.  Id.  In CPW’s view, that would “mak[e] it harder to achieve 

Proposition 114’s mandate to establish a self-sustaining population of wolves in Colorado.”  Id.  

Any such one-year pause would put CPW “back to square one, at considerable cost that will only 

have to be duplicated as CPW continues to work to meet the mandates of state statute.”  Id. 

We agree with CPW’s assessment.  Pausing wolf releases would waste the first year of 

release and management efforts, render meaningless the December 31, 2023 deadline, and put 



3 

 

the agency back to square one with its restoration mandate.  That outcome is inconsistent with 

law and should be rejected. 

B. Pausing releases would violate CPW’s wolf plan. 

Pausing releases would also violate the Colorado Wolf Restoration and Management Plan.  

Colorado agencies are obligated to follow their own rules and guidance documents.  See, e.g., 

Rags over the Ark. River, Inc. v. Colo. Parks & Wildlife Bd., 360 P.3d 186, 191 (Colo. App. 2015) 

(explaining that an agency is bound by the regulations it enacts).  That includes formal 

management plans.  See, e.g., Utah Env’t Congress v. Bosworth, 372 F.3d 1219, 1221 (10th Cir. 

2004) (requiring agency compliance with its own management plan); see also Colo. Rev. Stat. § 

33-2-105.8(2)(a) (requiring commission to “[d]evelop a plan to restore and manage gray wolves 

in Colorado, using the best scientific data available”)). 

Here, CPW’s wolf plan calls for annual wolf releases.  The plan contemplates releasing “30 

to 50 wolves over a 3-to-5 year period,” and specifically “10-15 wild wolves annually . . . over 

the course of 3 to 5 years.”  Wolf Plan 20 (emphasis added).  Although the plan provides for 

some flexibility in that annual schedule, it does so only to protect wolves in the event of 

unreasonably high mortality rates during the first year of releases.  Wolf Plan 22 (allowing 

suspension of releases in specific situations involving “[u]nexplained [wolf] losses or an 

unusually large number of losses”).  The petition does not seek to pause reintroductions on that 

basis.  Nor could it, as wolf mortality during the first six months after release was not 

“unreasonably high,” and certainly not below the 70 percent threshold that triggers “protocol 

review.”  Id.  Instead, the petition seeks to pause releases because livestock producers take issue 

with implementation of specific elements of the plan’s livestock conflict components—an 

exemption found nowhere in the plan and contrary to its prescription of annual releases. 

In short, the petition asks CPW to violate its legal duties under statute and its own plan.  

CPW should reject that request. 

II. The petition does not establish a basis for pausing reintroductions. 

Even if CPW had the authority to pause reintroductions while it engages in the requested 

rulemaking, the petition does not establish a valid basis for doing so.  The petitioners base their 

request for relief on assertions that CPW’s wolf management plan unlawfully (1) fails to resolve 

conflicts between wolves and livestock producers and (2) imposes land, water, and resource use 

restrictions.  Petition at 4–6.   

Both assertions are false.  Regarding conflict resolution, the undersigned groups 

acknowledge—and thank the agency for—the immense time and effort that CPW staff have 

expended to prevent and respond to wolf-livestock conflicts in the state.  We are aware that 

countless hours have been spent training CPW staff, livestock producers, and community 

members on nonlethal control measures, and, as noted, Colorado offers the most generous 

compensation program in the country.  Regarding land, water, and resource restrictions, the 

petitioners identify only purported “suggest[ions]” made by CPW staff—not actual rules or 

prohibitions—plus a denial of a lethal take permit when a livestock producer refused to eliminate 

a dead pit, which is an obvious wolf attractant.  Petition at 6.  Certainly, CPW should aim to 
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administer its rules in a predictable, consistent manner, but it need not accommodate ill-advised 

ranching practices—even if they are “common” or “traditional.”  Id.  The grievances laid out in 

the petition show little more than the livestock industry’s reticence to change and generic 

dissatisfaction with the state’s wolf management efforts, not violations of a legal duty. 

Beyond the petition’s flimsy foundation, it should be denied because CPW is already 

undertaking all seven of the measures the petition requests.  See Martinez, 433 P.3d at 24, 26, 

32–33 (affirming denial of rulemaking petition where agency explained that it was already 

addressing concerns raised in the rulemaking petition). 

• Chronic depredation 

The petition asks the Commission to “adopt[] a definition of ‘chronic depredation’ with 

mandated lethal take requirements of chronically depredating wolves and provide[] notice to the 

impacted communities and livestock producers of this generally applicable standard.”  Petition at 

2.   

In a recent press release, CPW explained that it will publish a “Wolf-Livestock Conflict 

Minimization Program Guide in December,” which will provide livestock producers with a wide 

set of tools and resources and “describe CPW’s depredation investigation process, compensation 

program and lethal management criteria, including the definition of ‘Chronic Depredation’.”  

Colorado Parks & Wildlife, CPW and CDA Prepare for 2025 Gray Wolf Releases with Improved 

Livestock Conflict Minimization Program (Dec. 9, 2024).1 

• Testing and evaluating nonlethal measures 

The petition requests that “CPW test[] and evaluate[] alternative forms of non-lethal 

measures for keeping wolves from attacking livestock and working dogs to identify what 

measures work in what field conditions and for how long the measures are effective.”  Petition at 

2.   

CPW will administer “a grant program to assist with implementing non-lethal wolf conflict 

reduction measures,” which offers grants of up to $20,000 that “can be used to prepare, educate, 

and coordinate with producers to implement non-lethal conflict reduction measures and directly 

implement measures such as range riding and carcass disposal.”  Dec. 9 Press Release.  CPW 

also explained in its October 31, 2024 response to Club 20 that it is developing site vulnerability 

assessments to help to identify “the most effective nonlethal techniques to avoid and minimize” 

wolf-livestock conflict.  Oct. 31 Letter at 2. 

• Site assessments and education 

The petition requests that “CPW develop[] a program to conduct site assessments of areas 

where wolves are interacting with livestock and working dogs and educate livestock producers 

 
1 https://cpw.state.co.us/news/12092024/cpw-and-cda-prepare-2025-gray-wolf-releases-

improved-livestock-conflict-minimization.  

https://cpw.state.co.us/news/12092024/cpw-and-cda-prepare-2025-gray-wolf-releases-improved-livestock-conflict-minimization
https://cpw.state.co.us/news/12092024/cpw-and-cda-prepare-2025-gray-wolf-releases-improved-livestock-conflict-minimization
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on managing wolf conflicts and implementing site-specific, effective non-lethal measures to 

minimize livestock losses.”  Petition at 2. 

CPW has “recently updated and formalized the site assessment process for 2025,” and “22 

producers have signed up to receive site assessments since October.”  Dec. 9 Press Release.  

Additionally, at the November 14, 2024 CPW Commission meeting, CPW staff explained that 

the new assessment process would streamline existing procedures, make the assessments more 

consistent, and train staff internally to better conduct such assessments.  Site assessments are 

voluntary, free of charge, and specific to individual producers. 

• Range riders 

The petition requests that “CPW develop[] a range rider program for areas where wolves are 

either currently interacting with livestock and working dogs or can be expected to interact after 

additional wolves are introduced, acquire[] sufficient funding for this range rider program, and 

implement[] this program prior to the next introduction of wolves.”  Petition at 2.   

CPW is “partnering with” the Colorado Department of Agriculture to “create the Colorado 

Range Rider program that will launch in early 2025.”  Dec. 9 Press Release.  Under that 

program, “CDA and CPW staff members, as well as any future contract range riders, will go 

through specialized training to create a team of trained range riders with connections to local 

communities who can be deployed to support producers at short notice.”  Id. 

• Rapid response team 

The petition requests that “CPW hire[], train[], and put[] in place a rapid response to [sic] 

team to immediately respond to reports of wolves harassing or depredating livestock and 

working dogs and keep[] that team in the impacted area until the threat is removed.”  Petition at 

2. 

CPW and CDA have “significantly increased conflict reduction specialist staff throughout the 

first year of wolf restoration,” bringing on five wildlife damage specialists between April and 

June and recruiting five more in December.  Dec. 9 Press Release.  These positions are in 

addition to a nonlethal conflict reduction program manager who started in summer 2024 and two 

nonlethal mitigation specialists with CDA who started in December 2024.  Id.   

Furthermore, CPW has “developed criteria for different levels of response as a guide for field 

staff to use when addressing wolf conflict and depredations.”  Id.  These criteria help staff 

estimate conflict risk and resources allocation on a site-specific basis, with input from the 

livestock producer and evaluation of a site assessment.  Id. 

• Carcass management best practices 

The petition requests that “CPW collaborate[] with livestock producers and other state, local 

and federal agencies to develop best practices for carcass management in rural areas and 

communicate[] with impacted communities and livestock producers about these best practices.”  

Petition at 2.   
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CPW conferred with neighboring states and assembled “[a] list of best practice 

recommendations compiled from lessons learned in other states.”2  Dec. 9 Press Release. 

• Transparency  

The petition requests that “CPW create[] a transparent plan to communicate and consult with 

local county officials, impacted communities, and livestock producers in advance of any wolf 

introductions that could affect them.”  Petition at 2. 

CPW announced plans to hold three public meetings in Western Slope counties in December, 

and it “continues to meet with local communities and elected officials for open discussions about 

potential release locations and how to prepare to live with wolves.”  Dec. 9 Press Release.  

Additionally, CPW “reinforced with [its] staff that they are able to share wolf activity 

information with landowners in the areas of that activity,” and put plans in place to enhance 

transparency, including a communication plan for new wolf releases to facilitate dialogue with 

counties and livestock producers.  Oct. 31 Letter at 1–2.  At the November 14, 2024 Commission 

meeting, CPW staff also noted that the agency recently met with four counties—Eagle, Pitkin, 

Rio Blanco, and Garfield—and county officials regarding the status of wolf introduction efforts 

and criteria used to select release sites.   

In sum, CPW has already taken all seven steps that the petition asks it to take.  As such, the 

petition should be denied.  See Martinez, 433 P.3d at 33. 

CONCLUSION 

For the reasons above, and in firm support of Colorado’s historic wolf restoration effort, the 

undersigned groups urge CPW to deny the September 27, 2024 Citizen Petition for Rulemaking. 

 

 

/s/ Delaney Rudy   

Delaney Rudy 

Colorado Director 

Western Watersheds Project 

PO Box 1175 

Paonia, CO 

(970) 648-4241 

Delaney@westernwatersheds.org  

 

/s/Lindsay Larris   

Lindsay Larris 

Conservation Director 

WildEarth Guardians 

3798 Marshall Street, Suite 8 

 
2 https://docs.google.com/presentation/d/17gJlSbnYpjunHvRn1FG-

zB_sPggxIhVpQ_H1X8hM2Qs/edit#slide=id.p  

mailto:Delaney@westernwatersheds.org
https://docs.google.com/presentation/d/17gJlSbnYpjunHvRn1FG-zB_sPggxIhVpQ_H1X8hM2Qs/edit#slide=id.p
https://docs.google.com/presentation/d/17gJlSbnYpjunHvRn1FG-zB_sPggxIhVpQ_H1X8hM2Qs/edit#slide=id.p
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Wheat Ridge, CO  

(720) 334-7301 

LLarris@wildearthguardians.org  

 

s/Allison N. Henderson  

Allison N. Henderson 

Southern Rockies Director  

Senior Attorney 

Center for Biological Diversity 

P.O. Box 3024 

Crested Butte, CO 81224 

(970) 309-2008 

ahenderson@biologicaldivesity.org 

 

/s/ Nicholas Arrivo   

Managing Attorney 

The Humane Society of the United States 

1255 23rd St NW 

Washington DC, 20037 

(202) 961-9446 

narrivo@humanesociety.org 

 

s/Rob Edward    

Rob Edward, President 

Rocky Mountain Wolf Project 

1309 E 3rd Ave, Suite #5 

Durango, CO 81301 

(970) 236-1942 

rob.edward@rockymountainwolfproject.org 

 

/s/ Kelly Nokes   

Kelly E. Nokes 

Western Environmental Law Center 

P.O. Box 218 

Buena Vista, CO 81211 

(575) 613-8051 

nokes@westernlaw.org 

 

/s/ Thomas Delehanty   

Thomas Delehanty 

Jessica Zausmer 

EARTHJUSTICE 

633 17th Street, Suite 160 

Denver, CO 80202 

(303) 996-9628 

(303) 996-9614 

mailto:LLarris@wildearthguardians.org
mailto:ahenderson@biologicaldivesity.org
mailto:nokes@westernlaw.org
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tdelehanty@earthjustice.org 

jzausmer@earthjustice.org 

 

 

cc.  Dan Gibbs 

Executive Director, Colorado Department of Natural Resources 

dan.gibbs@state.co.us 

 

            Jeff Davis 

Director, Colorado Parks and Wildlife 

dnr_cpw_director@state.co.us 

 

mailto:tdelehanty@earthjustice.org
mailto:jzausmer@earthjustice.org
mailto:dan.gibbs@state.co.us
mailto:dnr_cpw_director@state.co.us


Exhibit 1
Biological Need for Proceeding with Wolf Reintroductions



The petition to delay the next round of Colorado wolf releases detracts from CPW’s ability to use
their professional judgment to carry out their legislative obligation. But it is also problematic
biologically, as it threatens the viability of the wolf population in Colorado.

C.R.S. 33-2-105.8 directs the restoration and management of gray wolves as “necessary or
beneficial for establishing and maintaining a self-sustaining population in Colorado”... “in a
manner that fosters the species' capacity to sustain itself successfully.” Population viability is the
biological concept that underlies this legislative intention for a self-sustaining population, and
refers to the ability of a population to persist and to avoid extinction or extirpation.

The Colorado wolf plan uses the value of 150-200 wolves as an estimate of when the Colorado
wolf population can sustain itself. The purpose of reintroductions is to provide a source
population of 30-50 wolves that can grow to this size range. While reintroductions don’t bring
the population immediately into a range that can be considered self-sustaining or viable, they
create a base population that can proceed in that direction. Reintroductions must happen in a
timely manner to bolster this natural population growth. A wealth of scientific literature
emphasizes the importance of establishing large, genetically diverse founding populations (Wolf
et al. 1998; Forbes and Boyd 1997; Miller et al. 1999; vonHoldt et al. 2008).

Population viability is strongly related to effective population size and genetic diversity, which
are themselves linked. Small, fragmented populations are threatened to a greater degree because
of demographic stochasticity, which represents fluctuation in effective population size, birth rate,
and death rate through time. They are also particularly vulnerable to environmental stochasticity,
which is the demographic fluctuation caused by unpredictable events like extreme weather,
disease, and human-caused mortality (Pletscher et al. 1997, Darimont et al 2004, Creel and
Rotella 2021, Brandell et al. 2021). Small populations with limited genetic diversity are less able
to adapt to a changing environment, which threatens the population viability in the face of
climate change and development (Funk et al. 2018), and wolves in Colorado are particularly
vulnerable to landscape change (Carroll et al. 2006).

These dynamics mean that the viability of small, isolated populations is more threatened by
genetic drift, population bottlenecks, and Allee effects from difficulty finding mates (Hedrick et
al. 2019, Liberg et al. 2005, Stenglein and Van Deelen 2016). The viability of small populations
is limited because of the limited genetic diversity offered by fewer individuals, which
necessitates management intervention like the introduction of new individuals (Fritts and Carbyn
1995, Hedrick et al. 2014, Carroll et al. 2003). Because of the gauntlet of unrestricted wolf
killing in Wyoming, Colorado’s wolves are largely isolated from gene flow, or the natural
introduction of new individuals, to increase genetic diversity.



In addition, genetic drift and inbreeding can further reduce genetic diversity over time. Studies
have shown that wolves have a number of behavioral mechanisms that limit the occurrence of
inbreeding (vonHoldt 2010), as well as a unique social structure that limits the number of
reproducing animals in the population. These inbreeding-avoidance behaviors help maintain the
genetic diversity of wolf populations, but in a situation with so few wolves on the ground, these
behaviors can limit the potential of wolves finding a mate. A study of wolf recovery in the Yukon
found that colonization of vacant territories by young wolf pairs was the primary mechanism of
early population recovery (Hayes and Harestad 2000), further emphasizing the importance of
adding more dispersal-age individuals to the Colorado population.

Studies have also shown that mortality risk to individual wolves is higher when the density of
wolves in an area is lower, and that mortality is also negatively correlated with pack membership
(Smith et al. 2014). In other words, reintroduced wolves are more likely to survive when they are
able to maintain higher density and achieve greater pack formation, both of which continued
reintroductions will facilitate in Colorado. Without timely further reintroductions, the findings of
this study suggest that the individual wolves on the landscape in Colorado are less likely to
survive. Thus, the potential delay threatens the progress of the reintroduction effort so far.

Furthermore, recent analysis of gray wolf populations across North America found that while
gray wolves fall above minimum effective population sizes needed to avoid extinction due to
inbreeding depression in the short term, they still remain below sizes predicted to be necessary to
avoid long-term risk of extinction (vonHoldt et al. 2024). The Colorado reintroduction represents
a key piece in improving the viability of the entire continent’s gray wolf population, and this
peer-reviewed study reveals fragmentation and genetic limitations that necessitate this continued
effort. This is exacerbated by the threat of politically-driven gray wolf delisting (Carroll 2021).

Simply put, declining to reintroduce additional wolves in a timely manner threatens the
ecological viability of Colorado’s small, isolated population. We hope that you will consider this
biological framework when you consider the petition to delay the next round of introductions, for
the preservation of maximum viability potential and allow for the most prudent, science based
wildlife management.
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Patterns and processes 
of pathogen exposure in gray 
wolves across North America
Ellen E. Brandell1*, Paul C. Cross2, Meggan E. Craft3, Douglas W. Smith4, Edward J. Dubovi5, 
Marie L. J. Gilbertson6, Tyler Wheeldon7, John A. Stephenson8, Shannon Barber‑Meyer9, 
Bridget L. Borg10, Mathew Sorum11, Daniel R. Stahler4, Allicia Kelly12, Morgan Anderson13, 
H. Dean Cluff14, Daniel R. MacNulty15, Dominique E. Watts16, Gretchen H. Roffler17, 
Helen Schwantje18, Mark Hebblewhite19, Kimberlee Beckmen20, Heather Fenton14,21 & 
Peter J. Hudson1

The presence of many pathogens varies in a predictable manner with latitude, with infections 
decreasing from the equator towards the poles. We investigated the geographic trends of pathogens 
infecting a widely distributed carnivore: the gray wolf (Canis lupus). Specifically, we investigated 
which variables best explain and predict geographic trends in seroprevalence across North American 
wolf populations and the implications of the underlying mechanisms. We compiled a large serological 
dataset of nearly 2000 wolves from 17 study areas, spanning 80° longitude and 50° latitude. 
Generalized linear mixed models were constructed to predict the probability of seropositivity of four 
important pathogens: canine adenovirus, herpesvirus, parvovirus, and distemper virus—and two 
parasites: Neospora caninum and Toxoplasma gondii. Canine adenovirus and herpesvirus were the most 
widely distributed pathogens, whereas N. caninum was relatively uncommon. Canine parvovirus and 
distemper had high annual variation, with western populations experiencing more frequent outbreaks 
than eastern populations. Seroprevalence of all infections increased as wolves aged, and denser 
wolf populations had a greater risk of exposure. Probability of exposure was positively correlated 
with human density, suggesting that dogs and synanthropic animals may be important pathogen 
reservoirs. Pathogen exposure did not appear to follow a latitudinal gradient, with the exception of 
N. caninum. Instead, clustered study areas were more similar: wolves from the Great Lakes region had 
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lower odds of exposure to the viruses, but higher odds of exposure to N. caninum and T. gondii; the 
opposite was true for wolves from the central Rocky Mountains. Overall, mechanistic predictors were 
more informative of seroprevalence trends than latitude and longitude. Individual host characteristics 
as well as inherent features of ecosystems determined pathogen exposure risk on a large scale. 
This work emphasizes the importance of biogeographic wildlife surveillance, and we expound upon 
avenues of future research of cross‑species transmission, spillover, and spatial variation in pathogen 
infection.

The prevalence and dynamics of infectious diseases can vary spatially across the distribution of their hosts 
depending on host demographics, host contact patterns, and pathogen survival. For example, Ferrari et al.1 
showed how the cyclic dynamics of measles varies with human birth rate and seasonality. In a similar manner, 
Hudson et al.2 showed how the oscillations of red grouse (Lagopus lagopus scotica) abundance, driven by a caecal 
nematode, varied geographically according to the host growth rate and parasite transmission rate, and this drives 
longer cycle periods with increasing latitude. Pathogens that infect multiple host species may be more common 
at lower latitudes when this corresponds with increased numbers of host species or individuals. For example, 
parasites with complex life cycles that depend on the presence of intermediate  hosts3,4 and seasonal aggrega-
tions, which vary with climate, can increase transmission and drive  outbreaks5. In this paper we addressed the 
question: How does pathogen seroprevalence in gray wolves (Canis lupus) vary across North America and does 
geography provide a suitable proxy?

Generally, human and wildlife pathogen pressures (e.g., parasite burden, richness, prevalence) decline as 
latitude  increases6–11 (i.e., towards the poles). Latitude is a proxy for other variables that predictably vary over 
space and affect pathogen transmission, which may be a function of pathogen survival or host density. For 
example, latitude can be used to describe the climate envelope for chytrid fungus, where higher latitudes (e.g., 
cooler temperatures, higher rainfall) are more optimal for fungal survival than lower latitudes. Consequently, 
chytrid infection intensity is significantly higher at higher  latitudes12. Understanding the mechanisms driving 
transmission provides a deeper understanding of host–pathogen dynamics but requires detailed datasets that 
are often challenging to collect. Here, we assess how well geography alone can explain the observed variation 
in seroprevalence, and contrast this with variables that may confer a mechanistic understanding of pathogen 
exposure at individual and population levels, such as wolf and human densities, wolf age, sex, coat color, pack 
size, or habitat quality (Table 2).

In North America, wolves suffer from both enzootic and epizootic pathogens that can result in chronic disease 
or acute outbreaks, causing morbidity, mortality, and reduced  recruitment13–16. Patterns of seroprevalence across 
wolf populations have not been comprehensively explored, but individual studies have shown notable differences 
in seroprevalence. For instance, Neospora caninum antibodies were not detected in any wolves sampled from 
the Alaska  Peninsula17, while 66% of adult wolves in northeastern Minnesota were  seropositive18. This has con-
strained our understanding about what pathogens we can expect wolves to be exposed to and at what frequency. 
To investigate the drivers of pathogen exposure, we compiled a serological dataset of North American wolves 
spanning 17 study areas across 80° of longitude, from the Alaska Peninsula in the west to Ontario in the east, 
and 50° of latitude, from Ellesmere Island in the north to Arizona and New Mexico in the south (Fig. 1). Wolf 
sera were tested for antibodies to four viruses: canine adenovirus-1 (i.e., adenovirus), canine parvovirus-2 (i.e., 
parvovirus), canine distemper virus (i.e., distemper), canine herpesvirus (i.e., herpesvirus), and two protozoa: 
Neospora caninum, and Toxoplasma gondii (Table 1). 

For directly transmitted pathogens (e.g., adenovirus, herpesvirus, parvovirus), contact rate (i.e., population 
density) determines transmission rates, and consequently pathogen seroprevalence and outbreak  size19. Popula-
tion density is also important for pathogens with environmental transmission (e.g., parvovirus) such that envi-
ronmental reservoirs and contamination may accumulate more quickly at higher host  densities20. The presence 
and population densities of sympatric reservoir hosts, including synanthropic animals, is also important for the 
dynamics of multi-host viruses (e.g., canine distemper, T. gondii)21–26, as well as parasites with intermediate hosts 
(e.g., Neospora caninum)27. Our large-scale dataset captures natural variation in human density, wolf density (e.g., 
population density, pack size, pack density), host presence (i.e., habitat quality), and primary prey, allowing us 
to examine their importance (Table 2, Fig. 2).

In addition to larger scale processes, individual characteristics also play a role in wolf pathogen dynamics. 
North American wolves generally display two coat color phenotypes, black and gray, that vary  latitudinally28. 
The black genotype is important for mounting immune  responses29, and thus it has been hypothesized that the 
black color is maintained via selection from pathogen  pressure30,31. This leads us to predict that black wolves 
are more likely to survive an exposure and test positive. Other individual traits, such as age and sex, may also 
influence pathogen exposure and should also be considered. Specifically, males tend to have higher pathogen 
prevalence than females due to physiology (e.g., sex and stress hormones) and behavior (e.g., contact patterns), 
and older individuals have had more time to be exposed to infectious diseases, thus tend to have elevated 
 seroprevalence32–36.

In wildlife diseases literature, there is a lack of broad scale assessments in exposure trends that also include 
the animal’s ecology as mechanisms. We tested how well a suite of variables conferring mechanisms (Table 2) 
explained and predicted differences in probability of pathogen exposure across North American wolf popula-
tions, compared with latitude and longitude alone.
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Materials and methods
Serology dataset. We aimed to compile a serological dataset from wolf populations across North America. 
We collaborated with wildlife professionals across the continent and attempted to obtain samples from a variety 
of ecosystems. While our dataset is expansive, there are gaps for two primary reasons: (1) wolves were not sam-
pled or intensively studied in many areas, and (2) wolves do not occupy much of their historic North American 
range, especially in the south, thus they are absent from much of the United States. At a broad scale, our dataset 
is a fair representation of where wolves presently occur and are studied across North America.

All wolf samples analyzed for this study were previously collected by wildlife professionals within each study 
area. No wolf was captured or handled for the purposes of this study. Samples previously collected from live-
captured wolves were handled and sampled according to the American Society of Mammalogists (Sikes et al. 

Figure 1.  A  map38 depicting where wolves were sampled across North America for pathogen and parasite 
testing, and relative sample size from each study area is shown in shades of gray (increasingly dark 
gray = increasing sample size)39. Each study area is identified as follows: Alaska Peninsula (AK PEN), Denali 
National Park (DENALI), central-eastern Alaska (INT AK), Yukon-Charley Rivers National Preserve (YUCH), 
Ellesmere Island (ELLESMERE), North Slave Northwest Territories (N NWT), South Slave Northwest 
Territories (SS NWT), British Columbia (BC), southeastern Alaska (SE AK), Banff and Jasper National Parks 
(BAN JAS), Montana (MT), Yellowstone National Park (YNP), Grand Teton National Park (GTNP), Mexican 
wolves (MEXICAN), Ontario (ONT), Superior National Forest (SNF), and the Upper Peninsula of Michigan 
(MI). Study area labels were colored by region: High Arctic (gray), Subarctic (purple), Alaska (red), central 
Rocky Mountains (turquoise), Great Lakes (green), and Mexican (gold), and displayed as a circle with a 200-km 
radius.

Table 1.  A list of wolf pathogens that were examined for populations sampled across North America (Fig. 1) 
and their  characteristics37. ‘Alternative hosts’ refers to hosts other than wolves that occur within the study areas 
that we expect to be important in transmitting pathogens to wolves. ‘Population consequences’ describes the 
known or expected severity of these pathogen infections on wolf population size or growth rate (minimal, 
moderate, severe).

Pathogen Transmission route Alternative Hosts Symptoms / effects Population consequences

Canine adenovirus Direct via respiratory secretions; 
fecal–oral None Fever, liver inflammation Mild

Canine distemper virus Direct via respiratory droplets/secre-
tions; airborne

Carnivores—grizzly (Ursus arctos) and 
black bears (Ursus americanus), cougars 
(Puma concolor), lynx (Lynx canaden-
sis), coyotes (Canis latrans), raccoons 
(Procyon lotor), skunks (Mephitis 
mephitis), domestic dogs (Canis lupus 
familiaris)

Enamel hypoplasia, seizures, death—
mostly affects pups or naive, immuno-
compromised adults

Severe (albeit acute)

Canine herpesvirus Vertical; sexual; direct via respiratory 
droplets/ secretions None Adult females: abortion; pups: lethargy, 

sudden death Mild

Canine parvovirus Fecal–oral Domestic dogs Pups: diarrhea, lethargy, death Moderate (but variable)

Neospora caninum Ingesting infected tissue (definitive) or 
oocysts (intermediate); vertical

Intermediate: Ungulates
Definitive: canids—coyotes, foxes 
(Vulpes vulpes)

Muscle weakness, tremors, loss of 
coordination Mild

Toxoplasma gondii Ingesting infected tissue or oocysts; 
vertical

Intermediate: Warm-blooded animals
Definitive: felids—cougars, lynx, bobcat 
(Lynx rufus), domestic cats (Felis catus)

Increased aggression and risk-taking Mild



4

Vol:.(1234567890)

Scientific Reports |         (2021) 11:3722  | https://doi.org/10.1038/s41598-021-81192-w

www.nature.com/scientificreports/

2016), or similar guidelines, and approved by the appropriate institutions—see Supplementary Table S5 for 
specific approval and permits associated with samples included in our database. All samples from the northern 
Northwest Territories and about half from Ellesmere Island, Nunavut, were air dried, blood-soaked filter paper, 
and almost all other samples were serum collected from the cephalic or saphenous vein during live capture. We 
leveraged stored (i.e., frozen at − 20° to − 80° Celsius) samples for this study and, where needed, we coordinated 
with local wildlife professionals to ship serum to the Animal Health Diagnostic Center at Cornell University 
(Ithaca, NY, USA) where samples were screened for antibodies to the six pathogens of interest.

We screened wolf samples from 13 of the 17 study areas, and we used previously published serological results 
for the remaining 4 study areas (Supplementary Table S2). Previously published datasets included in our analy-
ses were:  Mexican40, Banff and Jasper National  Parks41, Alaska  Peninsula17, and a portion of the samples from 
Superior National  Forest18. Here we discuss how samples were analyzed at the Animal Health Diagnostic Center 
at Cornell University, which comprised about 80% of our dataset (see Supplementary Table S3 for other testing 
information). Virus neutralization assays were performed to detect antibodies to canine adenovirus, distemper 
virus, and herpesvirus; hemagglutination inhibition assays were used for parvovirus; indirect fluorescent assays 
were used for N. caninum; enzyme-linked immunosorbent assay or monocyte activation tests were used for T. 
gondii. All assays provided titer values except for the indirect fluorescent and enzyme-linked immunosorbent 
assays, which provided a positive, negative, or suspect/equivocal result. Sample collection and test methods for 
the previously published samples were identical or equivalent to methods implemented for the other 13 study 
areas, thus are directly comparable (Supplementary Tables S2, S3).

The response variable in our models was a binary variable representing previous exposure (1), i.e., seropositive 
result, or not (0), i.e., seronegative result. A result was seropositive when the titer dilution was equal or greater 
than the standard titer cutoff provided by the assay manufacturer (Supplementary Table S3), or if the assay was 

Table 2.  A list of variables considered for inclusion in generalized linear mixed models predicting pathogen 
and parasite exposure. Variable descriptions and rationales or predictions are provided; a * indicates the 
variable was included in the final complete model, a + indicates the variable was included in the geographic 
model. 

Variable name Description Rationale for inclusion/prediction

Latitude+ Latitude at study area centroid Latitude may capture geographic variation in pathogen infections; we predicted 
that seroprevalence decreases as latitude increases.

Longitude+ Longitude at study area centroid Longitude may capture geographic variation in pathogen infections.

Age class*+ Estimate of wolf age class: pup (< 1), subadult (1–2), and adult (≥ 3)
As individuals age, they have more time to be exposed to pathogens, thus older 
wolves will have higher seroprevalence. Age category is less error-prone than 
numerical age estimates.

Year* Biological year, birth month = first month Pathogen exposure may be predictable by year (i.e., endemics), or unpredict-
able (i.e., epidemics).

Study area* Study area abbreviation Study area may describe variation in pathogen exposure, not accounted for by 
other variables.

Habitat quality* Index for habitat quality based on land cover type and topography
A continuous estimate of the habitat quality of the study area, this covariate 
considers habitat characteristics that carnivores, especially wolves, positively 
select. This is a proxy for the presence of sympatric carnivore hosts. Prediction: 
seroprevalence increases with habitat quality.

Human density* Number of people/1000-km2

Provides information about how urban the area is, and thus the potential for 
contact between unvaccinated dogs or synanthropic species (e.g., rodents, coy-
otes, raccoons, skunks, cats) and wolves. Prediction: seroprevalence increases 
with human density.

Wolf density* Number of wolves/1000-km2; mean annual density results in one estimate per 
study area

Population density is related to direct transmission rates and environmental 
contamination. Prediction: seroprevalence increases with wolf density.

Pack size* Mean annual pack size; one estimate per study area This tells us about the daily contacts of a wolf, which differs from contact rate at 
the population-level. Prediction: seroprevalence increases with pack size.

Sex* Male or Female There is evidence that males have higher pathogen prevalence than females 
across many taxa and pathogens—we predict males have higher seroprevalence.

Coat color* Gray or Black
The locus that confers black coat color in wolves is linked to beta-defensin 
genes, which increases the responsiveness of the innate immune system. We 
assume gray = missing k-locus, black = presence of k-locus. Prediction: black 
wolves have higher seroprevalence.

Age Estimate of wolf age; integer to two decimal places As individuals age, they have more time to be exposed to pathogens, thus we 
predicted older wolves have higher seroprevalence.

Social status Breeder or non-breeder Breeders typically have higher stress levels and energetic demands than non-
breeders, which we predict increases seroprevalence.

Prey species Top two primary prey species
N. caninum or T. gondii may be more prevalent in different intermediate hosts. 
Prediction: seroprevalence is higher where white-tailed deer are a primary prey 
species.

Pack membership Name of the pack the wolf was a member of when sampled There may be heterogeneities in pathogen exposure based on pack member-
ship.

Pack density Number of packs/1000-km2; mean annual density results in one estimate per 
study area

Contact among wolves from different packs is likely influenced by the number 
of packs in the population. Prediction: seroprevalence increases with pack 
density.



5

Vol.:(0123456789)

Scientific Reports |         (2021) 11:3722  | https://doi.org/10.1038/s41598-021-81192-w

www.nature.com/scientificreports/

positive/suspect (suspect comprised ~ 3% of the total dataset). As such, we assumed that serological assays were 
considered to be perfect, which is unlikely to be true. To address this, we assessed population seroprevalence 
using standard and conservative titer cutoffs; the standard cutoff is the lab-recommended value (Supplementary 
Table S3), and the conservative cutoff is one dilution above the standard cutoff. We found that pathogen preva-
lence was minimally affected by titer cutoff and we do not believe that this affected our results (Supplementary 
Fig. S1). Therefore, we present results using a standard titer cutoff specific to each assay and sample type. Note too 
that only individuals that survived an exposure were available to be sampled for serological analyses, thus lack of 
antibody detection may mean that the pathogen does not exist in that study area, or alternatively, that it caused 
high mortality locally and was not detected.

Model construction. We constructed and analyzed models predicting the probability that a wolf was 
exposed to a given pathogen using R v3.6.339. We tested how well geography (i.e., latitude and longitude) 
explained and predicted pathogen exposure compared with mechanistic predictor variables. Two models were 
constructed for each pathogen: a complete model and a geographic model (Eq. 1). The geographic model, which 
acted as a null/uninformative model, contained latitude and longitude, and controlled for the effect of age. The 
complete model contained selected predictor variables (Table 2). Both models included random effects (general-
ized linear mixed model, ‘GLMM’). Models were fit with a complementary-log–log link and a Bernoulli error 
distribution using the function glmer in the package lme442. In the complete model, year and study area were both 
considered as random effects, where year was nested within study area because we posited that the effect of year 
differed within each study area. Nesting year within study area gave us a random effect for study area alone, as 
well as study area*year. Study area was the only random effect considered in the geographic model. The form of 
our GLMMs was:

Figure 2.  The effect of latitude (teal lines) and longitude (purple lines) on selected standardized, continuous 
predictor variables that were included in the generalized linear mixed  models39: (A,B) habitat quality, (C,D) 
human density, (E,F) wolf density, (G,H) pack size, as well as (I,J) proportion of black wolves (for I,J, note that 
MI, MT, and N NWT were removed due to lack of coat color data; MEXICAN was removed as Canis lupus 
baileyi does not present a black phenotype). Gray polygons are 95% confidence intervals around univariate 
regression lines.



6

Vol:.(1234567890)

Scientific Reports |         (2021) 11:3722  | https://doi.org/10.1038/s41598-021-81192-w

www.nature.com/scientificreports/

 where Yijk is the seropositive result for the njk trial from the ith individual from the jth study area in year k; 
pijk is the probability of exposure from the ith individual from the jth study area in year k; xnijk is the ith value 
of the jth study area in the kth year for the nth predictor; βn are the estimated predictor coefficients; αj is the 
study area-specific effect; ɣjk is the effect of year within that study area; εi is the remaining error in seropositiv-
ity. The year effects, including ɣjk, did not appear in the geographic model. The link function (f) applied is the 
complementary-log–log.

All metadata were collected specifically for this project such that we determined our hypotheses a priori43 
(Table 2, Supplementary Table S1). All variables considered were expected to influence pathogen exposure. 
Table 2 displays variables considered for inclusion in the models, descriptions, and rationales or predictions. 
Each sample was assumed to be unique, given that < 7% of the data were recollared wolves. If multiple age esti-
mates were given (e.g., 3 or 4 years old), we randomly selected one age estimate. Some variables were removed 
prior to model building due to lack of sufficient data, including pack membership, social status, and pack density 
(Supplementary Table S4). Prey species was not included because primary prey species were too similar across 
study areas (e.g., a combination of elk, deer spp., moose, caribou), and after exploratory plotting, did not appear 
to provide additional information above study area and habitat quality. Prey species also are likely reflected in 
wolf density and pack  size44–47. We included age class instead of age in our models because age was based on tooth 
wear and body size, and is an error-prone estimate especially for older  ages48. We used coat color as a proxy for 
the presence of the K-locus allele, which is supported by Anderson et al.28 who found that > 98% of wolves from 
Yellowstone and western Canada classified as ‘black’ did indeed have the K-locus genotype.

We also considered wolf density, pack size, human density, habitat quality, and sex as potentially important 
predictors of pathogen exposure (Table 2). Wolves were counted in all study areas, including annual population 
counts and pack size estimates. These data were typically collected during aerial or ground tracking surveys in 
the winter. If more than one estimate was available per year within a study area, which was common for pack 
sizes, they were averaged to create one annual wolf density (number of wolves/1000-km2/year) and one annual 
mean pack size (mean number of wolves/pack/year) value per study area. To estimate human density and habitat 
quality, we first had to determine how large of an area should be considered, as most areas did not have clearly 
defined boundaries or isolated wolf populations. We considered a range of area sizes (radius 50-km to 300-km 
from study area centroids) and selected a 200-km radius because human density and habitat quality were less 
variable in comparison with small or large radii, and it is more congruent with wolf dispersal  distance49,50. Human 
density was considered to be the number of people per 1000-km251, and was used as a proxy for the presence of 
unvaccinated dogs and synanthropic  animals52. Habitat quality was a proxy for the presence of carnivore hosts, 
and was a continuous variable calculated as the product of: percent forest  cover53, percent area with slope ≤ 20° 
54, and density of hard edges (e.g., cutblocks, pipeline cuts, forest edges; R package landscapemetrics55). These 
habitat characteristics were selected because they were considered positive predictors of carnivore presence, 
such as grizzly bears, lynx, bobcat, coyotes, with a focus on  wolves56–68. While this proxy for carnivore presence 
is imperfect as carnivore distributions varied over our sampling distribution, and carnivores may select for dif-
ferent landscape features at different scales, it captures important features where wolves and other carnivores 
may interact, and therefore where cross-species pathogen transmission may occur. Finally, sex (male or female) 
was recorded during captures.

Before building the complete model, all variables were screened for collinearity using Spearman’s correlation 
coefficient (⍴). Human density and wolf density were highly correlated (⍴ = 0.62; Supplementary Fig. S3, S4) and 
thus were not included in the same model; however, as we were interested in the effects of both wolf and human 
density on pathogen dynamics, we ran the complete model both ways (i.e., with either wolf density or human 
density). All variables other than latitude and longitude were retained (i.e., correlation < 0.4). Latitude was highly 
correlated with human density (⍴ = − 0.79) and moderately correlated with wolf density (⍴ = − 0.36) and habitat 
quality (⍴ = − 0.33, Fig. 2, S3). Longitude was moderately correlated with human density (⍴ = 0.37), habitat quality 
(⍴ = 0.30), and proportion of black wolves (⍴ = − 0.33, Fig. 2, Supplementary Fig. S3). Our models were as follows 
(note that the divider between year and study area denotes the nested structure study area + study area*year):

Complete model. 

Geographic model. 

(1)Yijk = Bernoulli
(

pijk
)

f
(

pijk
)

= β0 + β1x1ijk + · · · + βnxnijk + αj + γjk + εi

αj ∼ Normal
(

0, σ 2
)

γjk ∼ Normal
(

0, σ 2
)

Probability
(

exposure
)

∼ wolf density or human density + habitat type

+ pack size + age class + sex + color +
(

study area | year
)
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Continuous variables were standardized prior to model implementation (subtract the variable mean and 
divide by the standard deviation, Gelman and  Hill69,  Menard70). This centers all variables (mean = 0), and devia-
tions from the mean are represented in standard deviations. Standardizing puts all continuous variables on the 
same scale, allowing for direct comparisons and simplifying interpretation. All models converged using the 
bobyqa optimizer.

Model evaluation. Models were evaluated by root mean square error (RMSE) and area under the receiver-
operator curve (AUC). RMSE and AUC provide different, important model evaluation. RMSE is a measure 
of model fit as it calculates the error between the observed data and the fitted model, whereas AUC provides 
a measure of the classification accuracy of the model; both criteria use model fixed effects. To calculate AUC, 
the false positive rate (1—specificity) is plotted against the true-positive rate (sensitivity); AUC = 0.5 indicates 
no discrimination, AUC > 0.5 indicates that the true positive rate is higher than the false-positive rate, and 
AUC > 0.8 indicates excellent  discrimination71. We compared the testing set and training set RMSE and AUC 
using four-fold cross  validation72 (see Supplementary Information for training and testing group information). 
Supplementary Figure S5 and Table S6 display the mean RMSE and AUC across the four datasets (training and 
testing) per pathogen and model.

Model fit assessments included: training and testing set RMSE and AUC estimates, pseudo-R2 values (calcu-
lated with fixed effects only), Maximum Likelihood estimator convergence, and p-values (i.e., hypothesis testing, 
Table 2). Predictor variables were considered statistically significant at an alpha value of ≤ 0.05. The geographic 
and complete models, parameter estimation, and their evaluations used all (non-missing) data.

Results
Dataset. We sampled 1839 wolves from 17 study areas to comprise the final dataset, with 134 wolves resam-
pled, totaling 1973 rows of data. The mean number of samples per study area was 116 (95% confidence interval 
[CI] 90–142), ranging from 10 (SE AK) to 383 (YNP), but most study areas had between 50 and 150 samples. 
Most study areas were sampled for 10 years (95% CI 8.5–11.8, range = 2–25) and, on average, 12 wolves were 
sampled per year (95% CI 11–13). Collectively, study areas had a mean wolf density of 13 wolves/1000-km2 (95% 
CI 11–16, range = 3.4–34.0) and a mean of 6.3 wolves per pack (95% CI 5.8–6.8, range = 3.7–9.6). Habitat qual-
ity with respect to the presence of carnivore hosts was similar in most study areas, although a few populations 
stood out as low quality (AK PEN, Ellesmere Island), and others as high quality (ONT, SNF). Human density was 
more variable: some study areas had < 11 people/1000-km2 (AK PEN, Ellesmere, N NWT) and others had > 3000 
people/1000-km2 (MI, SNF, YNP, GTNP, MT), with a mean of ~ 1600 people/1000-km2.

Most wolves sampled were adults (44%), and pups and subadults were equally sampled (28% each). Males 
and females were nearly equally sampled (52% and 48%, respectively), and there were more than twice as many 
gray wolves sampled (70%) as black wolves (30%). Some metadata were missing, in particular coat color, and 
missing information tended to be grouped by population (Supplementary Table S4).

Adenovirus was the most widespread and prevalent pathogen (mean seroprevalence 86.2%, sd = 8.0%, 
range = 73.5–100%), followed by herpesvirus (mean seroprevalence 79.5%, sd = 11.3%, range = 57.1–94.3%, 
Fig. 3). N. caninum was the least common pathogen (mean seroprevalence 24.8%, sd = 24.4%, range = 0–74.7%, 
Fig. 3), and T. gondii was moderately prevalent across study areas (mean seroprevalence 51.5%, sd = 20.5%, 
range = 26.9–87.6%, Fig. 3). Distemper virus was relatively uncommon (mean seroprevalence 22.7%, sd = 18.0%, 
range = 0–55.6%, Fig. 3), but as an epizootic virus, overall seroprevalence is a poor representation of viral pressure 
or dynamics. We identified clear peaks in distemper seroprevalence in most populations that were sampled for at 
least five consecutive years (Supplementary Fig. S2). Evidence of exposure to parvovirus was the most variable 
(mean seroprevalence 73.8%, sd = 25.0%, range = 10.0–100%). Interestingly, parvovirus tended to be enzootic 
(e.g., BAN JAS, GTNP, MT, SNF, YNP) or common but variable (e.g., BC, DENALI, MEXICAN, MI, SS NWT, 
YUCH), but was uncommon in some study areas (e.g., AK PEN, SE AK), or patterns were unclear (e.g., INT AK, 
ELLES, N NWT, ONT, Fig. 3, Supplementary Fig. S2).

Model results. The coefficient estimates (β) for latitude were negative for all pathogens except adenovirus 
and distemper where β ~ 0. However, latitude was only a statistically significant predictor of N. caninum expo-
sure such that the probability of exposure to N. caninum decreased appreciably as latitude increased across North 
America (i.e., northward, Fig. 4A, Supplementary Fig. S14, Table S7). The effect of longitude was variable: the 
coefficient estimates for longitude were negative for adenovirus and herpesvirus, positive for parvovirus and 
N. caninum, and approximately zero for distemper and T. gondii (Fig. 4B). Longitude was only a statistically 
significant predictor of herpesvirus exposure such that the probability of exposure to herpesvirus decreased as 
longitude increased across North America (i.e., eastward)—although statistically significant, the effect size of 
longitude on herpesvirus was relatively small as herpesvirus was common in our sampled study areas (mean 
seroprevalence ~ 80% Fig. 3, S10). Pseudo-R2 values (Cragg-Uhler approximation, see SI) were lower for geo-
graphic models compared with complete models for the adenovirus, distemper, and herpesvirus; geographic model 
pseudo-R2 was higher for the N. caninum complete model; pseudo-R2 values were equal for both models for 
parvovirus and T. gondii. In general, the selected predictor variables accounted for a larger proportion of the 
variation in exposure than latitude and longitude.

The effect of habitat quality on pathogen exposure varied and tended to be small (β < 0 adenovirus, distemper, 
herpesvirus, T. gondii; β > 0 parvovirus, N. caninum); habitat quality was only considered a statistically significant 
predictor of canine distemper (Fig. 4C). Increasing human density was significantly and positively related to the 

Probability
(

exposure
)

∼ latitude + longitude + age class + study area



8

Vol:.(1234567890)

Scientific Reports |         (2021) 11:3722  | https://doi.org/10.1038/s41598-021-81192-w

www.nature.com/scientificreports/

probability of pathogen exposure for all pathogens (β > 0, p ≤ 0.05 except T. gondii; Fig. 4D). Human density had 
large effects on distemper, parvovirus, and N. caninum—for example, the probability a wolf was seropositive for 
distemper increased 68% over the human density range assessed (Supplementary Fig. S9). Similarly, wolf density 
was positively related to the probability of pathogen exposure for all pathogens (β > 0), except T. gondii (β ~ 0), 
and was a statistically significant predictor of pathogen exposure for pathogens except parvovirus and T. gondii 
(Fig. 4E). The effect of pack size on probability of exposure was variable (β < 0 N. caninum, T. gondii; β > 0 adenovi-
rus, herpesvirus, parvovirus; β ~ 0 distemper), but these effects were small and statistically insignificant (Fig. 4F). 
Contrary to our predictions, probability of pathogen exposure was invariant to coat color and sex such that effect 
sizes were small and statistically insignificant (Fig. 4H,G); the exception was that gray wolves had a slightly higher 
probability of exposure to N. caninum than black wolves. As expected, seroprevalence increased with age for all 
pathogens (Fig. 4I,J). See SI Model Results (Supplementary Table S7) for additional modeling outputs.

We performed a four-fold cross validation whereby 13 study areas were used as the training set and the 
remaining four study areas were used as the testing set (Supplementary Fig. S5, Table S6). Testing set RMSE 
values were higher than RMSE values from models built using the training set, indicating that predictive power 
was weaker than explanatory power, as  expected72. This also suggests that model fit was not highly dependent 
on which study areas were used in the training or testing sets. Geographic models had marginally higher RMSE 
and lower AUC than complete models, indicating slightly poorer fit and classification power. Regardless of model, 
exposure to some pathogens was better explained than others (e.g., poorest fit for T. gondii, best fit for adenovirus 
and herpesvirus). RMSE values were fairly high across all models, meaning that there was a significant amount 
of variation in pathogen exposure that was unaccounted for—especially T. gondii. This was also evident in that 
random effects accounted for a notable portion of the variation in pathogen exposure (Fig. 5), and pseudo-R2 
values were fairly low (< 0.4).

Models had moderate power to correctly classify an individual as positive or negative for pathogen exposure 
(mean training set AUC = 0.69, mean testing set AUC = 0.67). For pathogens other than T. gondii, AUC dropped, 
on average, 2–4% from training to testing sets when evaluating the same pathogen; the training set AUC was, 

Figure 3.  A panel plot displaying seroprevalence estimates, and 95% confidence intervals, for each pathogen 
tested from each study  area39. Study areas are listed approximately north (left) to south (right) on the x-axis and 
grouped by region: High Arctic (gray), Subarctic (purple), Alaska (red), central Rocky Mountains (turquoise), 
Great Lakes (green), and Mexican (gold) (see Fig. 1 caption for study area abbreviations). The horizontal lines 
show the grand mean seroprevalence for each pathogen. Note that not all study areas were tested for each 
pathogen.
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Figure 4.  Coefficient estimates (log-odds) of the fixed effects in the (A,B) geographic and (C–J) complete models 
by pathogen (colors)39. Thick and thin lines are 50% and 95% confidence intervals, respectively. Categorical 
variables are interpreted as the effect of: (G) gray wolves with respect to black, (H) males with respect to females, 
and (I) pups and (J) subadults with respect to adults.

Figure 5.  Intraclass correlation coefficient values for the random effects from the complete models: study area 
(teal circles) and study area*year (purple triangles)39. 
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on average, about 4% higher using complete models compared with geographic models, and the testing set AUC 
improved 2.3%. Complete models, therefore, provided modest improvements to the geographic models.

Random effects. Random effects (study area and study area*year) accounted for a notable portion of the 
deviance in exposure status (range = 0–33%, mean = 9%). We explicitly compared the random effects by calculat-
ing intraclass correlation coefficient, which describes the proportion of variance in exposure probability that the 
grouping accounts for (i.e., study area or study area*year, Fig. 5). The effect of study area and study area*year dif-
fered by pathogen, but we can generalize that: (1) study area was most important for N. caninum and parvovirus, 
(2) study area*year was most important for distemper virus due to its epizootic nature, (3) random effects were 
not very important for pathogens that were universally prevalent (e.g., adenovirus and herpesvirus), and (4) 
both study area and study area*year did not account for very much variation in T. gondii exposure, potentially 
because it was fairly common in all sampled study areas (Fig. 3). For example, in Yellowstone, the odds of dis-
temper exposure differed up to tenfold among years (Supplementary Fig. S18A), whereas T. gondii exposure was 
stable (Supplementary Fig. S18B). Parvovirus exposure was most variable across study areas, but there was still 
some fluctuation within study areas. In other words, parasite exposure was more dependent on spatial dynamics 
whereas epizootic viruses were more dependent on temporal dynamics.

We can also draw conclusions from assessing the study area random intercepts, which provides a comparison 
to the baseline, or grand mean, probability of pathogen exposure across North American wolf populations (Sup-
plementary Fig. S19, S20). The probability of contracting N. caninum increased significantly from north to south; 
T. gondii was more variable, and wolves from Michigan and South Slave Northwest Territories had particularly 
high odds of exposure. Epizootic viruses (i.e., parvovirus and distemper) had less predictable latitudinal trends, 
but Great Lakes and Alaska wolves generally had lower odds of exposure. Wolves in the central Rocky Moun-
tains (except British Columbia) were more likely to be seropositive for both parvovirus and distemper, and South 
Slave Northwest Territories and Mexican wolves also had higher probability of distemper exposure. Adenovirus 
and herpesvirus antibodies were highly prevalent across all study areas sampled (often > 75% seroprevalence, 
Fig. 3), thus all intercept estimates hovered around the grand mean.

Discussion
Spatial variation in pathogen infections in wide-ranging hosts have been described by latitudinal 
 gradients5–7,11,12,73,74. While latitude may predict pathogen dynamics, it does not elucidate the underlying mecha-
nisms. This is largely because necessary datasets to assess mechanisms of exposure are difficult to acquire across a 
species’ geographic range. Our objectives were to describe the spatial variation in seroprevalence of gray wolves 
spanning the North American continent, identify which variables best predict pathogen exposure, and expand 
our understanding about the mechanisms driving pathogen dynamics. Specifically, we focused on the effect of 
latitude as a primary driver of spatial variation in seroprevalence. To this end, we compiled an expansive serologi-
cal dataset that captures the natural variation in pathogen seroprevalence as well as variables at the ecosystem, 
population, and individual scales (Figs. 1, 2). The effect size of latitude was greatest for N. caninum exposure, and 
compared with the other study areas, N. caninum seroprevalence trends most closely tracked latitude (Figs. 3, 
4). Study areas in close proximity were more likely to be similar; for example, Great Lakes wolves had a lower 
probability of exposure for distemper and parvovirus, whereas wolves in the Arctic and central Rocky Mountains 
had higher probabilities. Our results highlight that individual host characteristics, as well as inherent features of 
ecosystems, determine pathogen exposure risk.

Human density was correlated with an increased probability of exposure of the four viruses of interest and N. 
caninum. Human density may be a proxy for density of unvaccinated dogs or synanthropic animals that act as 
reservoirs for infectious diseases that spill over into  wolves52. Domestic dogs in Africa are the primary reservoir 
for canine distemper and rabies, and are responsible for major epizootics from these diseases in other wildlife 
species following  spillover23,25,75,76. Across North America, we expect that dogs and synanthropic wildlife (e.g., 
raccoons, skunks, rodents) are important reservoirs for transmitting canine distemper, parvovirus, and T. gondii. 
Once spillover has occurred, wolf contact rate (i.e., density) must be high enough for wolf-wolf transmission. 
This might explain why we observed higher distemper and parvovirus seroprevalence in populations with both 
high human and wolf densities: Yellowstone, Grand Teton, and Banff and Jasper National Parks. However, dog 
and human densities may not always covary—for instance, dog density is high in areas where dog sledding is 
popular (Alaska, Northwest Territories), but human density is low. Additionally, some populations did not follow 
this rule and warrant further investigation, such as the South Slave region of the Northwest Territories that had 
low wolf, human, and carnivore density, yet high distemper seroprevalence, and Mexican wolves that displayed 
relatively high seroprevalence and risk of exposure despite low wolf density.

We predicted that study areas with larger pack sizes would have higher pathogen seroprevalence, which has 
been demonstrated in  primates77,78. On the other hand, larger packs may aid in individual recovery from non-
immunizing, chronic infections such as N. caninum, similar to wolves with sarcoptic  mange15. However, mean 
pack size was not an important predictor of exposure to any pathogen in our models. We suggest that any effect 
of pack size on exposure risk may have been obscured by averaging across groups.

We predicted that better quality habitats would be more speciose and thus multi-host pathogens would occur 
at higher  prevalences79–81. Interestingly, our results demonstrate a weak negative correlation between habitat 
quality and exposure probability. Our habitat quality index may have been a poor proxy for habitat quality, or not 
representative of quality habitat for other competent hosts. In reality, understanding the dynamics of multi-host 
pathogens requires knowledge about host contact rates, transmission, and pathogen reservoirs.

We expected black wolves to have a higher probability of pathogen exposure, in particular, canine distemper 
virus. Mechanistically this could occur because black wolves have improved immune responses to respiratory 
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pathogens, and heterozygote black wolves have higher survival rates than their gray counterparts, especially in 
years of canine distemper  virus29–31,81,82. Thus if black wolves survived pathogen infections at a higher rate, there 
would be more seropositive black wolves than gray wolves. We found that wolves in western study areas experi-
enced more frequent distemper outbreaks and had a high proportion of black wolves (> 30%, Fig. 2, Supplemen-
tary Fig. S2). Wolves in the Great Lakes region experienced reduced pressure from distemper, and accordingly, 
had a much lower proportion of black wolves (< 5%, Fig. 2, Supplementary Fig. S2). However, wolf phenotype in 
the Great Lakes may also be influenced by historical hybridization with eastern wolves (C. l. lycaon)83. Still, coat 
color was not a significant predictor of exposure to any pathogen except N. caninum. This does not preclude a 
relationship between coat color and pathogen infections, and potentially suggests that pathogen pressure may 
predict coat color, which would reverse the response and predictor variable compared to our GLMMs.

Neospora caninum was the only pathogen we investigated that showed a strong latitudinal gradient in risk of 
pathogen exposure (Fig. 4) and mean seroprevalence (Fig. 3). We postulate that this corresponds to the propor-
tion of white-tailed deer (Odocoileus virginianus) in the local wolf diets. The N. caninum cervid-canid lifecycle 
is well  established84, and white-tailed deer are considered to be the N. caninum  reservoir27,85. N. caninum has 
been detected at low levels in North American caribou (Rangifer tarandus), elk (Cervus canadensis), bison (Bison 
bison), mule deer (Odocoileus hemionus), and moose (Alces alces)27,86–89, but robust and widespread sampling 
is generally lacking. Based on our findings, it appears that the probability of N. caninum exposure varies with 
white-tailed deer consumption: higher in the Great Lakes region (mean seroprevalence 47%) where wolves pri-
marily consume white-tailed deer and moose, moderate in the central Rocky Mountains (mean seroprevalence 
39%) where wolves opportunistically consume deer, and uncommon in Alaska, the Northwest Territories, and 
Nunavut (mean seroprevalence 12%) where white-tailed deer do not  occur49,90–97. This supports the notion that 
white-tailed deer are the natural hosts for N. caninum, although livestock consumption may also play a role, and 
both should also be evaluated such as adding diet data or deer/livestock density into future models.

The complete models provided modest improvements to the geographic models in terms of model fit and pre-
dictive power, indicating that mechanistic variables described a greater proportion of the observed variation in 
pathogen exposure than geography alone. More importantly, this provides a stronger interpretation of the drivers 
of pathogen exposure. However, serological data and corresponding host metadata are logistically challenging 
to collect and compile, thus our results also suggest that, for some host–pathogen systems, information from 
adjacent wolf populations may provide decent insight into pathogen dynamics.

Conclusion
Elucidating the biogeographic patterns of pathogen exposure in a single host species across its distribution 
provides us with a deeper understanding of the mechanisms driving exposure, how these drivers predictably 
vary through space and time, and potential effects on host population dynamics or individual vital rates. We 
identified human density as a major driver of pathogen exposure at a continental scale. Anthropogenic envi-
ronments create opportunities for aggregations of reservoir hosts and pathogen persistence, which in turn can 
affect wildlife—even wildlife that purposefully avoid human activity centers, like gray  wolves63,98. Large-scale 
pathogen patterns have not been previously identified for the gray wolf, and here we show that regional rather 
than latitudinal patterns of seroprevalence were supported, with antibodies to viral pathogens more commonly 
identified among wolves in the Rocky Mountains whereas antibodies to parasites were more commonly identi-
fied among wolves in the Great Lakes region. This work builds upon previous studies and will hopefully serve 
as a catalyst for additional investigations into carnivore disease ecology, multi-host transmission dynamics, and 
biogeographic wildlife surveillance.
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Abstract:

 

Mammalian carnivores are increasingly the focus of reintroduction attempts in areas from which
they have been extirpated by historic persecution. We used static and dynamic spatial models to evaluate
whether a proposed wolf reintroduction to the southern Rocky Mountain region (U.S.A) would advance re-
covery by increasing species distribution beyond what might be expected through natural range expansion.
We used multiple logistic regression to develop a resource-selection function relating wolf distribution in the
Greater Yellowstone region with regional-scale habitat variables. We also used a spatially explicit population
model to predict wolf distribution and viability at several potential reintroduction sites within the region un-
der current conditions and under two contrasting predictions of future landscape change. Areas of the south-
ern Rocky Mountains with resource-selection-function values similar to those of currently inhabited areas in
Yellowstone could potentially support 

 

�

 

1000 wolves, 40% within protected areas and 47% on unprotected
public lands. The dynamic model predicted similar distribution under current conditions but suggested that
development trends over 25 years may result in the loss of one of four potential regional subpopulations and
increased isolation of the remaining areas. The reduction in carrying capacity due to landscape change
ranged from 49% to 66%, depending on assumptions about road development on public lands. Although
much of the wolf population occurs outside core protected areas, these areas remain the key to the persistence
of subpopulations. Although the dynamic model’s sensitivity to dispersal parameters made it difficult to pre-
dict the probability of natural recolonization from distant sources, it suggested that an active reintroduction
to two sites within the region may be necessary to ensure low extinction probability. Social carnivores such as
the wolf, which often require larger territories than solitary species of similar size, may be more vulnerable to
environmental stochasticity and landscape fragmentation than their vagility and fecundity would suggest.

 

Impacto del Cambio de Paisaje sobre el Exito de Restauración de Lobos: Planeación de Programas de Reintroducción
Utilizando Modelos Espaciales Estáticos y Dinámicos

 

Resumen:

 

Con mayor frecuencia, los mamíferos carnívoros son el foco de intentos de reintroducción en
áreas de las que han sido extirpados por persecución histórica. Utilizamos modelos espaciales estáticos y
dinámicos para evaluar si la propuesta de reintroducción de lobos a la región sur de las Montañas Rocallo-
sas (E.U.A.) haría progresar la recuperación al incrementar la distribución de la especie más allá de lo que
pudiera esperarse por su expansión natural. Usamos regresión logística múltiple para desarrollar una fun-
ción recurso-selección que relacionó la distribución de lobos en la región de Greater Yellowstone con vari-
ables de hábitat a escala regional. También utilizamos un modelo poblacional espacialmente explícito para
predecir la distribución y viabilidad de lobos en varios sitios potenciales de reintroducción dentro de la
región bajo condiciones actuales y bajo dos predicciones contrastantes de cambios futuros en el paisaje. Las
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Introduction

 

Mammalian carnivores such as the gray wolf (

 

Canis lupus

 

)
have increasingly been the focus of restoration efforts in
North America and several other continents (Breiten-
moser et al. 2001). Large carnivores merit conservation at-
tention in their own right (Gittleman et al. 2001). Because
they may also be particularly sensitive to fragmentation ef-
fects that will eventually influence a larger suite of species
( Woodroffe & Ginsberg 1998), examining the effects of
human-induced landscape change on carnivores may also
provide more general guidelines for regional-scale conser-
vation. The wolf was extirpated from the Rocky Moun-
tains of the United States during the early to middle 1900s
( Young & Goldman 1944). In the 1980s, wolves reoccu-
pied portions of the northern Rocky Mountain region
(U.S.A) through natural recolonization from Canada (Ream
et al. 1991). In the 1990s, wolves were re-introduced to
the Greater Yellowstone Ecosystem (GYE), central Idaho,
and Arizona (Bangs et al. 1998; Brown & Parsons 2001).

Wolves locate their home ranges in areas with ade-
quate prey and low levels of human interference (Mlade-
noff et al.1995 ). Human-caused mortality often com-
prises 80–95% of total mortality (Fuller 1989). Roads, by
increasing human access, negatively affect wolf popula-
tions at local, landscape, and regional scales (Fuller 1989;
Mladenoff et al. 1995). Ungulates such as elk (

 

Cervus
elaphus

 

), deer 

 

(Odocoileus virginianus 

 

and

 

 O. hemionus

 

),
moose (

 

Alces alces

 

), and bighorn sheep (

 

Ovis canadensis

 

)
make up the bulk of the wolf’s diet (Fuller 1989). Prey
density explains up to 72% of the variation in wolf density
in areas where anthropogenic mortality is low (Fuller
1989). Because wolves in mountainous regions such as
the western United States often concentrate activities in
forested valley bottoms where snow condition and prey
availability are optimal (Singleton 1995), topographic and
snowfall data may be correlated with habitat productivity.

Wolves reach sexual maturity at an early age and have

 

large litters. The species’ flexible social structure allows
pack structure, fecundity, and dispersal to respond to shifts
in population density and prey abundance (Fuller 1989;
Weaver et al. 1996). However, wolves, like many other
large carnivores, require large areas to support viable
populations, and the social structure of the wolf may
make limits to habitat area even more important because
social animals require larger territories than solitary ani-
mals of similar size ( Woodroffe & Ginsberg 1998). Social
structure may also increase the effects of demographic
stochasticity by limiting reproduction to the dominant
pair within a breeding group (Vucetich et al. 1997).

Regional habitat suitability can be predicted in a geo-
graphic information system (GIS) by combining data on dif-
ferent components of wolf habitat quality, such as prey
availability and human-associated mortality risk (Mlade-
noff et al. 1995; Harrison & Chapin 1998). These static
habitat models provide a snapshot of habitat quality and
potential population distribution. Alternately, nonspatial
dynamic viability models (Lacy 1993) use summary in-
formation on habitat characteristics to predict carrying
capacity and other habitat-related parameters over time.
Combining both spatial habitat information and demo-
graphic data in a dynamic model results in a spatially ex-
plicit population model (SEPM) (Karieva & Wennergren
1995; Schumaker 1998). Such models can be used to evalu-
ate area and connectivity factors and predict source-sink
behavior, but they can be sensitive to errors in poorly
known parameters such as dispersal rate (Karieva et al.
1996). Nevertheless, they provide qualitative insights into
factors, such as variance in population size, that are diffi-
cult to explore using static spatial models. In contrast,
static habitat models and nonspatial demographic viability
models can provide robust results even when data on a
species’ demography and habitat associations are limited.

We used two types of spatial models to help evaluate
whether a wolf reintroduction to the southern Rocky
Mountain region (U.S.A.) would advance recovery goals by

 

áreas del sur de las Montañas Rocallosas con valores recurso-selección similares a los de áreas actualmente
habitadas en Yellowstone potencialmente podrían albergar 

 

�

 

1000 lobos, con 40% en áreas protegidas y 47%
en tierras públicas no protegidas. El modelo dinámico predijo una distribución similar bajo condiciones ac-
tuales pero sugirió que las tendencias de desarrollo a 25 años pudieran resultar en la pérdida de una de cua-
tro potenciales subpoblaciones regionales y en el incremento en el aislamiento de las áreas remanentes. La
reducción en la capacidad de carga debido a cambios en el paisaje varió de 49 a 66% dependiendo de la con-
strucción proyectada de caminos en tierras públicas. Aunque buena parte de la población de lobos ocurre fu-
era de las áreas protegidas núcleo, estas áreas siguen siendo la clave para la persistencia de las subpobla-
ciones. Aunque la sensibilidad a los parámetros de dispersión del modelo dinámico dificultó la predicción de
la probabilidad de recolonización a partir de fuentes lejanas, sugirió que puede ser necesaria una reintro-
ducción activa en dos sitios dentro de la región para asegurar una baja probabilidad de extinción.
Carnívoros sociales, tales como los lobos, que a menudo requieren territorios mayores que especies solitarias
de similar tamaño, pueden ser más vulnerables a la estocacidad ambiental y a la fragmentación del paisaje

 

de lo que pudieran sugerir su vagilidad y fecundidad.
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increasing species distribution and viability beyond what
might be expected through natural range expansion. We
also compared the viability of reintroduced populations at
several potential reintroduction sites within the region un-
der two contrasting predictions of future landscape change.

Species-reintroduction efforts generally require large
investments of time and resources. If spatial models such
as those evaluated here can provide robust predictions
of reintroduction success, they may become important
tools in planning the recovery of endangered species. In
addition, model results may provide more-general in-
sights into the vulnerability of wide-ranging species to
human-associated landscape change.

 

Methods

 

Study Area

 

The study area covered 280,000 km

 

2

 

 in the Rocky Moun-
tains of the western United States and included the South-
ern Rocky Mountain (SRM) ecoregion (Shinneman et al.
2000) and adjacent areas (Fig. 1). Areas to the northwest
that link the study area with current wolf range in the GYE
were also analyzed but were not included in the summary

statistics. Mean elevation is 2300 m, ranging from approxi-
mately 1200 m in the Colorado River canyon to approxi-
mately 4200 m in the mountains of central Colorado. The
climate ranges from semiarid in the southwestern portion
of the region to continental on the eastern margin. Mean
annual precipitation is 1500 mm, and mean annual snow-
fall is 2700 mm (Daly et al. 1994). Major vegetation types
include evergreen needleleaf forests, aspen (

 

Populus

 

 spp.)
parklands, sagebrush (

 

Artemisia

 

 spp.) shrublands, and
grasslands (Shinneman et al. 2000).

Public lands make up 53% of the region (Fig. 1). Desig-
nated protected areas, which comprise 20% of public
lands, are primarily located in higher elevations along the
continental divide (Gap Analysis Program, unpublished
data), which also hold most other unprotected areas with
few roads. Prey such as elk and deer are most abundant on
lower-elevation public lands to the west of these areas.

Historically important economic activities such as min-
ing, livestock production, and agriculture remain signifi-
cant but are increasingly eclipsed by other employment
categories such as the service industry and the retail trade
(Shinneman et al. 2000; Theobald 2000). Livestock pro-
duction, a land use which potentially conflicts with large-
carnivore restoration, is concentrated in west-central and
especially northwest Colorado. Grazing is permitted on
the majority of public lands, including those designated as
wilderness. Public lands and adjacent private lands also
may experience high levels of recreational use.

Mean population density in the SRM region is approxi-
mately 9 persons/km

 

2

 

 (Shinneman et al. 2000). Portions
of the study area, such as western Colorado, have among
the highest rates of human population growth in the
United States, resulting in conversion of forest and large
agricultural holdings to low-density residential develop-
ment (Theobald 2000). Although private lands form less
than half of the landscape, their rapid development may
disproportionately affect key areas, such as productive
riparian corridors, and geographically fragment public
lands (Theobald 2000).

 

Static Model

 

We compared spatial data on the boundaries of wolf pack
territories (Fig. 1) in the GYE (annual minimum convex
polygon, 2000 data) with habitat characteristics to predict
wolf distribution in the SRM region. Habitat variables,
which are reviewed in detail in Carroll et al. (2001

 

a

 

), in-
cluded vegetation, satellite imagery metrics derived from
the MODIS sensor ( Huete et al. 1997), topography, cli-
mate, and human-impact variables. The MODIS data were
used to derive the “tasseled-cap” indices of brightness,
greenness, and wetness (Crist & Cicone 1984), which are
correlated to varying degrees with ecological factors such
as net primary productivity and which have proved useful
in modeling wildlife distributions (Mace et al. 1999; Carroll
et al. 2001

 

a

 

). We used MODIS data from both midsummer

Figure 1. Study area in the U.S. southern Rocky Moun-
tains, with public lands shown in gray and candidate 
wolf reintroduction sites in black.
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and early winter to incorporate seasonal changes in re-
source availability and phenology. All GIS layers were gen-
eralized to a 1-km

 

2

 

 resolution for the analysis. Multiple lo-
gistic regression was used to compare habitat variables at
points within territories with those at points outside terri-
tories within the GYE. We selected an optimal multivari-
able model using the Bayesian information criterion (BIC),
a diagnostic statistic that penalizes for overfitting (Schwarz
1978). We used the coefficients from the final model to cal-
culate a resource-selection function ( RSF ) 

 

w

 

(

 

x

 

) for
used (occurrences) and unused resources (Manly et al.
1993; Boyce & McDonald 1999), which is referred to sub-
sequently as the static model. Although the resulting RSF
predictions were produced at the resolution of the input
data (1 km

 

2

 

), we used these predictions to compare the
relative capacity of larger landscapes of over 500 km

 

2

 

 to
support wolves. This larger scale, which approximates the
average size of wolf pack territories in the region (D. Smith,
unpublished data), was also the scale of the predictions
produced by the dynamic model described below.

We used a two-step process for estimating potential
wolf population size that first delineated potential wolf
distribution and then estimated wolf abundance within
those areas based on auxiliary data on prey density (Mlade-
noff & Sickley 1999). We predicted the potential size of
wolf populations that might inhabit areas with high habi-
tat suitability as predicted by the static model, based on
an equation relating wolf density to prey density (Fuller
1989; Mladenoff & Sickley 1999 ): wolf density/1000
km

 

2

 

 

 

�

 

 4.19*DEPU/km

 

2

 

, where DEPU, or deer-equivalent
prey units, were derived from elk and deer abundance
data (Colorado Division of Wildlife Resources 1997; New
Mexico Game and Fish, unpublished data; Wyoming Game
and Fish, unpublished data).

 

Dynamic Model

 

We performed population viability analyses by using a
modified version of the program PATCH ( Schumaker
1998), which links the survival and fecundity of female
territorial animals to GIS data on mortality risk and habitat
productivity measured at the scale of the individual terri-
tory. The model tracks the population through time as in-
dividuals are born, disperse, reproduce, and die, predict-
ing population size, time to extinction, and migration and
colonization rates. Territories are allocated by intersect-
ing the GIS data with an array of hexagonal cells. We
modified the model to associate each hexagon with a sin-
gle wolf pack rather than with an individual territory
holder. The GIS maps were assigned weights based on
the relative fecundity and survival rates expected in the
various habitat classes, as described below. Survival and
reproductive rates are then supplied to the model as a
population projection matrix. The model scales the ma-
trix values based on the hexagon scores, with poorer hab-
itat translating into lower scores and thus higher mortality

rates and lower reproductive output. Each hexagon can
then be assigned a value for lambda, the finite rate of in-
crease, indicating its expected source-sink properties.

Conceptual models were used to estimate relative fe-
cundity and survival. The fecundity model was based on
tasseled-cap greenness ( Mace et al. 1999), which has
been shown to be correlated with ungulate density (Car-
roll et al. 2001

 

b

 

). The fecundity metric incorporated the
negative effect of terrain (slope) on prey availability (Car-
roll et al. 2001

 

b

 

). We used a habitat model rather than di-
rectly using prey data because we could obtain relatively
consistent prey data for the SRM region but not for the
larger region analyzed in the PATCH model simulations. A
metric combining road density, local human population
density, and interpolated human population density (Mer-
rill et al. 1999) predicted mortality risk. Survival was also
proportionately increased in parks as a result of lack of
hunting and a consequent lower lethality of humans.

We were able to build a strong link between the GIS
habitat data and demographic parameters because a large
number of published field studies with estimates of fecun-
dity and survival are available (e.g., Ballard et al. 1987;
Fuller 1989; Pletscher et al. 1997). We calibrated the de-
mographic rates assigned in PATCH so that, for example,
wolves in an area showing levels of habitat productivity
and human impacts similar to those of Yellowstone Na-
tional Park would be assigned fecundity and mortality val-
ues near those actually recorded there. Even for a well-
studied species such as the wolf, however, generalizing
local demographic data to a regional scale based on habi-
tat models requires assumptions that strongly affect re-
sulting model predictions. Because the dynamic model,
unlike the static model, was developed without the use of
the GYE pack-territory data, we validated the wolf distri-
bution predicted by PATCH with that pack-territory data.

Mean and maximum demographic rates are shown in
Table 1. Fecundity is given as the number of female off-
spring per pack. Expected rates (Table 1) are given as av-
eraged over the entire region, including areas with low
suitability for wolves. Because most areas assigned rates
at the lower end of the scale remain unoccupied in the
simulations, packs actually show higher mean rates and a
smaller range of rates than are shown in Table 1. The ex-
pected lambda values were predicted by scaling the Leslie
matrix based on the hexagon scores. These values (Fig.
2a) show that most of the region is expected to be at least
weak source habitat. Mean expected lambda was 1.062
and maximum expected lambda was 1.274.

We modified PATCH to better reflect wolf demography
by allowing territory holders to be social rather than soli-
tary. This social structure added demographic resilience
because individuals from the same pack could rapidly re-
place territory holders (alpha females ) that die, and it
strongly influenced movement rates and patterns. We as-
sumed fecundity to be independent of pack size because
no general relationship between the two factors has been
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documented (Ballard et al. 1987). As pack size increases,
individual wolves in PATCH have a greater tendency to
disperse and search for new available breeding sites. The
probability of leaving a pack is a quadratically increasing
function, with high dispersal probabilities as pack size ap-
proaches the theoretical maximum. Setting the maximum
at 24 adults resulted in observed maximum pack sizes of
8–11 adults. C. C., unpublished data). Packs in the GYE
currently average 5.9 adults (D. W. S., unpublished data).
The size of hexagons or pack territories used in the
PATCH model was 500 km

 

2

 

. The mean territory size of
GYE packs in 2000 was 545.6 km
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 (
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 16, range 
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 154-
1675 km
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, SD 
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 504.0) (D. Smith, unpublished data).
We simulated dispersal by using a directed random walk

with a maximum dispersal distance of 250 km. Move-
ment decisions in a directed random walk combine vary-
ing proportions of randomness, correlation (tendency to
continue in the direction of the last step), and attraction
to higher quality habitat, but without knowledge of hab-
itat quality beyond the immediately adjacent territories.

We modeled environmental stochasticity by drawing
the maximum Leslie matrix values (Table 1) from a trun-
cated normal distribution with coefficients of variation
of 30% for fecundity, 40% for pup mortality, and 30% for
adult mortality (Ballard et al. 1987; Fuller 1989). We com-
pared those outcomes to results from simulations con-
ducted without environmental stochasticity. One thou-
sand replicate simulations of 200 years were conducted
per scenario. In addition to assessing model sensitivity
to environmental stochasticity, we explored the plausi-
bility of the model’s predicted wolf distributions by
comparing them with known distribution in other areas
of the Rocky Mountains (C.C., unpublished data).

The PATCH model allows the landscape to change
through time. Hence, the user can quantify the conse-

quences of landscape change for population viability and
examine changes in vital rates and occupancy patterns
that result from habitat loss or fragmentation. We used this
feature to explore the consequences for wolves of road
development and human population growth during the
period 2000–2025. Census data were available for the
period 1990–2000. We predicted human population growth
from 2000 to 2025 based on growth rates from 1990 to
2000, but we adjusted the predicted 2025 population to
match state-level Census Bureau predictions (U.S. Cen-
sus Bureau, unpublished data ). Road density was pre-
dicted to increase at 1% per year (Theobald et al. 1996).
The landscape scenarios we evaluated included: (A) cur-
rent conditions, (B) human population as of 2025, with in-
creased road development on private lands only, and (C)
human population as of 2025, with increased road devel-
opment on private and unprotected public lands. A new
map including all landscape change over the period
2000–2025 was introduced into the simulation at year
25, rather than incrementally over 25 yearly time steps.

In addition to using PATCH to assess the overall poten-
tial of the region to support wolf populations (carrying
capacity), we modeled specific reintroduction options to
assess transient dynamics such as the probability of extinc-
tion and the probability of an area being colonized by
wolves from a specific reintroduction site. Based on a re-
view of the literature (Bennett 1994; Martin et al. 1999),
field knowledge, and preliminary modeling results, we
chose to compare reintroduction areas in southwestern,
west-central, and northwestern Colorado and northern
New Mexico (Fig. 1). Within each of these general re-
gions, the 2500-km

 

2

 

 area exhibiting the highest long-term
potential occupancy rates in PATCH was selected as the
candidate reintroduction core sites (Fig. 1). We also com-
bined the individual core sites to construct four composite

 

Table 1. Demographic values used in the PATCH simulations of wolf population dynamics in the southern Rocky Mountains.*

 

Age

0 1 2 3 4 5 6 7 8 9

 

Maximum fecundity 0.00 0.00 2.29 3.21 3.21 3.21 3.21 3.21 3.21 1.15
Mean fecundity 0.00 0.00 1.20 1.68 1.68 1.68 1.68 1.68 1.68 0.60
Maximum survival 0.46 0.86 0.96 0.96 0.96 0.96 0.96 0.96 0.69 0.46
Mean survival 0.37 0.69 0.77 0.77 0.77 0.77 0.77 0.77 0.55 0.37

 

*

 

 Fecundity is given as number of female offspring per pack. Mean values are averaged over the entire region, including areas that did not sup-
port wolves in the subsequent simulations. Maximum values are before adjustment for environmental stochasticity.

 

Figure 2. Predicted distribution and demography of wolves in the southern Rocky Mountain region under the dif-
fering models used in this study: (a) expected demographic potential for wolves as predicted by the scaled Leslie 
matrix used as input to the PATCH simulations; (b) relative probability of occupancy by wolves as predicted by a 
resource-selection function (RSF) developed from wolf distribution data in the Greater Yellowstone Ecosystem; (c) 
potential distribution and demography of wolves as observed in the PATCH simulations under current landscape 
conditions; and (d) potential distribution and demography of wolves as observed in the PATCH simulations under 
future scenario C (development on both public and private lands through 2025). Only those areas with a predicted 
probability of occupancy of 

 

�

 

50% are shown in (c) and (d).
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reintroduction options: (1) natural recovery from north-
ern Rocky Mountain populations, (2) reintroduction to
northern New Mexico, (3) option 2 plus reintroduction to
southwestern Colorado, and (4) option 3 plus reintroduc-
tion to northwestern Colorado. We approximated the
standard reintroduction protocol (Bangs & Fritts 1996) by
introducing five breeding-age females in the first year and
setting survival for the first five years at close to 100%, un-
der the assumption that new animals would be released to
compensate for mortality among the initial releases.

 

Results

 

Static Model

 

We selected an optimal RSF model (
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 11, 

 

p

 

 

 

�

 

 0.001) of the form

where GREEN is MODIS July greenness, WET is MODIS
November wetness, ELK is elk winter range, SNOW is
annual snowfall, SLOPE is slope in degrees, and PUBLIC,
WILD, and PARK are the general public, wilderness, and
park management classes.

Extrapolating the model southward from the GYE into
Colorado produces a predicted distribution map (Fig. 2b)
showing that wolf habitat similar to that occupied within
the GYE is found in a band running across northwestern
Colorado and also within southwestern Colorado. Based on
this model, 46.7% of the region’s wolves would be found
within general public lands, followed by 40.0% within parks
and wilderness areas, and 13.3% on private, unprotected
land. The overall number of wolves potentially supported
within habitat in the SRM region with RSF values similar to
currently inhabited habitat in the GYE (the upper 10% areal
quantile of RSF values) is 1305, according to the estimation
method based on the model of Fuller (1989), which makes
use of the auxiliary data on prey abundance for the SRM re-
gion. For comparison, the number of wolves potentially
supported within the three Colorado reintroduction core
areas of 2500 km
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 in size, according to the Fuller (1989)
model, ranges from 97 individuals for northern New Mex-
ico to 75 wolves for southwestern Colorado, 102 for west-
central Colorado, and 155 for northwestern Colorado.

 

Dynamic Model
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Under current conditions, strong source areas are present in
all of the potential reintroduction sites and on the Wyo-
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ming-Colorado border (Fig. 2c). Weaker source habitat be-
tween the three western Colorado sites facilitates their con-
nectivity, whereas the northern New Mexico site is more
isolated. Based on this model, 41.8% of the region’s wolf
packs would be found within general public lands, followed
by 38.8% on private unprotected land, and 18.7% within
parks and wilderness areas. The mean number of packs pre-
dicted by the PATCH simulations for the larger subregions
surrounding the core reintroduction sites ranged from 21.6
for northern New Mexico to 23.1 for west-central Colorado,
32.2 for southwestern Colorado, and 42.6 for northwestern
Colorado. Adjusting the PATCH estimate to account for
both sexes of adults and for the percentage of packs com-
posed of pups (range 35–67%,  

 

�

 

 46%; Fuller 1989) re-
sulted in a total population estimate of 1486. This figure
may be high because mean percentage of pups in packs is
based on both autumn and winter data, whereas the wolf
density model is based on late winter data (Fuller 1989).
The mean lambda observed in the simulations is 0.999,
which is lower than the mean expected lambda of 1.062 as
a result of the influence of infrequently occupied territories,
which tend to show a lambda of near 1.000. Weighting the
estimate by the probability that a pack territory is occupied
in a particular year gives a mean lambda of 1.017. The maxi-
mum lambda observed in the simulations is 1.215, which is
also lower than the maximum expected lambda of 1.274.
Wolf distribution predicted by the dynamic model is signifi-
cantly correlated with the observed location of the wolf
pack territories in the GYE (
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 0.001).
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Human population growth, coupled with road develop-
ment on private lands only, reduced the carrying capacity
of the region by 49.2% to a total wolf population estimate
of 755. Mean number of packs predicted by the PATCH
simulations was 9.7 for northern New Mexico, 9.2 for
west-central Colorado, 18.9 for southwestern Colorado,
and 14.3 for northwestern Colorado. Although we report
these as point estimates, we emphasize that model predic-
tions are best used in a relative sense to rank potential sites
and management options. Based on this model, 43.8% of
the region’s wolf packs would be found within general
public lands, followed by 32.3% on private, unprotected
land, and 23.9% within parks and wilderness areas.

 

FUTURE

 

 

 

CARRYING

 

 

 

CAPACITY

 

: 

 

LANDSCAPE

 

 

 

SCENARIO

 

 

 

C

 

Human population growth, coupled with road develop-
ment on both private and unprotected public lands, re-
duced the wolf carrying capacity of the region by 66.3% to a
total wolf population estimate of 501. Areas with a 
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50%
likelihood of occupancy remained in all potential reintro-
duction areas except in west-central Colorado (Fig. 2d).
Connectivity, in the form of permanently occupied “step-
ping-stone” areas, no longer existed between reintroduc-
tion areas, although long-distance dispersal by floaters could
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still occur. Due to the high proportion of private lands in
northern New Mexico, the results from both future land-
scape scenarios were similar in that region. Mean number
of packs predicted by the PATCH simulations was 10.7 for
northern New Mexico, 4.3 for west-central Colorado, 9.8
for southwestern Colorado, and 9.7 for northwestern Colo-
rado. Based on this model, 38.8% of the region’s wolf packs
would be found within general public lands, followed by
34.5% on private, unprotected land, and 26.7% within parks
and wilderness areas.

A comparison of predicted wolf distribution between
simulations using identical mean demographic rates with
or without incorporating environmental stochasticity
( Fig. 3 ) showed that year-to-year variation in demo-
graphic rates had a strong effect on the likelihood that
wolves would occupy habitat areas with higher edge-to-
area ratios ( i.e., smaller core areas and linear linkages
connecting major core areas).

 

Reintroduction Options

 

Under current habitat conditions (landscape scenario A),
most options show a low probability of extinction. Exclud-

ing the natural recolonization option, option 2 has the high-
est extinction probability at 6.4% (Table 2). Under future
landscape scenario B, extinction probability is 16.6% for op-
tion 2, 4.5% for option 3, and 1.7% for option 4. Under fu-
ture landscape scenario C, extinction probability is 13.7%
for option 2, 5.3% for option 3, and 2.2% for option 4.

Mean number of packs within the southern Rocky
Mountains at year 200 is estimated at 1.7 for the natural
recolonization option, 21.6 for option 2, 51.4 for option
3, and 93.1 for option 4 ( Fig. 4 ), given current land-
scape scenario A. Increasing the maximum dispersal dis-
tance parameter from 250 to 500 or 1500 km resulted in
estimates of 3.3 or 6.1 packs, respectively, for the natu-
ral recolonization option. Under future landscape sce-
nario B, mean number of packs within the southern
Rocky Mountains at year 200 is estimated at 

 

�

 

1 for the
natural recolonization option, 9.7 for option 2, 28.0 for
option 3, and 41.1 for option 4 (Fig. 4 ). Under future
landscape scenario C, mean number of packs within the
southern Rocky Mountains at year 200 is estimated at

 

�

 

1 for the natural recolonization option, 10.7 for option
2, 20.5 for option 3, and 29.4 for option 4 (Fig. 4).

When the separate reintroduction areas are consid-

Figure 3. Contrasts between predicted wolf distribution in simulations with and without environmental stochas-
ticity under (a) current conditions (scenario A) and (b) future conditions (scenario C, development on both pub-
lic and private lands through 2025). Areas in black are occupied in simulations with environmental stochasticity, 
whereas areas in gray are occupied only in the absence of environmental stochasticity.
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ered alone (Fig. 5), rather than as part of the multisite
options, extinction probability is 26.7% for a reintroduc-
tion to only west-central Colorado, 13.3% for southwest-
ern Colorado, 11.4% for northwestern Colorado, and
6.7% for northern New Mexico (Table 2).

Under future landscape scenario B, extinction proba-
bility is 26.3% for a reintroduction to only west-central
Colorado, 12.5% for southwestern Colorado, 11.8% for
northwestern Colorado, and 16.6% for northern New
Mexico. Under future landscape scenario C, extinction
probability increases, reaching 58.8% for a reintroduc-
tion to only west-central Colorado, 31.6% for southwest-
ern Colorado, 31.6% for northwestern Colorado, and
14.5% for northern New Mexico (Table 2).

 

Discussion

 

Spatial models such as ours contribute a new perspective
to population viability analysis and endangered species re-

covery planning. The resource-selection-function (RSF)
model extracts new information from the successful re-
introduction of wolves into a neighboring region, revealing
regionally specific habitat associations not evident in more-
general models or those adapted from the central United
States (e.g., Mladenoff et al.1995). The RSF model may be
too specific, however, because wolves in the GYE, which
were reintroduced in 1995, have not yet dispersed to in-
habit a full range of potential habitats, and some character-
istics of currently occupied habitat (e.g., association with
boreal forest types) may be coincidental rather than actual
limiting factors. The probability of such extrapolation error
grows as distance increases from the source of the wolf-
distribution data, the GYE.

The spatially explicit population model (SEPM) allows a
greater level of biological realism because it integrates data
on demography and habitat and can explore the response
of wolf populations to new habitat scenarios and examine
long-term viability requirements, which may differ from
short-term requirements for occupation of habitat. How-

 

Table 2. Relative ranking of potential wolf reintroduction areas in terms of model predictions, with Yellowstone National Park
added for comparison.

 

Area

Model

mean
RSF
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value

occupancy
probability
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(PATCH),
2000

occupancy
probability,

2025
(scenario B)

occupancy
probability,

2025
(scenario C)

extinction
probability
(PATCH),

2000

extinction
probability,

2025
(scenario C)

 

Northern New Mexico 15.7 80.0 67.6 67.1 6.7 14.5
Southwest Colorado 12.0 75.9 68.4 53.1 13.3 31.6
West-central Colorado 17.3 64.4 37.3 23.8 26.7 58.8
Northwestern Colorado 21.9 78.7 58.1 54.8 11.4 31.6
Yellowstone National Park 221.6 99.1 98.7 98.6
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1

 

a

 

Resource selection function.

 

b

 

Occupancy probability is given as averaged over all pack territories in an area.

Figure 4. Mean wolf population trajectory as predicted by the PATCH model for three reintroduction options un-
der current and future conditions. Option 2 would involve reintroduction of wolves to northern New Mexico, op-
tion 3 would add a second reintroduction site in southwestern Colorado, and option 4 would add a third reintro-
duction site in northwestern Colorado.
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ever, this model’s added complexity may make its results
more sensitive to variation in poorly known parameters
such as dispersal behavior (Karieva et al. 1996). This in-
creased variability makes SEPMs more appropriate for rank-
ing management options than predicting actual population
levels. Both the static and dynamic models provide a struc-
ture for considering restoration potential and making quali-
tative comparisons between regions. Both approaches are
also useful for generating testable hypotheses that can be re-
fined in an adaptive management context based on new
field research, improved modeling techniques, and data
from successful and unsuccessful restoration efforts and nat-
ural recolonization events (Murphy & Noon 1992).

Contrasts between the static and dynamic model predic-
tions derive in part from how they quantify human im-
pacts. The static model includes management status as a
surrogate for human impacts, rather than the road or hu-
man population variables used as input to the PATCH
model. Road density is one of the most significant univari-
ate predictors of wolf distribution in the north-central
United States (Mladenoff et al. 1995). Low road density,
along with public land ownership, forested land cover, and
high elk density are also significantly correlated with the lo-
cations of wolf-pack territories in the U.S. northern Rockies
(Houts 2000). The absence of road density from the multi-
variate RSF model we developed is the result of collinearity
between habitat variables, specifically the negative correla-
tion between road density and other significant variables
such as snowfall and slope. Candidate multivariate models
that included road density along with the latter variables of-
ten resulted in positive coefficients for road density, which
would have caused poor model generality when extrapo-
lated to areas of high road density outside the GYE.

The remaining variables included in the static model
were consistent with field knowledge of wolf habitat
associations and with previous static carnivore habitat
models (Carroll et al. 2001

 

a

 

). Because wolves are cours-
ing predators, they generally avoid areas with steep slopes
where prey vulnerability is low ( Paquet et al. 1996 ).
Areas of high snowfall also limit winter movement be-
cause of the wolf’s high foot loading compared with
snow-adapted predators such as the lynx (Paquet et al.
1996). Fall wetness is correlated with early snow cover,
accounting for its negative coefficient here. Both elk
winter range and summer greenness are indicators of
prey productivity (Carroll et al. 2001a).

The static and dynamic models give similar estimates of
the potential size of the wolf population in the SRM region,
but the spatial distribution of predicted wolf abundance
differs between the models. The static model predicts that
a larger proportion of the region’s wolves occurs within
parks and wilderness areas than does the PATCH model.
Because it ignores the influence of social structure (e.g., in-
terpack aggression) on limiting wolf density, the static
model likely overpredicts density in highly suitable areas.

The results of the PATCH model emphasize the impor-

tance of mortality risk in limiting wolf distribution. Al-
though wolves may be more demographically resilient
than some large carnivores (Weaver et al. 1996), adult sur-
vival is still of overriding importance. Contrasts between
the predictions of the static and dynamic models derive
primarily from area effects and the effects of landscape
change. Small, isolated areas of predicted habitat in the
static model are rarely occupied in the dynamic model. In
contrast, predicted occupancy in areas adjacent to other
populations is higher in the PATCH model than in the
static model because wolves there benefit from a demo-
graphic rescue effect (Brown & Kodric-Brown 1977). For
example, the re-introduction area in northwestern Colo-
rado benefits from its location within a larger constellation
of habitat patches. Incorporating landscape change into
the dynamic model caused areas such as southwestern
Colorado, with relatively low human population growth
and a high proportion of protected areas, to increase their
ranking under future conditions as other more threatened
areas become degraded (Table 2). The reintroduction lo-
cation in northern New Mexico is unique in that it is a
highly protected core area that has little risk of future deg-
radation but is surrounded by a relatively unprotected and
at-risk regional landscape. Although the core protected
area there is larger than areas that support isolated wolf
populations, its regional value for wolf conservation may
be affected by loss of connectivity.

Model predictions may be inaccurate if extensive land
uses, such as public-lands grazing, are more important
than intensive land uses, such as development trends, in
limiting wolf restoration. Most mortalities in the early
stages of restoration of wolves to the GYE have been as-
sociated with control of livestock depredation (Bangs et al.
1998). Our model effectively assumes that the risk of en-
counters between wolves and livestock is correlated
with other human-impact factors such as roads, or that
intensive human impacts form more-important long-term
limiting factors. It can be argued that it is relatively easy
to reduce public-lands grazing through changes in man-
agement policy but more difficult to reverse develop-
ment once it occurs. Wolves in the north-central United
States, which are in a later stage of range expansion, are
more limited by intensive than extensive land use (Mlad-
enoff et al. 1995 ). However, patterns of low-density
public-lands grazing in the western United States may
create greater potential for livestock depredation there.
Livestock grazing on U.S. Forest Service lands increases
from south to north in the SRM region (Bennett 1994).
This may place wolves in northwestern Colorado at
greater short-term risk than shown in our model and
hinder dispersal between the GYE and Colorado.

Turning from the individual sites to the composite re-
introduction options, our results suggest that adding a sec-
ond release site results in a large reduction in extinction
probability. Of the options we considered, option 3 of
reintroduction to two sites in northern New Mexico and
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southwestern Colorado may best balance the goals of
maximizing the probability of success and minimizing the
cost of restoration. The prospects for long-term viability
with this option under future scenario C (94.7%) com-
pare favorably with those for wolves in the GYE (�99%).
Therefore, despite the effects of landscape change, our
results suggest a high potential for successful wolf resto-
ration to the SRM region.

Lessons for Reintroduction Planning

Overall, a consistent message emerges from our two mod-
els regarding what portions of the SRM have the highest
potential to support wolves and how that potential com-
pares with previous reintroduction areas. Comparison of
the RSF and PATCH results from Colorado with those
from the GYE and Idaho suggest that the latter two areas
are unique in the western United States in the size of their
core areas. Resource-selection-function values for the
GYE are an order of magnitude greater than those for the
Colorado reintroduction sites (Table 2). Although wolves

often occur outside core protected areas, they may de-
pend on them for long-term population persistence (Fritts
& Carbyn 1995; Haight et al. 1998 ). Semi-developed,
mixed-ownership landscapes such as those found in west-
ern Colorado may both support high prey densities and
create a high risk of human-caused wolf mortality ( Mlade-
noff et al. 1997). More effort and time may be necessary
for wolves in Colorado to reach the population levels
seen in the GYE and Idaho after relatively short reintro-
duction efforts. However, wolf-recovery efforts in the
north-central United States suggest that, given favorable
human attitudes, wolves can coexist with development at
surprisingly high levels. In Wisconsin, wolves currently
inhabit more area than was predicted in empirical habitat
models based on road density ( Mladenoff et al. 1999).
Both the RSF and PATCH results suggest that a large pro-
portion of the packs of the SRM region will be found on
general public lands rather than in parks or wilderness,
but the PATCH results suggest that core refugia remain
the key to whether a particular reintroduction area can
maintain wolves under future conditions.

Figure 5. Mean wolf population trajectory as predicted by the PATCH model for the individual candidate reintro-
duction areas under current and future conditions.
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The smaller size and greater isolation of core refugia in
Colorado compared with those of the GYE and Idaho
will likely make maintenance of connectivity between
subpopulations of greater importance (Haight et al. 1998).
The reduction in carrying capacity caused by landscape
change in the SRM is two and four times that seen in the
GYE and southern Canadian Rockies, respectively (C.C.,
unpublished), pointing to the higher pace of develop-
ment in the SRM, its isolation from more northerly popu-
lations, and its current status closer to the threshold for
large-carnivore persistence.

Because wolf dispersal behavior is too complex to
model realistically, we must consider the variation in re-
sults due to dispersal behavior when evaluating model out-
put. Wolves may exhibit a pattern of dispersal termed
“stratified diffusion,” a mixture of short-distance dispersal
that expands existing colonies and long-distance dispersal
that creates new colonies (Shigesada & Kawasaki 1997).
Although the PATCH model cannot currently predict this
type of mixed-dispersal dynamics, it may be instructive re-
garding the influence of short-distance dispersal on source-
sink dynamics within a region. For example, the contrasts
in predicted population trajectories between the subre-
gions (Fig. 5) relate to the dispersion of core habitat and
the level of connectivity in each area. Occasional long-dis-
tance dispersal events may cause the long-term distribu-
tion predicted in the PATCH reintroduction options to be
achieved more rapidly. The relative levels of connectivity
shown by the different scenarios are significant, however,
in that they show that even if dispersers from the GYE
may potentially colonize Colorado over the long term, the
level of connectivity between the GYE and Colorado is
low enough that a separate Colorado reintroduction
would significantly hasten establishment of that popula-
tion. This may be important given the pace of landscape
change in the region. Our results suggest that although
their sensitivity to dispersal parameters make spatially ex-
plicit population models unsuitable for some aspects of re-
introduction planning, they nevertheless can provide
other insights not available from less complex models.

Comparison of the model results also suggests more-gen-
eral guidelines for large-carnivore conservation. Lambda
values observed in the dynamic model were lower than ex-
pected from the model input. These more pessimistic pre-
dictions are the result of area and connectivity factors that
reduce the potential of small and isolated habitat patches to
support species with large area requirements. A compari-
son of the spatial distribution of expected (Fig. 2a) and ob-
served (Fig. 2c ) sources and sinks suggests that weak
source habitat isolated from strong sources has a low prob-
ability of occupancy. The key territories occupying strong
source habitat tend to consist of large packs in our model.
As the size and demographic value of these packs is re-
duced with future landscape change, they are less able to
support peripheral packs. The high lambda of the largest
packs is the inverse of what might be predicted by a den-

sity-dependent PVA model, but it is consistent with pat-
terns observed in the GYE population.

An additional reduction in potential occurs when envi-
ronmental stochasticity is incorporated in the model be-
cause territories located in the periphery are most af-
fected by stochastic factors ( Fig. 3 ). This “extinction
vortex” ( Gilpin & Soulé 1986) is an example of the
novel results provided by combining spatial and demo-
graphic data. As predicted (Woodroffe & Ginsberg 1998),
this effect is more noticeable in the wolf than in solitary
large carnivores such as the grizzly bear (C.C., unpub-
lished data ) and may be generally relevant to other
threatened social carnivores such as the African wild
dog (Lycaon pictus) (Creel & Creel 1998). This reduc-
tion in the viability of peripheral populations may par-
tially negate the added resilience ( sensu Weaver et al.
1996) conferred by the wolf’s high fecundity and vagil-
ity. Our results suggest that dynamic models and less
complex models such as resource-selection functions
can be complementary tools for the design of reintro-
duction strategies for carnivores and other area-sensitive
species in increasingly human-dominated landscapes.
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As human impacts on the biosphere increase, con-
servation biology must increasingly focus not only on

preserving the current distribution of biodiversity but also on
restoring species to areas from which they have been extirpated
(figure 1). The success of restoration efforts depends in part
on clarification of both the normative and the technical com-
ponents of recovery goals (Breitenmoser et al. 2001). For ex-
ample, the level of extinction risk tolerated or the extent of
historic range to which recovery is desired are normative de-
cisions guided by laws such as the US Endangered Species Act
(ESA; 16 USC 1531–1540 [1988]). Once these normative as-
pects are resolved, conservation science can help identify
which restoration strategy is most likely to ensure the desired
level of recovery. Many of the species listed under the ESA are
narrowly distributed endemics that can be protected by pre-
serving a limited number of sites (Dobson et al. 1997). It is
more difficult to define recovery goals for species such as
the gray wolf (Canis lupus), which have large area requirements
for viable populations, and whose protection may conflict with
existing land uses such as livestock production. The scientific
methodology used to define recovery goals and strategies
for endangered species has not fully integrated recent tech-
nical advances in conservation biology, such as spatially ex-
plicit population models (SEPMs; Dunning et al. 1995). We
present an example of such an analysis applied to the wolf, a
high-profile endangered species whose proposed recovery
goals (68 Federal Register 15804–15875) have recently been
the subject of litigation (Defenders of Wildlife v. Norton, Civ.
03-1348-JO [2005]; National Wildlife Federation v. Norton, 03-

CV-340 [2005]), to demonstrate how these methods can in-
troduce key scientific knowledge into the debate over recov-
ery goals and facilitate the decisionmaking process by
illustrating the efficacy of alternate management scenarios.

Although the ESA of 1973 was the third in a series of laws
aimed at protecting imperiled species, it was the first to of-
fer protection to any species in danger of extinction through-
out all or a significant portion of its range. By including the
phrase “significant portion of its range,”Congress signaled its
intent that listed species should not simply be saved from ex-
tinction, but rather recovered so that populations inhabit
relatively large areas (i.e., significant portions) of suitable
habitat within historic ranges. Case law (Defenders of Wildlife
v. Norton, 258 F.3d 1136 [2001], 239 F. Supp. 2d 9 [2002], Civ.
03-1348-JO [2005]; National Wildlife Federation v. Norton, 03-
CV-340 [2005]) and previous delisting actions by the US
Fish and Wildlife Service (USFWS) are consistent with this
intent, as the 15 taxa that have been declared recovered since
passage of the ESA were generally widely distributed at the
time of delisting. This expectation was buttressed when Con-
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Defining Recovery Goals and
Strategies for Endangered
Species: The Wolf as a Case
Study

CARLOS CARROLL, MICHAEL K. PHILLIPS, CARLOS A. LOPEZ-GONZALEZ, AND NATHAN H. SCHUMAKER

We used a spatially explicit population model of wolves (Canis lupus) to propose a framework for defining rangewide recovery priorities and 
finer-scale strategies for regional reintroductions. The model predicts that Yellowstone and central Idaho, where wolves have recently been successfully
reintroduced, hold the most secure core areas for wolves in the western United States, implying that future reintroductions will face greater challenges.
However, these currently occupied sites, along with dispersal or reintroduction to several unoccupied but suitable core areas, could facilitate recovery
of wolves to 49% of the area in the western United States that holds sufficient prey to support wolves. That percentage of the range with recovery 
potential could drop to 23% over the next few decades owing to landscape change, or increase to 66% owing to habitat restoration efforts such as the
removal of some roads on public lands. Comprehensive habitat and viability assessments such as those presented here, by more rigorously defining
the Endangered Species Act’s concept of “significant portion of range,” can clarify debate over goals for recovery of large carnivores that may conflict
with human land uses.

Keywords: Canis lupus, conservation planning, Endangered Species Act, reintroduction, spatially explicit population model



gress defined the term “species” to include “any subspecies of
fish or wildlife or plants, and any distinct population segment
of any species of vertebrate fish or wildlife which interbreeds
when mature” (ESA section 3[15]). The policy of recogniz-
ing distinct population segments (DPSs) allows for protective
measures before the occurrence of large-scale declines that
would necessitate listing a species or subspecies throughout
its entire range (61 Federal Register 4722).

In the late 1950s, the number of gray wolves inhabiting the
conterminous United States reached an all-time low, with
fewer than 1000 wolves occupying less than 1% of the species’
historic range in northeastern Minnesota and the adjacent Isle
Royale National Park (Phillips et al. 2004). Three decades
after passage of the ESA, owing to the expansion of popula-
tions in Minnesota and Canada and to reintroduction efforts
in the northern Rocky Mountains (USFWS 1994) and the
southwestern United States (USFWS 1996), about 4500 wolves
occupy about 5% of the species’ historic range in the con-
terminous United States (figure 2). In response to this im-
proved conservation status, in April 2003 the USFWS
published a reclassification rule that divided the lower 48
states into three DPSs (figure 2), retaining the experimental–
nonessential population areas in the northern Rocky Moun-
tains (USFWS 1994), but elsewhere downlisting the eastern
and western gray wolf DPSs from endangered to threatened
and indicating that recovery objectives for both had been
met (68 Federal Register 15804–15875). However, in 2005, two
federal court rulings vacated and enjoined the rule on the 
basis, in part, that it lacked comprehensive consideration of

the phrase “significant portion of range” and misapplied the
DPS policy (Defenders of Wildlife v. Norton, Civ. 03-1348-JO
[2005]; National Wildlife Federation v. Norton, 03-CV-340
[2005]). When considered with the two earlier rulings cited
above, this indicates that future recovery plans for wolves
and other listed species should be guided by a rangewide de-
termination of habitat suitability and relevant principles of
conservation planning. The three principles of representation
(establishing populations across the full array of potential habi-
tats), resiliency (protecting populations large enough to re-
main viable), and redundancy (saving enough different
populations that some can be lost without a loss of the
species) are widely invoked guidelines for ensuring conser-
vation of threatened species, even in the face of geographically
widespread threats such as climate change (Shaffer and Stein
2000). By broadening recovery criteria to encompass repre-
sentation, these principles recognize that a single popula-
tion may not represent species recovery, even if it is large
enough to be significantly resilient to extinction. For wide-
ranging species such as the wolf, the importance of connec-
tivity (protecting linkage areas, especially those that enhance
viability by connecting larger with smaller populations) may
justify its addition as a fourth principle for defining recovery
goals (Soulé and Terborgh 1999).

In the 2003 proposed rule, the USFWS conflated the con-
cepts of population viability and recovery. The claim that 
the ESA mandates only maintaining a species’ viability (pre-
venting extinction) rather than effecting recovery was first
made in a 1986 revision to the regulations governing ESA 
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Figure 1. In 1995, M. K. P. (the second author) and others released the first wolves to inhabit Yellow-
stone National Park in 70 years. Endangered species recovery efforts often involve reintroduction of
animals to unoccupied but potentially suitable habitat. However, the extent of historic range to
which reintroduction is needed is a controversial issue for formerly widespread species such as the
wolf whose restoration may conflict with human land uses, such as livestock grazing on public lands.
Photograph: National Park Service/Jim Peaco.



enforcement (50 CFR 402), but has been repeatedly rejected
by the courts (Suckling and Taylor 2005). This distinction is
especially important for species such as the wolf or grizzly bear
(Ursus arctos) that currently occupy a small portion of their
historic range, because ESA mechanisms for maintaining vi-
ability restrict only “take” of individuals or occupied habitat,
whereas ESA mechanisms for effecting recovery may restrict
the destruction of unoccupied but suitable habitat and call for
proactive measures to promote population reestablishment
(Suckling and Taylor 2005). Although the bulk of the ESA’s
language addresses recovering individual species, Congress also
included language that mandates the conservation of ecosys-
tems on which listed species depend. Because of this, some re-
searchers have proposed an additional guideline for recovery
planning, the principle of ecological effectiveness (Soulé et al.
2005). An ecologically effective population contains enough
individuals with a wide enough geographic distribution to
reestablish the species’ role in ecosystems. The argument for
reestablishing ecologically effective populations is most per-
suasive in the case of the wolf and other “keystone”species that
strongly influence ecosystem function through interspecific
interactions such as predation (figure 3). For example, the re-
turn of wolves to Yellowstone has triggered a cascade of top-
down effects on that ecosystem (Smith et al. 2003). Wolf
predation has reduced the ability of elk to concentrate brows-
ing on preferred species such as aspen (Populus tremuloides),
leading to the recovery of riparian vegetation and associated
species (Ripple and Beschta 2004). Because the wolf is a key-
stone species that was historically widespread throughout
the western United States, yet whose recovery may conflict with
current land-use practices such as livestock grazing on pub-
lic lands, it provides an ideal case study of the role of con-
servation science in clarifying species recovery goals. We first
present an example of a rangewide analysis for the wolf in the
western contiguous United States, and then describe the use
of an SEPM to help define recovery goals and strategies at a
finer scale for the southwestern DPS (SWDPS) for the gray
wolf (figure 2).

Rangewide analysis for the 
western United States
We analyzed potential wolf habitat and population viability
across the western contiguous United States, from the west-
ern edge of the Great Plains to the Pacific Ocean, an area of
about 2,800,000 square kilometers (km2) (figure 2). The
structure of the SEPM (PATCH, or program to assist in track-
ing critical habitat) and input habitat models used in this study
are described in detail elsewhere (Schumaker 1998, Carroll et
al. 2001a, 2001b, 2003a, 2003b) and summarized here (box 1).
We calibrated habitat rankings to specific demographic val-
ues based on field studies from areas that showed similar
habitat quality to the habitat classes in the SEPM input lay-
ers (Ballard et al. 1987, Fuller 1989, Hayes and Harestad 2000,
Fuller et al. 2003, Smith et al. 2004). Because the analysis
covers a large and ecologically diverse region, the geographic
information system, or GIS, models for fecundity and survival

must use general habitat data that are available in every state.
This is a lesser problem for the survival input layer, because
roads and human population have a similar negative effect on
large carnivore survival in diverse habitats (Thiel 1985, Fuller
et al. 2003). A metric combining road density, local human
population density, and interpolated human population den-
sity (Merrill et al. 1999) predicted survival in the spatially ex-
plicit population modeling (figure 4b).

Estimating wolf fecundity (reproductive rates) across the
western United States is more difficult. Abundance estimates
of ungulate prey are not collected in some areas of the west-
ern United States, and where they do exist, they show strong
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Figure 2. Map of the analysis area and the approximate
location of wolf (Canis lupus) populations in the western
United States, including the existing Yellowstone, central
Idaho, and Blue Range reintroduction sites and the popu-
lation in northwestern Montana established by dispersal
from Canada. Nearly all of the area within the analysis
boundary is within the historic geographic range bound-
ary of the gray wolf, although more arid areas typically
held few wolves. The extent of habitat defined as “suit-
able” in this analysis (meeting the productivity threshold
that allows breeding in the PATCH model) is shown in
gray. The boundaries of the southwestern distinct popula-
tion segment, or DPS (as proposed by the US Fish and
Wildlife Service [68 Federal Register 15804–15875]), are
shown. Locations within the southwestern DPS evaluated
as potential reintroduction sites in this study are shown
in black. Abbreviations: C, Carson; G, Grand Canyon; M,
Mogollon; S, San Juan Mountains.
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Figure 3. Wolves in Yellowstone have reduced the ability of elk to concentrate foraging on aspen, cottonwood, and
other favored species, thus allowing the recovery of key riparian vegetation and its associated biota. Restoring such
top-down ecosystem processes involving wolves and other keystone species may require ecologically effective popula-
tions (i.e., populations that are larger and more widespread than would be necessary to ensure viability of the species
itself). Photograph: Bob Landis.

Conservation planners assess the distribution of wildlife habitat (including potentially suitable but currently unoccupied areas) with the
aid of computer models of varying complexity. Broadly speaking, large carnivores such as the wolf can persist in areas where there is suffi-
cient food and where persecution by humans is low (Fuller et al. 2003). A simple model of recovery potential could therefore highlight
large roadless areas with sufficient productivity or extensive forest habitat. More complex spatially explicit population models (SEPMs)
might also begin with data on road density and productivity, but would then integrate additional information on species characteristics
such as demographic rates and dispersal behavior. For example, social carnivores, such as the wolf, often require larger territories than
solitary species of similar size, and may thus be more vulnerable to landscape fragmentation (Carroll et al. 2003a). Unlike the simpler
model, an SEPM can provide insights on the effects of population size and connectivity on viability and can help identify the locations of
population sources and the degree of threat to those areas from landscape change (figure 4a; Carroll et al. 2003b).

PATCH (program to assist in tracking critical habitat), the SEPM used here, is designed for studying territorial vertebrates. It links the
survival and fecundity of individual animals to geographic information system (GIS) data on mortality risk and habitat productivity at
the scale of an individual or pack territory (Schumaker 1998). Territories are allocated by intersecting the GIS data with an array of
hexagonal cells (figure 4c). The different habitat types in the GIS maps are assigned weights based on the relative levels of fecundity and
survival expected in those habitat classes. Base survival and reproductive rates, derived from published field studies, are then supplied to
the model as a population projection matrix (box 2; Caswell 2001). The model scales these base matrix values using the mean of the habi-
tat weights within each hexagon, with lower means translating into lower survival rates or reproductive output (figure 4c). Each individ-
ual in the population is tracked through a yearly cycle of survival, fecundity, and dispersal events (figure 4a). Environmental stochasticity
is incorporated by drawing each year’s base population matrix from a randomized set of matrices whose elements were drawn from a beta
(survival) or normal (fecundity) distribution (coefficients of variation given in box 2). Adult organisms are classified as either territorial
or floaters. The movement of territorial individuals is governed by a parameter for site fidelity, but floaters must always search for avail-
able breeding sites. As pack size increases, pack members in the model have a greater tendency to disperse and search for new available
breeding sites (Carroll et al. 2003a). Movement decisions use a directed random walk that combines varying proportions of randomness,
correlation, and attraction to higher-quality habitat (Schumaker 1998).

Box 1. Spatially explicit population models. 



inconsistencies across state boundaries. Therefore, as a sur-
rogate for fecundity, we used tasseled-cap greenness (Crist and
Cicone 1984), a metric derived from MODIS (Moderate Res-
olution Imaging Spectroradiometer) satellite imagery from
mid-July 2003 and 2004 (Wharton and Myers 1997).“Pseudo-
habitat” variables such as greenness that are derived directly
from unclassified satellite imagery are correlated to varying
degrees with ecological factors such as net primary produc-
tivity and green phytomass (Cihlar et al. 1991, Merrill et al.
1993, White et al. 1997), and thus with abundance of ungu-
late prey species, although this relationship is weakened by
phenological variation between years and by spatial variation
in the percentages of bare ground and of dry biomass (Mer-
rill et al. 1993). Summer greenness values are strongly cor-
related with ungulate density in the northern Rocky
Mountains and Pacific Northwest (Carroll et al. 2001b, 2003a),
and with carnivore habitat in other regions (Mace et al. 1999,
Carroll et al. 2001a). However, the link between greenness and
prey abundance may be less general across the larger and more
ecologically varied region addressed in this study than is the
well-established link between prey abundance and wolf den-
sity (Fuller et al. 2003). Therefore, to avoid overestimation of
prey abundance in nonforest habitats, we used data on veg-
etation type to rate forest habitat higher than shrubland
habitat with similar greenness values. Nonnatural (agricul-
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Figure 4. Spatially explicit population models (SEPMs) represent population processes by tracking the spatial loca-
tion of individuals and landscape features. (a) A flowchart of the simulation process in PATCH, the SEPM used in
this study. (b) Graphs of the relationship between GIS-based habitat values and demographic values for fecundity
(given as females produced per pack) and survival for wolves. (c) Territories are allocated by overlaying an array of
hexagonal cells on GIS habitat data. For the wolf, data on roads are used in combination with human population
data to calculate the metric of habitat effectiveness used to scale wolf survival rates. Abbreviation: GIS, geographic
information system.

Territory size: 504 square kilometers (km2)
Maximum dispersal distance: 750–1500 km
Survival rates (maximum):

• Young, year 0: 0.46

• Subadult, year 1: 0.86

• Adult, > 2 years: 0.96

• At senescence (year 8): 0.69

Fecundity rates (maximum number of female offspring
per adult female or pack):

• Subadult, year 1: 0

• Adult, year 2: 2.29

• Adult, > 3 years: 3.21

Coefficient of variation in demographic rates:

• Fecundity: 30%

• Pup (year 0) mortality: 40%

• Adult mortality: 30%

Box 2. Parameters used in the PATCH model 
of wolf population dynamics in the western 

United States. 



tural and urban) habitat was given zero habitat value. Because
wolves are coursing predators that avoid steep terrain, the wolf
fecundity model also incorporated the negative effect of slope
on prey vulnerability (Paquet et al. 1996, Carroll et al. 2001b).

The results of the PATCH model are generally more sen-
sitive to the demographic parameters used, and to how these
parameters were assigned to habitat classes, than to variation
in other parameters, such as dispersal distance (Carroll et al.
2003b). The large body of published research on relationships
between wolf demographics and habitat (e.g., as reviewed in
Fuller et al. 2003) strengthens the power of conceptual mod-
els such as those used here. In previous studies, SEPM pre-
dictions of wolf distribution were strongly correlated with wolf
distributions as recorded in regional-scale field surveys (Car-
roll et al. 2003a). This is most likely because large carnivore
distribution is strongly limited by human influences, for
which easily mapped attributes such as road density are good
surrogates (Carroll et al. 2001a). Such “pattern-oriented”cal-
ibration of complex spatial models may in some cases reduce
uncertainty due to poorly known demographic parameters
(Wiegand et al. 2004).

The landscape-change scenarios we used estimated po-
tential change in human-associated impact factors (e.g., roads
and human population) by proportionately increasing road
density and by increasing human population on the basis of
current trends derived from a time series of human census
data. Census data were available for the period 1990–2000
(USCB 1991). We predicted human population growth from
2000 to 2025 based on growth rates from 1990 to 2000, but
adjusted the predicted 2025 population to match state-level
predictions based on more complex socioeconomic models.
Human population in the area of our analysis is predicted to
grow 42%, from 62 million to 88 million, in the period
2000–2025. Because available road data are of varying dates,
it is not possible to assemble a regional chronosequence of road
distribution and determine county-level
rates of increase in roads. Therefore, the
road density parameters incorporate an in-
crease of 1% per year (proportional to
the current road density at the 1-km2

scale) across the study area. We chose to
use a rate (1% per year) that is half of
that seen in the most rapidly growing por-
tions of our study region (e.g., western
Colorado; Theobald et al. 1996). Simi-
larly, we used a simplified habitat restora-
tion scenario that assessed the effects of
removing 1% of the roads on public lands
per year.

We treated human impacts within
strictly protected areas (parks with no
hunting or trapping) as less lethal than in
other areas, because of the lack of inci-
dental mortality from hunters in those
areas. In the landscape-change analysis, we
also treated all protected areas (includ-

ing those with hunting) differently from unprotected habi-
tat in that we assumed no increase in road density over time.
The simulations began with animals inhabiting all suitable
habitat.We define “suitable habitat”as the areas with sufficient
food resources to support reproduction (i.e., fecundity val-
ues above the threshold value for breeding; figure 2). The
threshold determining the extent of suitable habitat was
based on the historic distribution and abundance of wolves
and their prey, which was low in semiarid, nonforested regions
of the Great Basin and Sonoran Desert (Young and Goldman
1944). By the end of the 200-year simulations, animals per-
sisted only in “occupiable” habitat, which we define as the 
areas with greater than 50% potential for long-term occu-
pation despite the presence of human impacts (figure 5).
Thus “current”predictions depict, not the number of animals
now inhabiting an area, but the capacity of current habitat 
conditions to support a resident wolf population over the long
term (200 years).

The five landscape scenarios examined (table 1) were as 
follows:

1. Scenario A: Current conditions (i.e, potential long-term
viability given current habitat conditions).

2. Scenario B: Future conditions (with human population
as of 2025), with increased road development on private
lands only.

3. Scenario C: Future conditions (with human population
as of 2025), with increased road development on both
private and unprotected public lands.

4. Scenario D: Current conditions (with human popula-
tion as of 2000), with decreased road development on
public lands.

5. Scenario E: Future conditions (with human population
as of 2025), with decreased road development on public
lands and increased road development on private lands.
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Figure 5. Conceptual diagram of the relationship between the various geographic
levels of range occupancy as defined by the application of spatially explicit popu-
lation models to evaluate recovery thresholds.



Although any restoration of public lands would take place over
time, we included scenario D to help separate the contrast-
ing effects of this restoration of public lands and the contin-
ued degradation of private lands. Scenario E depicts a
high-contrast landscape with restored core areas of public
lands embedded in a generally unfavorable environment of
heavily roaded private lands.

Analysis at the scale of a 
distinct population segment
We next evaluated restoration strategies at the scale of a DPS.
The SWDPS encompasses the states of Arizona, New Mex-
ico, southern Utah, southern Colorado, and western Texas and
Oklahoma, as well as adjacent areas in northern Mexico that
were part of the historic range of the Mexican wolf (C. lupus
baileyi; figure 2). The Mexican wolf has been the focus of con-
servation concern due to its high level of genetic distinctive-
ness and the fact that it is extinct in the wild, with the
exception of a small population reintroduced to the Blue
Range of Arizona and New Mexico in 1998 (Brown and Par-
sons 2001). We used the SEPM to evaluate the adequacy of a
recovery goal similar to that established for the gray wolf in
the northern Rocky Mountains: the creation of three wolf pop-
ulations of at least 100 individuals each (USFWS 1987). We
compared the wolf distribution achieved by this goal with the
extent of suitable habitat and ecoregions in the DPS. Eco-
regions are commonly used as surrogates for biogeographic
gradients (Groves 2003). These analyses, as in the earlier
rangewide assessment, were based on the long-term poten-
tial of an area to support wolf populations, as predicted by the
PATCH simulations. Because management actions to re-
move wolves often arise from livestock depredation, we added
a scenario that incorporated data on levels of cattle grazing
into the mortality risk metric for wolves.We also modeled spe-
cific reintroduction options to assess transient dynamics
such as the probability of extinction and the probability of an
area being colonized by dispersers from a specific reintro-
duction site (Carroll et al. 2003a). We evaluated the sensitiv-
ity of results to varying assumptions as to maximum dispersal

distance. We performed 1000 simula-
tions of 200 years each for each reintro-
duction scenario.

We identified eight potential reintro-
duction sites, four in the United States
and four in Mexico, based on the results
of initial SEPM simulations. Here we
discuss only the results for the US sites:
Carson (northern New Mexico), the
Grand Canyon (northern Arizona), the
Mogollon Rim (central Arizona), and
the San Juan Mountains (southwestern
Colorado; figure 2). A fifth site in the
Blue Range Wolf Recovery Area (BR-
WRA; Arizona and New Mexico) was
also included to provide comparability
with current recovery program results.

Each of these sites was evaluated in detail by simulating the
effects of releasing wolves at that site alone. Each reintro-
duction site comprised five adjacent potential wolf territories,
totaling 2500 km2. We approximated the standard reintro-
duction protocol (Bangs and Fritts 1996) by introducing five
breeding-age females in the first year and setting survival
for the first 5 years at close to 100% under the assumption that
new animals would be released to replace mortality among
the initial releases.

Results of rangewide analysis 
The habitat quality threshold used in the SEPM simulations
resulted in 44% of the western United States being judged suit-
able for breeding (i.e., having sufficient prey to support ter-
ritorial wolves). The proportion of that “suitable” habitat
likely (> 50% probability) to be occupied by wolves was 49%
under current conditions (scenario A; figure 6a), 32% under
future conditions without new roads on public lands (scenario
B; a decrease of 35%), 23% under future conditions with de-
velopment on public lands (scenario C; figure 6b; a decrease
of 53%), 61% under current conditions with road closure or
removal on some public lands (scenario D; figure 6c; an in-
crease of 25%), and 45% under future conditions with road
removal on public lands (scenario E; a decrease of 8%). The
potential size of the wolf population in the western United
States was predicted to be close to 7000 under current con-
ditions, with a decrease of 29% under scenario B, a decrease
of 44% under scenario C, an increase of 24% under scenario
D, and a decrease of 6% under scenario E.

Under current conditions, the states of Montana, Colorado,
Wyoming, and Idaho have the largest potential wolf popula-
tions, followed by Arizona, Utah, and New Mexico (figure 7).
Rather than artificially dividing habitat by state lines, one can
also identify distinct population centers from the SEPM re-
sults (figure 6a). The largest wolf populations could inhabit
the Greater Yellowstone ecosystem (GYE) and central Idaho
(figure 6), both areas in which wolf reintroduction has already
achieved notable success (Phillips et al. 2004). Population cen-
ters of the second rank (smaller size) are found in north-
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Table 1. Levels of human impacts used to parameterize wolf survival in alternate
scenarios using the PATCH (program to assist in tracking critical habitat) model.

Parameter
Scenario Human population Roads on public land Roads on private land

A Current level (2000) Current level (2000) Current level (2000)

B Predicted level (2025) Current level (2000) Predicted level (2025)

C Predicted level (2025) Predicted level (2025) Predicted level (2025)

D Current level (2000) Potential level given road Current level (2000)
closure/removal on public 
landsa

E Predicted level (2025) Potential level given road Predicted level (2025)
closure/removal on public 
landsa

Note: Wolf survival was parameterized to vary inversely to levels of human population and road
density.

a. Assumes closure or removal on 1% of public lands per year for 25 years.
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Figure 6. Potential distribution and demography of wolves as predicted by the PATCH model in the western United States 
under three landscape scenarios: (a) scenario A, current conditions (i.e., potential long-term viability given current habitat
conditions); (b) scenario C, future conditions, with human population as of 2025, with increased road development on both
private and unprotected public lands; and (c) scenario D, current conditions, with human population as of 2000, with
restoration (reduction in roads) on public lands. Those areas with a predicted probability of occupancy of less than 25% 
are shown as “low occupancy.” Some of these areas are infrequently occupied (i.e., between 25% and 50% of the simulations)
but are shown to illustrate potential landscape linkages.



western Montana and western Colorado, of the third rank in
the Blue Range and Utah’s high plateaus region, and of the
fourth rank in Oregon’s Cascades. The populations most
vulnerable to landscape change (as reflected by percentage de-
cline from scenario A to scenario C) are those in Colorado and
Oregon (figure 6). The New Mexico wolf population also de-
clines dramatically under landscape change (figure 6b) but is
supported by its connections to Colorado and Arizona pop-
ulations. The populations that most benefit from road removal
on public lands (scenarios D and E) are those in (a) western
Oregon and northern California, (b) Colorado and New
Mexico, and (c) western Montana (figures 6c, 7).

Results of analysis at the scale of 
a distinct population segment 
In addition to the current reintroduced population in the Blue
Range, the Grand Canyon reintroduction site showed a high
probability of success (low extinction rates) and rapid geo-
graphic expansion (table 2). Several other reintroduction
sites showed higher, but still relatively low, extinction rates.
If we assumed that two additional reintroduction projects, in
addition to the current Blue Range program, were conducted
in the Grand Canyon and Carson sites, then three populations
of 100 wolves each would occupy 5.24% of the SWDPS’s
suitable habitat, and 7.86% of its occupiable habitat (as de-
fined above and in figure 5). Moreover, 5, or 38.5%, of the
SWDPS’s 13 ecoregions (Bailey 1995) would contain wolves
(as a result of two reintroduction sites lying in more than one
ecoregion). The probability that a reintroduction at a single
site will fail (extinction probability) under scenario A ranges
from near zero (0 of 1000 simulations) for the Blue Range and
Grand Canyon sites to near 10% for the Mogollon Rim and
San Juan Mountains sites (table 2). Under scenario C, the ex-
tinction probability for the Mogollon and San Juan Moun-
tains sites increases to 16%–20%. The probability of extinction
for the Blue Range, Grand Canyon, and Carson sites in-
creases slightly but remains low (< 3%; table 2). Occupancy
of the larger (10,000-km2) restoration zone surrounding
each 2500-km2 reintroduction site gives a sense of the extent
of suitable habitat that might be important in the early stages
of population establishment. The Blue Range restoration
zone has the highest occupancy, at 72.5%, followed closely by
the Carson and Grand Canyon zones (table 2). The Grand
Canyon zone is more resilient to landscape change than the

Blue Range or Carson; thus, it shows the highest wolf popu-
lation density among US restoration zones under scenario C
(table 2). A scenario that incorporated cattle density as an ad-
ditional mortality risk factor resulted in a similar ranking of
restoration zones, except that the San Juan Mountains zone
appeared less vulnerable, and thus only the Mogollon zone
showed high relative extinction risk.
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Figure 7. Potential wolf population size, by state, under
one scenario for current conditions (2000a), two habitat
degradation scenarios (above; 2025b, 2025c), and two
habitat restoration scenarios (below; 2000d, 2025e) of
the PATCH model, as shown in table 1.

Table 2. Comparative summary of results of analysis of potential wolf restoration zones (areas of 10,000 square kilometers
in size surrounding initial reintroduction sites) in the southwestern distinct population segment for the gray wolf.

Population Occupancy (%), Lambda, Extinction risk (%) Vulnerability,
Reintroduction site Scenario A  Scenario C scenario A scenario A Scenario A  Scenario C scenarios A–C/scenario A

Blue Range 92 67 72.5 1.04 0 1.4 27.2
Carson 84 66 68.2 1.04 0.8 2.7 21.4
Grand Canyon 91 79 68.5 1.06 0 0.4 13.2
Mogollon Rim 71 45 60.3 1.00 8.6 15.8 36.6
San Juan Mountains 79 51 63.6 1.04 10.5 19.6 35.4

Note: See the text for a definition of PATCH (program to assist in tracking critical habitat) scenarios A through C.



The regional population size achieved at the end of the
SEPM reintroduction simulations (year 200) gives an indi-
cation of the ability of a particular reintroduction site to en-
hance the broader regional population, an ability that is due
to factors such as ease of dispersal to other suitable habitat.
The Grand Canyon site achieves the highest regional popu-
lation within the US SWDPS. As a result of sink habitat and
other barriers to population spread, the largest regional US
population achieved from a single reintroduction is only
59.9% of the maximum population size achieved in the equi-
librium scenario (scenario A) that began with all habitat oc-
cupied. However, a regional population of 89.3% of the
maximum population size is eventually achieved by using three
reintroduction sites (Blue Range, Grand Canyon, and Carson).
At the end of the 200-year simulations, this reintroduced
population occupied 54.3% to 57.5% (depending on as-
sumptions about dispersal distance) of the US SWDPS’s suit-
able habitat under scenario A, 26.3% to 26.6% under scenario
C, and 100% of the region’s ecoregions under both scenarios.
Population predictions in peripheral areas with fragmented
habitat were most sensitive to alternate assumptions about
maximum dispersal distance (e.g., New Mexico, with 13% 
relative change), with most other areas showing less than
5% relative change. Extinction probability at individual rein-
troduction sites was not sensitive to dispersal parameteriza-
tion, with a doubling of maximum dispersal distance from 750
to 1500 km generally producing changes in extinction risk of
less than 0.5% (absolute percentage), with a maximum of 1.6%
change.

Using model results to inform policy
Advances in conservation science since the passage of the
ESA have provided scientists and managers with a better un-
derstanding of the factors, such as interpopulation connec-
tivity, necessary for successful reintroductions and for the
long-term viability of reintroduced populations (Breiten-
moser et al. 2001). For example, a key element of the North-
west Forest Plan, designed to facilitate recovery of the northern
spotted owl (Strix occidentalis caurina), was the recognition
that the viability of any particular owl subpopulation was de-
pendent on the successful establishment of territories by 
dispersing individuals, and hence on the size and connectiv-
ity of habitat patches across the landscape (Noon and 
McKelvey 1996). Such a regional-scale perspective on processes
such as loss of connectivity has been difficult to achieve with
simpler models of habitat suitability, but is now possible
with SEPMs that combine spatial data such as satellite imagery
with information from the field on how well animals survive
and reproduce in different habitats. Because SEPMs such as
the PATCH model (Schumaker 1998) can incorporate changes
in landscapes over time, they are also more useful than sim-
pler models in forecasting how species’ populations might re-
spond to alternative futures in which current trends either
continue or instead are slowed or reversed through habitat pro-
tection and restoration.

Complex spatial viability models such as SEPMs may be
more biologically realistic than simpler tools, but their real-
ism has a cost: SEPM results may suffer from increased sen-
sitivity to a lack of detailed demographic, habitat, and
movement data (Kareiva et al. 1996). We found that popula-
tion predictions in peripheral areas were most sensitive to al-
ternate assumptions about maximum dispersal distance, and
that extinction probability at individual reintroduction sites
was not sensitive to dispersal parameterization. Nonetheless,
it is important to assess which conservation questions can or
cannot be answered with relative confidence in the face of
model uncertainty. For example, the minimum threshold of
food (prey) availability at which wolves can persist is poorly
known (Fuller at al. 2003). Therefore, especially in semiarid
areas of the West, the exact population estimates from PATCH,
which are strongly affected by where this threshold is set,
should be viewed with caution (Carroll et al. 2005). However,
because we know more about habitat security thresholds for
large carnivores, the proportion of this “suitable”habitat that
the model predicts as occupied is more informative (figure 6).
In general, population viability analysis tools such as SEPMs
are more suitable for comparing alternative management
options and suggesting qualitative insights about popula-
tion structure and threat processes than for providing exact
population estimates (McCarthy et al. 2003). As knowledge
of wolf–habitat relationships is gathered through long-term
field studies in areas such as Yellowstone (Smith et al. 2004),
SEPM results can be updated to predict future population dis-
tribution more accurately.

For species for which demographic data are too sparse to
parameterize SEPMs, simpler, static models of habitat suit-
ability may still be useful for guiding recovery planning. Even
for these species, SEPMs may be valuable as heuristic tools to
generate hypotheses concerning limiting factors and regional
population structure. Emergent characteristics of the re-
gional landscape, such as interpopulation connectivity, are
likely to be significant for wide-ranging species and poorly ad-
dressed by static models. Connectivity in SEPMs depends on
both the strength of the source habitat and the permeability
of the intervening landscape (Carroll forthcoming), and thus
SEPMs more realistically portray factors fragmenting carni-
vore populations in the western United States. Wolves in
threatened habitat patches, unlike those in the boreal “main-
land”of their distribution, cannot expect a large rescue effect
(Brown and Kodric-Brown 1977) from surrounding regions.
Landscape change in the western United States thus can
quickly result in a loss of connectivity. In our SEPM results,
semi-isolated (e.g., Oregon) and fragmented (e.g., Colorado)
wolf populations show greater threats than they would in a
static model of habitat suitability (figure 6). Counterintuitively,
landscape change has a greater negative impact on wolves 
(a 35% to 53% decrease in occupied habitat) than on grizzly
bears (a 24% to 40% decrease) in the SEPM simulations.
Although currently wolves can occupy a broader spectrum 
of the landscape than grizzly bears, more of this matrix is
threatened by landscape change than are the core areas used
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by grizzlies. The loss of such high proportions of potential wolf
habitat as a result of landscape change in the western United
States over the next quarter-century suggests that absent the
protection of important habitat, many western landscapes will
become unsuitable for the species, and possibly for other
large carnivores as well.

The SEPM results can help planners evaluate the extent of
currently “occupiable” and potentially restorable habitat
across a species’ range. They reveal a potential wolf popula-
tion structure that combines two highly resilient core areas
(the GYE and central Idaho) and several smaller cores, with
many peripheral areas that may be dependent on dispersal
from core areas for their initial colonization, their continued
demographic rescue, or both (Brown and Kodric-Brown
1977). An optimal strategy for establishing representative
wolf populations might therefore be based on initial rein-
troductions to a geographically well-distributed set of core ar-
eas (e.g., the current reintroduction areas in the GYE, Idaho,
and the Blue Range [figure 2], plus the Grand Canyon and
western Colorado). This would seek to maximize the area of
peripheral habitat affected by dispersal from the core rein-
troductions. Secondary targets for reintroductions, to achieve
representation and buttress redundancy, would be regions that
lack large core areas, but might be unlikely to be rapidly re-
colonized because of their distance from initial reintroduc-
tion sites (e.g., the Oregon Cascades). The high relative
vulnerability to future threats and high potential benefit
from restoration actions would justify more aggressive habi-
tat protection in Colorado and Oregon, where protected
public lands are fragmented and embedded in a rapidly de-
veloping matrix of private lands.

Because wolf habitat, as depicted in the SEPM results, is not
distributed uniformly across the western United States, it
makes sense to break the region into several subareas, each of
which might support tightly interacting populations and be
linked loosely with the other subareas by infrequent disper-
sal. Such areas include (a) the northern Rockies, (b) Colorado,
(c) the Southwest (Arizona, New Mexico, and portions of
Utah), and (d) the Pacific states (figures 2, 6a). These re-
gions could serve as the basis for DPSs or multistate man-
agement coordination areas. Ecological barriers, such as
expanses of unsuitable habitat, are more appropriate for de-
lineating DPSs than geographic divisions, such as state bound-
aries (National Wildlife Federation v. Norton, 03-CV-340
[2005]). However, management decisions such as delisting
proposals that affect a particular DPS should also take into
account the broader rangewide context for recovery. For ex-
ample, even infrequent dispersal between DPSs may be im-
portant for initial recolonization and subsequent genetic
interchange. The SEPM results suggest that important areas
for maintaining population connectivity, both within and
among DPSs, include (a) linkages between the three north-
ern Rockies populations (central Idaho, the GYE, and north-
western Montana), (b) linkages along an arc of mountainous
habitat extending southward from the GYE to the Blue Range
(Arizona and New Mexico) and southward into Mexico, and

(c) a linkage between Colorado and the Uintas of northern
Utah (figure 6a). Connectivity between central Idaho and the
Oregon Cascades is more tenuous but is strongly enhanced
by road removal on public lands (figure 6c). Our results sug-
gest that the potential still exists to recreate a metapopulation
of wolves stretching from Canada to Mexico. Similar habitat
analyses for adjacent regions of Mexico will allow binational
coordination of recovery efforts (Carroll et al. 2005).
Expanding analyses beyond the United States is difficult 
because of inconsistencies in habitat data. However, planners
should be aware that truncating analysis at the US border may
affect results for areas dependent on dispersal from source
habitat outside the United States. For example, inclusion of
Mexico and western Canada in the wolf analysis increases pre-
dicted occupancy in southern Arizona and northeastern
Washington.

SEPM results such as those reported here are also relevant
to planners at the DPS scale, in that they make it possible to
consider recovery throughout the DPS, rather than con-
strained within artificially defined recovery areas. For exam-
ple, current regulations require that wolves dispersing outside
of the 17,546 km2 BRWRA (figure 2) be recaptured, a policy
that has severely impeded the success of the recovery program
(Oakleaf et al. 2004). The inadequacy of the BRWRA alone
to support a self-sustaining population, and the likelihood of
high dispersal rates, could have been anticipated on the 
basis of SEPM results showing fragmented source habitat
within the BRWRA but sufficient additional habitat north-
west of the area (figure 6a). Our results suggest that at least
two more reintroduction sites will be necessary to achieve re-
covery within the SWDPS, because of the more fragmented
nature of regional wolf habitat there when compared with the
northern Rockies. This fragmentation is due to the natural iso-
lation of forest habitat on mountain ranges in this semiarid
region, as well as other anthropogenic barriers to dispersal.
Although all four candidate reintroduction sites have low
enough extinction risk that they can be included in further
planning for wolf recovery, the vulnerability to landscape
change of the Mogollon Rim and San Juan Mountains sites,
and the relative isolation of the Carson site from the bulk of
wolf habitat in the region, may make it advisable to pair any
of these three sites with a second site to ensure the establish-
ment of a well-distributed, viable population.

Although it achieves viability (resiliency and redundancy)
goals, the potential recovery goal of three populations of 100
wolves each achieves a relatively low level of representation
in the short term. However, the eventual wolf distribution
achieved from a three-site reintroduction approach appears
adequate, at least under the assumption that current habitat
conditions do not deteriorate. The central issue then be-
comes the role of federal versus state management of wildlife
during the recovery process, and the appropriate stage for
transfer of regulatory authority from the federal to the state
level, given the ESA mandate to ensure that a recovered
species occupies a significant portion of range. A state plan
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sufficient to ensure this mandate would most likely be more
precautionary than those approved by the USFWS to date.

In their efforts to restore imperiled species and ecosys-
tems, planners must be both ambitious and realistic. Inade-
quacy and lack of rigor in current ESA recovery plan goals
(Gerber and Hatch 2002) are due in part to a shifting-base-
line effect (Jackson et al. 2001) that limits the “realistic”range
of goals from considering the historic extent of suitable habi-
tat. As Leonard and colleagues (2005) concluded on the ba-
sis of genetic analysis,“restoration goals for grey wolves in the
western contiguous US include far less area and target vastly
lower population sizes than existed historically.” The popu-
lation estimates from the SEPM scenarios reported here are
far more ambitious than current recovery goals but at least
an order of magnitude lower than historic population esti-
mates (Leonard et al. 2005), and should thus fall within the
range of options considered in recovery planning.

To clarify the debate over wolf recovery goals, suitable
habitat might be divided into three categories: (1) areas that
can be occupied by wolves despite current human impacts and
anticipated habitat loss (figure 5, zone 5), (2) areas that are
unlikely to support wolves even with substantial habitat
restoration or policy change (figure 5, zone 2), and (3) in-
termediate areas where long-term wolf recovery might require
proactive conservation measures (e.g., road removal and re-
striction of lethal control in response to livestock depredation)
(figure 5, zones 3 and 4). While recovery goals must incor-
porate the ESA mandate concerning significant portion of
range, beyond this threshold a normative decision must be
made as to what level of biologically suitable habitat should
be made occupiable by mitigating human impacts. Our 
results suggest that more ambitious recovery goals (up to
about two-thirds of suitable habitat occupied) may be feasi-
ble. Closure or removal of roads on public lands greatly en-
hances wolf recovery in regions such as Colorado and Oregon
that have high ecosystem productivity but currently lack
large core areas. Although wolves could inhabit portions of
these states without habitat restoration, their distribution
might be too restricted to fulfill ESA mandates.

Ecological effectiveness is the most ambitious of the five
guiding principles for recovery, as it speaks to abundance as
well as distribution (Soulé et al. 2005). Unlike the concept of
“significant portion of range,” ecological effectiveness is only
implicitly mandated by the ESA’s charge to conserve the
ecosystems on which endangered species depend. Although
the role of wolves as keystone species presents a particularly
strong argument for restoration of ecologically effective pop-
ulations, conservation science has increasingly highlighted the
high proportion of threatened species that may strongly in-
fluence ecosystem function (Soulé et al. 2005), and the high
value to humankind of the services arising from functioning
ecosystems (Daily 1997). The normative debate over recovery
goals for wolves, although tied to the specific legal context of
the ESA, thus illuminates a larger debate over the necessity for
“rewilding,” a reversal of the trend toward increasing human

domination of Earth’s natural ecosystems (Vitousek et al.
1997, Soulé and Noss 1998).
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Wolf Delisting Challenges 
Demonstrate Need for an Improved 
Framework for Conserving 
Intraspecific Variation under the 
Endangered Species Act.

CARLOS CARROLL, DANIEL J. ROHLF, BRIDGETT M. VONHOLDT, ADRIAN TREVES, AND SARAH A. HENDRICKS

Recent advances in genomics have increased our understanding of geographic patterns of intraspecific variation and the importance of this 
variation in enhancing species’ potential to adapt to novel threats. However, as part of an effort to limit the scope of the Endangered Species 
Act (ESA), the US government has proposed the removal of the gray wolf from the list of protected species on the basis of a claim that the 
statute permits a species to be declared recovered given the existence of a single presently secure population. We rebut this interpretation and 
propose a framework for the conservation of adaptive potential that builds on current agency practice in delineating subspecific recovery units 
and reconciles the definition of significance in the statute’s “distinct population segment” and “significant portion of range” clauses. Such a 
coordinated policy would enhance the ESA’s effectiveness in stemming loss of biodiversity in the face of climate change and other factors altering 
Earth’s ecosystems.

Keywords: adaptive potential, Canis lupus, conservation genomics, distinct population segment, recovery planning

Although the US Endangered Species Act (ESA; 16  
 U.S.C. §§ 1531–44) is among the world’s most 

influential biodiversity protection statutes, key aspects 
of how the law should be implemented remain contested. 
A central issue involves the appropriate level of ambition 
for recovery of formerly widely distributed species such 
as the North American gray wolf (Canis lupus; figure 1; 
Enzler and Bruskotter 2009, Carroll et  al. 2010). If the 
ESA aims only to prevent the complete extinction of a 
species, is the existence of a single secure population suf-
ficient to declare a species recovered? Alternately, does a 
species need to achieve recovery in all or a majority of its 
historical range before it can be removed (delisted) from 
the list of protected species? If the purpose of the statute 
lies somewhere between these bounds, how can appro-
priate recovery goals be established? These questions 
resonate beyond the US context because they address 
how best to conserve variation below the level of the 
taxonomic groupings (species and subspecies) typically 
acknowledged in conservation statutes of other nations 

(Laikre et al. 2016, vonHoldt et al. 2018, Hendricks et al. 
2019a).

Although Congress and federal agencies have long 
recognized the importance of conserving intraspecific 
variation, recent agency actions, exemplified by a 2019 
proposal to delist the gray wolf (84 FR 9648), suggest a 
shift away from biologically informed policy (Lambert 
2019). In this Forum, we use the 2019 delisting proposal 
to demonstrate that recent inconsistent implementation 
of the ESA’s mandate for the conservation of intraspecific 
variation undermines the conservation outcomes intended 
by Congress. We propose a more consistent and transparent 
framework that coordinates the two elements of the ESA 
that authorize the conservation of intraspecific variation: the 
distinct population segment (DPS; see supplemental table S1 
for a definition of terms) and significant portion of range 
(SPR) clauses, while building on current agency guidance 
for delineating subspecific recovery units. Rather than 
representing a detailed policy proposal or a comprehensive 
review of case law in the present article, we synthesize 
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information from the fields of conservation genetics, 
wildlife ecology, and endangered species law to advance the 
discussion and resolution of conceptual issues regarding the 
conservation of intraspecific variation under the ESA.

Why is conservation of intraspecific variation 
important?
Why would a statute designed to protect the nation’s biodi-
versity, such as the ESA, mandate the conservation of mul-
tiple populations of widely distributed species rather than a 
museum piece approach (Vucetich and Nelson 2014) based 
on preserving a single narrowly distributed population? The 
ESA’s preamble mentions an array of “esthetic, ecological, 
educational, historical, recreational, and scientific” benefits 
provided by maintaining a species presence throughout 
substantial proportions of its range (Carroll et  al. 2010, 
Nelson et al. 2016). Science also increasingly supports the 
conclusion that preserving multiple populations furthers 
conservation efforts by enhancing adaptive potential, the 
genetic variability that allows species to adapt in the face of 
climate change and other factors altering Earth’s ecosystems 

(Funk et al. 2019). The conservation of multiple genetically 
distinct ecotypes (i.e., populations adapted to a particular 
habitat) in a metapopulation structure across a species’s 
range enhances metapopulation connectivity and allows 
gene flow and the exchange of adaptive variants among 
populations, enhancing the adaptive potential of the meta-
population as a whole (Crandall et al. 2000, Hoffmann and 
Sgro 2011, Hamilton and Miller 2015, vonHoldt et al. 2018, 
Hendricks et al. 2019a).

Quantitative models have been developed to predict 
how gene flow among populations enhances adaptive 
potential and reduces extinction risk in species experiencing 
environmental shifts because of climate change or other 
factors (Funk et al. 2019, Razgour et al. 2019). In addition, the 
conservation of adaptive potential has long been recognized 
as forming part of “an ethical imperative to provide for the 
continuation of evolutionary processes” (Soulé 1985), with 
value extending beyond its immediate role in lowering 
extinction risk over the relatively short time horizons 
typically considered in population viability analyses (Wolf 
et al. 2015).

Figure 1. Map of regional assessment units used in the 2008–2011 national wolf strategy process (Runge 2011). Current 
estimates of population numbers in each assessment unit (USFWS 2019) are given in parentheses and are approximate 
particularly in two units (Western Great Lakes and Northern Rocky Mountains) with recent changes in census methods. 
Wolf packs in Washington and Oregon are divided between the Pacific Northwest and Northern Rocky Mountain 
assessment units, with most falling within the latter unit. Distribution of potential core habitat is as delineated by CBD 
and HSUS (2018) based on published regional habitat models. Many areas of potential core habitat currently lack 
wolves, and many areas of historical range outside of core habitat could be inhabited by wolves given sufficiently low 
anthropogenic mortality.
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Conservation of intraspecific variation via the ESA’s 
distinct population segment clause
Although the ESA predates the modern genetics research 
described above, lawmakers indicated their support for 
conserving intraspecific variation via the act’s DPS and 
SPR clauses. Initially, almost all ESA listings were of entire 
species and subspecies, although the act did include lan-
guage allowing listings of “any other group… in common 
spatial arrangement that interbreed when mature.” In 1978, 
Congress clarified the law to allow listing of “distinct 
population segments” (DPS) of vertebrate species (16 U.S.C. 
§1532(3.16)), although lawmakers directed that DPS desig-
nation be used “sparingly.”

In 1996, the Services (the US Fish and Wildlife Service 
[FWS] and its counterpart, the National Marine Fisheries 

Service [NMFS]) finalized a policy that 
evaluates a population’s “discreteness” 
and “significance” to its taxon in order to 
decide whether the population qualifies 
for protection as a DPS (61 FR 4722; 
figure 2). Similar frameworks based 
on discreteness and significance were 
subsequently adopted outside of the 
United States, such as in Canada’s policy 
for identifying designatable units within 
species and subspecies (COSEWIC 
2018).

The DPS policy’s factors for 
determining what constitutes a 
significant population include evidence 
that the population persists in a unique 
ecological setting, that the loss of the 
population would result in a significant 
gap in the range of the taxon, that the 
population represents the only surviving 
natural occurrence of a taxon that 
may exist as an introduced population 
outside its historical range, and that 
the population’s genetic characteristics 
differ markedly from those of other 
populations (Waples et  al. 2018). 
Discreteness requires either marked 
separation from other populations of 
the same taxon as a consequence of 
physical, physiological, ecological, or 
behavioral factors or delimitation by 
international governmental boundaries 
with important differences in 
management or conservation status (61 
FR 4722). Recognizing that population 
connectivity rates fall along a continuum, 
the DPS policy’s standard for a discrete 
population requires “marked” rather 
than complete separation (61 FR 4722). 
For example, NMFS identifies distinct 
populations for salmonid species even 

though a small proportion of returning fish will reproduce 
within adjacent regions rather than the natal population 
(Waples 2006).

Recolonizing species and hybridizing lineages 
pose challenges for delineating intraspecific 
conservation units
A large proportion of litigation concerning conservation of 
intraspecific variation under the ESA (table 1) relates to gray 
wolf delisting. This is due not only to the fraught politics 
surrounding this species but also to aspects of its distribu-
tion and systematics. Defining intraspecific conservation 
units for species such as the wolf that have been extirpated 
from the majority of their historical range is more complex 
than for species that are declining but remain extant across 

Figure 2. Flow diagram illustrating the proposed framework for designation of 
intraspecific conservation units under the US Endangered Species Act (ESA). 
Gray filled boxes represent decision steps currently taken when the Services 
evaluate whether a population constitutes a distinct population segment 
(DPS), a designation that the ESA limits to vertebrate species. Dashed boxes 
represented decision steps taken under the proposed “significant portion of 
range” (SPR) policy. Definitions of significance under the DPS and proposed 
SPR policy would be substantially similar but may diverge in emphasis as was 
described in the text.
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their historical range. The range of a species is inherently 
difficult to define, being contingent on timeframe as well as 
spatial scale (Gaston and Fuller 2009). For example, when 
the FWS initially proposed to delist the gray wolf in 2013, 
no breeding pairs of wolves existed in California, and there-
fore, under the Services’ definition, the state was not within 

the species’s range (78 FR 35664). However, by the time of 
the 2019 proposal, at least one breeding pair was known 
to inhabit California, and the FWS considered the state as 
within the species’s range (84 FR 9653).

The conservation of such small recolonizing populations 
is important in part because their genetic composition can 

Table 1. A timeline of gray wolf listing and delisting related actions.
Year Action Conservation unit Reference

1967 C. l. lycaon listed. Subspecies 32 FR 4001, 11 March 1967 

1973 C. l. irremotus listed. Subspecies 38 FR 14678, 4 June 1973 

1974 C. l. lycaon listed. Subspecies 39 FR 1171, 4 January 1974 

1976 C. l. baileyi listed as Endangered. Subspecies 41 FR 17736, 28 April 1976

1976 C. l. monstrabilis listed as Endangered. Subspecies 41 FR 24064, 14 June 1976 

1978 C. lupus in lower 48 United States (except 
Minnesota) and Mexico reclassified as Endangered.

Species 43 FR 9607, 9 March 1978

1978 C. lupus in Minnesota reclassified as Threatened. State population 43 FR 9607, 9 March 1978 

2003 C. lupus Eastern, Western, and Southwestern DPS 
designated and reclassified.

DPS 68 FR 15804, 1 April 2003

2005 C. lupus DPS Rule vacated. DPS Defenders of Wildlife v. Norton, 354 F. Supp. 2d 1156  
(D. Or. 2005); National Wildlife Federation v. Norton,  
386 F. Supp. 2d 553 (D. Vt. 2005)

2007 C. lupus WGL DPS designated and delisted. DPS 72 FR 6052, 8 February 2007

2008 C. lupus WGL delisting rule vacated. DPS Humane Society of the United States v. Kempthorne,  
579 F. Supp. 2d 7 (D.D.C. 2008)

2008 C. lupus NRM DPS designated and delisted. DPS 73 FR 10514, 27 February 2008 

2008 C. lupus NRM Rule vacated. DPS Defenders of Wildlife v. Hall, 565 F. Supp. 2d 1160  
(D. Mont. 2008)

2008 Protections for C. lupus WGL and NRM DPS 
reinstated.

DPS 73 FR 75356, 11 December 2008

2009 C. lupus WGL DPS designated and delisted. DPS 74 FR 15070, 2 April 2009

2009 C. lupus WGL DPS delisting rule vacated. DPS Humane Society of the United States v. Salazar,  
1:09–CV–1092–PLF (D.D.C. 2009)

2009 C. lupus NRM DPS (except Wyoming) designated and 
delisted.

DPS 74 FR 15123, 2 April 2009.

2009 Protections for C. lupus WGL DPS reinstated. DPS 74 FR 47483, 16 September 2009

2010 C. lupus NRM DPS delisting rule vacated. DPS Defenders of Wildlife v. Salazar, 729 F. Supp. 2d 1207  
(D. Mont. 2010)

2010 Protections for C. lupus NRM DPS reinstated. DPS 75 FR 65574, 26 October 2010

2011 C. lupus NRM DPS delisted by Congress. DPS Public Law 112–10 and 76 FR 25590, May 5, 2011

2011 C. lupus WGL DPS designated and delisted. DPS 76 FR 81666, 28 December 2011 

2012 C. lupus in Wyoming delisted. State population 77 FR 55530, 10 September 2012

2014 C. lupus WGL DPS delisting rule vacated. DPS Humane Society of the US v. Jewell, 76 F. Supp. 3d 69, 
110 (D.D.C. 2014)

2014–
2017

C. lupus Wyoming delisting rule vacated but 
reinstated on appeal.

State population Defenders of Wildlife v. Jewell, 68 F. Supp. 3d 193  
(D.D.C. 2014), Defenders of Wildlife v. Zinke, 849 F.3d 
1077 (D.C. Cir. 2017)

2013 Delisting of C. lupus in lower 48 United States 
(except NRM and WGL DPS) and Mexico proposed.

Species 78 FR 35664, 13 June 2013 

2015 C. l. baileyi listed as endangered. Subspecies 80 FR 2488 and 80 FR 2512, 16 January 2015

2015 Protections for C. lupus WGL DPS and C. lupus in 
Wyoming reinstated.

State population 80 FR 9218, 20 February 2015

2017 Delisting of C. lupus in Wyoming reinstated. State population 82 FR 20284, 1 May 2017

2019 C. lupus delisting in lower 48 United States (except 
NRM DPS and C. l. baileyi) and Mexico proposed.

Species 84 FR 9648, 15 March 2019

Source: Adapted from 2019 proposed delisting rule (84 FR 9648). Abbreviations: DPS, Distinct Population Segment; NRM, Northern Rocky 
Mountains; WGL, Western Great Lakes.
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diverge rapidly from that of the source population, given 
the small number of founders. This divergence provides a 
rapid mechanism for novel and potentially adaptive genetic 
variants to originate and be acted on by natural selection. 
An example in North American wolves is provided by 
the historic spread of the allele controlling black coat 
color, which correlates with enhanced fitness during canine 
disease outbreaks (Schweizer et al. 2018).

In addition, canids such as the gray wolf can hybridize 
and form extensive zones of intergradation, which poses 
challenges for policies that involve assigning subspecies and 
genetic groupings to disjunct geographic areas (Leonard 
et  al. 2005, vonHoldt et  al. 2011). For example, the Great 
Lakes wolf population—on which the 2019 delisting rule 
depends for its claim that the gray wolf is recovered—is 
an admixture with contributions from up to three canid 
species (C. lupus, Canis latrans, and putative Canis lycaon; 
Heppenheimer et al. 2018).

Although the conservation of intergradation zones is 
important for maintaining adaptive potential (Leonard et al. 
2005), populations in these areas may not meet the DPS 
policy’s standard for discreteness (i.e., marked geographic or 
genetic separation). Recent genetic research has concluded 
that evolutionary relationships in canids and some other 
taxa resemble a web of life because of historical and possibly 
ongoing genetic exchange, rather than a tree of life defined 
by reproductive isolation (vonHoldt et  al. 2018), implying 
that the discreteness standards in the DPS policy may not be 
well suited for protecting admixed populations important 
to the overall taxon. Such genomic admixture can be a rich 
source of beneficial alleles, which quickly boost genetic 
variation in recently bottlenecked populations (vonHoldt 
et al. 2018).

Conservation of intraspecific variation via the ESA’s 
significant portion of range clause
Lawmakers also included within the ESA a second clause 
supporting the conservation of intraspecific variation, which 
has proved more challenging for the Services to implement 
than was the DPS clause. The ESA of 1973 differed from two 
previous versions of the law (P.L. 89–669 [1966], P. L. 91–135 
[1969]) in recognizing that endangerment has a geographic 
component and in extending legal protections to species “at 
risk of extinction throughout all or a significant portion of 
its range” (16 U.S.C. §1532(3.6)). The SPR clause suggests 
that Congress intended that managers interpret the concept 
of endangerment more broadly than an entire species facing 
the risk of extinction (Wolf et al. 2015). From this perspec-
tive, recovery requires not only that a species exist but also 
that it be present across all “significant” portions of its range 
(Carroll et al. 2010).

The ambiguity of the ESA’s SPR clause, coupled with 
ongoing controversy concerning the geographic component 
of recovery under the statute, have led to numerous legal 
challenges to delisting proposals (table 1). Two related 
themes have emerged from the series of SPR-related court 

decisions, many of which involved the gray wolf. The first 
revolves around the meaning of the term range in the SPR 
clause. The courts, although deferring to the Services’ desire 
to interpret the term range as indicating current rather than 
historical range, have nonetheless required the agency to 
consider loss of historical range when assessing a species’s 
viability (Enzler and Bruskotter 2009, Humane Society v. 
Zinke, 865 F. 3d 585 [2017]).

Second, in several decisions stretching over two decades 
(from Defenders of Wildlife v. Norton, 258 F. 3d 1136 [2001] 
to Center for Biological Diversity v. Everson, 1:15-cv-00477 
[2020]), the courts have concluded that the Services must 
interpret the term significant in the SPR clause in such a 
way that it is not rendered duplicative; that is, a species 
in peril throughout all of its range must somehow differ 
from a species in danger of extinction throughout just 
a significant portion of its range (Enzler and Bruskotter 
2009). Although the Services have made multiple attempts 
to establish policy defining SPR, several court decisions have 
concluded that the most recent (2014) SPR policy (79 FR 
37577), like previous efforts, runs counter to congressional 
intent (Humane Society of the United States v. Jewell, Case 
No. 13–186 [2014]), and the policy has been vacated 
nationwide (Desert Survivors v. US Dept. of the Interior, 
231 F. Supp. 3d 368 [2017]). The courts concluded that the 
2014 policy did not distinguish between a species at risk in 
a SPR and one at risk throughout its range, because it made 
SPR status contingent on a conclusion that extirpation of a 
regional population would place the entire species at risk of 
endangerment in the relatively short timeframe represented 
by the Services’ definition of the “foreseeable future.”

Recovery units as a tool for conserving intraspecific 
variation
The Services have also developed guidance for delineating 
“recovery units” as an additional tool for conserving intra-
specific variation. A recovery unit is “a special unit of the 
listed entity that is geographically or otherwise identifiable 
and is essential to the recovery of the entire listed entity, 
i.e., recovery units are individually necessary to conserve 
genetic robustness, demographic robustness, important life 
history stages, or some other feature necessary for long-term 
sustainability of the entire listed entity” (NMFS 2018). The 
Services often evaluate whether a regional population merits 
recovery unit status on the basis of whether it contributes to 
a species’s resiliency, redundancy, and representation (Evans 
et al. 2020 [preprint] doi:10.1101/2020.03.15.991174). These 
3R criteria suggest that a species, to be considered recov-
ered, should be present in many large populations arrayed 
across a range of ecological settings (Shaffer and Stein 2000). 
Recovery units are especially appropriate “for species occur-
ring across wide ranges with multiple populations or vary-
ing ecological pressures in different parts of their range,” for 
“ensuring conservation of the breadth of a species’s genetic 
variability… necessary to provide adaptive flexibility,” “rees-
tablishing historical or maintaining current genetic flow,” 
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and “encompassing current and historical population and 
habitat distributions” (NMFS 2018). The clause “necessary 
for long-term sustainability” is not strictly defined in the 
context of recovery unit designation. Nonetheless, unlike the 
invalid definition of SPR used in the Services’ 2014 policy, it 
is clearly distinct from the threshold used to judge whether a 
species is at risk of extinction throughout its range.

Although the existing recovery unit guidance provides a tool 
for conserving intraspecific variation, several shortcomings 
in its current implementation limit its effectiveness. The 
delineation of recovery units is discretionary, representing 
only about 2% of ESA-listed species, and is biased toward 
specific taxonomic groups (Evans et al. 2020 [preprint] 
doi:10.1101/2020.03.15.991174). Although the recovery unit 
guidance for defining intraspecific variants is relevant to 
defining SPR, the Services have not linked recovery units 
to the courts’ requirement that the agencies consider SPR 
in listing and delisting decisions. Although the recovery 
guidance states that “some recovery units may qualify as a 
DPS,” there is no clear decision tree to help planners decide 
which option to select (NMFS 2018). In theory, recovery 
units should inform consultations under the ESA’s section 7 
regarding whether an action by another federal agency places 
a species in jeopardy, but this frequently does not occur 
(Evans et al. 2020 [preprint] doi:10.1101/2020.03.15.991174).

The wolf example detailed below, in which the FWS 
proposed to delist a widely distributed species on the basis of 
the recovery of a single population (a proposal at odds with the 
practice for other species), reinforces the conclusion of Evans 
and colleagues ([preprint] doi:10.1101/2020.03.15.991174) 
as to the “need for standardized practice regarding the use 
of recovery units” (see box 1). We propose that explicitly 
linking the delineation of intraspecific conservation units 
to the ESA’s SPR mandate would increase consistency, 
limit the broad discretion (and consequent opportunity 
for inappropriate political influence) that characterizes the 
Services’ current approach, and provide the foundation of an 
SPR policy that could withstand judicial review.

Toward a consistent and effective framework for 
conserving intraspecific variation under the ESA
The current implementation of the ESA falls short in pro-
tecting intraspecific variation when faced with ecological 
and genetic complexities such as those described above. A 
more integrated approach to evaluating potential DPS and 
SPR can help overcome these challenges and prevent spe-
cies such as the gray wolf from falling through the cracks. 
At first glance, the context of how significant is used in the 
SPR clause differs from how the term is used in the DPS 
policy. In the case of SPR, significance refers to a geographic 
area inhabited by a population (i.e., its range), whereas in 
the case of DPS, it refers to characteristics of the population 
itself. However, insights from landscape genetics, which 
maps population characteristics to environmental features, 
could allow the Services to interpret the term significant in a 

more consistent manner in relation to both the DPS policy 
and the SPR clause.

We propose a framework under which the relevant 
Service would consider both geography and genetics in 
assessing whether a population is in danger of extinction 
or likely to become endangered in the foreseeable future 
in a “significant” portion of its range. Figure 2 shows the 
decision tree that the framework envisions. If the Services 
were assessing a species that appeared to be under threat 
in only a portion of its range, but the species either was 
not a vertebrate or did not show marked isolation (i.e., 
discreteness), they would consider both of the following 
factors in assessing whether that portion of the species’s 
range is significant: a) the geographic extent of the area in 
which the population is imperiled, compared with both 
the species’s current and historical distributions and b) 
the current or potential future genetic distinctiveness and 
adaptive potential of the imperiled population.

This means of incorporating genetics into the assessment 
of SPR is also consistent with the DPS policy’s consideration 
of a population segment’s genetic characteristics compared 
with the species as a whole in assessing whether the 
population is “significant.” Such an approach in the context 
of assessing SPR would resemble current guidance on 
identifying recovery units (NMFS 2018) but would establish 
a consistent science-based policy linked to delisting rather 
than an ad hoc application of recovery guidance. By 
encompassing geography as well as genetics, this analytical 
approach allows the Services to also consider the range of 
“esthetic, ecological, educational, historical, recreational, and 
scientific” benefits cited in the ESA as provided by a species’s 
presence across its range (Carroll et al. 2010). We consider 
in supplement S1 the related question of what regulatory 
actions follow if the Services find a species endangered or 
threatened within only a significant portion of its range.

Even if recolonizing populations of formerly widely 
distributed species have not yet diverged genetically, their 
significance can be evaluated in a forward-looking manner 
as contingent on a degree of differentiation great enough 
for evolutionarily important contrasts to accumulate in 
the future (Waples 2006). Bowen (1998) coined the term 
geminate evolutionary unit to describe a regional population 
that shows morphological, behavioral, or biogeographical 
differentiation but does not yet show genetic divergence at 
neutral loci. Such a population can be considered significant 
on the basis of its ability to contribute to future evolutionary 
potential—for example, because of colonization of a new 
habitat (e.g., as defined by ecoregions or climatic zones) with 
novel selective pressures. For example, the North Cascades 
region of Washington State, which may currently contain 
only transient grizzly bears, has nonetheless been the object 
of substantial recovery planning efforts in part because it 
represents a unique ecological and evolutionary context for 
the species within the contiguous United States (USFWS and 
NPS 2017).
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Box 1. Distinguishing significant units within a species’ distribution.

Federal agencies have employed a variety of approaches to identify intraspecific conservation units on the basis of how they contrib-
ute to a species’s intraspecific variation and adaptive potential (Funk et al. 2019). Recovery units are often delineated on the basis of 
general ecosystem or habitat boundaries that are hypothesized to be relevant to adaptive variation in the species. The recovery plan for 
the northern spotted owl (Strix occidentalis caurina) designated 11 recovery units on the basis of the physiographic provinces found 
within the species’s distribution (figure 3a; USFWS 2011). For species whose distribution has contracted, planners may consider the 
breadth of ecoregions encompassed by their historic distribution. The status assessment for the rusty-patched bumblebee (Bombus 
affinis) evaluated current and historical representation of the species in all ecoregions within its historical range, and projected the 
number of “representation units” (a surrogate for adaptive potential) that the species would inhabit under contrasting management 
scenarios (figure 3b; Szymanski et al. 2016a). Units can alternately be delineated on the basis of genetic data when such information 
is sufficient. In its status assessment of the eastern massasauga rattlesnake (Sistrurus catenatus), the FWS identified three genetically 
distinct regional units needed to maintain the adaptive potential of the species (figure 3c; Szymanski et al. 2016b).

Figure 3. Examples of consideration of the significance of portions of a species’s range in terms of their contributions 
to the species’s adaptive potential: (a) the recovery plan for the Northern Spotted Owl (USFWS 2011) designated 
11 recovery units on the basis of the physiographic provinces found within the species’s distribution; (b) the status 
assessment for the rusty-patched bumblebee (Szymanski et al. 2016a) projected the number of representation units the 
species would inhabit under contrasting management scenarios; (c) the status assessment for the eastern massasauga 
rattlesnake (Szymanski et al. 2016b) identified three genetically distinct regional units needed to maintain the 
adaptive potential of the species; and (d) Schweizer and colleagues (2016) delineated six significant ecotypes for 
wolves inhabiting Canada and Alaska on the basis of associations between genetic clusters and 12 environmental 
variables. Source: (a–c) USFWS, (d) Rena Schweizer.
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The elements we propose the Services consider in 
identifying a “significant” portion of a species’s range are 
also identified in the DPS policy as relevant to assessing a 
discrete population’s significance. Therefore, it is feasible 
to coordinate the definitions of significance in the DPS 
and SPR policies. For example, recognition of evolutionary 
potential and the importance of geography are inherent in 
the DPS policy’s consideration of the significance of unique 
ecological settings and potential gaps in a species’s range 
created by the loss of a population, respectively. However, 
our framework (figure 2) allows for differences in emphasis 
and implementation to remain between the DPS and SPR 
policies’ definitions of significance. In addition, although 
existing guidance regarding recovery units informs our 
proposed SPR definition, the Services could retain the 
flexibility to identify recovery units for the purposes of 
recovery planning and implementation, even if such units 
were not identified as SPR.

Gray wolf listing and delisting demonstrates the 
need for a consistent approach to conserving 
intraspecific variation
The several subspecies of North American gray wolf were 
among the earliest taxa listed as endangered under the ESA. 
The FWS shifted in 1978 to listing the wolf at the species 
level, except the Mexican wolf subspecies (Canis lupus 
baileyi), which remains listed separately (43 FR 9610). As 
wolf population numbers increased under ESA protection, 
the FWS repeatedly sought to remove some or all of the 
US population from the list of endangered and threatened 
species, only to be blocked by the courts in at least nine 
separate decisions since 2005 (table 1). The successive wolf 

delisting proposals have been characterized by scientific as 
well as legal controversy. The FWS withdrew a 2013 delisting 
proposal after a panel of scientific peer reviewers found 
flaws in the agency’s taxonomic analysis (NCEAS 2014). 
A panel of invited scientific peer reviewers (including two 
of the present authors, CC and AT) also found significant 
shortcomings in the 2019 delisting proposal (Atkins 2019).

A notable feature of the successive delisting proposals is 
that they have varied widely in how they defined appropriate 
gray wolf conservation units, ranging from a focus on 
C. lupus as a whole to a focus on one or more DPS or 
populations inhabiting individual states (table 1). The most 
recent (2019) delisting proposal asserted that gray wolves in 
the contiguous United States (except for the separately listed 
C. l. baileyi) no longer merit ESA protection, on the basis of 
the premise that the agency can delist a species when a single 
regional population (in this case wolves inhabiting the Great 
Lakes states; figure 1) has recovered to a status the agency 
deems presently secure (84 FR 9683).

The roughly 4000 wolves estimated to inhabit the Great 
Lakes region constitute approximately two-thirds of the 
total population currently inhabiting the contiguous United 
States (figure 1). But is total population the only relevant 
metric for assessing the conservation status of a species? 
The Great Lakes population occupies only 3 of the at least 
17 states within the species’s historical range that hold 
substantial areas of habitat (figure 1). The approximately 
2000 wolves inhabiting the Northern Rocky Mountain 
(NRM) region form the only other large regional population 
within the contiguous Untied States (figure 1). Because the 
US Congress passed legislation (Pub. L. No. 112-10, § 1713, 
125 Stat. 38) removing ESA protections from the NRM 

Box 1. Continued.

Although many examples of delineating subspecific units are based solely on either genetic analysis or habitat discontinuities, stronger 
inferences can be drawn by using environmental data in combination with genetic information (Funk et al. 2012, Hendricks et al. 
2019a). Landscape genomics techniques, such as selection tests and genotype-by-environment associations, provide powerful meth-
ods for distinguishing significant adaptive variants and ecotypes on the basis of the degree of adaptive differentiation between them 
(Carmichael et al. 2007, vonHoldt et al. 2011, Funk et al. 2012, Schweizer et al. 2016, Hendricks et al. 2019a).
Schweizer and colleagues (2016) were able to accurately infer the genetic cluster to which a gray wolf belonged on the basis of the 
habitat type (as defined by 12 environmental variables) where it was collected, allowing the delineation of six significant ecotypes for 
wolves inhabiting Canada and Alaska (figure 3d). Hendricks and colleagues (2019b) similarly used a maximum entropy approach to 
model distinct coastal and interior environmental niches for wolves in the US Pacific Northwest. The most relevant type of genetic 
information may differ when delineating DPS versus SPR. Intraspecific conservation units such as DPS, whose genetics have been 
shaped by both historical isolation (i.e., discreteness) and adaptive processes, can be delineated using both neutral loci and loci under 
selection (Funk et al. 2012). Other less-isolated but significant subunits of species (SPR) can be delineated primarily using loci that 
exhibit signatures of divergent selection (Funk et al. 2012).
The question remains as to how finely to divide a species’s range—that is, how to discern “significant” intraspecific adaptive variants. 
DPS designation has been criticized as being partially subjective because there is no universally accepted threshold for the level of 
differentiation that confers evolutionary significance (Waples 1995). Although this criticism necessarily extends to identification of 
potential SPR, model selection metrics such as the Deviance Information Criterion (Gao et al. 2011) are frequently used to determine 
the best-supported number of clusters or subunits within a sample on the basis of genetic and environmental data. As Winker (2010) 
states, “the process of diagnosing states that exist along a continuum of differentiation can be difficult and contentious and necessarily 
has some arbitrariness; professional standards can be developed so that such diagnoses are objective.”
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population (the only instance of such legislative delisting 
since the ESA’s passage), that population is counterintuitively 
not part of the listed entity considered in the 2019 proposal.

By arguing in the 2019 proposal that “wolves that occur 
outside the Great Lakes area… are not necessary for the 
recovered status of the gray wolf entity” (84 FR 9683), 
the FWS took a dramatic step away from its policy at the 
time it consolidated wolf subspecies into a single listing in 
1978, when the agency offered “the firmest assurance that 
it will continue to recognize valid biological subspecies 
for purposes of its research and conservation programs” 
(43 FR 9610). The FWS’s evolving position on wolf delisting 
exemplifies how the agency has moved away from Congress’s 
vision of an ESA that protects intraspecific variation toward 
a more politically expedient approach predicated on a 
misrepresentation of the extent of intraspecific variation 
found in most geographically widespread species. For 
example, the FWS justified the central premise of the 2019 
wolf delisting proposal—that wolf populations outside the 
Great Lakes region do not contribute to recovery—to a 
large degree on an assertion that the North American wolf 
population is genetically unstructured because the wolf ’s 
ability to disperse long distances would prevent genetic 
variation among subpopulations (84 FR 9685).

The development of high-throughput genotyping methods 
over the last decade has enabled an increasingly detailed 
analysis of historical and current population structure 
of North American wolves (Hendricks et  al. 2019a). 
Wolf populations are now known to be characterized by 
complex genetic clines at several spatial scales, driven by 
historical biogeographic factors, isolation by distance, and 
association with particular ecosystems (Geffen et  al. 2004, 
Carmichael et  al. 2007, vonHoldt et  al. 2011, Schweizer 
et al. 2016). Environmental factors related to climate zones 
significantly contribute toward genetic isolation by distance 
in North American gray wolves, likely through habitat 
matching decisions made by dispersers (Geffen et al. 2004). 
Environment factors, along with intraspecific competition 
for prime territories, resources, and access to reproduction, 
result in a nested structuring of genetic variation at both 
the continental and regional scales (Carmichael et al. 2007, 
vonHoldt et al. 2011, Schweizer et al. 2016).

Distinct population segment policy as applied to the 
wolf
The highly structured North American wolf population 
revealed by genetic analyses has implications for determin-
ing whether conservation units below the species level are 
appropriate under the ESA (vonHoldt et al. 2011, Hendricks 
et  al. 2019a). Wolf habitat in the contiguous United States 
is discontinuous enough to allow identification of DPS 
for some regional populations, despite occasional disper-
sal between regions (Carroll et  al. 2006, CBD and HSUS 
2018). For example, the FWS itself concluded in 2007 
that despite “occasional individual wolves or packs [that] 
disperse among populations,” Northern Rocky Mountain 

wolves were markedly separated from other regional wolf 
populations (73 FR 10519).

In 2008, the FWS embarked on an effort to develop a 
comprehensive national strategy for gray wolf conservation 
by identifying appropriate wolf listing units within the 
broader continental distribution of the species (76 FR 
26086). This national strategy was necessary because earlier 
proposals to remove protections for individual regional 
wolf populations by piecemeal designation and delisting of 
a single DPS within the larger range had been rejected by 
the courts (table 1; Alexander 2010). Five assessment units, 
including several potential DPS, were identified throughout 
the contiguous United States (figure 1). Although this 
closed-door process involving federal and state agencies 
lacked the inclusivity and scientific guidelines typical of 
recovery teams (PEER 2013), it nonetheless attempted (but 
never finalized) a comprehensive analysis of what recovery 
efforts might be appropriate in the different regions that 
include habitat for the species (Runge 2011).

In contrast, the 2019 proposed delisting rule did not 
attempt a comprehensive analysis of potential DPS status for 
regional populations but instead asserted that no regional 
wolf populations meet the DPS policy’s standard for 
discreteness because the entire range of the gray wolf in the 
contiguous United States constitutes a single metapopulation 
(a term used in the rule in the broad sense of subpopulations 
linked by immigration and emigration). However, the 
Great Lakes and Pacific wolf populations, situated at the 
periphery of currently occupied wolf range, are separated 
by 1800 kilometers (km), much of which is transformed 
by agriculture. Although wolves inhabiting the Northern 
Rocky Mountains could provide an intermediate stepping 
stone population, any genetic interchange between these 
distant groups would necessarily be indirect and attenuated, 
allowing substantial genetic divergence (Schweizer et  al. 
2016).

The FWS has identified DPS for other large mammalian 
carnivores such as the grizzly bear (Ursus arctos horribilis) 
and does not claim that grizzly bear recovery in one 
region renders recovery efforts elsewhere unnecessary. 
Connectivity between regional grizzly bear populations, far 
from precluding DPS designation, has been judged by the 
FWS to be essential to long-term genetic health and recovery 
of those populations (82 FR 30502). The degree of genetic 
differentiation between regional wolf populations (e.g., 
between the NRM and Great Lakes populations) resembles 
that between grizzly bears inhabiting separate DPS in the 
Northern Rocky Mountains (vonHoldt et  al. 2011, Cronin 
and MacNeil 2012).

Because average natal dispersal of male and female wolves 
(114 and 78 km; Boyd and Pletscher 1999) is several times 
that of male and female grizzly bears (42 and 14 km; Proctor 
et al. 2004), several grizzly bear DPS might occur within a 
single wolf DPS, as has been the case in the Northern Rocky 
Mountains. However, the entire gray wolf distribution in 
the contiguous United States cannot be considered a single 
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genetically undifferentiated population, as was proposed in 
the 2019 delisting rule. The divergence in application of the 
DPS policy to grizzly bears and gray wolves demonstrates 
the need for a more consistent application of the DPS policy. 
Our proposed framework coordinating the DPS and SPR 
policies would not require modification of the existing 
DPS policy’s criteria but, rather, their consistent application 
even to controversial species such as the wolf, enabled by 
strengthened support for scientific integrity from agency 
leadership (Carroll et al. 2017).

Significant portion of range as applied to the wolf
While acknowledging the absence to date of a legally suf-
ficient definition of SPR, the FWS in the 2019 proposed wolf 
rule attempted to satisfy future judicial review by evaluating 
whether regional populations outside the Great Lakes are 
“significant.” To support its claim that recovery of the Great 
Lakes population allows the agency to delist wolves through-
out the contiguous United States, the FWS concluded that 
any currently listed wolf population found outside the Great 
Lakes region is not significant “because it is not biologically 
important” because of the small size of peripheral popula-
tions and the purported lack of genetic differentiation within 
the North American wolf population (84 FR 9648). This 
conclusion requires both a particularly narrow reading of 
the 3R criteria and a misrepresentation of research regarding 
wolf genetic population structure.

Under our proposed framework (figure 2), DPS could be 
identified for regional wolf populations that showed marked 
separation from other populations, whereas wolf populations 
inhabiting intergradation zones might instead qualify for 
delineation as SPR. The coastal Pacific Northwest (western 
Washington and Oregon and northern California; figure 1), 
one of the five regions assessed in the 2008 process, provides 
an example of a regional wolf population that meets the DPS 
discreteness criterion (figure 2). Marked separation can be 
established for this regional population as a consequence 
of several factors: physical (separation from larger inland 
populations by areas of nonhabitat), ecological (occupation 
of coastal rainforest ecosystems), genetic (unique genetic 
contributions from wolves from coastal British Columbia; 
Hendricks et al. 2019b), and an international governmental 
boundary separating US populations from coastal wolves 
in Canada that have different management status. Once 
discreteness has been established, wolves in the Pacific 
Northwest could merit significance because of their 
persistence in a unique ecological setting, which is used as a 
proxy for adaptive genetic differences, as well as the fact that 
loss of the population would result in a significant gap in the 
range of the taxon (Carroll et al. 2001, Waples et al. 2018).

The Colorado and Utah assessment unit considered in 
the 2008 process (figure 1), which historically formed a zone 
of intergradation between northern and southwestern wolf 
subspecies (Leonard et al. 2005), provides an example of an 
area that should be evaluated as a SPR, even if it is found 
to not show marked separation from adjacent populations 

(figure 2). This region, although currently supporting only 
a handful of wolves, represents a valid SPR because it 
holds abundant suitable habitat in a unique ecological 
setting (based on ecoregions or climate zones) subject to 
novel selective pressures (Carroll et  al. 2006). Although 
we recognize that policy alone cannot ensure against 
inappropriate political influence in agency rulemaking, a 
coherent approach to DPS and SPR evaluation would be 
more likely to withstand litigation than the current ad hoc 
approach to wolf delisting, and more likely to result in the 
robust conservation outcomes envisioned by the lawmakers 
who drafted the ESA.

Conclusions
In 2019, the US federal administration enacted sweeping 
changes to regulations interpreting the ESA that limit the 
statute’s reach (83 FR 35174, Lambert 2019). The 2019 wolf 
delisting proposal forms part of this effort to advance a 
minimalist interpretation of the ESA’s mandate, in that its 
central premise goes beyond what is necessary to support 
wolf delisting and seeks to establish a precedent that the 
ESA allows for a narrow view of what constitutes recovery of 
widely distributed species. By extending the assumptions of 
previous agency policy regarding the significant portion 
of range clause to their extreme, the proposed wolf delist-
ing rule highlights the degree to which the conservation 
of intraspecific variation is central to ESA implementation 
and underlines the need to develop more effective policy 
concerning this issue. If applied generally to other species, 
the 2019 rule’s approach to ESA implementation would 
represent a significant scaling back of recovery efforts for 
widely distributed species that would increase both short-
term vulnerability and long-term loss of adaptive potential.

The recovery of formerly widely distributed species such as 
the wolf poses practical challenges for delisting and recovery 
planning (Treves and Bruskotter 2011). In some instances, 
an approach that requires continued federal management of 
the species throughout its range until the weakest regional 
population is secure may consume scarce conservation 
resources. An efficient strategy for recovery of such species 
could allow reduction of regulatory protections in regions 
that already hold abundant populations while maintaining 
protections in other regions that hold small recolonizing 
populations. The strategies we propose, based respectively 
on DPS and SPR designation, represent complementary 
approaches to achieving this flexibility that build on the 
Services’ existing standards for evaluating the significance 
of regional populations under the DPS policy and recovery 
unit guidance. Our proposed approach has relevance beyond 
the United States in the context of international regulations 
such as the European Union’s Habitats Directive, which 
requires member states to achieve “favorable conservation 
status” for protected species without clarifying at what scale 
this status is to be achieved (Laikre et al. 2016).

When initially defining their resiliency, redundancy and 
representation criteria, Shaffer and Stein (2000) noted that 
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successful conservation “will require identifying conservation 
targets not simply as species and communities but as the 
complexes of populations, communities, and environmental 
settings that are the true weave of biodiversity.” As advances 
in genomics increase our understanding of patterns of 
intraspecific variation, the conservation of adaptive potential 
merits increased emphasis as a key element in achieving the 
ESA’s goal of “saving all the pieces” (Leopold 1968).
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Abstract

Following the growth and geographic expansion of wolf (Canis lupus) populations reintroduced to Yellowstone National
Park and central Idaho in 1995–1996, Rocky Mountain wolves were removed from the endangered species list in May 2009.
Idaho and Montana immediately established hunting seasons with quotas equaling 20% of the regional wolf population.
Combining hunting with predator control, 37.1% of Montana and Idaho wolves were killed in the year of delisting. Hunting
and predator control are well-established methods to broaden societal acceptance of large carnivores, but it is
unprecedented for a species to move so rapidly from protection under the Endangered Species Act to heavy direct harvest,
and it is important to use all available data to assess the likely consequences of these changes in policy. For wolves, it is
widely argued that human offtake has little effect on total mortality rates, so that a harvest of 28–50% per year can be
sustained. Using previously published data from 21 North American wolf populations, we related total annual mortality and
population growth to annual human offtake. Contrary to current conventional wisdom, there was a strong association
between human offtake and total mortality rates across North American wolf populations. Human offtake was associated
with a strongly additive or super-additive increase in total mortality. Population growth declined as human offtake
increased, even at low rates of offtake. Finally, wolf populations declined with harvests substantially lower than the
thresholds identified in current state and federal policies. These results should help to inform management of Rocky
Mountain wolves.
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Introduction

Status of US Wolf Populations
Following their extirpation by direct harvesting across most of

the United States, gray wolves (Canis lupus) were among the 14

mammals originally listed by the U.S. Fish and Wildlife Service

under the Endangered Species Preservation Act of 1966. This

legal protection was renewed under the Endangered Species Act of

1973, and wolves are now considered endangered in 16 states.

Following steady growth of the wolf population of the Western

Great Lakes region, this population segment was down-listed to

threatened status in 1978. A proposal for delisting in Minnesota

and Michigan was initiated in 2000 and remains under legal

appeal. Following reintroduction into Yellowstone National Park

and central Idaho in 1995–1996, wolves in the Northern Rocky

Mountains Recovery Area grew to a minimum of 1,645 wolves at

the end of 2008 [1]. This population segment (including all or

parts of Idaho, Montana, Oregon, Utah, Washington, Wyoming)

was delisted in 2009 [2], a decision that also remains under appeal.

Legal authority for wolf management passed from the US Fish and

Wildlife Service to state agencies in this region, and public hunting

seasons were initiated in Idaho and Montana, with quotas of 255

(220+35 within the Nez Perce Tribal Treaty Area) and 75 wolves,

respectively [3–6]. These quotas represent an annual harvest of

20% of the regional population. Quotas were filled in 7 of 12

Idaho regions with a total harvest of 188 wolves. Montana’s wolf

season closed after 23 days with the quota 96% filled. Together

with wolves killed in predator control operations (145 in Montana

and 93 in Idaho), humans killed 44% of Montana’s wolves and

37.1% of the two-state population in 2009. In March 2010,

Montana liberalized its policy for control of wolves that prey on

livestock, no longer requiring confirmation by state wildlife

officials before wolves near livestock carcasses are trapped or

shot. In July 2010, Montana increased the public hunting quota by

a factor of 2.5, from 75 to 186 wolves. Idaho is now considering

similar changes to wolf management policy.

Predator control and sport hunting are well-established tools to

manage large carnivores and broaden societal acceptance of

wolves, but to our knowledge it is unprecedented for a species to

move this rapidly from highly protected to heavily-hunted, and it

remains important to quantitatively assess the probable conse-

quences of these policies as carefully as possible (regardless of the

intended outcome). In general, stakeholders calling for reductions

in wolf numbers are concerned about three issues: livestock losses,

effects on ungulates (particularly elk) and human safety. In 2008

and 2009, Northern Rocky Mountain wolves were responsible for

an average of 203 confirmed kills of cattle (from a population of

approximately 5.9 million cattle) and 538 confirmed kills of sheep,
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or 0.8 cows/wolf pack/year and 2.2 sheep/wolf pack/year [1]. Elk

numbers in some areas have declined in parallel with wolf

recolonization, particularly in locations with locally high wolf

density such as portions of the Greater Yellowstone Ecosystem

[7,8], though elk numbers have remained stable or increased in

many other areas during the period of wolf recovery [9]. For

example, 60% of Montana elk management units were above

target population density in 2002, despite liberalized hunting

regulations [9]. Wolves have not killed or physically injured people

in the Northern Rocky Mountains (NRM) since reintroduction.

Current state policies for NRM wolf management focus mainly on

providing hunting opportunity, reducing population sizes, and

maintaining populations large enough to avoid reclassification as

endangered [3–6]. Analysis of the relationship between harvest,

survival rates and population growth is useful if these objectives (or

broader objectives related to predator conservation and ecosystem

function) are to be met.

Here, we use previously published data [1,10] from 21 North

American wolf populations (including the recently delisted wolves

of the Northern Rocky Mountains) to evaluate relationships

between human offtake, mortality and population growth of

wolves, and consider the implications for policy.

Human Offtake and Total Mortality in Wolves
Mortality due to hunting can increase a population’s total death

rate (additive mortality) or be compensated by density-dependent

reductions in non-harvest mortality factors, thus having little effect

on overall mortality (compensatory mortality). Williams et al. [11]

and Lebreton [12] provide excellent reviews of compensatory and

additive mortality. Formally, harvest mortality is fully additive

when the regression of total mortality on harvest rate [with

slope = b̂b and intercept = m̂m(0)] yields
b̂b

1{m̂m(0)
= 1. When

b̂b

1{m̂m(0)
= 0, a harvest is fully compensatory [up to a threshold

harvest = m̂m(0), the rate of mortality with no harvest]. A harvest is

partially additive when 0,
b̂b

1{m̂m(0)
,1, and super-additive when

b̂b

1{m̂m(0)
.1. A super-additive harvest increases total mortality

beyond the effect of direct killing itself, through social disruption or

the loss of dependent offspring.

It is widely argued that human-caused wolf mortality is mainly

compensatory, with little effect on wolf dynamics until a large

proportion of the population is harvested. Haight et al. [13]

summarized that ‘‘natural mortality decreases when a wolf

population is harvested’’ and ‘‘sustainable harvest rates of 30%–

50% have been estimated for free ranging populations’’ (p. 850).

Mech [14] stated that ‘‘most human-caused mortality is compen-

satory’’ (p.74). In the most comprehensive prior analysis of this

question, Fuller et al. [10] concurred that ‘‘the principle of

compensation operates in wolf populations’’ (p. 185). Using data

from 18 wolf populations, Fuller et al. regressed total mortality on

human-caused mortality, and concluded that human-caused

mortality was largely compensatory. However, the slope

(b̂b = 0.73) and intercept (m̂m(0) = 0.20) they reported yield
b̂b

1{m̂m(0)
= 0.91, indicating that human harvest was almost fully

additive. Thus, there is reason to reconsider the inference that

human-caused wolf mortality is primarily compensatory.

Methods

We tested relationships between the rates of population growth,

total mortality and human-caused mortality. To assemble data we

began with the 18 populations examined by Fuller et al. [10] in

their comprehensive 2003 review. For consistency in the data

examined across studies, we used the values that Fuller et al.

tabulated (see their Table 6.8) from prior single-population studies,

and we retained their decision to divide the data from one

population (Isle Royale) into two subsets, based on changes in

long-term population trajectory. We tabulated data from United

States Fish and Wildlife Service annual reports [1] for wolves in

the three segments of the Northern Rocky Mountains (NRM)

Recovery Area (Greater Yellowstone, N = 11 years, 1998–2008;

Central Idaho, N = 8 years, 2001–2008, Northwest Montana,

N = 10 years, 1999–2008). Changes across years in the method of

tabulating data in USFWS annual reports yielded different sample

sizes for the three segments of the NRM metapopulation. Finally,

we used Google Scholar and Scopus to search on the keywords

‘wolf’ and ‘Canis lupus’, and for the names of all of the authors of

studies tabulated by Fuller et al [10] (their Table 6.8). This search

yielded no additional studies with the requisite data. Collectively,

these procedures yielded 48 estimates of population growth,

harvest rate and total mortality rate from 21 populations (19

estimates as in Fuller et al.’s [10] Table 6.8, and 29 estimates for

NRM wolves from USFWS annual reports through 2009 [1]).

Our analyses test two basic hypotheses. First, was total mortality

affected by human offtake, and if so, what was the form of the

relationship? Second, was the population growth rate (l) affected

by human offtake, and if so, what was the form of the relationship?

To test the relationship of harvest to population growth, we

evaluated a set of a priori models using Akaike’s Information

Criterion corrected for sample size (AICc). To test the relationship

of harvest to mortality (which was approximately binomially

distributed), we used quasi-AICc (QAICc) values, with variances

adjusted for over-dispersion using the estimated value of c-hat

from a quasi-binomial model with a linear link function, and

taking the number of population means (N = 48) as the sample size

to avoid pseudo-replication. Annual reports from the USFWS [1]

allowed us to tabulate data from NRM populations as annual

means. Data from other populations were multi-year means

(following Fuller et al. [10]). We weighted each estimate by sample

size to account for variation in the amount of information and the

precision of each estimate, and we show the standard error

(whiskers) of each population estimate (point) in Figures 1 & 2.

Below, we discuss the possible effects of sampling error on the

inferences from these models.

Tables 1–3 identify and describe the set of a priori models for

each analysis. Briefly, each analysis included a set of plausible

generalized linear and nonlinear (e.g., breakpoint and general

additive models) relationships and tested for regional differences in

slopes and intercepts. In each model set, the linear models

formalized the hypothesis that human offtake causes additive

changes in the rate of survival or population growth, and the

breakpoint and general additive models formalized the hypothesis

that the effects of offtake are partially or completely compensated.

Both model sets included an intercept-only model, to evaluate the

explanatory power of the best-supported models in comparison to

a null hypothesis of no relationship between harvest and the

dependent variable.

From the perspective of collating data for meta-analysis, we did

not suspect that reporting bias against ‘negative’ results would be

an important issue for the publication of data on rates of harvest,

total mortality or population growth, because most of the original

studies were descriptive in nature, and for the Northern Rockies,

raw data were reported in a standardized fashion in annual

reports. For most of the original studies, it is likely that some

wolves were killed illegally and not reported. Because illegal killing
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cannot be quantified, our analyses are based on reported offtake

(which is a rational basis for management decisions about wolf

harvest quotas). For data from NRM populations [1], we included

‘missing’ radiocollared animals (but not known dispersers) in the

number of total deaths. With this method, any undetected illegal

killing of a radiocollared wolf would contribute to the estimated

total mortality rate but not to the estimated human killing rate.

However, the number of missing wolves was a small proportion

(typically 5–10%) of known mortality, and large carnivores go

missing for reasons other than illegal killing (e.g., failure of VHF

transmitters, long distance dispersal, natural mortality with

transmitter damage). For non-NRM populations, methods of

monitoring varied, so the extent and direction of biases due to

unreported illegal killing is unknown. Issues related to unreported

harvesting and the dynamics of wolves merit further study.

Results and Discussion

Human Offtake and the Annual Mortality Rate
There is a strong association between human offtake and total

mortality rate across North American wolf populations. The best-

supported model of the relationship between total mortality and

human caused mortality was linear, with slopes that differed for

wolves in the NRM and elsewhere (Table 1). Human-caused

mortality has been lower for NRM wolves than in most other

populations (Fig. 1) but has exceeded 20% killed in some years

through predator control, while under Endangered Species Act

regulations. From the best model (Fig. 1),
b̂b

1{m̂m(0)
was 1.34 for

NRM wolves (96% CI: 1.11 to 1.56, after inflating variances to

account for estimated overdispersion) and 1.06 (95% CI: 0.92 to

1.20, again adjusted for overdispersion) for other populations

(Table 2). These results suggest that mortality due to humans was

not compensatory but highly additive or even super-additive.

Super-additivity might be expected from the consequences of

breeder mortality in wolves [15]. In a study of 10 populations, pup

survival declined with decreasing pack size, 38% of packs

disbanded following loss of a breeder, and only 47% of packs

that lost a breeder reproduced in the subsequent year (9%

reproduced after loss of both breeders) [15]. These consequences

of social disruption are sufficiently large to compound the direct

effect of mortality due to hunting, particularly when packs are

small, so that a high proportion of adults are breeders. In 2008,

120 (69%) of 173 packs in the NRM held 4 or fewer adults [1], so

that randomly killed adults would have $50% probability of being

breeders. If these mechanisms do underlie super-additivity, the full

effects of harvesting might not be manifest until the following year

(or longer).

Models of compensatory mortality predict that the total

mortality rate is initially constant as harvest increases, and then

begins to rise above a threshold harvest rate equal to m̂m(0).
Contrary to this prediction, models with a change in slope

(breakpoint and general additive models) did not fit the data well

as linear models (Table 1). A general additive model fit only

slightly worse than the linear model (Table 1), but its curvature

was slight, and in the direction opposite that predicted by a model

of compensatory mortality. These results provide further evidence

that human-caused mortality was additive rather than compensa-

tory. Finally, harvest can only be compensatory (in the sense of

‘competing risks’) when the rate of offtake is less than or equal to

the rate of mortality in the absence of harvest, m̂m(0), but mortality

rates in the absence of harvest are low for wolves (as for most long-

lived large mammals). Using estimates from the best model

(Table 2), m̂m(0) was 0.0460.015 (SE) for the NRM and

Figure 1. The relationship between total annual mortality and
human offtake for wolves in the Northern Rocky Mountains
Recovery Area (black) and other populations (red). Points are
annual means for the Northern Rocky Mountains data, and multi-year
means for other populations. The bars on each point show one
standard error. The relationships shown are from the best-supported
model in Table 1, a linear relationship with separate slopes and
intercepts for the two subsets of data. Dashed lines show 95%
confidence bands, accounting for overdispersion by multiplying the
variance by the inflation factor (c-hat) from the best-supported model.
doi:10.1371/journal.pone.0012918.g001

Figure 2. The relationship between population growth (l) and
annual human offtake for wolves in the Northern Rocky
Mountains Recovery Area and other populations. Points show
annual means for the Northern Rocky Mountains (blue), and multi-year
means for other populations (red). Bars show one standard error.
Because three models were similarly supported by the data (Table 3),
solid lines show the model-averaged function based on all models with
Akaike weights $0.01. Dashed lines show 95% confidence bands for the
model-averaged functions. Blue: Northern Rocky Mountains. Red: Other
populations.
doi:10.1371/journal.pone.0012918.g002
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0.2060.017 for other populations, so there was little scope for

harvest mortality to be compensatory, especially for NRM wolves.

A recent re-analysis of the data for non-NRM populations [16]

also concluded that ‘human take does not share a compensatory

interaction with natural mortality’, because natural mortality did

not decline with increasing human offtake. A recent analysis of the

correlates of mortality in a large sample of radiocollared NRM

wolves [17] reported that human killing accounted for a minimum

of 54% of wolf mortality between 1982 and 2004, but did not

directly test the relationship between human offtake and total

mortality.

In studies that examine responses to harvest at a relatively small

spatial scale, immigration can compensate for mortality due to

harvest [10,16]. However, this mechanism is fundamentally

different than compensatory reductions in non-harvest mortality,

because compensatory immigration simply involves movement of

individuals onto a study site from locations off of the study site.

When we consider the dynamics of the entire population, this

movement does not truly compensate for harvest mortality,

because gains in one pack are offset by losses in another. Indeed,

if dispersing wolves have lower rates of survival than pack-living

wolves (as in other social carnivores [18]), then an increase in

dispersal would further reduce mean survival for the population as

a whole, rather than compensating.

Human Offtake and Wolf Population Growth Rates
Given that mortality due to hunting was strongly additive or

super-additive, we tested the effect of harvest on population

growth rates, an analysis that incorporates the possibility that

reproduction might increase to offset human-caused mortality.

The literature on wolf harvesting includes many estimates of the

proportion of a wolf population that must be killed to reduce wolf

numbers. These studies often conclude that a harvest of 28%–50%

of a wolf population is required to make a population decline. For

example, Mech (2001) stated that ‘‘wolf populations can sustain

annual winter harvest rates of 28%–47%’’ (p. 74), and ‘‘it is

important for all to recognize that a moderate to large kill of

wolves from the general population will have little limiting or

reducing effect on the population’’ (p. 75) [14]. Adams et al. [16]

concluded that ‘‘population trends were not correlated with

annual human take #29%’’ (p. 1). With respect to policy, the

2003 delisting decision by the USFWS [2] stated that ‘‘the levels of

documented human-caused mortality in the Northern Rocky

Mountains have not, at this time, been significant enough to cause

declines in the wolf population or to slow overall wolf population growth’’

( p. 15851, emphasis added). Mirroring these conclusions, state

management plans for NRM wolf populations [3,5] state that

‘‘wolf populations can apparently withstand human-caused

mortality of 28%–50% without declining’’ (Idaho) and ‘‘wolf

populations can apparently withstand human-caused mortality

rates of 28%–35% without declining’’ (Montana). Why the state

policies identify different upper limits is not clear, but the policies

concur that harvests up to 35% are sustainable. The federal policy

goes further, stating that human offtake has not slowed population

growth in NRM wolves.

Table 1. (A) Comparison of models of the relationship between total annual mortality and human-caused mortality for wolves in
North America.

Model description1 Log Likelihood K2 QAICc3 DQAICc v4

i. Regional intercept & slopes 2225.13 5 122.31 0.00 0.69

ii. Gen additive model by region 2212.17 9.02 123.88 1.57 0.31

iii. Breakpoint model by region 2310.69 5 164.99 42.68 0.00

iv. Common intercept & slope 2354.55 3 182.87 60.56 0.00

v. Common breakpoint model 2378.79 3 194.96 72.65 0.00

vi. Single intercept only 2965.62 2 485.70 363.40 0.00

1Expanded model descriptions:
(i) Generalized linear model (binomial errors with identity link) that allowed different slopes and intercepts for the relationship between total mortality and human
offtake for two regions (wolves in the Northern Rocky Mountains (NRM) recovery area and wolves in previously-studied populations),
(ii) General additive model that allowed regional differences, fit in the ‘mgcv’ package of R with cross-validation used to determine the optimum amount of smoothing.
GAM models allow curvilinear functions if the data support curvature.
(iii) Generalized linear model (binomial errors with identity link) that allowed the slope to change at a breakpoint and allowed regional differences,
(iv) Generalized linear model (binomial errors with identity link) with no regional effect.
(v) Generalized linear model (binomial errors with identity link) that allowed the slope to change at a breakpoint with no regional effect,
(vi) Constant total mortality (no effect of human offtake on total mortality).
2Number of parameters in the model (non-integer values are expected for general additive models).
3*QAICc calculated using c-hat = 4, the estimated overdispersion value obtained from a quasi-binomial model and using the number of mortality rates (N = 48) as the
sample size.

4Akaike model weight.
doi:10.1371/journal.pone.0012918.t001

Table 2. Intercepts and regression coefficients from the best
model of total mortality as a function of human-caused
mortality in North American wolf populations (see Table 1 for
model selection using QAICc scores).

Parameter Estimate Std. Error
Lower
95% C.L.

Upper
95% C.L.

Intercept m̂m(0)

Northern Rocky Mountains 0.041 0.015 0.011 0.071

Other Populations 0.200 0.017 0.167 0.234

Slope b̂b

Northern Rocky Mountains 1.285 0.127 1.036 1.534

Other Populations 0.849 0.069 0.714 0.983

This is a generalized linear model (binomial errors, identity link) with a linear
relationship between total mortality and human-caused mortality, and regional
differences in the parameters of this relationship.
doi:10.1371/journal.pone.0012918.t002
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We evaluated these statements using information theory to

compare models of population growth (l) as a function of human

harvest, for NRM wolves and other populations (Table 3). All

models supported by the data (Table 3) showed that population

growth declined across all observed levels of human-caused

mortality, which included low levels (Fig. 2). Because three models

had reasonable support from the data (Table 3), we used model

averaging (Figs. 2 & 3) to estimate the maximum offtake expected

to yield l$1. For NRM wolves, the maximum stable offtake was

0.224 (model-averaged 95% CI: 0.177–0.335). For other popula-

tions, the maximum stable offtake was 0.245 (model-averaged

95% CI: 0.149–0.343). These estimates coincide well with the

simple observation that NRM wolf populations have declined

three times in the past decade, in each case with human harvests of

23%–24% (Fig 2). Better understanding of harvest effects can help

managers achieve population goals. In July 2010, the Montana

Fish Wildlife and Parks Commission approved an increase in the

wolf harvest from 75 to 186 wolves. On the basis of internal

analysis, the Montana Department of Fish Wildlife & Parks

predicted that this harvest would, in combination with predator

control killing continuing at past levels, cause a 13% decrease in

wolf numbers. A harvest of 186 wolves together with 145 killed

through predator control would yield a total offtake of 331 wolves,

or 63% of the Montana population (which was estimated to

number 524 at the end of 2009). The data in Fig 2 suggest that a

direct killing rate of 0.63 would typically produce a decline

substantially greater than 13%.

Because wolf populations in the Northern Rocky Mountains

have grown since reintroduction, we tested whether growth slowed

as population sizes increased. Overall, the NRM population has

increased 15-fold over the past 15 years, providing unusually

broad scope to test for density-dependent changes in the growth

rate. Despite this, population growth was not detectably related to

population size in the Northern Rocky Mountains

(b̂b = 20.0660.15 S.E., Wald statistic = 0.19, P = 0.66), and a

model of linear density dependence was 5.5 AICc units worse than

a model of linear harvesting effects on population growth. Density-

dependence underlies compensation, so these observations rein-

force the expectation that harvesting is not likely to increase

reproduction or decrease natural mortality by reducing competi-

tion for resources, within the range of wolf densities seen to date.

Although the data to date do not reveal clear density dependence,

simply inspecting the growth curve gives some indication that

NRM population growth may have slowed since 2007 [1]. If so, a

reduced growth rate might indicate the incipient emergence of

density dependent growth driven by resource competition.

Contrary to this hypothesis, the survival of radiocollared NRM

wolves increased with population density [17], rather than

decreasing as would be expected with density dependent growth.

Slower growth since 2007 could also be due to increased offtake by

humans, if the rate of offtake is positively related to population

density (b̂b = 0.0860.05 S.E., Wald statistic = 2.69, P = 0.10).

Between 1982 and 2004, human killing accounted for a minimum

of 54% of total mortality for radiocollared NRM wolves [17],

Figure 3. The individual models that were averaged to produce
the functions in Figure 2 were highly congruent in their
estimates of the offtake that yields l = 1. a,b: GLM and GAM for
Northern Rockies (these models were identical), c: GLM for all data
combined, d,e: GLM and GAM for other populations.
doi:10.1371/journal.pone.0012918.g003

Table 3. Comparison of models of the relationship between annual population growth and human-caused mortality for wolves in
North America.

Model description1 Log Likelihood K2 R2adj3 DAICc v4

i. General additive model by region 20.63 6.15 0.59 0.00 0.63

ii. Common intercept & slope 15.92 3 0.53 1.40 0.31

iii. Regional intercept & slopes 16.64 5 0.52 4.91 0.05

iv. Regional intercepts, no slopes 2.29 3 0.14 28.66 0.00

v. Single intercept only 21.51 2 0.00 33.96 0.00

1Expanded model descriptions:
(i) General additive model (GAM) that allowed regional differences, fit in the ‘mgcv’ package of R with cross-validation used to determine the optimum amount of
smoothing. GAM models allow curvilinear functions if the data support curvature.
(ii) General linear model (normal errors with log link) with no regional effect on slope and intercept.
(iii) General linear model (normal errors with log link) that allowed regional differences in the slope and intercept.
(iv) Constant total mortality (no effect of human offtake on total mortality), with regional differences.
(v) Constant total mortality (no effect of human offtake on total mortality).
2Number of parameters in the model (non-integer values are expected for general additive models).
3The coefficient of determination (R2) adjusted for degrees of freedom.
4Akaike model weight.
doi:10.1371/journal.pone.0012918.t003
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revealing that human offtake was more strongly limiting than all

other factors combined, at least with respect to survival.

(Anthropogenic effects are a dominant limiting factor for many

large carnivores, world-wide.) If human offtake holds wolves at

densities below the region’s ecological carrying capacity, then it is

plausible that density dependence will remain weak or equivocal.

Our analysis is based on comparison of multiple populations,

rather than changes through time in a single population. Prior

studies of human harvesting and its effect on wolf dynamics

[10,16] were also based on comparison across populations, so the

differences in our inferences are not due to this distinction.

Comparisons across populations have a broader scope of inference

than single-population studies, but correlations across populations

can be affected by uncontrolled heterogeneity among sites. By

including models that allowed different slopes and intercepts for

NRM wolves and other populations, we incorporated heteroge-

neity to the degree possible with the data in hand. We encourage

further research to test whether human offtake still appears to be

largely additive or super-additive with hierarchical models that

more completely account for differences among populations.

Our results confirm that wolf populations can grow while being

harvested. However, point estimates for the maximum offtake rate

associated with stable wolf populations are below the thresholds

identified by recent state wolf management plans. Moreover,

sustainable harvest is probably lower than our estimates, for two

reasons. First, our models are based on deterministic estimates of

population growth, which typically over-estimate true stochastic

growth rates [19]. Second, estimated human offtake has an

associated variance in these data (Fig. 2), and the effect of variance

in an independent variable is to bias a regression’s slope toward

zero. For these reasons, we encourage further work on this topic,

especially analysis with direct data on the survival of known

individuals.

The management of wolves is controversial, and recent

experience in the Rocky Mountains shows that any policy will

face opposition from at least one constituency. Different

stakeholders desire different numbers of wolves on the landscape.

In structured decision-making it is important to isolate ecological

analysis that considers the likely outcome of a policy from the

discussion that considers whether or not that outcome is desirable

[20]. Here, we have attempted to correct several broad

misconceptions about the quantitative relationships between

harvest intensity, mortality and population growth rates of wolves.

The meta-analysis suggests that the effect of human-caused

mortality on wolf dynamics is greater than suggested by current

management plans (see references [21,22] for similar recent

inferences about the role of human offtake in the dynamics of large

felids including African lions, Panthera leo, and North American

cougars, Panthera concolor). These results should help to inform wolf

management, in conjunction with other important considerations

about the interactions of wolves with ungulate prey, livestock,

people, and ecosystems.

Conclusions
In summary, it appears that: (1) Wolves can be harvested

sustainably within limits. (2) Examined across populations, human

killing of wolves is generally not compensatory, as has been widely

argued. Management policies should not assume that an increase

in human-caused mortality will be offset by a decline in natural

mortality. (3) Rather, the effect of harvesting on wolf mortality

appears highly additive to super-additive. Evidence for super-

additive mortality is stronger for wolves in the recently-delisted

Northern Rocky Mountains Recover Area, which often live in

small packs. (4) Estimated sustainable harvest levels from this

meta-analysis are lower than current Northern Rocky Mountain

management plans suggest, and lower than the 2009 rate of offtake

for the Northern Rockies. While some wolf populations might

maintain constant population size at the harvest intensities

considered sustainable by current state management plans, our

results suggest that such harvests will generally cause wolf

populations to decline. (5) The relationship of population growth

rates to killing rates suggest that a proposed 2.5-fold increase in

wolf harvest for 2010 is likely to reduce population size by a

greater amount than management policy statements for Montana

have stated. (6) The effects of harvesting on population growth

may not be fully manifest in one year. These results should help

with the development of policies for the management of wolves,

particularly newly-delisted wolf populations in the Northern

Rocky Mountains. The basic point that harvest mortality cannot

be highly compensatory via substitution of mortality under

conditions of low natural mortality (as in most long-lived species

[12]) should be clearly expressed in policies for the management of

large carnivores. Finally, these results highlight the ongoing need

to fully incorporate quantitative analysis of available data in the

development of conservation and management policies.
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ORIGINAL
ARTICLE

Predators in natural fragments: foraging
ecology of wolves in British Columbia’s
central and north coast archipelago

C. T. Darimont1,2*, M. H. H. Price1, N. N. Winchester1, J. Gordon-Walker2

and P. C. Paquet2,3

INTRODUCTION

Islands have been considered natural laboratories to study evo-

lutionary and ecological process (Gorman, 1979; Williamson,

1981). Investigations of oceanic archipelagos have revealed

how island communities are related to area, isolation and

other island characteristics (e.g. MacArthur & Wilson, 1967;

Abbott, 1974; Kadmon & Pulliam, 1993; Conroy et al., 1999).

Biogeographical features, however, may also exert influence at

the population level, including the mediation of predator–prey
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ABSTRACT

Aim Predator–prey dynamics in fragmented areas may be influenced by spatial

features of the landscape. Although little is known about these processes, an

increasingly fragmented planet underscores the urgency to predict its

consequences. Accordingly, our aim was to examine foraging behaviour of an

apex mammalian predator, the wolf (Canis lupus), in an archipelago

environment.

Location Mainland and adjacent archipelago of British Columbia, Canada; a

largely pristine and naturally fragmented landscape with islands of variable size

and isolation.

Methods We sampled 30 mainland watersheds and 29 islands for wolf faeces in

summers 2000 and 2001 and identified prey remains. We examined broad

geographical patterns and detailed biogeographical variables (area and isolation

metrics) as they relate to prey consumed. For island data, we used Akaike

Information Criteria to guide generalized linear regression model selection to

predict probability of black-tailed deer (main prey; Odocoileus hemionus) in

faeces.

Results Black-tailed deer was the most common item in occurrence per faeces

(63%) and occurrence per item (53%) indices, representing about 63% of

mammalian biomass. Wolves consumed more deer on islands near the mainland

(65% occurrence per item) than on the mainland (39%) and outer islands (45%),

where other ungulates (mainland only) and small mammals replaced deer. On

islands, the probability of detecting deer was influenced primarily by island

distance to mainland (not by area or inter-landmass distance), suggesting limited

recolonization by deer from source populations as a causal mechanism.

Main conclusions Although sampling was limited in time, consistent patterns

among islands suggest that population dynamics in isolated fragments are less

stable and can result in depletion of prey. This may have important implications

in understanding predator–prey communities in isolation, debate regarding wolf–

deer systems and logging in temperate rain forests, and reserve design.

Keywords

Archipelago, British Columbia, black-tailed deer, Canis lupus, conservation,

foraging, fragmentation, islands, Odocoileus hemionus, wolf.
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dynamics on islands or in other fragmented systems (Kareiva,

1990; Kareiva & Wennergren, 1995; Dolman & Sutherland,

1997). A predator’s niche breadth can be predicted by the

diversity and abundance of potential prey species (MacArthur

& Pianka, 1966), which may differ among islands. The

limitations imposed by island geography, for example, may

restrict prey species available to predators. For some

consumers, however, foraging constraints on small or isolated

oceanic islands may be mitigated by nutrient subsidies from

the ocean, as recent investigations have revealed the coupled

nature of marine-terrestrial ecosystems (Polis & Hurd, 1995;

Rose & Polis, 1998; Reimchen, 2000).

The amplitude of predator and prey fluctuations reflect

ecological conditions (Ricklefs, 1990), which may be unique in

archipelagos or in other systems fragmented naturally or by

humans. Predator–prey dynamics in isolation may be volatile,

resulting in large amplitudes of predator and prey, or the

extirpation of predator, prey, or both (Taylor, 1984). For

example, the wolf-moose (Canis lupus – Alces alces) system on

540 km2 Isle Royale, Michigan, is separated by 36 km to the

mainland. There, wolves and moose have experienced extreme

fluctuations in abundance that is at least partially associated

with their interaction (Peterson et al., 1984; Peterson & Page,

1988; Vucetich & Peterson, in press). Similar process has also

been examined with smaller taxa in experimental designs.

Populations of an herbivorous spider mite (Tetranychus

urticae) and a predatory mite (Phytoseiulus persimilis) are

highly unstable on isolated bean plants (Phaseolus lunatus) and

can ultimately result in extinction of both (McCauley et al.,

2000).

Knowledge about predator–prey dynamics in patchy land-

scapes is valuable because the planet is becoming increasingly

fragmented by human activities (Saunders et al., 1991; Fahrig,

1997, 2003). Moreover, predators are more likely to decline or

become extinct in fragments (Woodroffe & Ginsberg, 1998),

possibly resulting in mesopredator release and other ecosys-

tem-wide consequences (Crooks & Soulé, 1999; Terborgh

et al., 2001). Conversely, even the effects of native predators on

endangered prey can be severe in fragmented environments

(Schneider, 2001). Consequently, archipelagos may provide

model systems in which to predict the effects of size and

isolation on predator–prey dynamics.

The temperate rain forest archipelago of British Columbia

(BC) is an ideal system in which to address the influence of area

and isolation of fragments on predator–prey systems. This

remote and nearly pristine region is naturally fragmented,

comprised of dozens of islands < 0.1 to > 13 km apart (Fig. 1).

Here, the wolf-black-tailed deer (Odocoileus hemionus) associ-

ation forms the dominant mammalian predator–prey system,

in which both animals can occupy all islands, at least

ephemerally (Darimont & Paquet, 2000, 2002). Herein, we

examine spatial variability of resource use during spring and

summer by examining wolf faeces from BC’s central and north

coast mainland and 29 islands of the adjacent archipelago.

Theory of predator–prey systems in fragments suggests that

area and isolation effects can strongly influence population

dynamics, including processes associated with the depletion of

prey (Kareiva, 1990; Kareiva & Wennergren, 1995; Dolman &

Sutherland, 1997; McCauley et al., 2000). Moreover, the

marine-terrestrial interface and the heterogeneous landscape

of our study area offer a broad potential niche to wolves.

Accordingly, on smaller and/or more isolated islands, we

predicted a departure from a diet dominated by their main prey

(deer) to one that includes considerable use of alternative

resources. Our objectives herein are to identify prey species

consumed by wolves of British Columbia’s archipelago during

spring and summer and to examine variability in wolf foraging

behaviour as it relates to area and isolation of islands.

METHODS

Study area

We collected wolf faeces on BC’s coast between the Kshwan

Valley (55 �37¢ N, 129 �48¢ W) in the north and the Koeye River

(51 �46¢ N, 127 �53¢ W) in the south (Fig. 1). This large, nearly

roadless, and mostly unsettled region is bounded by the Coast

Mountain range and Pacific Ocean to the east and west,

respectively. Most of the low elevation forest is within the

Coastal Western Hemlock biogeoclimatic zone (Pojar &

Mackinnon, 1994). Habitat heterogeneity in these temperate

rain forests corresponds to landscape variability, which includes

the following general regions: mountainous mainland, topo-

graphically complex inner islands, and flatter outer islands.

Island sizes range from 5.0 km2 (Moore) to 2295 km2 (Princess

Royal), distances tomainland 250 m to 13.05 km, and distances

among landmasses 0.05–7.25 km (Fig. 1).

Potential prey base is diverse, including black-tailed deer,

moose, mountain goat (Oreamnos americanus), beaver (Castor

canadensis), black bear (Ursus americanus), river otter (Lontra

canadensis), plus smaller mustelids, rodents and birds. Five

species of spawning salmonids (Onchorynchus spp.), crusta-

ceans, molluscs and marine mammals are also available to

wolves (Darimont & Paquet, 2000, 2002), although salmon

were not yet spawning widely when sampling occurred.

Faecal collection

During June and July 2000, and June and August 2001, we

collected faeces in 30 mainland watersheds and on 29 islands

(typically one to two sites per island). Sampling sites were

selected non-randomly but were well distributed throughout

the study area (Fig. 1). At each location, we surveyed beaches,

estuaries and forests of the beach fringe, often on wildlife trails.

We also surveyed logging roads when encountered, circum-

navigated beaver ponds, and walked forest ridgelines. Surveys

rarely extended > 5 km inland.

We stored faeces in plastic bags and froze them until analysis

at the University of Victoria. Faeces can decompose rapidly in

this wet environment (Wallmo et al., 1962; C.T. Darimont

unpublished data). Therefore, we assumed the samples repre-

sented late spring and summer diets of wolves.

C. T. Darimont et al.
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Figure 1 Study area where wolf (Canis lupus) faeces were collected in coastal British Columbia, Canada, during summers 2000 and 2001.

Fifty-nine sampled islands and mainland watersheds numbered. Sampling extended from the Kshwan River (1) in the north to the

Koeye River (59) in the south. Also shown are symbols denoting occurrence per item data for ungulates consumed (deer, Odocoileus

hemionus; moose, Alces alces and goat, Oreamnos americanus).

Predators in natural fragments
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Prey item identification and reporting

Identification of prey followed Ciucci et al. (1996) and Kohira

& Rexstad (1997). Samples were autoclaved, then soaked and

rinsed in a 1 mm mesh sieve until only hair, bone fragments

and other macroscopic components remained. Mammalian

prey was identified by comparing hair in faeces with voucher

samples and use of dichotomous keys and dissecting micro-

scope (magnification 20–40·; Mathiak, 1938; Mayer, 1952;

Stains, 1958). When identification was uncertain (n ¼ 60

scats), scale imprints from a few guard hairs melted in acetate

were examined using a compound microscope (magnification

40–400·). Non-mammal prey, such as fish, bird, and marine

invertebrates, were identified by bones, teeth, feathers and shell

fragments. Birds and small rodents (i.e. rodents smaller than

beaver) were not identified further than class and order

respectively. To eliminate inter-observer bias, only one person

identified prey remains (MP) and only after a lengthy training

period (c. 40 h). We estimated precision by re-sampling

approximately 10% of samples (n ¼ 59), in which prey

remains were consistently identified in 58 cases (98%).

We report occurrence per faeces (O/F) index for comparison

with published literature but use the occurrence per item (O/I)

index in statistical tests as the former can be problematic

because it exceeds unity when summed (Kohira & Rexstad,

1997). These two metrics are important when faeces often

contain more than one item (see Results). O/F is the frequency

by which an item occurs in faecal samples, whereas O/I is the

item’s frequency among all items identified in all faeces

combined. We also estimated mammalian biomass consumed

using a regression equation estimated by Weaver (1993):

Y ¼ 0.439 + 0.008X, where Y is the estimated biomass of prey

consumed per faecal sample and X is the mass of prey.

Although masses may differ among age and sex classes, and

wolves may kill unequal ratios of these classes, we used mean

masses of adults reported in Cowen & Guiguet (1975) and

assumed a 1 : 1 sex ratio. For deer, however, we distinguished

between adults and fawns for biomass calculations using

diagnostic hair diameter and colour characters, which are

useful until the autumn (Scott, 1979). By necessity, biomass

estimates excluded non-mammalian prey (n ¼ 124 of 705

items identified).

Statistical analyses

General geographical patterns in foraging ecology

We tested for general geographical patterns in foraging ecology

among three areas that are associated with general habitat

differences: mainland, inner islands, and outer islands. We

defined inner islands as those directly adjacent to the mainland

and outer islands as those that are not, irrespective of distance

to mainland. This classification is consistent with mainland,

southern inner island, and southern outer island biogeograph-

ical sub-regions defined in southeast Alaska, which are based

on presence of endemic species and unique combinations of

native taxa (MacDonald & Cook, 1996). We compared O/I

indices for deer, other ungulates (moose, goat), and small

mammals among these areas using anova or Kruskal–Wallis

tests. We repeated these tests with indices relating to the

proportion of total biomass represented by these taxa.

Examining area and isolation effects on islands

General geographical patterns, although informative, cannot

adequately address the influence of area and isolation on

predator–prey dynamics. For example, an inner island, next to

the mainland, may be more isolated from other landmasses by

water barriers compared with a collection of nearby outer

islands. Thus we examined how biogeographical parameters,

area (AREA), distance to mainland (MDIST), and inter-

landmass distance (LDIST) affected the probability of deer

occurring in faecal remains on islands. We used these two

isolation metrics to disentangle the possible influences of

distance from the mainland, which may be the ultimate source

for prey colonization, and distance to other landmasses, which

likely provide the most available sources for prey colonization.

We measured MDIST as the shortest island-to-mainland

distance or sum of island-to-island distances to mainland

excluding distances across islands, whichever was shorter

(Conroy et al., 1999). LDIST was the minimum distance to

landmasses > 75 km2 (either mainland or island), roughly the

size of Coronation Island, in nearby southeast Alaska, on

which a small population of wolves existed for 8 years (Klein,

1996). All geographical parameters were estimated using

marine charts (Canadian Hydrographic Service, Ottawa,

Ontario) and Geographic Information Systems (Darimont &

Paquet, 2002).

We formed exploratory a priori hypotheses to explain how

these biogeographical features would affect the probability of

deer occurring in wolf faeces on islands, which were based on

our knowledge of the area and ecological theory described

above. From these hypotheses, we developed a set of candidate

generalized linear regression models (binary logistic form).

These were restricted to combinations of one to three of the

identified (and untransformed) parameters and two-way

interaction terms. We considered islands as the experimental

unit, with the number of faeces containing deer as events and

the total number of faeces as trials. A Hosmer–Lemeshow

goodness-of-fit statistic based on the global model showed the

data did not depart from a logistic-regression model

(P ¼ 0.475). Multicollinearity diagnostics suggested only weak

interdependencies among predictor variables (Variance Infla-

tion Factors range: 1.076–1.709). For each model, we calcu-

lated Akaike Information Criteria, adjusted for small sample

sizes (AICc), following the formula: AICc ¼ )2(log likeli-

hood) + 2K + 2K(K + 1)/(n ) K ) 1), where K is the number

of parameters and n the number of sampled islands. We then

evaluated D AICc to select best approximating model(s) and

make appropriate inference, using D AICc < 2 to describe the

top model set (offering substantial level of empirical support).

Finally, we summed Akaike weights (xi) across the top model
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set for each variable to rank them by importance (Burnham &

Anderson, 1998; Anderson et al., 2001). Tests were performed

using SPSS 11.0 (SPSS Inc., Chicago, IL, USA) and SAS 8 (SAS

Inc., Cary, NC, USA).

RESULTS

Coastal wolves showed a wide dietary niche across the

heterogeneous landscape (Table 1). We collected a mean of

8.77 samples at mainland sites (range 1–36; SD ¼ 1.65;

n ¼ 263) and 11.45 at island sites (range 1–64; SD ¼ 3.24;

n ¼ 332). Of 705 food items identified, black-tailed deer was

the most common item in both occurrence/faeces and

occurrence/item indices, followed by salmon, mountain goat,

bird, mustelids, intertidal organisms, black bear, beaver,

mink, moose and small mammals (Table 1). Biomass

estimates demonstrated a different order of occurrence, with

ungulates (deer, goat, moose) representing a combined

82.3% of mammal biomass consumed (Table 1). Grizzly

bear (Ursus arctos), fisher (Martes pennanti), harbour seal

(Phoca vitulina) and wolf each occurred once. We could not

identify six items.

Foraging patterns of wolves differed among areas. Fifteen

species occurred in mainland samples and 13 in island samples.

Mountain goat, grizzly bear and fisher were found exclusively at

mainland locations, whereas the sample containing seal was

collected on an island. Goat remains were restricted to areas in or

near rocky inlets, whereas moose remains, although near inlets,

had a greater distribution, including on one island (Fig. 1).

Differences we observed in detection of deer and non-deer

prey provide evidence of major changes in predation regime

among geographical areas. Generally, deer dominated the diet

on inner islands whereas other ungulates (goat, moose) and

small mammals collectively occurred approximately as often as

deer at mainland and outer island sites. Differences in

occurrence/item among mainland, island, and outer island

sites for deer approached significance (anova; F2,56 ¼ 2.967,

P ¼ 0.060) and was highest on inner islands, but differed little

between mainland and outer islands (Fig. 2a). Similarly,

proportion of total mammalian biomass represented by deer

also was highest on inner islands and varied little between

mainland and outer islands sites (anova; F2,56 ¼ 6.972,

P ¼ 0.002; Fig. 2b). Other ungulates (moose, goat) represen-

ted significantly higher occurrence/item (Kruskal–Wallis

H-test; v2 ¼ 14.961; P ¼ 0.001; Fig. 2a) and proportion of

mammalian biomass (Kruskal–Wallis H-test; v2 ¼ 14.885;

P ¼ 0.001; Fig. 2b) on mainland sites compared with

extremely low or nil values on inner and outer islands

respectively. In place of deer, wolves also foraged on small

mammals, which generally occured more frequently at main-

land and outer island sites compared with inner islands

(Fig. 2a,b), but this difference was not significant in occur-

rence/item (Kruskal–Wallis H-test; v2 ¼ 1.775; P ¼ 0.412) or

proportion of total mammalian biomass (Kruskal–Wallis

H-test; v2 ¼ 1.120; P ¼ 0.571).

Model selection and multimodel inference suggest that

among island sites, isolation was more important than area

in predicting departure from a diet dominated by deer.

Table 1 Prey items identified in 595 wolf (Canis lupus) faeces collected summers 2000 and 2001 on the mainland and archipelago of

coastal British Columbia

Prey taxa

Mainland sites Island sites All sites combined

Biomass (%)n O/F (%) O/I (%) n O/F (%) O/I (%) n O/F (%) O/I (%)

Odocoileus hemionus (deer) 124 47.1 39.5 250 75.3 63.9 374 62.7 53.0 64.6

Onchorynchus spp. (salmon) 21 8.0 6.7 25 7.5 6.4 46 7.7 6.5 N/A

Oreamnos americanus (goat) 37 14.1 11.8 0 0.0 0.0 37 6.2 5.3 9.1

Aves (birds) 15 5.7 4.8 22 6.6 5.6 37 6.2 5.3 N/A

Martes americana (marten) 20 7.6 6.4 14 4.2 3.6 34 5.7 4.8 2.9

Mustela erminea (ermine) 25 9.5 8.0 8 2.4 2.1 33 5.5 4.7 2.7

Lontra canadensis (otter) 10 3.8 3.2 15 4.5 3.8 25 4.2 3.6 2.1

Intertidal organisms 13 4.9 4.1 12 3.6 3.1 25 4.2 3.6 N/A

Ursus americanus (bear) 9 3.4 2.9 9 2.7 2.3 18 3.0 2.6 5.8

Castor canadensis (beaver) 6 2.3 1.9 10 3.0 3.0 16 2.7 2.3 2.1

Mustela vison (mink) 4 1.5 1.3 12 3.6 3.1 16 2.7 2.3 1.3

Alces alces (moose) 11 4.2 3.5 1 0.0 0.0 12 2.0 1.7 8.6

Small rodents 5 1.9 1.6 3 0.9 0.8 8 1.3 1.1 0.7

Vegetation 9 3.4 2.9 5 1.5 1.3 14 2.4 2.2 N/A

Other* 5 1.9 1.6 5 1.5 1.3 10 1.7 1.4 N/A

Total 314 119 100 391 117 100 705 118 100 100

*Other represents single occurrence of brown bear (Ursus arctos), wolf, seal (Phoca vitulina) and fisher (Martes pennanti), plus six unidentified

remains.

n, Number of items; O/F, occurrence/faeces; O/I, occurrence/item.

Biomass estimates are proportion of total mammalian biomass. Taxa organised by decreasing O/F and O/I for all sites combined.
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Specifically, the probability of wolves foraging on deer declined

primarily with increased island isolation from the mainland,

but less so with isolation from other landmasses and smaller

island area (Table 2; Fig. 3). All five models in the top model

set (0–2 D AICc) contained MDIST. Considerable ambiguity,

however, existed among top models, which had similar

Akaike weights (xi¼1 to 5 ¼ 0.21 to 0.08; Table 2). Moreover,

these top models explained a similar proportion of the

variance (Nagelkerke R2 range ¼ 0.218–0.242; note that

pseudo R2 values for logistic regression are lower than would

be expected in a linear model; Table 2). In cases when the

data do not strongly support a single best model, however,

the one with fewest parameters is often worth most

consideration, following the rule of parsimony (Burnham &

Anderson, 1998). Accordingly, we consider model 4, contain-

ing only the intercept and MDIST, as a preferred model

(Table 2).

The top model set can still make robust multimodel

inference (Burnham & Anderson, 1998); summing the Akaike

weights across top models ranked the variable MDIST

(Rxi ¼ 0.74) higher than LDIST and AREA (Rxi ¼
0.35 and 0.27) by factors of 2.11 and 2.74 respectively.

Moreover, the strength of coefficients associated with isolation

metrics was much higher than those for area, which

approached zero (Table 2). Interaction terms MDIST · LDIST

(Rxi ¼ 0.20) and AREA · MDIST (Rxi ¼ 0.20) were less

important.

DISCUSSION

Islands provide ideal model systems for studying predator–

prey interactions (e.g. Peterson et al., 1984). Often, however,

isolated islands lack predators and even on less isolated islands

mammalian carnivores are relatively rare (Williamson, 1981;

Alcover & McMinn, 1994). Consequently, our knowledge of

predator–prey dynamics in isolated systems is limited. More-

over, our ecological knowledge of coastal temperate rain

forests of North America is in its infancy (MacDonald & Cook,

1996). Herein we examine the foraging ecology of BC’s coastal

wolves and provide additional insight into predator–prey

dynamics in fragmented landscapes. Specifically, we parti-

tioned the variability we observed to spatial features of the

landscape, both on a gross geographical scale (mainland, inner

and outer islands) and with finer resolution by disentangling

the effects of area and isolation.

Across their holarctic distribution, wolves hunt a diverse

suite of animals (Paquet & Carbyn, 2003; Peterson & Ciucci,

2003). Here we show high trophic diversity and variability

among wolves within a single biome. On BC’s coast, we

observed a minimum of 14 terrestrial mammals, a marine

mammal, salmon, birds and marine invertebrates in diet. We

did not detect any ‘species richness’ effects (narrower dietary

niche for wolves on isolated islands), perhaps because these

prey taxa are not as sensitive as others to biogeographical

effects of isolation. Prey detected across this landscape greatly

exceeds the number of items identified in earlier studies in the

same biome [Scott & Shackleton, 1980 (Vancouver Island; 3

items); Milne et al., 1989 (Vancouver Island; 4 items); Kohira

& Rexstad, 1997 (Southeast Alaska; 11 items)]. This difference

may reflect our greater geographical span of sampling and a

more rigorous laboratory protocol.

Figure 2 (a) Mean occurrence per item and (b) mean proportion

of total mammalian biomass of prey detected in 595 wolf (Canis

lupus) faeces from 59 sampling locations on the islands and

mainland coast of British Columbia, Canada, summers 2000 and

2001. ‘Small mammals’ included river otter (Lontra canadensis),

marten (Martes americanus), (ermine Mustela ermina), mink

(Mustela vison), and rodent (Rodentia spp.). ‘Other ungulates’

were goat (Oreamnos americanus) and moose (Alces alces). Deer

are Odocoileus hemionus.
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Additional spatial and temporal aspects of our sampling

may explain differences with previous studies. Sampling within

5 km of shoreline may explain the abundance of smaller prey

consumed. For example, marine invertebrates accounted for

approximately 4% of prey items we detected. In addition, river

otter and mink, which accounted for a combined 5.9%, are

primarily occupants of the beach fringe. Moreover, we detected

beaver in < 3% of scats, which differs greatly from other North

American studies in which they occurred much more

commonly (Voigt et al., 1976; Fuller, 1989; Thurber &

Peterson, 1993). This too may reflect our sampling bias of

omitting much of the inland area, and/or a naturally low

abundance of beaver in this conifer-dominated landscape

(McCabe, 1948). Also, because faecal samples represented late

spring and summer diet, more than half a year of dietary

information was excluded. Early runs of spawning salmon

accounted for the second highest proportion of prey consumed

by wolves (6.5%) and recent stable isotope and behavioural

evidence suggest that salmon runs during late summer and

autumn support a major seasonal shift in the foraging of

coastal wolves (Szepanski et al., 1999; Darimont & Reimchen,

2002; Darimont et al., 2003).

Major changes in the predation regime occurred across

broad geographical categories, possibly because of associated

habitat differences. Wolves consume less deer in rocky

mainland areas compared with nearby but less mountainous

inner islands (Figs 1 & 2). This may relate to low deer biomass

per area on the mainland where elevations > 1100 m are

common, altitudes at which deer in nearby southeast Alaska

are known not to occur (Schoen & Kirchhoff, 1985). Although

no similar data exist for BC’s coast, deer densities in southeast

Alaska are lower on the mainland coast compared with

adjacent inner islands (Kirchhoff, 1996). Alternatively orT
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Figure 3 Probability of deer (Odocoileus hemionus) remains

occurring in wolf (Canis lupus) faeces on islands as a function of

their distance to the mainland (MDIST). Samples collected in

coastal British Columbia, summers 2000 and 2001. Equation:

Y ¼ 1.915 ) 0.494 · MDIST, which forms the simplest model in

our top model set based on Akaike Information Criteria ranking.
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concomitantly, the lower observed frequency of deer in wolf

diet on the mainland can be attributed to a more species-rich

prey assemblage in mainland watersheds. For example,

mountain goat and moose are two large terrestrial mammals

that predominantly occupy mainland habitats and provided an

additional food resource.

Predator–prey dynamics in fragmented landscapes may be

determined by area of fragments, their isolation, and system-

specific factors, which in coastal BC may include carrying

capacity for deer. Similar to mainland areas, habitat on outer

islands may support fewer deer. Thus, the lower frequency of

this item in wolf diet may reflect lower availability. We

consider this unlikely to serve as the full explanation. Similar

outer islands, but those lacking wolves, in southeast Alaska

and Haida Gwaii, BC, support (or supported before wolf

introduction) high populations of deer (Reimchen et al., in

press; Kirchhoff, 1994, 1996; Klein, 1996). Likewise, on a

recent survey of the Goose Group of islands (c. 25 km2), an

outer archipelago at least 7 km from the nearest habitable

island, we noted an absence of wolves and severe over

browsing of vegetation by deer, suggesting high deer densities

(Darimont & Paquet, 2000, 2002). Deer density data for

islands in this archipelago would aid in evaluating this

hypothesis.

Among biogeographical parameters to predict the occur-

rence of deer in wolf faeces, we found isolation, specifically

distance to mainland, to be more important than area, likely

because it influences dispersal. Regardless of carrying capacity,

predators may deplete resources in isolated fragments if

colonization by prey is limited. We consider this a plausible

hypothesis for wolf-deer systems on isolated islands of coastal

BC. We postulate that greater distances to mainland reduce

immigration rates by deer, predisposing island populations to

sustained predation by wolves. Neither area nor the interaction

between isolation and area was very important, perhaps

because the ecological conditions we deduce from our one-

time sampling represent a steady state: over time wolves

regulate deer on isolated islands to low abundance, regardless

of island size.

Deer are excellent dispersers, however, capable of swimming

across water bodies with intense and frequent wave and tidal

action (Wallmo, 1981). Reimchen et al. (in press) examined

deer colonization rates to offshore islands of Haida Gwaii, BC,

using microsatellite markers. These authors made a conserva-

tive estimate of persistent dispersal of about one deer per year

to Skaang Gwaii and Reef Islands, isolated by 2 and 6 km

respectively. If colonization rates are similar in BC, our data

suggest this is too infrequent to prevent depletion of deer prey

on isolated islands. Mainland distance may have been more

important than our inter-landmass metric because it estimates

distance from the probable ultimate source populations for

deer prey.

Our single sampling of this archipelago revealed a pattern of

decreased occurrence of deer as prey with isolation, to which

we attribute top–down effects coupled with limited recoloni-

zation by deer. To be certain, one must sample islands before

and after wolf colonization and estimate deer abundance and

wolf foraging ecology over time. In the 1960s, a small

experiment addressed these parameters by introducing four

wolves to the 73 km2 Coronation Island, southeast Alaska,

900-m from another landmass (Klein, 1996). After reaching a

peak of 13 wolves in 4 years, the population fell to one, having

apparently reduced deer numbers significantly. During this

time, wolves foraged extensively on smaller mammals, seals

and intertidal organisms (Klein, 1996). The last wolf was shot

in the late 1960s, ending the experiment, and the deer

population has since rebounded (Person et al., 1996).

Others have demonstrated the consequences of insularity on

mammalian predator–prey communities on islands but the

dynamics of these systems vary. On Isle Royale, fluctuations of

wolves and moose have been extreme but this system has

persisted for over 50 years (Peterson et al., 1984; Peterson &

Page, 1988; Vucetich & Peterson in press). In contrast, Kauhala

& Auniola (2001) suggested that raccoon dogs (Nyctereutes

procyonoides) can extirpate frog populations on some islands in

the Finnish Archipelago, as they are easy prey to capture and

occur frequently in mainland diet. Migration by predators

among landmasses may also be important; by switching

between islands and mainland areas from winter to summer,

foxes can stabilize fluctuations in hare numbers on Swedish

islands, but the effect depends on how often ice permits foxes

to recolonize islands and numerical response by predators

(Angerbjörn, 1989).

Wolves may persist on isolated islands because alternate

prey are available. When deer are scarce (and other large

mammals like goat and moose absent), smaller prey such as

mink, river otter and bird, appear to be important dietary

items (Table 1; Fig. 2). Many of these taxa are either aquatic or

volant and not likely as affected by isolation that may limit

migration by larger, terrestrial prey.

Future studies in BC’s archipelago, combining stable isotope

and faecal analyses and occurring over several seasons, may

provide better insight into predator–prey dynamics in this

fragmented marine landscape. Notably, if combined with

microsatellite genetic markers, we may learn how food

resources influence presence, movements and demographical

fates of individuals over time and assess how water barriers

among islands may affect metapopulation dynamics (Hanski &

Gilpin, 1991; Hanski, 1991); such frameworks for other large

mammals in habitat patches have recently been developed (e.g.

Elmhagen & Angerbjörn, 2001). Notably, although water

barriers may constrain dispersal of predator and prey, this

study suggests the ocean also provides food. In this respect, for

wolves and likely other animals, BC’s islands are not fragments

within a totally inhospitable matrix, to which other islands

have been likened (Brotons et al., 2003; see also Dunning et al.,

1992; Fahrig, 1997).

This study has implications for conservation of predator–

prey systems regionally and beyond. Deer constitute the

majority of diet for BC’s coastal wolves and salmon is an

important seasonal resource (this study; Kohira & Rexstad,

1997; Szepanski et al., 1999; Darimont & Reimchen, 2002;

C. T. Darimont et al.
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Darimont et al., 2003). Mounting evidence, however, suggests

that carrying capacity for deer is reduced by clearcut logging in

west coast temperate rain forests (Wallmo & Schoen, 1980;

Alaback, 1982; Rose, 1982; Schoen et al., 1984, 1988; Van

Horne et al., 1988). Likewise, many Pacific Northwest salmon

stocks have declined dramatically because of the modification

of spawning habitat by logging and over-exploitation by the

fishing industry (National Resources Council, 1996). If current

planning processes aim to preserve this remnant population of

wolves in its current form (Darimont & Paquet, 2002), we

suggest that plans include significant protection of critical

habitat for deer and salmon, especially on islands. Moreover,

in any ecosystem, a system of reserves must have appropriate

connectivity to permit gene flow (Soulé & Simberloff, 1986).

Our data suggest that connectivity should also be considered to

accommodate fluctuations in population structure to prevent

predator–prey disequilibria, to which fragments may already

be predisposed.
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Abstract:

 

Gray wolf (

 

Canis lupus

 

) recovery in the Rocky Mountains of the U.S. is proceeding by both natural
recolonization and managed reintroduction. We used DNA microsatellite analysis of wolves transplanted
from Canada to two reintroduction sites in the U.S. to study population structure in native and reintroduced
wolf populations. Gene flow due to migration between regions in Canada is substantial, and all three recov-
ery populations in the U.S. had high genetic variation. The reintroduced founders were moderately genetically
divergent from the naturally colonizing U.S. population. These findings corroborate that the reintroduction
more than meets generally accepted genetic guidelines. Maintaining this variation, however, will depend on
ample reproduction in the first few generations. In the long term genetic variation will best be retained if mi-
gration occurs among the recolonizing and the two transplanted populations. Evidence from field observa-
tion and genetic studies shows extensive dispersal by wolves, and we conclude that exchange among these
groups due to natural dispersal is likely if public tolerance and legal protection are adequate outside lands
designated for wolf recovery.

 

Estructura Genética y Migración de Poblaciones Nativas y Reintroducidas del Lobo de las Montañas Rocallosas

 

Resumen:

 

La recuperacion del lobo gris (

 

Canis lupus

 

) en las montañas Rocallosas de los Estados Unidos ha
procedido tanto de la recolonización natural, como de la reintroducción controlada. Para estudiar la estruc-
tura poblacional de lobos nativos y reintroducidos, utilizamos análisis de microsatélites de ADN de lobos
transplantados de Canada hacia dos sitios de reintroducción en los Estados Unidos. El flujo de genes debido a
la migración entre regiones del Canada es sustancial y las tres poblaciones en recuperación de Estados Uni-
dos tuvieron una alta variación genética. Los fundadores de las reintroducciones fueron moderadamente di-
vergentes de las poblaciones colonizadoras naturales desde el punto de vista genético. Estos resultados corrob-
oran que la reintroducción concuerda mas que bien con los lineamientos genéticos generalmente aceptados.
Sin embargo, mantener esta variación dependerá en gran medida de la reproducción de las primeras genera-
ciones. En un largo plazo, la variación genética será retenida al máximo si ocurren migraciones entre las
problaciones recolonizadoras y las transplantadas. Evidencias de campo y estudios de genética muestran
una dispersión extensiva de los lobos y concluímos que el intercambio entre estos grupos debido a la disper-
sión natural es posible, siempre y cuando la tolerancia del público y la protección legal sean adecuadas fuera

 

de lás tierras designadas como áreas de recuperación de los lobos.

 

Introduction

 

Wild canid populations worldwide vary in status from
secure to fragmented, isolated, hybridized, or locally ex-

tinct. Canid conservation genetics has benefitted from
the development of DNA microsatellite loci in the do-
mestic dog (Ostrander et al. 1993; Gottelli et al. 1994;
Roy et al. 1994; Garcia-Moreno et al. 1996; Forbes &
Boyd 1996). The large number and high variability of
these DNA markers make genetic studies of wild canids
increasingly informative.
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Wolves in the central Rocky Mountains have a history
of persecution and tenuous recovery (Gunson 1992;
Boyd et al. 1995; we consider the Rocky Mountains in
their entirety: the central Rockies span the Canada-U.S.
international boundary). Previously we used DNA micro-
satellites to study wolves that naturally recolonized
western Montana from Canada from 1985–1995. High
genetic variation in the U.S. wolves indicated that there
was not a founding population bottleneck sufficient to
diminish genetic variation during colonization (Forbes &
Boyd 1996). All evidence from genetic and field data in-
dicated that natural dispersal in wolves was adequate to
preclude any concern about inbreeding in the coloniz-
ing population. The Montana population has grown to
approximately 70 in at least seven breeding packs, occu-
pying a region extending 350 km south of the Canadian
border in Montana (Fritts et al. 1995; Fig. 1).

Wolves are endangered in the lower 48 states, but are
numerous in large parts of Canada. The area of natural
recolonization in Montana is one of three areas desig-

nated for wolf recovery in the western U.S. (U.S. Fish
and Wildlife Service 1987, 1994). To further the recov-
ery effort, during the winters of 1995 and 1996 wolves
were trapped in central Alberta and northern British Co-
lumbia and transported to the other two recovery areas
in Yellowstone National Park (YNP) and central Idaho,
south and southwest of the naturally recolonizing popu-
lation (Bangs & Fritts 1996; Fritts et al. 1997; Fig. 1).

We augmented the previous database with genotypes
of all the transplanted wolves. The new data add to our
knowledge of wolf population structure in Canada and
provide a baseline for the initial genetic variation in U.S.
wolf reintroduction areas. Our goal is to combine these
genetic data with 15 years of field observation in Mon-
tana to better understand the genetic and demographic
effects of both natural and managed wolf dispersal.

 

Study Populations and Methods

 

Montana wolf recovery was monitored from the late
1970s to the present by the University of Montana Wolf
Ecology Project (Ream et al. 1991) and the U.S. Fish and
Wildlife Service (Fritts et al. 1995). Several animals from
each pack were captured, blood sampled, and radiocol-
lared (Boyd et al. 1995). The Banff Wolf Project concur-
rently monitored wolf populations in Banff, Yoho, and
Kootenay National Parks of Canada (Paquet 1993).

The six Rocky Mountain wolf samples differ in popula-
tion history and sampling structure. The four samples of
naturally resident wolves (Fort St. John, Hinton, Banff,
Montana) come from a 1350 km range in the northern
and central Rockies (Fig. 1). The Fort St. John and Hin-
ton animals are from resident populations where wolves
were at times persecuted but never extirpated; Banff
wolves were locally extirpated but recovered in the
1980s (Gunson 1983; 1992; Tompa 1983).

The Hinton and Fort St. John wolves were sampled
when they were captured for translocation to the U.S. in
1995 and 1996, respectively (Bangs & Fritts 1996; Fritts
et al. 1997). In each year approximately half of the
wolves were released in YNP and half in central Idaho
(Table 1). Thus, each introduced population is a mixture
formed from the two Canadian sources. This reintroduc-
tion pattern means that population sampling differs
among regions. The Fort St. John and Hinton samples
were small subsets of large native populations, but these
same animals are a complete sample of the reintroduced
YNP and Idaho wolves. The Banff and Montana samples
fall in between: they are not complete samples, but they
do include members of all resident packs known to re-
searchers. Allele frequencies for the Banff and Montana
samples were previously reported (Forbes & Boyd 1996).
The present dataset (Appendix) includes all the trans-
planted wolves and adds seven new wolves to the Mon-
tana sample. In both reintroduction years nine family

Figure 1. Map of Rocky Mountain wolf range. Shaded 
areas in Canada indicate origins of the Banff sample, 
the 1995 Hinton transplants, and the 1996 Fort St. 
John transplants. The shaded area in Montana indi-
cates the range of the recolonizing population. Indi-
cated areas (R) in Yellowstone National Park and cen-
tral Idaho are reintroduction sites used in both 1995 
and 1996.
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groups of wolves were collected. In YNP wolves were
held in pens and released as family groups based on
their pack membership in Canada, whereas in Idaho
they were released immediately after transport (Bangs &
Fritts 1996; Fritts et al. 1997; Table 1).

Blood samples were taken from live-trapped wolves
(Ream et al. 1991; Boyd et al. 1995), and muscle samples
were taken from wolves found dead. Laboratory meth-
ods were previously described (Forbes & Boyd 1996).
The DNA microsatellite loci were amplified from puri-
fied DNA or from Chelex tissue preparations using the
polymerase chain reaction (PCR). Ten dinucleotide re-
peat (AC)n loci characterized in the domestic dog
(Ostrander et al. 1993) were chosen from those previ-
ously used in wolves (Roy et al. 1994; Forbes & Boyd
1996). Nine loci are the same in these two studies.

Population genetic parameters were calculated using
BIOSYS-1 (Swofford & Selander 1989). Heterozygosity
differences between samples were tested using a paired

 

t

 

 test on 

 

H

 

 values at individual loci (Nei 1987; Leberg
1992). We estimated population differentiation using
the 

 

F

 

ST

 

 

 

estimator 

 

u

 

 (theta; Cockerham & Weir 1993) cal-
culated by the program GENEPOP (Raymond & Rousset
1995). This program also estimates migration rate (

 

N

 

e

 

m

 

)
based on genetic differentiation between subpopula-
tions (Slatkin 1987; Slatkin & Barton 1989). Simulation
studies showed that 

 

u

 

 is the best choice of differentiation
measure for estimating migration when a population is
continuously distributed without discrete boundaries
between demes (Slatkin & Barton 1989), a model that
may be most appropriate for Canadian wolves (Nowak
1983). Tests for correlation between genetic differentia-
tion and geographic distance (Slatkin 1993) were also
calculated using programs in GENEPOP (DIST by M. Slat-
kin; and MANTEL by Raymond & Rousset). The Mantel
matrix correlation tests are based on Spearman rank cor-
relations (

 

R

 

S

 

). 

 

Results and Discussion

 

Genetic Variation

 

Levels of genetic variation were high in all samples. Av-
erage heterozygosity (

 

H

 

e

 

) in the Canadian populations
ranged from 0.581 to 0.628, and the recolonized Mon-
tana population fell within this range (

 

H

 

e

 

 

 

5

 

 0.606; Table
1). No two of these values were significantly different.
Allelic diversity (the mean number of alleles per locus,

 

A

 

) ranged from 4.4 to 4.5 in Canada and was 4.1 in Mon-
tana. These levels of variation are comparable to those in
wolves from across Canada and Alaska genotyped at 10
microsatellite loci by Roy et al. (1994). In that study only
the sample from the Canadian Northwest Territories had
significantly higher heterozygosity and more alleles than
any of our six Rocky Mountain samples compared at the
same nine loci (data not shown). The reintroduced YNP
and Idaho groups are unusual population samples be-
cause both groups are nearly equal mixtures of animals
from the same two sources (Fort St. John and Hinton).
Observed heterozygosity is approximately the same in
the source groups and in the mixed transplant groups
(all 

 

H

 

o

 

 

 

5

 

 0.579–0.591; Table 1). Expected heterozygos-
ity (

 

H

 

e

 

) is higher in the introduced wolves than in the
source populations, but this is expected in the com-
bined groups because of allele frequency differences be-
tween the source populations (the Wahlund effect).

 

Population Structure

 

Random mating (panmixia) is a proper null hypothesis
for population structure. Realistically, however, we would
not expect panmixia for most large mammals because
they are frequently territorial and dispersal distances are
generally limited (Chepko-Sade et al. 1987). The sim-
plest indicator of departure from panmixia is allele fre-
quency differentiation among geographically distant
samples. Allele frequencies tested over all 10 loci dif-
fered significantly among the four native (non-reintro-
duced) Canadian and Montana samples in all pairwise
tests (all 

 

p

 

 

 

,

 

 0.001 when combined over 10 loci). Signif-
icant allele frequency differences are compatible with
substantial levels of gene flow, however (Wright 1931;
1969; Allendorf & Phelps 1981), and because of high al-
lelic diversity, microsatellites are especially sensitive in-
dicators of allele frequency differentiation. Significant al-
lele frequency differences alone do not demonstrate
biologically important isolation.

 

F

 

-statistics provide more informative measures of pop-
ulation structure. The most important of these is 

 

F

 

ST

 

, the
proportion of total variation that is due to differences
between subpopulations (if 

 

F

 

ST

 

 

 

5

 

 1, subpopulations
have no alleles in common; if 

 

F

 

ST

 

 

 

5

 

 0, allele frequencies
in all subpopulations are identical). Among the three Ca-
nadian populations and among all four native popula-

 

Table 1. Genetic variation at 10 microsatellite loci in Rocky 
Mountain wolves.

 

a

 

Population

 

N A H

 

o

 

H

 

e

 

Fort St. John (source) 41.0 4.5 0.588 0.589
Hinton (source) 33.0 4.5 0.579 0.628
Banff 32.0 4.4 0.553 0.581
Montana (recolonized) 66.0 4.1 0.606 0.606
Yellowstone (founders)

 

b

 

31.0 4.7 0.591 0.635
Idaho (founders)

 

c

 

35.0 4.6 0.589 0.636
Total

 

d

 

172.0 5.4 0.587 0.641

 

a

 

N

 

, mean sample size per locus; 

 

A

 

, mean number of alleles per lo-
cus; 

 

H

 

o

 

, observed heterozygosity, and 

 

H

 

e

 

, binomial (Hardy-Wein-
berg) expected heterozygosity (unbiased estimate). Eight wolves
sampled at Fort St. John and Hinton were released and not trans-
ported to the U.S.

 

b

 

Fourteen wolves from Hinton (1995) and 17 from Fort St. John
(1996).

 

c

 

Fifteen wolves from Hinton (1995) and 20 from Fort St. John
(1996).

 

d

 

One hundred six wolves from Canada and 66 from Montana.
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tions (including Montana colonizers) 

 

F

 

ST

 

 (Nei 1977) was
0.074. This amount of differentiation is moderate for nat-
ural populations of animals in general (Nei 1987; Hartl &
Clark 1989), and it agrees closely with other studies of
wolves at similar geographic distances. Kennedy et al.
(1991) also found an 

 

F

 

ST

 

 of 0.074 in a group of eight
wolf subpopulations from northwestern Canada assayed
at five polymorphic allozyme loci. In another study us-
ing microsatellites, wolves from five populations sam-
pled throughout North America had a predictably
greater differentiation (

 

F

 

ST

 

 

 

5

 

 0.168; Roy et al. 1994).
Tests for deviation from binomial expected (Hardy-

Weinberg) genotype proportions in the four native pop-
ulations (Fort St. John, Hinton, Banff, Montana) showed
significant deviations only in the Hinton sample. In the
Hinton wolves two individual loci had significant het-
erozygote deficits after correcting for the number of
tests, and the randomization test combined over all 10
loci was also significant (

 

p

 

 

 

,

 

 0.01; data not shown).
This may be due to a moderate tendency of individuals
to breed in or near their natal home range in this popula-
tion or to a moderate, undetected dispersal barrier.

We also used Nei’s standard genetic distance (

 

D

 

; Nei
1978) to measure pairwise population differences. Nei’s

 

D

 

s among the native groups ranged from 0.093 between
Banff and Montana to 0.223 between Fort St. John and
Banff (Table 2; Fig. 2). Again, these distances are gener-
ally small compared to microsatellite 

 

D

 

s among wolf
populations spread throughout the continent, which
ranged from 0.182 to 0.418 (Roy et al. 1994).

We tested for correlation between genetic differentia-
tion and geographic distance between samples. In such
tests positive correlations indicate isolation-by-distance,
where gene flow between subpopulations results in
greater similarity between neighboring sub-populations
than between distant ones (Slatkin 1993). For these tests
we combined our data with those of Roy et al. (1994),
using the nine loci in common between the studies. For
the four Rocky Mountain samples alone, genetic differ-
entiation and geographic distance were significantly cor-
related (

 

R

 

S

 

 

 

5

 

 0.829; 

 

p

 

 

 

,

 

 0.05; one-tailed test; Fig. 2, open
circles). The 28 pairwise comparisons among all eight
samples also showed positive correlation (

 

R

 

S

 

 

 

5

 

 0.652;

 

p

 

 

 

,

 

 0.05; Fig. 2, all symbols). This test was significant

with the Vancouver Island population included, but the
correlation was greater and the test more significant
when the Vancouver Island sample was removed (

 

R

 

S

 

 

 

5

 

0.837; 

 

p

 

 

 

,

 

 0.001; Fig. 2, “V” points omitted). Vancouver
Island falls markedly off the differentiation-by-distance
curve at small distances. This population shows excess
differentiation from the Rocky Mountain samples (dashed
outline; Fig. 2), and this is attributable to genetic drift in
a relatively isolated island population (Tompa 1983).

The high mutation rate and stepwise mutation mecha-
nism at microsatellite loci make genetic distances such
as Nei’s 

 

D

 

 and 

 

F

 

ST

 

 increasingly suspect as differentiation
increases (Kimmel et al. 1996; Slatkin 1995; Nauta &
Weissing 1996). In contiguous subpopulations, where
gene flow is high or where separation is very recent,
population processes will have a stronger effect than
mutation and inferences based on these measures are re-
liable. The range within which this is true, however, is
not well established and may vary among taxa. In the
present case, positive correlations in the above tests in-
dicate that isolation-by-distance is measurable between
wolf subpopulations if samples are sufficiently numer-

 

Table 2. Pairwise genetic distances among Rocky Mountain wolf 
populations.*

 

Population 1 2 3 4 5 6

 

Fort St. John —
Hinton 0.150 —
Banff 0.223 0.127 —
Montana 0.162 0.145 0.093 —
Yellowstone founders 0.023 0.028 0.164 0.133 —
Idaho founders 0.016 0.037 0.137 0.118 0.005 —

 

*

 

Unbiased standard genetic distance (Nei 1978).

Figure 2. Comparison of genetic differentiation (FST 
estimator u) and geographic distance at nine micro-
satellite loci among wolf populations. There are 28 
pairwise comparisons among eight populations (all 
symbols): four Rocky Mountain samples from the 
present study and four more distantly spaced popula-
tions (Vancouver Island, Kenai Peninsula, Northwest 
Territories, and Quebec; data from Roy et al. 1994). 
The open circles are the comparisons among the four 
Rocky Mountain samples. The “V” symbols are the 
comparisons with the Vancouver Island sample. The 
dashed line surrounds the points comparing Vancou-
ver Island and its four nearest neighbors, which are 
the four Rocky Mountain samples.
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ous and large and if the tested populations cover a suffi-
cient range of distances. The lack of differentiation-dis-
tance correlation found by Roy et al. (1994) may be due
to absence of migration-drift equilibrium or to ho-
moplasy accumulated due to back-mutation at large ge-
netic divergences. However, lower statistical power due
to smaller sample sizes, fewer populations, and a smaller
range of geographic distances could also be responsible.
Furthermore, inclusion of an island population may have
obscured a pattern of migration-drift equilibrium on the
rest of the continent.

 

Genetic Estimates of Dispersal

 

Inferring reliable estimates of gene flow due to migra-
tion of individuals between populations is one of the
most difficult problems in conservation biology (Varvio
et al. 1986; Avise 1994). Because genetic estimates of mi-
gration are suspect where the evidence for migration-
drift equilibrium is weak or lacking (Slatkin 1993), the
most reliable estimates will be based on populations
most likely to be in equilibrium based on independent
information. For this purpose Fort St. John, Hinton, and
the Northwest Territories are the best choices because
(1) wolves were never fully extirpated from these areas
(Gunson 1983; Heard 1983; Tompa 1983), so there is
not a recent history of recolonization in these areas; (2)
these populations are close enough together (600–1200
km) and in adequately continuous wolf habitat to pro-
vide potential gene flow by migration based on field
data; and (3) divergence between contiguous popula-
tions will be least affected by high microsatellite muta-
tion rates.

For the Fort St. John and Hinton samples (about 600
km apart), the migration estimate (

 

N

 

e

 

m

 

) was 2.7 mi-
grants per generation (

 

N

 

e

 

 is the effective population
size, and 

 

m

 

 is the proportion of the population that is
migrants each generation; Slatkin 1987). Between the
Northwest Territories and either Fort St. John or Hinton
(about 1000 and 1200 km respectively) the estimates are
correspondingly less: 

 

N

 

e

 

m

 

 

 

5

 

 1.6 and 2.3 migrants per
generation for the Northwest Territories/Fort St. John
for the Northwest Territories/Hinton, respectively.
Given that the error in genetically estimating migration
may be 20 to 100% (Slatkin & Barton 1989), all the above
results are in reasonable agreement. These estimates are
expressed as the absolute number of migrants between
populations, independent of population size. Thus, in a
population of 100 packs (200 breeding adults) two mi-
grants per generation would mean replacement of only
1% of the breeding adults each generation.

 

Evidence of Dispersal from Field Studies

 

Because field and genetic data differ in their ability to es-
timate historical versus current gene flow, a combina-

tion of these approaches is advisable (Slatkin 1987;
Avise 1994). Our field data corroborate that the geneti-
cally estimated rate of two or more migrants per genera-
tion is reasonable. The field evidence of migration rates
in Rocky Mountain wolves comes from an intensive
study of dispersal in the Glacier National Park (GNP)
area recolonizing population, where high migration
rates and migration distances ranging from 200 to over
800 km are reported (Ream et al. 1991; Boyd et al.
1995). These are comparable to reports of long-distance
wolf dispersal in other areas such as Minnesota where
human development of the landscape is substantial
(Gese & Mech 1991; Mech et al. 1995). There is no cu-
mulative evidence of sex bias in dispersal frequency or
distance in these studies.

These large dispersal distances and rates suggest that
movements among widely separated packs and among
the three recovery areas are likely and that two migrants
per generation between large, permanent wolf popula-
tions is possible. Distances between the population cen-
ters of the three recovery areas range from 370 km be-
tween YNP and central Idaho to 540 km between GNP
and YNP (Fig. 1), and these distances are readily tra-
versed by wolves when conditions are favorable. South-
ward breeding dispersal of wolves from GNP has already
covered about half the distance from GNP to each of the
two reintroduction sites (shaded area extending south
of GNP; Fig. 1), and dispersal movements of Idaho
wolves have already ranged near the natural coloniza-
tion area (Fritts et al. 1997).

 

Management for Wolf Migration

 

The mountainous character of the study area fragments
the landscape into patches of suitable wolf habitat, usu-
ally centered around lower elevation valleys, in a matrix
of unsuitable habitat. This precludes the existence of a
continuous population of boundary-sharing packs, and it
encourages dispersal and consequent gene flow among
regions. If truly isolated in mountain valleys, these wolf
packs might potentially suffer inbreeding depression.
The long-distance movements described here, however,
show that such isolation is very unlikely.

Generalizations drawn from studies of permanent
populations in more homogeneous habitat (e.g., north-
ern Minnesota, parts of Canada and Alaska) may not ap-
ply to expanding populations in heterogeneous, moun-
tainous habitat. Patchy habitat distribution may make
Rocky Mountain wolves more typical of wolves in hu-
man-affected landscapes, where populations become in-
creasingly fragmented as development intrudes. Human
interference (ranches, highways, poachers) rather than
absolute distance will most likely limit migration be-
tween recovery areas. These obstructions, as well as po-
litical status and social attitudes, vary spatially and tem-
porally throughout our international study area, but are
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nevertheless key factors in wolf conservation (Mech
1995; Fritts & Carbyn 1995).

Conservation planning includes enhancing genetic ex-
change among recovery areas by management for migra-
tion corridors. The effectiveness of corridors, however,
depends on the needs and behaviors of individual spe-
cies (Noss et al. 1996). Wolves disperse at much greater
rates and over longer distances than other large carni-
vores, and they may be less prone to avoid human devel-
opment when habitat quality is otherwise high (Mech
1995; Mech et al. 1995; Paquet et al. 1996). Neither do
wolves necessarily choose designated recovery lands
(U.S. Fish and Wildlife Service 1994) for habitation.
Seven of the 15 breeding packs recorded during natural
recolonization (Fortine, Marion, Ninemile, Boulder, Thomp-
son River, Browning, and Choteau) were established
both outside the recovery area and outside suggested
wildlife migration corridors (U.S. Fish and Wildlife Ser-
vice 1987). Because wolves disperse so effectively, plan-
ning for discrete corridors may be less important than
management for wolf survival in the broad landscape
linkages already in use by wolves (Fritts & Carbyn 1995;
Noss et al. 1996). In the Rocky Mountains these connec-
tions are diminishing but apparently adequate at present.

 

Genetic Aspects of Wolf Recovery 

 

Reintroduced populations are generally small, and ge-
netic principles must be considered in their manage-
ment (Leberg 1990). The goal is to choose founders so
as to avoid loss of genetic variation, which in general
means using as many unrelated animals of both sexes as
possible from a population with a high level of variation.
In social animals, however, effects of management dis-
ruption on pair bonds and reproductive timing must also
be considered. Prescriptions for wolf reintroduction call
for use of animals from the closest thriving population
to minimize outbreeding and loss of local adaptation and
the transfer of extant packs to promote early reproduc-
tion (Shields 1983; U.S. Fish and Wildlife Service 1994).

The 1995 and 1996 reintroductions followed these
guidelines (Fritts et al. 1997), and the result has been
beneficial from a genetics perspective. The two geneti-
cally distinct source populations had high heterozygos-
ity levels, and the mixing of these sources was addition-
ally beneficial. 

Genetic variation in the reintroduced populations is
substantial and the initial population size is apparently
adequate to prevent a small founding bottleneck (

 

N

 

 

 

5

 

31 and 35 in YNP and Idaho, respectively). However, a
founder effect is still inevitable in the first generations of
reproduction. Heterozygosity is expected to be lost at a
rate of 1/(2

 

N

 

e

 

) per generation where 

 

N

 

e

 

 

 

is the effective
population size (Wright 1969), and in wolves 

 

N

 

e

 

 is much
less than the census population size due to the limitation
of breeding to alpha pairs (Chepko-Sade et al. 1987).

The severity of the founding bottleneck will depend on
the initial rate of reproduction and ongoing survivor-
ship. However, because the founding stock had high lev-
els of genetic variation, the immediate concern is more
about short-term demography than about genetics (Lande
1988). These demographic factors are difficult to predict
and are confounded by the uncertainties of human-
caused mortality.

The naturally recolonized Montana population poten-
tially remains connected by migration with Canada.
Thus, dispersal among the YNP and Idaho reintroduc-
tion areas and the recolonized Montana population
could connect the U.S. and Canadian Rocky Mountain
populations. Gene flow throughout the Rocky Moun-
tains would ultimately connect the reintroduced U.S.
populations to a large Canadian metapopulation that
numbers in the tens of thousands. Artificial translocation
is also seen as a viable option if natural migration is inad-
equate (U.S. Fish and Wildlife Service 1994).

 

Conclusions

 

It appears that all Rocky Mountain wolves, whether they
are in permanent, recovered, or reintroduced popula-
tions, have high heterozygosity ultimately because of the
dispersal of genetically sufficient numbers of animals
from stable population centers. We conclude that none
of the three recovery populations in isolation would
necessarily maintain a genetically viable population in
the long run, but that the dispersal capabilities of wolves
make such isolation unlikely if populations remain near
recovery goals. A greater threat to wolf recovery is the
possibility of chronically low numbers or minimal dis-
persal due to human-caused mortality. Broad landscape
connections where wolves are not persecuted outside
designated recovery areas are needed, and these can be
enhanced through effective legal protection and public
education.

A combination of field work and genetic analysis
yields valuable knowledge of wolves that neither of
these approaches alone can provide. The finding of high
genetic variation obviates any immediate concerns
about inbreeding in Rocky Mountain wolves. However,
these same field and laboratory techniques will be
needed in the future to assess population numbers and
long-term effective population size and to identify dis-
persers as members of the natural population.
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Appendix
Allele frequencies at 10 microsatellite loci in Rocky Mountain wolves.

Locus and allelea BPb

Population (sample size)

Fort St. John
(41)

Hinton
(33)

Banff
(32)

Montana
(66)

Yellowstone
(31)

Idaho
(35)

2
D 213 0.500 0.409 0.766 0.705 0.387 0.486
E 215 0.061 0.015 0.000 0.000 0.048 0.043
F 217 0.402 0.030 0.000 0.129 0.274 0.229
H 221 0.000 0.167 0.031 0.000 0.048 0.114
I 223 0.037 0.379 0.203 0.167 0.242 0.129

109
A 143 0.012 0.348 0.094 0.030 0.226 0.129
B 145 0.427 0.136 0.203 0.212 0.274 0.314
C 147 0.024 0.227 0.281 0.159 0.161 0.086
D 149 0.305 0.106 0.031 0.250 0.161 0.271
E 151 0.122 0.061 0.375 0.303 0.048 0.086
F 153 0.012 0.000 0.000 0.000 0.016 0.000
G 155 0.098 0.121 0.016 0.045 0.113 0.114

123
E 145 0.780 0.727 0.563 0.712 0.758 0.729
F 147 0.000 0.000 0.000 0.008 0.000 0.000
G 149 0.037 0.061 0.172 0.182 0.016 0.086
H 151 0.183 0.015 0.000 0.000 0.097 0.114
I 153 0.000 0.000 0.063 0.000 0.000 0.000
J 155 0.000 0.197 0.203 0.098 0.129 0.071

172
H 155 0.488 0.485 0.141 0.288 0.516 0.457
I 157 0.512 0.515 0.859 0.712 0.484 0.543

200
E 123 0.268 0.485 0.656 0.333 0.387 0.343
I 131 0.268 0.091 0.031 0.235 0.161 0.214
J 133 0.195 0.303 0.156 0.318 0.194 0.286
K 135 0.012 0.030 0.000 0.000 0.048 0.000
L 137 0.256 0.091 0.156 0.114 0.210 0.157

204
A 202 0.049 0.197 0.281 0.318 0.097 0.143
B 204 0.085 0.242 0.344 0.129 0.177 0.157
D 208 0.317 0.333 0.344 0.318 0.339 0.300
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Appendix. Continued

Locus and allelea BPb

Population (sample size)

Fort St. John
(41)

Hinton
(33)

Banff
(32)

Montana
(66)

Yellowstone
(31)

Idaho
(35)

E 210 0.549 0.227 0.031 0.235 0.387 0.400
225

B 160 0.354 0.424 0.078 0.235 0.452 0.314
C 162 0.378 0.379 0.500 0.288 0.355 0.443
D 164 0.244 0.000 0.141 0.045 0.113 0.143
E 166 0.024 0.197 0.281 0.432 0.081 0.100

250
E 134 0.000 0.000 0.063 0.000 0.000 0.000
F 136 0.244 0.197 0.250 0.182 0.258 0.171
G 138 0.183 0.273 0.047 0.053 0.290 0.200
H 140 0.232 0.348 0.313 0.076 0.161 0.386
I 142 0.000 0.015 0.063 0.205 0.000 0.000
J 144 0.232 0.136 0.266 0.485 0.226 0.143
L 148 0.110 0.030 0.000 0.000 0.065 0.100

344
A 156 0.913 0.818 0.734 0.697 0.883 0.871
D 162 0.050 0.030 0.063 0.061 0.050 0.043
E 164 0.013 0.152 0.172 0.242 0.050 0.071
F 166 0.000 0.000 0.031 0.000 0.000 0.000
G 168 0.025 0.000 0.000 0.000 0.017 0.014

377
B 146 0.073 0.076 0.000 0.023 0.000 0.129
C 148 0.098 0.136 0.141 0.500 0.145 0.114
G 156 0.049 0.000 0.094 0.000 0.032 0.029
H 158 0.037 0.045 0.016 0.045 0.048 0.014
I 160 0.000 0.045 0.000 0.000 0.032 0.014
J 162 0.134 0.439 0.203 0.144 0.242 0.314
K 164 0.122 0.061 0.063 0.045 0.129 0.086
L 166 0.488 0.197 0.438 0.242 0.371 0.300
O 172 0.000 0.000 0.047 0.000 0.000 0.000

aLetter codes designate two-basepair allele size increments that match the codes in Roy et al. (1994).
bBP is the size of the PCR product for each allele in DNA basepairs.
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Abstract
Rapid environmental change makes adaptive potential—the capacity of populations to evolve genetically based changes in 
response to selection—more important than ever for long-term persistence of at-risk species. At the same time, advances 
in genomics provide unprecedented power to test for and quantify adaptive potential, enabling consideration of adaptive 
potential in estimates of extinction risk and laws protecting endangered species. The U.S. Endangered Species Act (ESA) 
is one of the most powerful environmental laws in the world, but so far, the full potential of genomics in ESA listing and 
recovery decisions has not been realized by the federal agencies responsible for implementing the ESA or by conservation 
geneticists. The goal of our paper is to chart a path forward for integrating genomics into ESA decision making to facilitate 
full consideration of adaptive potential in evaluating long-term risk of extinction. For policy makers, managers, and other 
conservation practitioners, we outline why adaptive potential is important for population persistence and what genomic tools 
are available for quantifying it. For conservation geneticists, we discuss how federal agencies can integrate information on the 
effect of adaptive potential on extinction risk—and the related uncertainty—into decisions, and suggest next steps for advanc-
ing understanding of the effect of adaptive potential on extinction risk. The mechanisms and consequences of adaptation are 
incredibly complex, and we may never have a complete understanding of adaptive potential for any organism. Nevertheless, 
we argue that the best available evidence regarding adaptive potential can now be incorporated by federal agencies into 
modeling and decision making processes, while at the same time conserving genome-wide variation and striving for a deeper 
understanding of adaptive potential and its effects on population persistence to improve decision making into the future.

Keywords Adaptation · Genomics · U.S. Endangered Species Act · Conservation policy · Extinction risk

Introduction

The unprecedented rate of global environmental change 
means that many species and populations will have to adapt 
(see Box 1 for glossary of genetic terms in bold) to this 
change, or go extinct (Bell and Collins 2008; Hoffmann and 
Sgro 2011). The dramatic increase in human population 
size and associated rapid environmental change has been 
termed the “Great Acceleration” by the International Geo-
sphere–Biosphere Programme (Steffen et al. 2015). Human-
caused climate change, in particular, has already impacted 
biodiversity at all levels of biological organization and on 
every continent, including extinction of many species, with 
many more extinctions projected (Penuelas et al. 2013; 
Scheffers et al. 2016). Three primary mechanisms allow 
persistence in the face of this rapid environmental change: 
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dispersal, phenotypic plasticity, and genetically-based 
adaptation to changing conditions (Dawson et al. 2011; 
O’Connor et al. 2012; Nicotra et al. 2015). In addition, epi-
genetic variation may play a role in buffering populations 
from environmental change (Bernatchez 2016; Verhoeven 
et al. 2016). Thus, species with greater adaptive potential—
the capacity to evolve genetically-based changes in traits 
in response to changing environmental conditions—will be 
more resilient to climate and other environmental change.

Despite recognition of the critical importance of adaptive 
potential for persistence in the face of environmental change, 
it has been difficult or impossible to quantify for the vast 
majority of species. Adaptive potential is ultimately deter-
mined by the amount of additive genetic variation for adap-
tive traits within and among populations (see section below 
on “What determines adaptive potential of a species?”). 
Thus, genetic differences among individuals within popula-
tions, as well as genetic differences among populations, con-
tribute to the overall adaptive potential of a species. The tra-
ditional approach for quantifying additive genetic variation 
within populations is to estimate the proportion of variance 
in a trait that is heritable using controlled breeding (Falconer 
and MacKay 1996). The gold standard for testing for adap-
tive differences among populations is a reciprocal transplant 
experiment. In these experiments, individuals from two dif-
ferent populations are transplanted to the environment of 
the other population to test whether individuals have greater 
fitness in their native environment compared to the foreign 
environment, demonstrating local adaptation (Clausen et al. 
1948). Controlled breeding designs and reciprocal transplant 
experiments, however, are not feasible for most species of 
conservation concern, especially mobile or large endangered 
animals with small population sizes.

Fortuitously, the genomics revolution provides more 
power than ever to test for and quantify adaptation and 
adaptive potential to improve implementation of conserva-
tion policy (Black et al. 2001; Luikart et al. 2003; Beau-
mont and Balding 2004; Allendorf et al. 2010). For the 
first time, population genomics provides a means of test-
ing for adaptation in species for which controlled breeding 
and reciprocal transplant experiments are impractical or 
impossible. Population genomics is the use of genome-
wide data (e.g., single-nucleotide polymorphisms 
[SNPs]) at thousands to millions of loci across the genome 
of a sample of organisms to make inferences about micro-
evolutionary processes (gene flow, genetic drift, selec-
tion, and mutation; Black et al. 2001; Luikart et al. 2003). 
The field has been enabled by rapid advances in next-
generation sequencing (NGS) technology and computa-
tional power (Glenn 2011; Catchen et al. 2013; Hohenlohe 
et al. 2013). Due to the huge number of loci included in 
population genomic studies (typically thousands to hun-
dreds of thousands), various statistical approaches can be 

used to identify putatively adaptive loci (Beaumont and 
Balding 2004; Joost et al. 2007; Coop et al. 2010; Frichot 
et al. 2013; Forester et al. 2018). By contrast, traditional 
population genetic approaches, which use a much smaller 
number of loci (e.g., 10–20), have much less power to 
identify adaptive loci because they evaluate insufficient 
numbers of molecular markers.

In particular, genomics has tremendous potential to 
improve our ability to incorporate information on adaptive 
potential into laws protecting endangered species. Several 
countries have enacted such laws, including the Endangered 
Species Act in the United States (ESA; passed in 1973), 
the Biodiversity Law of Costa Rica (passed in 1992), the 
Endangered Species Protection Act of Australia (passed 
in 2002), Canada’s Species at Risk Act (passed in 2002), 
and the South African National Environmental Manage-
ment Biodiversity Act (passed in 2004; Waples et al. 2013). 
Here, we focus on application of genomics in listing and 
recovery decisions under the ESA as a case study of how 
information on adaptive potential inferred from genomics 
and other approaches can be integrated into risk assessments 
to improve implementation of endangered species laws. The 
ESA is one of the most powerful environmental laws in the 
world, providing the statutory basis for listing and legal pro-
tection of species and subspecific units determined to be 
threatened or endangered (Carroll et al. 1996; Waples et al. 
2013). Since the law was signed in 1973, 2318 species—
with ranges inside and outside the U.S.—have been listed 
as threatened or endangered, and 53 of these species have 
recovered to the point where they could be delisted (https ://
ecos.fws.gov/ecp0/repor ts/delis ting-repor t), indicating it can 
be an effective law for improving the conservation status of 
at-risk species.

Many factors are considered in ESA listing and recovery 
decisions, including information on the capacity of species 
to adapt to cope with new environmental stressors (Carroll 
et al. 1996; Shaffer and Stein 2000; Vucetich et al. 2006; 
see Box 2). However, given the past difficulty of quantify-
ing adaptive potential, little information has typically been 
available for most species that are candidates for listing. 
Because genomics greatly increases the feasibility of char-
acterizing adaptive potential in non-model species, it can 
improve ESA listing and recovery decisions by allowing esti-
mation and integration of adaptive potential into models of 
extinction risk. Due to the nascency of genomics, it has had 
limited application to the ESA so far. Compared to evolu-
tion and ecology where the use of genomics is widespread, 
its application to conservation questions has lagged behind 
due to several previously discussed obstacles (Shafer et al. 
2015). However, this is changing rapidly as genomic tools 
are increasingly applied to conservation problems (Garner 
et al. 2016). Now is a critical time to determine how best to 

https://ecos.fws.gov/ecp0/reports/delisting-report
https://ecos.fws.gov/ecp0/reports/delisting-report
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use genomics to directly inform conservation policy, includ-
ing ESA decisions.

The goal of this paper is to provide guidance on how 
genomics can be integrated into ESA decision making to 
facilitate full consideration of adaptive potential in evaluat-
ing long-term extinction risk. This paper is geared towards 
both conservation practitioners (e.g., policy makers and 
managers) as well as conservation geneticists. For conser-
vation practitioners, our objectives are to explain: (1) what 
determines adaptive potential; (2) why adaptive potential is 
important to conservation; and (3) what genomic tools are 
available for quantifying adaptive potential. For conserva-
tion geneticists, our objectives are to: (1) explain how fed-
eral agencies make ESA listing and recovery decisions, and 
how information on adaptive potential can be incorporated 
into these decisions; (2) explain how these decisions can be 
made in the face of uncertainty about the effects of adaptive 
potential on extinction risk; and (3) suggest next steps for 
advancing understanding of the effect of adaptive potential 
on extinction risk. Although we focus on the ESA here, our 
discussion of ways to apply genomics to ESA decision mak-
ing should be applicable to similar laws in other countries.

Box 1 Glossary of genetic and evolutionary terms

Adapt

When a population adapts, it is showing a genetically-
based change in a trait in response to natural selection that 
increases fitness within the population. As used throughout 
this paper, an evolutionary process.

Adaptive loci

Regions of DNA that have been identified as under selec-
tion. These loci may be candidates when genetic markers 
are anonymous, or may be validated if they are linked to 
or inside a gene (identified by using an annotated reference 
genome or transcriptome).

Adaptive potential

The capacity to evolve genetically-based changes in traits in 
response to changing environmental conditions. Also known 
as “evolutionary potential”.

Additive genetic variation

The amount of the total genetic variation that responds to 
natural selection. The phenotypic similarity between parents 
and offspring is a product of additive genetic variation.

Allele

Alternative forms of a gene or molecular marker.

Divergent selection

When different alleles are favored in different environ-
ments at a genetic locus. Reduces genetic variation within 
populations and increases genetic divergence among 
populations.

Effective population size (Ne)

The size of an ideal population that would experience the 
same amount of genetic drift as in the focal population. 
Typically smaller than the census (observed) population 
size.

Epigenetics

Heritable changes in gene expression that do not involve 
changes in the DNA sequence. For example, environmen-
tally-induced variation in DNA methylation can cause dif-
ferential gene expression.

Evolutionary rescue

An increase in population growth and avoidance of extinc-
tion through adaptation from standing genetic variation, 
mutation, or gene flow.

Gene expression

The transcription of information encoded in a gene into a 
messenger RNA, which then is translated into a protein.

Gene flow

The movement of alleles among populations resulting 
from dispersal and successful reproduction. Increases 
genetic variation within populations and reduces genetic 
divergence among populations.

Genetic drift

Random changes in allele frequencies due to the finite 
sampling of alleles in each generation. Reduces genetic 
variation within populations and increases genetic diver-
gence among populations. Is more important in small 
populations than large populations.
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Genomic data

Any large set of molecular markers (e.g., hundreds to mil-
lions) that can be used to address questions related to neu-
tral and adaptive variation.

Genomics

Genotyping large sets of genetic markers to whole genome 
sequencing. In all cases the goal is to study the function 
and/or structure of these markers.

Heritability

Most commonly refers to the proportion of phenotypic 
variation among individuals that is due to additive genetic 
variation (also known as “narrow-sense heritability”). This 
form of heritability provides a measure of the evolvability 
of the trait. By contrast, “broad-sense heritability” is the 
proportion of phenotypic variation among individuals that 
is due to all genetic differences, including additive, domi-
nance, and epistatic genetic variation.

Inbreeding depression

A reduction in the fitness of offspring resulting from mat-
ings between closely related individuals.

Linkage disequilibrium (LD)

The non-random association of alleles at different loci. 
Influenced by many factors, including recombination, 
genetic drift, selection, and effective population size. LD 
is generally higher in populations with smaller effective 
sizes.

Locus

The location of a region of DNA on a chromosome. Plural 
is “loci.”

Markers

Genetic sequence information used to differentiate individu-
als, populations, and species. Examples include microsatel-
lites, single nucleotide polymorphisms, and DNA sequences.

Mutation

Change in the genetic sequence and the ultimate source of 
genetic variation. Variation generated by mutation is acted 

upon by genetic drift, gene flow, and selection to deter-
mine the genetic variation within and among populations.

Neutral processes

Microevolutionary processes that are neutral (i.e., without 
selection). Includes mutation, genetic drift, and gene flow.

Next‑generation sequencing (NGS)

Nucleotide sequencing technologies that produce millions 
of DNA or RNA sequence reads in a single run.

Phenotypic plasticity

The capacity of a single genotype to produce multiple phe-
notypes in response to different environmental conditions.

Population genetics

The use of a small set (tens) of molecular markers from a 
sample of organisms to make inferences about neutral micro-
evolutionary processes.

Population genomics

The use of a large set (thousands to millions) of genome-
wide molecular markers from a sample of organisms to make 
inferences about neutral and adaptive microevolutionary 
processes.

Selection

Differences in survival and reproduction of different geno-
types that result in differential contributions to subsequent 
generations.

Single nucleotide polymorphism (SNP)

A one base pair difference in DNA sequence between indi-
viduals in a population. A common molecular marker used 
in genomic studies.

Box 2 Adaptive potential and ESA listing 
and recovery decisions: history, present, and future

Until recently, adaptive potential was not explicitly con-
sidered in U.S. Endangered Species Act (ESA) listing and 
recovery decision making. Over the past several years, the 
U.S. Fish and Wildlife Service (USFWS) has included evalu-
ation of a species’ resiliency, redundancy, and representa-
tion in listing and recovery efforts (Shaffer and Stein 2000; 
USFWS 2016; Smith et al. 2018). Resiliency is the ability 
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to sustain populations in the face of environmental varia-
tion and stochasticity. Redundancy is the ability to withstand 
catastrophic events, protecting a species against unpredict-
able and highly consequential events for which adaptation 
is unlikely. Representation is the ability to adapt to chang-
ing environmental conditions; it is the species’ evolution-
ary capacity or flexibility. It is under this latter category 
that agency scientists have started to include assessments of 
adaptive potential.

For example, the 2017 listing of the rusty patched bum-
ble bee (Bombus affinis; Fig. 1) as endangered used a proxy 
for adaptive potential when evaluating this species’ repre-
sentation (USFWS 2017). Agency scientists assessed the 
past, present, and future occupancy of ecoregions (areas of 
unique climatic conditions) and found a decline from 15 to 
6 occupied ecoregions from historical to current time, with 
only two ecoregions remaining occupied under three future 
risk scenarios (Symanski et al. 2016a). This ongoing loss 
of ecological representation influenced the species listing 
decision, since these declines have “…greatly reduced the 
rusty patched bumble bee’s ability to adapt to changing envi-
ronmental conditions and to guard against further losses of 
adaptive diversity…” (USFWS 2017).

Another recent listing decision for the eastern massa-
sauga rattlesnake (Sistrurus catenatus; Fig. 1) used a similar 
approach, but incorporated a wider range of available infor-
mation, including ecological, phenotypic, and genetic data, 
to identify ecotypes that were representative of adaptive 
diversity (Symanski et al. 2016a, b; USFWS 2016). Drawing 
on published studies using microsatellite loci and mitochon-
drial DNA, agency scientists identified three distinct analysis 
units that represented the genetic and ecological diversity 
needed to maintain adaptive potential. Changes in the extent 
of occurrence within these units over time were then used to 
support a threatened listing status for this species, since “…
losses of geographical areas among and within the analysis 
units may equate to irreplaceable losses of adaptive diver-
sity…” (Symanski et al. 2016a, b).

These cases illustrate the effective use of proxies for 
adaptive potential, when direct evaluations are not avail-
able from genomic data. While genomic assessments of 
adaptive potential have not yet been used (to our knowl-
edge) in an ESA listing or recovery decision, these data 
are increasingly available in many species of conserva-
tion concern. For example, the Southwestern willow fly-
catcher (Empidonax traillii extimus; Fig. 1) was listed as 
endangered in 1995, prior to consideration of adaptive 
potential or representation (USFWS 1995). Even at the 
time of listing, there was debate about the validity of this 
subspecies classification, which has continued over the 
past 20 years (Zink 2015; Theimer et al. 2016). However, 
a recent genomic analysis of the willow flycatcher com-
plex has demonstrated the presence of local adaptation 
across the four subspecies related to temperature extremes 
(Ruegg et al. 2018), supporting the established subspe-
cies designations. In addition, based on adaptive geno-
type-environment relationships, this study found evidence 
that the Southwestern subspecies is at the greatest risk for 
climate-mediated extinction due to high levels of genomic 
vulnerability (a measure of the mismatch between adaptive 
genotypes and future environmental conditions). These 
data not only support ongoing recovery efforts, but also 
provide direction for targeted recovery work in populations 
with low genomic vulnerability, where the implementation 
of recovery actions is likely to be most effective (Ruegg 
et al. 2018).

These examples illustrate how adaptive potential is 
increasingly being recognized as an important factor to 
consider when evaluating a species’ extinction risk and 
capacity for recovery. Genomic data can play an impor-
tant role in these efforts by allowing adaptive potential to 
be quantified. With the increasing application of genomic 
methods to species of conservation concern, we expect an 
increase in the use of genomics-informed assessments of 
adaptive potential in listing and recovery decisions.

Fig. 1  Rusty patched bumblebee (Bombus affinis; photo credit: Johanna James-Heinz), eastern massasauga rattlesnake (Sistrurus catenatus; 
photo credit: Nick Cairns), and willow flycatcher (Empidonax traillii; photo credit: Kelly Colgan Azar)
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Adaptation and conservation

What determines adaptive potential of a species?

Adaptation is genetically-based change in traits that 
increases fitness. Adaptation results from selection on 
heritable phenotypic variation. The rate of adaptation in a 
given trait is proportional to the amount of additive genetic 
variation underlying that trait (Falconer and Mackay 
1996). The adaptive potential of a species is determined by 
the amount of additive genetic variation within and among 
populations in fitness-related traits (Fig. 2). The ultimate 
source of all genetic variation is mutation (Dobzhansky 
and Wright 1941). Genetic drift, gene flow, and selec-
tion then act on variation generated by mutation to struc-
ture variation within and among populations. Genetic 
drift—random changes in allele frequencies due to the 
finite number of alleles passed on to the next generation—
causes a reduction in genetic variation within populations 
and divergence in allele frequencies among populations. 
The effective size of a population (Ne), which is typi-
cally smaller than the observed number of individuals in 
a population, determines the rate of genetic drift (Wright 
1938; Kimura and Crow 1963). Isolated populations with 
smaller Ne have more genetic drift and less adaptive poten-
tial. Gene flow is the movement of alleles among popula-
tions caused by dispersal and reproduction (Wright 1943; 
Slatkin 1987). Gene flow is predicted to cause an increase 
in genetic variation within populations, but a reduction 
in genetic divergence among populations. Finally, selec-
tion is caused by differences in fitness among genotypes 
(Fisher 1930; Haldane 1930; Wright 1931). Depending on 
the form of selection, it can decrease or increase genetic 
variation within and among populations. Divergent selec-
tion occurs when different alleles are favored in different 
environments at a given locus, and results in a reduction 
in within-population genetic variation and an increase in 
genetic differences among populations at the loci under 
selection. Ultimately, to conserve adaptive potential, it is 
necessary to conserve multiple large populations with min-
imal genetic drift, and allow gene flow among these popu-
lations so that they can exchange adaptive variants (Garant 
et al. 2007; Allendorf et al. 2013). In species or conserva-
tion units that exist as single populations, management 
should be focused on reducing threats and maximizing 
population size to minimize the probability of extinction.

Why is adaptation relevant to conservation?

Population genetic theory predicts that maintenance of 
additive genetic variation, the source of adaptive potential, 

is important for long term persistence (Burger and Lynch 
1995). One well-known guideline for avoiding inbreed-
ing depression and maintaining additive genetic varia-
tion is the “50/500 rule” (Franklin 1980). It states that a 

Fig. 2  Potential distribution of adaptive potential within and among 
populations, and genomic approaches for characterizing adaptive 
potential under these different scenarios. Although heat tolerance is 
most likely a polygenic trait, here, we show a single locus contrib-
uting to heat tolerance for the sake of simplicity. Each two-letter 
genotype represents a single diploid individual.  If, for example, hot 
(denoted by h) and cold (denoted by c) tolerant alleles are segregating 
at a given locus within a population, then adaptive potential for heat 
tolerance allows the evolution of this trait within this population (a). 
In this case, genomic approaches could be used to estimate the herit-
ability of heat tolerance or to identify loci underlying heat tolerance 
using a genome-wide association study (GWAS). Alternatively, if 
two different populations are fixed for alternative alleles at this locus 
due to strong divergent selection in hot (red) vs. cold (blue) environ-
ments, then there is no adaptive potential within populations, but 
there is adaptive potential in the entire metapopulation or species as a 
whole (b). In this case, heat tolerance could evolve in the population 
fixed for the c allele as long as immigration (natural or mediated by 
humans) into this population from the population fixed for the h allele 
occurs. Here, genomics could be used to test for loci with signatures 
of divergent selection and adaptive divergence using FST outlier tests. 
Finally, if a continuously distributed species is locally adapted to a 
climatic gradient, then an allele frequency cline should evolve at loci 
underlying thermal tolerance (c). In this case, genotype-by-environ-
ment associations (GEA) can be used to identify loci that are puta-
tively involved in adaptation along this climatic gradient. (Color fig-
ure online)
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minimum Ne of 50 is needed to avoid significant inbreed-
ing depression over the short-term, and a minimum Ne of 
500 is needed to maintain adaptive potential over the long-
term. This rule of thumb has been the subject of much 
debate (Jamieson and Allendorf 2012, 2013; Frankham 
et al. 2013), but the general idea that large Ne is needed to 
maintain adaptive potential, especially with rapid environ-
mental change, is well accepted (Bell and Collins 2008; 
Hoffmann et al. 2017).

Some of the best evidence for the importance of adap-
tive potential in conservation comes from controlled labora-
tory experiments in model species. For example, Frankham 
et al. (1999, 2002) have demonstrated that small laboratory 
populations of Drosophila melanogaster are unable to evolve 
and persist in response to stressful environmental conditions. 
Populations that went through extreme bottlenecks of two 
individuals for one to three generations went extinct in high 
salt environments more frequently than outbred control pop-
ulations (Frankham et al. 1999). Similarly, populations with 
low genetic variation maintained for 50 generations went 
extinct more often than populations with higher genetic vari-
ation (Frankham et al. 2002). Controlled laboratory experi-
ments in flower beetles (Tribolium castaneum) yield similar 
results. Agashe et al. (2011) found that genetically diverse 
wheat-adapted flour beetle populations exposed to a novel 
suboptimal corn resource were less likely to go extinct than 
genetically depauperate populations. Moreover, genetically 
diverse populations recovered more quickly. Thus, labora-
tory studies support theoretical expectations that populations 
with more genetic variation are more likely to adapt and 
persist in novel stressful environments.

We also know that some populations have evolved in 
response to rapid environmental change (Hoffmann and 
Sgro 2011; Hansen et al. 2012; Penuelas et al. 2013; Schef-
fers et al. 2016; Cattau et al. 2017). Kovach et al. (2012) 
found evidence for the evolution of earlier run timing in 
a population of pink salmon (Oncorhynchus gorbuscha) in 
Auke Creek, Alaska. Late-migration phenotypes decreased 
from 30% to less than 10% in this population over a 40-year 
period during which temperatures in Auke Creek increased 
significantly. Moreover, a genetic marker for late migration 
timing decreased threefold during the same timeframe. In 
another example, Franks et al. (2016) found rapidly evolved 
changes in multiple phenotypic traits, including flowering 
time, in Brassica rapa in response to a multiyear drought 
in California. By comparing genome-wide differences 
between individuals sampled before vs. after the drought, 
they uncovered shifts in allele frequencies in many genes, 
some of which are related to drought stress and flowering 
time. These and many other examples demonstrate that 
rapid environmental change has already resulted in evolved 
adaptations (Hoffmann and Sgro 2011; Savage and Zamudio 

2011; Hansen et al. 2012; Bataille et al. 2015; Scheffers et al. 
2016; Cattau et al. 2017).

In contrast, other populations lack adaptive potential or 
have failed to evolve in response to environmental change. 
An example of the lack of adaptive potential comes from 
the intertidal copepod, Tigriopus californicus (Kelly et al. 
2012). This species is highly adapted to local temperatures 
across a latitudinal gradient of 17° along the Pacific coast of 
North America. Less than one percent of quantitative vari-
ance in thermal tolerance is partitioned within populations; 
most variance in this trait is due to differences among popu-
lations. Moreover, heat tolerant phenotypes observed in low 
latitude populations did not evolve in high latitude popula-
tions after 10 generations of strong selection, indicating a 
lack of adaptive potential within populations. In chinook 
salmon (Oncorhynchus tshawytscha), Muñoz et al. (2015) 
found a lack of additive genetic variation for arrhythmic tem-
perature of the heart, which constrains the thermal limit to a 
maximum of 24.5 °C. Based on projected increases in river 
temperatures, the authors estimated a 17% chance of cata-
strophic population decline by 2100, assuming behavioral 
and phenological changes do not buffer the population from 
increasing temperature. These examples suggest that many 
populations will likely lack sufficient additive genetic vari-
ation to adapt quickly enough to the pace of climate change, 
at least without aggressive between-population translocation 
efforts. Moreover, we know based on theory and lab studies, 
such as those described above, that reduction in population 
sizes and isolation caused by habitat loss, fragmentation, 
and other anthropogenic stressors will reduce the capacity of 
populations to adapt in response to climate or other environ-
mental change. Thus, we need to be particularly cognizant 
of the erosion of adaptive potential for at-risk species with 
small population sizes. To determine the adaptive potential 
of a species, we first need to quantify heritable variation 
within populations and adaptive differences among them 
(Fig. 2).

Quantifying adaptive potential

Traditional approaches for quantifying adaptive 
potential

Within a population, adaptive potential for a given trait is 
determined by the heritability of that trait. Heritability can 
be thought of as the proportion of variance in a trait that is 
caused by genetic factors. The greater the heritability of a 
trait, the more it will evolve across generations in response 
to selection. In contrast, if heritability of a trait is zero, then 
that trait cannot evolve in response to selection. Tradition-
ally, heritability is estimated using methods that rely on 
controlled breeding experiments, so that the identities of 
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parents and offspring are known. For example, heritability 
can be estimated as the regression coefficient in a regression 
of family means against midparent values (the average trait 
value of both parents) for a given trait (Falconer and Mackay 
1996). In addition to controlled breeding, these experiments 
often used controlled laboratory conditions (often termed 
a “common garden,” as early studies of heritability were 
typically done on plants) to control for the influence of the 
environment on phenotypic variation, making them difficult 
or impossible to implement in many species (Table 1).

Adaptive differences among populations can also increase 
the adaptive potential of a species. This is why several 
authors have emphasized the importance of delineating and 
maintaining adaptively divergent populations for long-term 
persistence of species (Ryder 1986; Waples 1991; Crandall 
et al. 2000; Fraser and Bernatchez 2001; Funk et al. 2012). 
Even when a trait is not heritable within populations, the 
trait can evolve if genetic differences among populations 
in that trait are moved among populations via gene flow 
(Fig. 2). Thus, it is important to quantify adaptive differ-
ences among populations in addition to heritable variation 
within populations. Three main lines of evidence are tradi-
tionally used to demonstrate adaptive differentiation among 
populations (Table 1). First, environmental differentiation 
that is accompanied by phenotypic divergence across sites or 
populations can provide support for local adaptation (Han-
son et al. 2017). For example, tortoise populations in the 
Galapagos Archipelago can be found in two habitat types: 
mesic and xeric. Tortoises in mesic habitats have a dome-
shaped shell, while tortoises in xeric habitats have a saddle-
back-shaped shell, indicating that tortoises may be locally 
adapted (Fritts 1984). This hypothesis is supported by data 
indicating that competition for resources is more intense and 
agonistic behaviors more common in xeric habitats, where 
the saddleback phenotype is at a competitive advantage 
(Fritts 1984). Saddleback tortoises have longer necks and 
forelimbs, and a carapace shape that allows for higher verti-
cal reach, characteristics that increase both vertical feeding 
range and dominance during agonistic encounters.

The second traditional line of evidence for adaptive dif-
ferences among populations comes from common garden 
experiments (Claussen et  al. 1948; McKay et  al. 2001; 
Thorpe et al. 2005). While environmental and phenotypic 
differences among populations can be useful for hypothesis 
generation, inferences based on these patterns alone can be 
confounded by phenotypic plasticity, which is the capac-
ity of a single genotype to produce multiple phenotypes in 
response to different environmental conditions. A common 
garden experiment can be used to test whether phenotypic 
variation is genetically determined or due to plasticity. If 
phenotypic differences between individuals from different 
environments are maintained when they are reared in a com-
mon environment, it indicates the phenotype is genetically 

based, rather than plastic. Most variation in traits is due to a 
combination of genetic variation and plasticity.

The third traditional line of evidence for adaptive dif-
ferences among populations comes from reciprocal trans-
plant experiments (Berven 1982; Nagy and Rice 1997; 
Sork 2018). In these experiments, individuals are swapped 
between two different environments to test whether individu-
als are adapted to their local environment. If individuals do 
better in their native environment compared to the foreign 
environment, this suggests they are locally adapted to their 
native environment. However, in addition to being difficult 
or impossible to implement for many at-risk species, the use 
of controlled breeding and reciprocal transplant experiments 
to gauge overall adaptive potential within and between popu-
lations can be problematic (Hendry et al. 2011; Hoffmann 
et al. 2017). In particular, results of these experiments are 
only relevant to the trait, environment, and population that 
is studied, and can overestimate or underestimate adaptive 
potential (Harrisson et al. 2014).

Research on the threatened Italian agile frog (Rana 
latastei) provides an example of a combined, non-genomic 
(traditional) approach to testing for local adaptation and 
quantifying adaptive potential. This species shows differ-
ences in larval growth over short geographic distances as 
a function of temperature: tadpoles in colder environments 
take approximately 1 month longer for metamorphosis com-
pared to tadpoles in warmer environments, which led Fice-
tola and De Bernardi (2005) to hypothesize that these frogs 
are adapted to their local temperature regime. Interestingly, 
a common garden experiment confirmed a genetically based 
difference in developmental rates among these populations, 
but in the opposite direction to that observed in the wild. 
Cold-adapted tadpoles developed faster than warm-adapted 
tadpoles held at the same temperature. This indicates selec-
tion for faster development in cold climates, despite slower 
growth in the field (Ficetola and De Bernardi 2005). These 
results were used to provide support for in situ conservation 
of cold-adapted populations, rather than transferring indi-
viduals between cold and warm populations, which could 
potentially disrupt local adaptation (Ficetola and De Ber-
nardi 2005).

Genomic approaches for quantifying adaptive 
potential

While traditional methods for investigating adaptive 
potential can be useful in certain species, the necessity of 
controlled breeding and experiments means they will not 
be applicable for most at-risk populations and species. 
Fortunately, technological advances in next-generation 
sequencing provide novel opportunities to estimate adap-
tive potential in wild populations, providing stronger evi-
dence than simple correlative approaches and avoiding the 
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need for manipulative experiments (Table 1). Cost-effective 
genomic sequencing methods can be used in any species, 
even in cases where no prior genomic information is avail-
able (Andrews et al. 2016). These sequencing approaches 
produce large genomic datasets, for example, genotypes at 
thousands of SNPs for hundreds of individuals (Lowry et al. 
2016; McKinney et al. 2017; Catchen et al. 2017). These 
genomic data can then be used in downstream analyses to 
estimate adaptive potential within and among populations. 
While many of these methods do not require a reference 
genome (i.e., an assembled genome), a high-quality genome 
assembly and subsequent gene annotation can improve both 
data quality (e.g., genotyping accuracy) and downstream 
inferences, such as the identification of candidate genes 
and calculation of linkage disequilibrium as a function of 
physical distance (Davey et al. 2011; Manel et al. 2016).

Within populations, genomic data can facilitate the esti-
mation of adaptive potential by allowing for pedigree-free 
estimation of heritability, eliminating the need for controlled 
breeding or long-term field-based data collection. Instead, 
genomic data can be used directly to estimate the related-
ness among all pairs of individuals in a focal population 
(Gienapp et al. 2017). Heritability is then estimated by test-
ing the relationship between trait similarity and relatedness 
among individuals (Visscher et al. 2008; Sillanpää 2011). 
Sampling requirements can be high for these studies (e.g., 
150–200 individuals and ~ 25,000 SNPs; Stanton-Geddes 
et al. 2013), and can be difficult to generalize since the 
number of individuals and markers needed can vary across 
species and populations due to differences in effective pop-
ulation sizes and linkage disequilibrium. However, since 
many species of conservation concern have small effective 
sizes, they can be good candidates for genomic-based her-
itability studies since the estimation error for heritability 
is proportional to the effective size (Visscher and Goddard 
2015), and increased linkage disequilibrium among loci will 
reduce the number of SNPs required for robust estimates. 
For example, a recent study estimated heritability for four 
quantitative (continuously varying) traits in Corsican blue 
tits (Cyanistes caeruleus ogliastrae) using both genomic and 
pedigree-based approaches (Perrier et al. 2018). The authors 
found that 15,000 SNPs genotyped across 494 individuals 
was sufficient to match or surpass the accuracy of heritabil-
ity estimates provided by a 7-year pedigree-based study of 
> 1600 individuals.

Genomic data can also be used within populations to 
identify the specific loci that underlie variation in fitness-
related traits using genome-wide association studies 
(GWAS; Korte and Farlow 2013). Similar to heritability, 
GWAS generally requires large sample sizes (e.g. Hong 
and Park 2012), including the measurement of fitness-
relevant traits in many individuals and dense genomic 
sampling (many genetic markers [e.g., SNP loci] across 

the genome so that most genes are physically linked to at 
least one marker). Again, GWAS in populations with small 
effective sizes will have the advantage of increased linkage 
disequilibrium, which will reduce the number of mark-
ers required to sample the genome effectively (McKinney 
et al. 2017). For example, Hess et al. (2016) used univari-
ate and multivariate GWAS analyses to identify the genetic 
basis of the adult migration-timing phenotype in threat-
ened Klickitat River steelhead (Oncorhynchus mykiss), 
part of the Middle Columbia River steelhead distinct 
population segment. Using a genomic data set of 15,239 
SNPs genotyped in 237 individuals, this study identified 
18 SNPs that explained ~ 60% of the variation in the adult 
migration-timing phenotype, information that can be used 
to inform conservation at pre-adult life stages and better 
assign adults to summer or winter-run phenotypes. In a 
similar study, Prince et al. (2017) used association map-
ping to determine the genetic basis of premature migra-
tion. They found that premature migration is associated 
with the same locus in multiple populations of steelhead 
and Chinook salmon (O. tshawytscha).

Estimating heritability and identifying loci that underlie 
trait variation using GWAS both require choosing the trait 
or traits to analyze. Given that adaptation to changing envi-
ronmental conditions will likely involve many traits, a well-
grounded understanding of the biology and natural history 
of the study species is essential to predict which traits will 
have the most important effects on fitness and population 
persistence in the face of environmental change and that 
should therefore be the focus of efforts to quantify adaptive 
potential. Researchers must also acknowledge uncertainty 
regarding which traits will be most important, and should 
include this uncertainty in models of extinction risk (see 
“Incorporating adaptive potential into Endangered Species 
Act decisions in the face of uncertainty” below).

Genomic data can also inform estimates of among-pop-
ulation adaptive potential. For these analyses, presumably 
adaptive loci with genetic signatures of divergent selection 
are identified, and then these loci are used to quantify adap-
tive potential (e.g., Bonin et al. 2007). Major approaches for 
identifying candidate adaptive loci include differentiation-
based methods, genotype-environment associations, and 
transcriptomics (Table 1). Differentiation-based methods 
detect adaptive markers by distinguishing locus-specific 
patterns (caused by selection) from genome-wide patterns 
(caused by neutral processes such as genetic drift and 
gene flow; Luikart et al. 2003). These methods only require 
genomic data (they do not use environmental or phenotypic 
data) and are useful for detecting strong selection between 
populations, but do not uncover the potential environmen-
tal drivers of adaptation and are generally less useful for 
detecting contemporary selection (de Villemereuil et al. 
2014). Additionally, these methods are typically dependent 
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on theoretical population genetic models, which are violated 
in many empirical systems (Bierne et al. 2013).

Genotype-environment association (GEA) methods pro-
vide an alternative that does not require population genetic 
models and can be used with individual or population-based 
sampling designs. GEAs identify adaptive variation using 
associations between allele distributions and environmen-
tal variables hypothesized to drive selection, identified as 
a pattern of selected alleles at higher frequency in certain 
environments. The inclusion of environmental predictors 
improves power over differentiation-based methods, allows 
better detection of signals of contemporary selection, and 
identifies the environmental factor(s) underlying adaptation 
(Rellstab et al. 2015; Forester et al. 2018). When phenotypic 
data are available across multiple populations in different 
home environments, GEA can be combined with GWAS 
to link loci under selection to phenotypes, improve power 
to detect adaptive loci, and further strengthen inference of 
local adaptation (Berg and Coop 2014; Lasky et al. 2015). 
Although differentiation-based methods, GEA, and GWAS 
can identify different adaptive loci, the results of these dif-
ferent statistical tests can be combined in a common frame-
work to increase power to infer patterns of local adaptation 
(François et al. 2016).

Finally, transcriptomics is another method of genomic 
data acquisition that quantifies gene expression in response 
to the environment and its effect on phenotypes (Alvarez 
et al. 2015). While this can be a more efficient means of 
surveying adaptive variation, since all RNA transcripts are 
by definition functional, transcriptomics is not easily applied 
in wild populations or at-risk species. Tissue requirements 
are more stringent than for genomic sequencing methods, 
and often require destructive sampling, for example to access 
internal organs. Additionally, robust transcriptomic studies 
require controlled, experimental treatments to reduce envi-
ronmental effects and high-quality gene annotations so the 
function of transcripts is known. This limits the utility of 
field-based transcriptomic studies, which require careful 
design and execution since gene expression is highly sensi-
tive to environmental conditions (Todd et al. 2016). Cur-
rently, field-based transcriptomic studies are most valuable 
for generating hypotheses for future research, limiting their 
utility for estimating adaptive potential in wild populations 
of at-risk species. Despite these limitations, field-based tran-
scriptomic studies can be used effectively in species with 
adequate genomic resources to address conservation-rele-
vant questions. For example, Thomas and Palumbi (2017) 
used temporal transcriptomic sampling of a reef-building 
coral (Acropora hyacinthus, which has extensive genomic 
resources available) subjected to a bleaching event to docu-
ment long-term (> 12 month) disruption of the coral tran-
scriptome despite the apparent recovery of the coral symbi-
ont population. These lasting effects on species long after the 

return of normal environmental conditions has implications 
for ecosystem resiliency in the face of increasing extreme 
environmental events associated with climate change. In 
summary, despite the limitations of individual genomic 
methods, when combined, these methods finally allow the 
possibility of quantifying adaptive potential in species of 
conservation concern, providing the exciting opportunity 
of integrating this information into ESA decision making.

Endangered Species Act decisions 
and adaptive potential

How are Endangered Species Act listing 
and recovery decisions made?

Decision makers at the U.S. Fish and Wildlife Service 
(USFWS) and the National Marine Fisheries Service 
(NMFS), the two agencies responsible for administering 
the U.S. Endangered Species Act (ESA 1973, as amended), 
make decisions using the most up-to-date scientific infor-
mation to evaluate extinction risk to species and consider 
that evaluation within the context of society’s willingness to 
tolerate risks (Doremus 1997; Waples et al. 2013). They face 
the difficult task of balancing species protection against the 
burden of regulations. For these decision makers, address-
ing the values of diverse stakeholders can be an uphill bat-
tle (Rohlf 1991; Ruhl 2004). In this section, we outline the 
important listing and recovery decisions faced by the con-
servation practitioners responsible for administering the 
ESA. Figure 3 details the steps involved in both listing and 
recovery decisions.

A species can be listed as either an endangered or threat-
ened species under the ESA depending on the degree of 
threat it faces (ESA 1973, Sect. 3, 4a). An endangered spe-
cies is one that is in danger of extinction throughout all or 
a significant portion of its range. A threatened species is 
one that is likely to become endangered in the foreseeable 
future throughout all or a significant portion of its range. 
Thus, ultimately, the decision to list a species is based on its 
extinction risk. The ESA defines species broadly to include 
species, subspecies, varieties, and, for vertebrates, distinct 
population segments (DPS), defined as a population or group 
of populations that is discrete and significant in relation to 
the entire species. The USFWS and NMFS rely increas-
ingly on genetics in defining species (USFWS and NMFS 
1996). Accordingly, scientists’ conclusions about whether 
populations are genetically distinct have become extremely 
important in decision making (Brosi and Biber 2009). How-
ever, debate continues about how best to use increasingly 
detailed genomic information to identify species and how to 
determine if the entity meets the definition of threatened or 
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endangered (e.g., Haig and D’Elia 2010; Regan et al. 2013; 
Keith et al. 2015; Boyd et al. 2017).

The ESA’s ultimate goal is to recover species so they 
no longer need protection under the ESA. Recovery plans 
describe the biological state at which protection is no longer 
needed, called recovery criteria, and the recommended steps 
to get there (Taylor et al. 2005; Neel et al. 2012). The ESA 
stipulates that recovery criteria be measurable and objective 
and that listing and delisting decisions be based on the best 
science. Both requirements inject a primary role for science, 
although how recovery criteria are set is not defined in the 
ESA (Doak et al. 2015). Defining recovery units, manage-
ment sub-units of the listed entity, is optional, but, where 
used, sub-units should collectively encompass the entire 
listed entity and should each have recovery criteria (NMFS 
and USFWS 2010). Every recovery unit must be recovered 
before the species can be delisted.

Recovery is not likely to be a fast process; it takes time 
to address threats that were years in the making. The first 
milestone in recovery is halting the decline of the species. 
Next is stabilizing the species, followed by increasing num-
bers and distribution—finally to the point that it is secure in 
the wild and the intent of the recovery criteria is met. If the 
threats have been sufficiently reduced, delisting the species 
may be considered. The analysis to determine if a species no 
longer meets the definition of threatened or endangered is 
analogous to the status assessment the USFWS and NMFS 
undertake when first determining whether a species should 
be added to the endangered species list. The ESA requires 
monitoring of delisted species for at least 5 years to assess 
their ability to sustain themselves without the protective 
measures of the ESA. If threats to the species change or 
unforeseen events change the stability of the population, 
USFWS or NMFS may extend the monitoring period or re-
list the species.

Fig. 3  Flow chart showing steps involved in U.S. Endangered Species 
Act (ESA) listing decisions (yellow boxes) and recovery decisions 
(orange boxes). Blue boxes show possible outcomes of listing deci-
sions. Green boxes show examples of ways in which information on 
adaptive potential (based on genomics and other data) and other infer-
ences from genomics can inform different steps of listing and recov-

ery decision workflows. In this paper, we focus on how information 
on adaptive potential can be incorporated into models of extinction 
risk to improve ESA listing and recovery decisions (shown in bold 
red font). See text for details on how genomics and other approaches 
can be used to infer adaptive potential and how uncertainty in these 
inferences can be included in decision making. (Color figure online)
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ESA biologists and decision makers, scientists, and other 
stakeholders often express concern about insufficient infor-
mation for a particular ESA decision. Indeed, perfect infor-
mation might lead to different, even better decisions, but the 
ESA has a strict policy on the luxury of perfect information. 
The ESA makes it clear that listing decisions are to be based 
on the “…best available scientific and commercial informa-
tion…” (italics ours) (ESA 1973, Sect. 4b). Several statu-
tory deadlines assure that ESA decisions are not postponed 
in favor of additional research. In particular, the 12-month 
finding, which is the bulk of the status assessment, dictates 
that USFWS and NMFS have 1 year to make their listing 
determinations. Thus, ESA decision makers almost always 
find themselves in the position of making tough decisions 
under high uncertainty. Given these rigid legal constraints, 
conservation geneticists need to understand how information 
on adaptive potential can improve ESA decision making so 
that they know what information is most important to pro-
vide to USFWS and NMFS decision makers.

How can information on adaptive potential improve 
Endangered Species Act decisions?

Incorporating information on adaptive potential into mod-
els of extinction risk can improve ESA listing and recovery 
decisions by increasing the accuracy of these models. On 
the one hand, if models do not allow for the possibility of 
adaptation in response to novel environmental stressors, then 
extinction estimates might be biased high, which could result 
in ESA listing of a species that actually has the capacity to 
evolve and persist in the face of environmental change. On 
the other hand, if the possibility that threats (e.g., habitat 
loss, invasive species, overexploitation, etc.) have decreased 
or are decreasing adaptive potential is not considered, then 
extinction estimates may be biased low, resulting in not list-
ing a species for which listing is warranted. In the context 
of recovery decisions, an understanding of how to exploit 
available adaptive potential, or be conservative in the face of 
a lack of adaptive potential, could be beneficial in choosing 
optimal actions. Since ESA decisions are ultimately based on 
extinction risk, the quantification of adaptive potential with 
genomics—so that this information can be incorporated into 
models that predict extinction risk—is arguably the most 
important application of genomics in ESA decision making. 
Genomics has numerous other important applications in the 
ESA listing and recovery workflow, including delineating 
conservation units (Funk et al. 2012), inferring evolution-
ary history (Lemmon et al. 2012), quantifying hybridization 
(Payseur and Rieseberg 2016), and estimating Ne and gene 
flow (Waples et al. 2016; Fig. 3). However, as these applica-
tions of genomics to conservation policy have already been 
discussed in detail elsewhere, here we focus on discussing 
how incorporating information on adaptive potential, based 

on genomics and other approaches, can improve estimates 
of extinction risk and, therefore, ESA listing and recovery 
decision making.

In the context of ESA listing decisions, models can be 
developed to investigate how adaptive responses in specific 
traits may allow species to avoid extinction under rapid 
environmental change. A recent example in a population 
of sockeye salmon (Oncorhynchus nerka) from the Fraser 
River, Canada, used empirical data to parameterize an indi-
vidual-based model to determine how evolution of migration 
timing impacted species persistence under a range of climate 
change projections (Reed et al. 2011). They found that, with 
evolution of earlier migration timing, the risk of extinction 
by 2100 was predicted to be only 17% of that faced by the 
population with no adaptive potential. This scenario simu-
lated a heritability of 0.5 for migration timing and a 2 °C 
increase during this time frame (resulting in a 9% and 53% 
probability of extinction with vs. without adaptive potential, 
respectively). The authors concluded that the rates of evolu-
tion included in their models are plausible given estimated 
heritabilities and rates of microevolution in migration timing 
in salmon. A similar modeling approach could be used to 
assess the effect of adaptive potential on extinction risk in 
species status assessments of ESA candidate species.

Models have also been used to predict how gene flow of 
adaptive alleles among populations could improve adaptive 
potential and mitigate extinction in entire metapopulations or 
species. Creech et al. (2017) used simulations to investigate 
the spread of adaptive genotypes in desert bighorn sheep 
(Ovis canadensis nelsoni), a habitat specialist threatened by 
habitat loss and fragmentation due to climate change and 
other anthropogenic effects. They found that adaptation from 
standing genetic variation already present within populations 
had a much higher chance of spread and likelihood of persis-
tence than adaptive variation arising from a new mutation, 
especially when landscapes were more highly connected. 
These results highlighted the importance of retaining high 
levels of genetic variation within populations, while main-
taining the metapopulation structure that is characteristic of 
the subspecies across its range. Metapopulation models such 
as this and others (Converse et al. 2017) provide a means of 
assessing how spatial variation in adaptive alleles can influ-
ence extinction risk in an entire species, subspecies, or DPS.

If the listing process identifies a species as threatened or 
endangered, genomic data related to adaptive potential can 
inform specific recovery actions that mitigate extinction risk 
through the directional movement of “pre-adapted” individ-
uals between populations to facilitate adaptation to changing 
conditions (Aitken and Whitlock 2013). This action, called 
assisted gene flow, has been advocated for long-lived, ses-
sile species such as trees (e.g., Steane et al. 2014), and spe-
cies that have a limited ability to track climate conditions 
to which they are adapted (Sgro et al. 2011). While such 
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interventions include risks, for many populations and spe-
cies that either lack the capacity for long-distance move-
ment or have no available suitable habitats to disperse into, 
introduction of adaptive genetic variation may be the only 
possible path to persistence. In these cases, consideration 
of potentially far-reaching benefits and careful evaluation 
to minimize the risks of assisted gene flow can provide an 
important option for the management of vulnerable popula-
tions (Weeks et al. 2011; Aitken and Whitlock 2013). Thus, 
despite uncertainty, information on adaptive potential based 
on genomics and other sources can help inform ESA listing 
and recovery decisions.

Incorporating adaptive potential into Endangered 
Species Act decisions in the face of uncertainty

Decisions about endangered species management always 
will be made in the face of uncertainty, making recognition 
and quantification of uncertainty associated with informa-
tion used in decision making as important as the information 
itself (Runge et al. 2011). However, uncertainty need not be 
paralyzing. Although the best available information may not 
be perfect, it can only lead to poor decision making if uncer-
tainty associated with it is not recognized. Decision analysis 
is the application of decision science to render decisions 
that are more likely to achieve management objectives, are 
more robust to uncertainty, and are more transparent to those 
outside the decision-making process (Keeney 1992; Gregory 
et al. 2012; Converse et al. 2013; Garrard et al. 2017). All 
decisions are composed of a consistent set of components 
including: the decision to be made, the management objec-
tives of the decision maker, the alternative management 
actions under consideration, models designed to predict the 
consequences of each alternative on the management objec-
tives, and some approach to solving the decision (frequently 
known as optimization). In decision analysis, we break the 
decision into these components to identify and tackle imped-
iments to the decision.

Decision making under uncertainty is the impetus for a 
large set of methods in decision analysis. General approaches 
to dealing with uncertainty in decision making include: (1) 
characterizing uncertainty and deciding in the face of that 
uncertainty; (2) characterizing uncertainty and choosing to 
delay a decision while further information is gathered; or 
(3) characterizing uncertainty and choosing to decide while 
simultaneously learning. The last of these can only occur for 
iterated decisions, and is known as adaptive management 
(Walters 1986; Williams et al. 2007; Runge 2011).

In the context of this paper, we are interested in deci-
sions—either listing or recovery decisions—to maximize the 
long-term viability of some taxon. To predict viability, we 
may need to predict how adaptive potential affects extinction 
risk. Including information on adaptive potential will require 

recognizing the substantial uncertainty around it, although 
ignoring it has the potential to introduce bias and under-
represent uncertainty.

With listing decisions, we are interested in whether the 
adaptive potential of the species could change extinction 
risk. Based on observed survival and birth rates, we can pre-
dict probability of persistence as well as uncertainty around 
that prediction, and a manager can decide based on that 
information. However, if we consider that survival or birth 
rates might improve due to adaptation, our predicted proba-
bility of persistence will increase, while our uncertainty will 
now reflect uncertainty about the degree to which adaptation 
might increase these rates. As discussed above (see section 
on “How can information on adaptive potential improve 
Endangered Species Act decisions?”), integrating adaptive 
potential can move decisions away or towards listing.

In recovery decisions, we are interested in considering 
which management actions might improve the status of a 
listed species. In these cases, the role of adaptive potential 
is likely to be more nuanced. For example, perhaps a trans-
location (e.g., assisted gene flow) is contemplated because 
of changing climate in the species’ range, and uncertainty 
about whether the species has the capacity to adapt. But a 
translocation will reduce the viability of the species in its 
existing range because some individuals will be removed, 
and establishment in the new location is uncertain. Should 
a manager do the translocation or not? Here, it could result 
in greater danger to the species to ignore adaptive potential.

For these reasons, it is critical to contemplate how uncer-
tainty, including uncertainty about the effect of adaptive 
potential, can be integrated into decisions. For one-time 
decisions, a manager can decide immediately or can delay 
the decision to learn. Two issues must be considered here: 
first, is it legally or politically feasible to delay, and sec-
ond, is it worthwhile to delay? Answering the first question 
will require analysis of the social aspects of the decision. 
Answering the second question will require analysis of the 
value of information (Runge et al. 2011; Williams et al. 
2011; Johnson et al. 2014; Canessa et al. 2015). Value of 
information is a set of methods for evaluating the expected 
increase in management performance associated with learn-
ing. We anticipate how much management outcomes might 
improve if we had additional information. Calculating the 
value of information often will require elicitation of expert 
judgment, because we are anticipating the value of some-
thing that we do not yet know, and so the analysis does not 
lend itself to empirical approaches. Runge et al. (2011) pro-
vide an overview, an example, and a comprehensive review 
of value of information.

Whether we do delay decisions to learn, or plan to learn 
as we manage, uncertainty will remain. Therefore, we will 
ultimately need to make decisions in the face of uncer-
tainty about how management actions will affect extinction 
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risk. When we consider that the species we manage may 
be undergoing adaptation, uncertainty is likely to be sub-
stantial. When making decisions under uncertainty, we are 
primarily concerned with characterizing that uncertainty and 
understanding how the risk attitude of the decision maker 
should be accounted for in the analysis. Characterizing the 
uncertainty involves estimating the probability of various 
outcomes, given a management alternative, via some pre-
dictive model. Integrating the risk attitude of the decision 
maker involves recognizing that a manager may have a 
non-linear utility function, whereby, for example, an action 
resulting in a relatively high predicted probability of persis-
tence but relatively high uncertainty may be less preferred 
than an action resulting in a lower predicted probability of 
persistence but with relatively low uncertainty, such that the 
risk of particularly poor outcomes is overall lower under the 
preferred action. This is akin to preferring an investment 
portfolio that is lower return but also lower risk. A thorough 
analysis of the uncertainty around probability of persistence 
is critical in allowing us to integrate uncertainty, and risk 
tolerance, into our decision making. And accounting for as 
many factors as possible that influence risk, including adap-
tive potential, will allow us to produce the most thorough 
analysis of the state of our population under the actions 
considered.

Advancing understanding of the effect 
of adaptive potential on extinction risk

One of the main challenges to improving models of extinc-
tion risk that incorporate adaptive potential is estimating 
adaptive potential in traits important for fitness in the face 
of environmental change (e.g., thermal tolerance, disease 
resistance, susceptibility to environmental contaminants, 
resistance to or tolerance of invasive species, etc.). To 
parameterize extinction risk models that allow evolution, at 
a minimum, modelers need to know, or at least hypothesize: 
(1) how traits affect survival and birth rates (which is both a 
measure of selection on these traits and necessary to parame-
terize demographic models); and (2) the heritability of these 
traits. Mark-recapture analysis can be used to test how traits 
affect survival and birth rates (White and Burnham 1999). 
Genomic and other approaches are necessary to quantify 
the heritability of these traits. As described above, genom-
ics can be used to infer relatedness among individuals, and 
thereby allow estimation of heritability of traits within a 
population. However, more research is needed to figure out 
how to integrate inferences from multiple genomic analyses 
to inform models of extinction risk, since alone, most of 
these analyses do not provide all necessary information for 
parameterizing these models. For example, genome-wide 
association studies (GWAS) identify loci related to variation 

in a trait of interest, but they do not test whether the trait is 
related to fitness or is adaptive. Genotype-environment asso-
ciation (GEA) approaches, in contrast, identify loci that are 
related to specific environmental features and presumably 
adaptive, but they do not determine which phenotypic traits 
mediate the fitness effects of these loci. It will clearly be nec-
essary to integrate these different types of genomic analyses 
to identify traits that increase fitness in response to specific 
environmental stressors and that are heritable, so that this 
information can be incorporated into models of extinction 
risk. This is an important frontier in conservation genomics 
to make genomics more useful for informing extinction risk.

Controlled experiments, while impractical for most spe-
cies of conservation concern, will remain important for 
testing under what conditions adaptation can rescue popu-
lations from extinction. Although these experiments do 
not necessarily directly inform extinction risk for specific 
species of conservation concern, they are nonetheless often 
the only means of rigorously testing evolutionary theory on 
the potential of adaptation to reduce extinction probabili-
ties. For example, research on the adaptive potential of two 
rainforest-restricted fruit fly species demonstrated very low 
additive genetic variation (the substrate for adaptation) for 
desiccation resistance, even though other traits maintained 
high levels of genetic variation (Hoffmann et al. 2003; Kel-
lermann et al. 2006). This result calls into question the gen-
eralization that most traits will maintain sufficient additive 
genetic variation to ensure adaptive potential (Blows and 
Hoffmann 2005), and also illustrates that trait-specific meas-
ures of genetic variance are not necessarily indicative of 
overall adaptive capacity. In addition, experimental studies 
of model species allow testing management strategies as a 
proof of concept in the lab. For example, experimental evo-
lution in yeast populations has provided evidence not only 
for the efficacy of evolutionary rescue (an increase in popu-
lation growth and avoidance of extinction through adaptation 
from standing genetic variation, mutation, or gene flow), 
but also for the environmental, demographic, and selective 
conditions under which it is most likely to occur (Bell and 
Gonzalez 2009, 2011). Additional experimental studies such 
as these are needed to better characterize thresholds related 
to adaptive potential, including levels of additive genetic 
variance required for adaptive responses to different rates 
and magnitudes of environmental change, and to provide 
guidelines for management actions such as assisted gene 
flow.

Finally, ongoing studies of wild populations that lever-
age the power of genomics to inform adaptive potential are 
needed to better characterize evolutionary responses to cli-
mate and other environmental change. As genomic studies 
become more common, comparative genomics will be one 
avenue for investigating the mechanisms underlying loss 
of adaptive potential in threatened species and taxonomic 
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groups and the resulting implications for extinction risk. For 
example, a comparative study of the genomes of 43 bird spe-
cies, including eight species recovering from endangered or 
vulnerable status, showed loss of adaptive variation related 
to agrochemical pollution (Li et al. 2014). Meta-analyses 
will also be essential for developing a more general under-
standing of the genomic and environmental landscape of 
adaptive potential, including under what circumstances pop-
ulations may adapt, or fail to adapt, to changing conditions 
(Merilä and Hendry 2014). The increasing use of genomic 
approaches to characterize adaptive potential in wild popula-
tions will facilitate these efforts.

Conclusions

Genomics has the potential to improve ESA listing and 
recovery decisions—and similar decisions in other coun-
tries—by providing information on adaptive potential for 
wild populations for which it is difficult or impossible to 
characterize adaptation using traditional approaches like 
controlled breeding or reciprocal transplant experiments. 
Incorporating this information into population models will 
lead to more accurate estimates of extinction risk, improv-
ing decision making and allocation of scarce conservation 
resources. In this paper, we provide specific guidelines on 
where in the listing and recovery decision making work-
flows this information is most pertinent. Although genomics, 
like any scientific tool, is imperfect, we cannot afford to be 
paralyzed by uncertainty in using this information to make 
decisions. A rich decision theoretic framework has already 
been developed for making management decisions in the 
face of uncertainty, which can readily be applied to decisions 
involving inference about adaptive potential. At the same 
time, conservation geneticists should continue striving to 
improve our understanding of the effects of adaptive poten-
tial on extinction risk using modeling, controlled experi-
mental studies of model species, and case studies of wild 
populations. This will help reduce uncertainty to improve 
future management decisions. Finally, we urge conserva-
tion geneticists to develop partnerships with conservation 
practitioners charged with making tough decisions regarding 
the conservation management of small, at-risk populations 
to facilitate integration of the best science on the effects of 
adaptive potential on extinction risk into these decisions.
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Demography of a recovering wolf population in the
Yukon

R.D. Hayes and A.S. Harestad

Abstract: We studied the dynamics of a wolf (Canis lupus) population recovering from intensive reduction in the
Finlayson Lake area, Yukon, Canada. Within 6 years, numbers increased from 29 wolves, then stabilized at 245. The
colonization of vacant territories by young wolf pairs was the primary mechanism of early population recovery. Repro-
duction and a low dispersal rate increased pack size in later years, and pack splitting allowed dispersing wolves to
remain near natal packs. The rate of increase in the wolf population was density-dependent and related to wolf density,
but was also related to the dispersal rate. The dispersal rate was density-independent and related to mean pack size and
prey biomass : wolf index. The survival rate was age-dependent and not related to wolf density. In the early years of
recovery, the rate of increase was supported by high survival rates and low dispersal rates. In later years, dispersal
rates increased, stabilizing mean pack size and wolf density. Wolf density stabilized at levels predicted by the prey sup-
ply, but whether the wolf population is regulated by the availability of prey resources remains unresolved. Wolf density,
pack density, and mean pack size were similar in 1983 and 1996, despite a 2- to 3-fold difference in prey biomass. We
suggest that the interaction of wolf density and mean pack size in stable prey systems needs to be studied to determine
the roles played by food supply and wolf social behavior in regulating wolf abundance.

Résumé: Nous avons étudié la dynamique d’une population du Loup gris (Canis lupus) en voie de rétablissement
après une réduction importante de ses effectifs dans la région du lac Finlayson, Yukon, Canada. Après 6 ans, le
nombre de loups est passé de 29 à 245 et s’est stabilisé à ce niveau. La colonisation des territoires vacants par de jeu-
nes couples a été le coup d’envoi du rétablissement de la population. Au cours des années subséquentes, la reproduc-
tion et un faible taux de dispersion ont donné lieu à une augmentation du nombre d’individus dans les meutes et la
division des meutes a permis aux loups qui se sont dispersés de rester près de leurs meutes d’origine. Les taux
d’augmentation étaient fonction de la densité des loups, mais étaient aussi fonction des taux de dispersion, qui eux ne
dépendaient pas de la densité, mais étaient reliés au nombre moyen de loups dans une meute et à la valeur de l’indice
biomasse des proies : nombre de loups. Le taux de survie était fonction de l’âge et ne dépendait pas de la densité des
loups. Au cours des 1ères années du rétablissement, le taux d’augmentation du nombre de loups s’est trouvé consolidé
par des taux de survie élevés et des taux de dispersion faibles. Au cours des années subséquentes, les taux de disper-
sion ont augmenté, ce qui a donné lieu à une stabilisation du nombre moyen de loups par meute et de la densité. La
densité des loups s’est stabilisée aux niveaux prévus en fonction de la disponibilité des proies, mais le contrôle de la
population en fonction de la disponibilité des proies reste à démontrer. La densité de la population, la densité des meu-
tes et le nombre moyen de loups par meute on été semblables en 1983 et en 1996 en dépit d’une différence importante
dans la biomasse de proies (par un facteur de 2 à 3). Il nous apparaît essentiel d’étudier les interactions entre la den-
sité des loups et le nombre moyen de loups dans une meute dans des systèmes ou la ressource proies est stable, de fa-
çon à pouvoir déterminer l’influence de la quantité de nourriture et du comportement social des loups sur leur
abondance.

[Traduit par la Rédaction] 48

Hayes and Harestad: IIntroduction

In this paper we describe the population dynamics of an
increasing wolf (Canis lupus) population that was recovering
after 7 years of intensive aerial reduction. We also examine
the nature of the numerical response of wolves to increasing
ungulate densities. From 1983 through 1989, the Yukon Fish
and Wildlife Branch annually reduced wolf density to less
than 20% of the pre-reduction level in the 23 000-km2 range
of the Finlayson woodland caribou (Rangifer tarandus) herd
(Farnell and McDonald 1988; R. Farnell, Yukon Fish and

Wildlife Branch, Box 2703, Whitehorse, YT Y1A 2C6, Can-
ada, unpublished data). The initial density of wolves was
10.3/1000 km2 in February 1983. Density was reduced to
1.5 wolves/1000 km2 by 1 April of each year. Wolves annu-
ally recovered to an average of 3.7/1000 km2 by the follow-
ing February (R. Farnell, unpublished data). During wolf re-
duction, and for a few years afterwards, caribou and moose
(Alces alces) numbers increased rapidly (Jingfors 1988;
Larsen and Ward 1995; R. Farnell, unpublished data).

In past studies in which wolves were reduced in order to
increase prey numbers, the wolf response was not adequately
monitored afterwards (Gasaway et al. 1983, 1992; Bergerud
and Elliot 1998), wolves were not followed until their num-
bers stabilized (Hayes et al. 1991), or a continued wolf har-
vest reduced rates of increase (Hayes et al. 1991; Boertje
et al. 1996). In our study, wolf harvest during recovery was
negligible. We were able to radio-collar wolves in most

Can. J. Zool.78: 36–48 (2000) © 2000 NRC Canada

36

Received February 1, 1999. Accepted August 31, 1999.

R.D. Hayes.Yukon Fish and Wildlife Branch, Box 5429,
Haines Junction, YT Y0B 1L0, Canada.
A.S. Harestad.Department of Biological Sciences, Simon
Fraser University, Burnaby, BC V5A 1S6, Canada.

J:\cjz\cjz78\cjz-01\Z99-186.vp
Wednesday, February 23, 2000 3:34:59 PM

Color profile: Disabled
Composite  Default screen



packs to examine the roles played by recruitment, survival,
ingress, and egress in the dynamics of a recovering wolf
population until it reached stability.

Biologists have been interested in determining what regu-
lates the growth of wolf populations and the density at
which they stabilize in relation to prey abundance. Early
studies (Murie 1944; Cowan 1947; Rausch 1967) showed
that wolf populations increased more slowly than was
thought to be theoretically possible (Packard and Mech
1980). Pimlott (1967) hypothesized that wolf density was
regulated somewhere below their ungulate food supply
through biosocial mechanisms.

Previous studies (Fritts and Mech 1981; Peterson et al.
1984; Ballard et al. 1987; Hayes et al. 1991; Boertje et al.
1996) suggested that ungulate food resources regulate in-
creasing wolf populations. In each study, harvest caused sub-
stantial wolf mortality, depressing the numerical response of
wolves. We followed changes in wolf, moose, and caribou
abundance until wolf numbers stabilized, providing condi-
tions that allowed us to test the hypothesis that wolf num-
bers are regulated by ungulate food resources (Keith 1983;
Fuller 1989).

We tested 4 hypotheses about the nature of the wolf-
population response:

H01: the rate of increase is density-dependent and in-
versely related to pack density and wolf density;Ha1: the
rate of increase is density-independent and inversely related
to mean pack size and dispersal rate;

H02: the survival rate is density-dependent and inversely
related to wolf density;Ha2: the survival rate is age-
dependent;

H03: the dispersal rate is density-dependent and positively
related to pack density and wolf density;Ha3: the dispersal
rate is density-independent and negatively related to mean
pack size.

H04: the numerical response is tightly regulated by the
availability of prey resources.

We examined the process of wolf recovery to determine
the relative importance of reproduction, survival, ingress,
and egress in the formation and growth of wolf packs to
equilibrium.

Methods

Study area
The 23-000 km2 Finlayson Study Area (FSA; Fig. 1) is located

in the east-central Yukon (62°N, 128°W) and is bounded by the an-
nual home range of the Finlayson caribou herd (Farnell and Mc-
Donald 1988). The study area is bordered by the Ross River valley
to the west, the Pelly Mountains to the south, and the Logan
Mountains to the north and east (Fig. 1). The central study area is
part of the Pelly Plateau, a complex of small mountains, forested
rolling hills, and plateaus that are separated by broad U-shaped
valleys. Detailed physiographic and vegetation descriptions are
found in Oswald and Senyk (1977).

Other ungulate prey in the study area included about 100 Dall
sheep (Ovis dalli dalli) in the Pelly Mountains and 200–300 moun-
tain goats (Oreamnus americanus) in the Logan Mountains (J.
Carey, Yukon Fish and Wildlife Branch, Box 2703, Whitehorse,
YT Y1A 2C6, Canada, unpublished data). A small number of mule
deer (Odocoileus hemionus) also live on open slopes along the
Pelly River (R. Hayes, personal observation).

Small-mammal prey include the snowshoe hare (Lepus ameri-
canus), beaver (Castor canadensis), and arctic ground squirrel (Spermo-
philus parryi). Snowshoe hares were abundant from 1989 until
1991, when the hare population in the Yukon crashed (Krebs et al.
1995).

Other carnivores include the grizzly bear (Ursus arctos), black
bear (Ursus americanus), wolverine (Gulo gulo), coyote (Canis
latrans), red fox (Vulpes vulpes), and lynx (Lynx canadensis). Ra-
vens (Corvus corax) scavenged wolf kills.

Estimating wolf numbers
We estimated annual wolf numbers in the 23 000-km2 study area

by means of aerial counts in February and March. From 1990
through 1994, we used both radiotelemetry (Mech and Karns 1977;
Peterson et al. 1984; Ballard et al. 1987; Messier and Crête 1985;
Fuller 1989; Hayes et al. 1991) and aerial snow-tracking methods
(Stephenson 1978). In 1996, we used aerial snow-tracking methods
alone to determine wolf population size.

We believe that a total count is appropriate for wolves because
most live in packs with minimal spatial overlap (Mech 1970), and
wolves make extensive snow trails that can be followed by trained
observers (Stephenson 1978). Two requirements of the total-count
method are (1) that the complete area is searched, and (2) that
groups have not been missed or counted twice (Norton-Griffiths
1978). We believe that annual wolf counts were accurate for the
following reasons: (i) study-area packs occupied discrete home
ranges; (ii) packs traveled in predictable areas (e.g., rivers, creeks,
lakes) where prey wintered; (iii) wolf trails were extensive, highly
visible, and easily recognized by experienced observers; (iv) wolf
habitat was searched between territories until packs were located
or observers were confident that no wolves were present; and
(v) pack duplication was minimal because most FSA packs were
radio-collared each winter and their locations were known during
snow-tracking surveys.

Crews of two fixed-wing aircraft and one helicopter searched for
wolves. Routes mainly followed watercourses and riparian habitats
where ungulates wintered. We searched alpine areas at least once
each winter. In forests, we flew 10–15 km wide transects, making
more extensive searches of meadows, lake margins, and open for-
ests, where the probability of seeing wolf trails was greatest.

We followed trails until wolves were seen or we could estimate
the number from separate track counts. Wherever possible, we
back-tracked wolf trails to determine activities and travel routes. In
the core caribou winter range (Fig. 1), we could not rely on aerial
snow-tracking because wolf trails were obscured by caribou trails
and snow craters. In these areas we searched for wolf trails by
truck and snow machine for up to 15 km on each side of a 160-km
section of the Robert Campbell Highway (Fig. 1).

We used the finite rate of increase (λ; number of wolves in
March of yearn+1 / number of wolves in March of yearn) to deter-
mine annual rates of change. The biological year for wolves began
on 1 May. We defined a pack as a group of two or more wolves
that traveled together for more than 1 month (Messier 1994). We
assumed that single wolves represented 10% of the annual winter
wolf populations (Mech 1973).

Radiotelemetry and home ranges
We radio-collared wolves in all new wolf packs from 1990

through 1993. We radio-collared both members of newly formed
wolf pairs, and in larger packs we selected adult wolves for capture
according to their differences in appearance and behavior from
subadults (Hayes et al. 1991). Helicopter crews immobilized wolves
with 2-cc Capchur darts (Palmer Chemical and Equipment Company,
Douglasville, Ga.). Wolves received Telazol (Fort Dodge Laboratories
Inc., Fort Dodge, Iowa) at a dosage of 8.0 ± 3.0 (mean ± SD)
mg/kg (range 4.4–23.4 mg/kg). Wolves were sexed and classified
as pup, yearling, 2–3 years old, or older, based on tooth coloration,
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wear, and canine length and eruption patterns (Van Ballenberge et
al. 1975). We fixed wolves with Telonics MOD 500 radio collars
equipped with mortality sensors in order to document behavior,
survival, and home-range use from fixed-wing aircraft (Mech
1974).

We did not locate radio-collared wolves frequently enough to
describe annual home ranges. We located wolves a few times in
summer and autumn, and collected nearly all winter locations at
daily intervals during predation studies (Hayes et al. 2000). We
used 95% area convex polygons (Ackerman et al. 1990) to estimate
the total area used in all years by wolf packs with an aggregate of
30 or more location points.

Reproduction, survival, mortality causes, and dispersal
We estimated litter size at birth from corpora lutea counts from

19 reproducing females killed in 1985 through 1989 in the study

area (R. Hayes, unpublished data). The same method was used for
assessing in utero productivity in other studies (Fritts and Mech
1981; Peterson et al. 1984; Boertje and Stephenson 1992). We
counted pups during autumn, based their small size and subordi-
nate behavior (Harrington et al. 1983; Peterson and Page 1988).

We estimated annual survival rates using a Kaplan–Meier
(K–M) procedure modified for staggered entry of radio-collared
individuals (Pollock et al. 1989a, 1989b). We assumed that newly
collared wolves of a given age-class had the same probability of
survival as previously collared animals in that age-class. We calcu-
lated bounds on survival estimates by censoring wolves with which
we lost radio contact because of either dispersal or transmitter fail-
ure. We compared survival-rate differences using log-rankχ2 tests
(Pollock et al. 1989a).

We separated mortalities of radio-collared wolves into those that
were human-caused and those that probably occurred from natural
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Fig. 1. The Finlayson Study Area (FSA).
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causes. We assumed that a wolf died from natural causes if it was
found a long distance from town or roads. A wolf was regarded as
dispersed if it permanently left its original pack and either formed
a new pack or joined an existing one (Messier 1985b).

Estimating prey biomass : wolf indices
We estimated annual moose and caribou densities by interpo-

lating from population estimates conducted before (Farnell and
McDonald 1988; Jingfors 1988) and during our study (Larsen and
Ward 1995; R. Ward, unpublished data; R Farnell, unpublished
data). Annual estimates of moose and caribou population sizes are
presented in a companion paper (see Appendix, Table A1 in Hayes
et al. 2000).

We calculated the expected wolf density in 1996 using the ungu-
late biomass equation of Fuller (1989). We estimated the relative
biomass contribution of each prey species using values of 6 for
moose, 2 for caribou, and 1 for sheep, mountain goats, and mule
deer from other studies (Keith 1983; Ballard et al. 1987; Fuller
1989). To calculate annual biomass indices, we estimated ungulate
population sizes, multiplied by each biomass value, then divided
the product by wolf density (Fuller 1989).

Results

Radiotelemetry
We radio-collared 78 wolves (40 females, 38 males) in-

cluding 3 lone wolves. Of the 75 pack wolves, 57 were col-
lared once, 16 were collared twice, and two were collared 3
times in order to maintain radio contact. We radio-collared
45 adults (59%), 24 yearlings (32%), and 9 pups (9%). No
wolves suffered serious injury from being captured. We col-
lared wolves in 26 of the 39 (66%) packs that established
during our study (Table 1, Fig. 2). We established radio con-
tact with 71% of packs each winter (range 46–88%). We
collared 21 small packs in the first year they established ter-
ritories in the FSA, 4 packs in their second year, and 1 pack
in its third year. We monitored the activities of 22 collared
wolves in 11 packs in 1990, 38 in 18 packs in 1991, 39 in 22
packs in 1992, 44 in 18 packs in 1993, and 24 in 12 packs in
1994 (Table 1). By 1994, we had lost radio contact with 14
of the 26 packs because of wolf deaths, dispersals, or trans-
mitter failures. By 1996, no radio collars were transmitting.

We located radio-collared wolves from fixed-wing aircraft
2017 times between 8 February 1990 and 31 March 1994:
85% of locations were made in winter, 8% in summer, and
6% in autumn. We monitored collared wolves for a total of
1374 wolf-months and individuals for 18.6 ± 1.7 (mean ±
SE) months (range 1–49 months). We followed packs for 73 ±
7.4 (mean ± SE)months and located pack members on 13 ±
1.1 (mean ± SE) days each year (range 4–19 days).

Annual changes in wolf abundance
Table 2 summarizes annual rates of increase and changes

in wolf and pack numbers, and mean pack size. Wolf num-
bers rapidly increased from 29 known survivors at the end of
the wolf reduction (15 March 1989) to a maximum of 245
wolves in March 1996. The finite rate of increase (λ) was
greatest during the first year of recolonization, then declined
as the population apparently approached stability by 1994.
The annual rate of increase was negatively correlated with
the number of wolf packs (r2 = 0.82, df = 6,P = 0.01) and
mean pack size (r2 = 0.84, df = 6,P = 0.01), but wolf den-
sity (the product of both) was the best fitting slope (r2 =

0.97, df = 6,P < 0.001). However, the rate of increase was
also strongly related to the dispersal rate (r2 = 0.99, df = 6,
P = 0.006). Thus, we have evidence for accepting bothH01
and Ha1.

The number of packs increased from 14 in 1990 to be-
tween 23 and 28 after 1991 (Table 2). Mean pack size in-
creased from 4.4 wolves in 1990 to 7.8 in 1994 (t= –2.3,
df = 36, P = 0.025) and to 9 by 1996 (Table 2).

Figure 3 shows the general distribution of wolf packs
from 1990 through 1996. Home ranges of radio-collared
packs were exclusive in the first 2 years of recovery, but
overlaps developed after 1991, when territorial space be-
came limited. Perimeters of some pack territories were un-
stable from year to year, although activity centers remained
stable except for those of 6 packs that all shifted their home
ranges substantially in some years. We determined the 95%
convex polygon areas for 17 wolf packs that we located on
more than 30 days (range 38–86 days) (Fig. 4). The multi-
year home-range area was 1478 ± 203 (mean ± SE) km2,
ranging from 722 to 3800 km2.

Reproduction and survival rates
We estimated that the wolf litter size at birth was 5.7 ±

0.4 (mean ± SE) pups. We found no packs with more than
one female producing litters each year. The percentage of
packs that contained pups increased each year from 35% in
1990 to 93% by 1994 (Table 2). Ten colonizing pairs (53%)
raised pups through their first breeding period, 5 (26%)
failed to reproduce because a mate died, and 4 (21%) failed
for unknown reasons. One pair remained in the same terri-
tory for 4 years but was never seen with pups. Another pair
remained together for 3 years before successfully raising
pups. Three females died before giving birth and two died
shortly afterwards (all their pups died before autumn). Mate
mortality caused reproductive failure of pairs at least 9 times
during our study.

Annual survival rates of all radio-collared wolves did not
vary (Pearson’s correlation coefficient,χ2 = 0.4, df = 3,P =
0.94) and remained high at 0.84 ± 0.02 (mean ± SE). There
was no difference in survival rates (χ2 = 0.08, df = 1,P >
0.75) between early-recovery years (March 1990 through
February 1992) and later years (March 1992 through April
1994). Seasonal survival rates also did not differ between
periods (χ2 = 0.16, df = 2,P > 0.90). Therefore, we have
evidence for rejectingH02: the survival rate is density-
dependent and inversely related to wolf density.

The mean number of pups alive in March was 4.3, signifi-
cantly smaller (t= –2.2, df = 39,P = 0.04) than the mean
litter size at birth (5.7 pups). From this difference, we
estimated that the pup survival rate was 0.75. Age-specific
survival rates did not vary among subadults (pups and year-
lings), young adults (2 and 3 years old), and older adults
(Pearson’s correlation coefficient,χ2 = 1.5, df = 2,P = 0.
47). Wolves less than 3 years old had significantly lower sur-
vival rates (Table 3) than older wolves (χ2 = 4.7, P < 0.05).
Mean annual survival rates were 0.81 for yearlings and 0.89
for adults. Therefore, we had evidence supportingHa2: the
survival rate is age-dependent.

Fifteen radio-collared females and 10 males died during
our study. Most wolves were between 1 and 5 years old
(Fig. 5). Twenty-one deaths occurred from unknown natural
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cause, 1 death was of a breeding female killed by a bear, and
3 were human-caused. Age at death was 3.4 ± 0.4 (mean ±
SE) years and there was no difference between the sexes (t=
–0.13, df = 23,P = 0.90).

Dispersal
Twenty-five (33%) radio-collared wolves dispersed per-

manently during our study, including 7 that remained in the

FSA, and 18 censored wolves probably emigrated. Of the
seven wolves that dispersed inside the FSA, four formed
new packs, one dispersed into a neighboring pack, and two
older males remained within their former pack territories.
Censored wolves apparently emigrated outside the FSA,
based on their ages, behavior, and censorship schedules. Five
censored wolves were alone the last time they were seen in
their territories. Predispersing wolves temporarily separated
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Pack Origin 1990 1991 1992 1993 1994 1996

Seven Wolf L. C 2 (1) 7 (2) 10 (1) 11 (3) 5 (1) 16
Yusezyu R. C 2 (2) 8 (2) 11 (2) 11 (2) 13 (1) 1
Jackfish L. C 2 (2) 7 (3) 11 (4) 13 (6) 10 (2) 14
Tyers R. C 2 (2) 2 (2) 2 (2) 2 (2) Deada

Ketza R. C 2 (1) 2 (2) 2 (1) 3 (2) 4 (3)
Wolverine L. C 2 (1) 2 (2) 2 (1) 2 (2) 4 (1) 4
Finlayson L. C 2b 2 (2) 2 (2) Dispersed
Mink L. C 2b 4 (2) 8 (2) 7 (2) 9(3)
Woodside R. R 4 (3) 7 (2) 11 (3) 7 (3) 10c 12
Prevost R. R 6 (2) 11 (3) 10 (2) 11 (1) 6 (1) 9
Tuchitua R. IS 11 (3) 6 (2) 10 (2) 9 (3) SO
Frances L. IS 17 (2) 9 (2) 15 (3) 13b 15b 15
Otter Creek C 2b 2b 2 (2) 2 (2) 6 (2) 13
Weasel L. R 6 (2) 13 (3) 4 (2) 12t ?
Upper Pelly R. C Lone (1) 2 (2) 2 (1) 2 (2) 5 (2) 16
Big Campbell East C NP 3b 14 (1) 7 (3) 20d (4)
Tuchitua R.East SP NP 14b SO
Light Creek C NP 2 (2) 6 (2) 8 (4) 11 (1) 11
McEvoy L. C NP 2 (2) BU
Ketza R. II IS NP 4b 6b 5b ?
Gonzo L. C NP 3b BU
One Island L. C NP 2 (1) 4 (1) 4b SO
East Arm C NP 2 (2) Dispersed
Dragon L. C NP NP 2 (1) 10b 8c

Lobster L. SP NP NP 7 (1) 6 (2) ?e

Fire Creek C NP NP 3 (2) 4 (2) 11 (2) 11
Needle L. C NP NP 2b 2b 9c 10
Nipple Mt. SP NP NP 6b 4 (2) 2 (1) 12
Weasel L. II SP NP NP 6 (1) 11 ?e

Hoole R. C NP NP 3 (1) 6c 5c 10
Big Campell West SP NP NP NP 10c 0d 6
McEvoy L. II SP NP NP NP 6b 7c 11
Furniss L. UNK NP NP NP NP 6c 12
Hegsted SP NP NP NP NP 6c 10
Whitefish L. C NP NP NP NP 2b 4
Hyland–Tyers R. IS NP NP NP NP 8f

Pike Mt. NP NP NP NP NP NP 2
Donk L. NP NP NP NP NP NP 8

Total 62 (22) 116 (38) 168 (39) 188 (43) 218 (24) 207 (0)

Note: Numbers in parentheses are numbers of radio-collared wolves. Packs designated with II indicate a second pack formed in or near another pack’s
home range of the same name. BU, pack broke up; C, colonizing pack; R, resident pack; IS, in-shifter; NP, pack not present; SO, pack shifted out; SP,
pack formed by splitting; UNK, unknown origin.

aBoth wolves died.
bPack size was estimated from track counts only.
cPack was seen during the census.
dThe Big Campbell East and West packs joined again in 1994 after splitting in 1993.
ePack was not observed in 1994. It was assumed to be present and its size was estimated to be 7.8 wolves, based on the average size of 19 other packs

seen in 1994.
fPack was tracked in the former range of the Tyers River pack but was seen outside the Finlayson Study Area boundary.

Table 1. Annual sizes of wolf packs in the study area, February 1990 to March 1996.
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from their packs before permanently leaving their natal
territories (Messier 1985b). Two pairs established temporary
territories and then disappeared.

Wolves between 2 and 4 years old accounted for 77% of
the wolves that dispersed or were censored (Fig. 6). Seven of
10 radio-collared wolves were censored between April and
June, when natal dispersal from wolf packs is highest
(Zimen 1976, 1982; Fuller 1989; Gese and Mech 1991).

Age of dispersers was 2.9 ± 0.3 (mean ± SE) years; there
was no difference between the sexes (Mann–WhitneyU test,
U = 51, df = 1,P = 0.13). Dispersal rates were 0% in 1991,
17% in 1992, 33% in 1993, and 50% in 1994. Dispersal
rates increased (Pearson’s correlation coefficient,χ2 = 6.9,
df = 1, P < 0.01) in late-recovery years (0.45, 1992–1994)
compared with earlier years (0.09, 1990–1992). Dispersal

rate was strongly related to annual mean pack size (r2 =
0.95, df = 3,P < 0.03). Dispersal was not related to number
of packs (r2 = 0.59, df = 3,P < 0.23) or wolf density (r2 =
0.83, df = 3,P = 0.860). Therefore, we have evidence for re-
jecting H03 and acceptingHa3: the dispersal rate is density-
independent and negatively related to mean pack size. The
dispersal rate was also related to the ungulate biomass : wolf
biomass index each year (r2 = 0.95, df = 3,P < 0.03).

Ungulate biomass : wolf index
We estimated the theoretical wolf density in the FSA in

1996 on the basis of ungulate biomass, following Fuller
(1989). Based on total available prey biomass (x= 1.95), the
expected density was 10.6 wolves/1000 km2. Our estimates
showed densities of 10.4 and 10.6/1000 km2 in 1994 and
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Fig. 2. Radiotelemetry history of 26 wolf packs in the FSA from February 1990 to March 1994. Solid lines indicate periods and bro-
ken lines indicate that radio contact was lost but the pack was seen or wolf trails indicated that the pack was present.

Year

No. of wolves
alive in late
winter

Percentage of
pre-reduction
no.a

No. of
packs

Percentage
of packs
reproducing

Pack size
(mean ± SE)

Wolf density
(no./1000 km2) λ

1989b 29 0.12 7 1.4
1990 69 0.28 14 35 4.4±1.2 3.0 2.38
1991 128 0.52 23 52 5.0±0.8 5.6 1.85
1992 185 0.76 26 71 6.0±0.8 8.0 1.44
1993 207 0.84 27 81 7.1±0.7 9.0 1.12
1994 240 0.98 28 93 7.8±0.8 10.4 1.16
1996 245 1.00 25 Unknown 9.0±1.0 10.6 1.01

aThe pre-reduction population size was 245 wolves in March 1983 (A. Baer, unpublished data).
bData from 1989 were obtained after the last year of wolf reduction was completed (R. Farnell, unpublished data).

Table 2. Annual changes in wolf population sizes, March 1989 through March 1996.
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1996, respectively, indicating that wolf numbers continued
to increase slightly, and were stabilizing at the density pre-
dicted from the ungulate biomass : wolf index.

Dynamics of wolf-pack formations
We classified wolf packs as residents, colonizing pairs, in-

shifters, or splitters, based on their probable origins in the
FSA. We did not radio-collar resident survivors in 1989,
therefore we could not assess their contributions to the for-
mation of colonizing packs. In 1990, we believed that 3 resi-
dent packs of 4 to 6 wolves (Table 1) accounted, in total, for
16 of the 62 wolves (26%) which were present that winter.
The 3 resident packs were well inside the study-area bound-
ary. Each pack contained pups, indicating that breeding was

not disturbed by the last year of reduction. Two resident
packs remained in their original territories until 1996 (Ta-
ble 1). The Weasel Lake pack remained until 1993, but we
could not locate it thereafter.

During our study, a total of 22 colonizing pairs (or trios)
established territories in vacant areas, accounting for 57% of
all territory formations. Early colonizing pairs either came
from resident packs that survived the 1989 reduction or were
wolves that immigrated from outside the FSA. Colonizers
were the foundation of the reestablished wolf population
during early recovery (Fig. 7). Nine pairs colonized the area
in 1990, seven in 1991, four in 1992, none in 1993, and one
each in 1994 and 1996. Eighteen pairs were radio-collared
and their pack histories were documented for up to 49 con-
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Fig. 3. General locations of wolf packs each winter from 1990 to 1994 and in 1996.
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secutive months (Figs. 2 and 7). By 1994, 13 colonizing
pairs (72%) had successfully bred and remained in the FSA,
1 pair reproduced but shifted outside the FSA, 2 pairs dis-
persed before breeding, and 2 pairs separated for unknown
reasons before reproducing (Table 1). By 1994, packs origi-
nally formed by colonizing pairs represented 46% of all
packs and 51% of the 218 pack wolves. After 1994 we lost
radio contact with all wolves so we could not follow their
specific pack histories. Colonizing pairs all contained a male
and female wolf. The age of 28 wolves captured in pairs was
3.20 ± 0.38 (mean ± SE) years.

Four packs shifted home ranges into the FSA from bound-
ary areas. In 1990, 2 large packs shifted in (Table 1), ac-
counting for 45% (28 wolves) of all wolves during that
winter. The Tuchitua River pack remained in the study area
until 1994, then for unknown reasons shifted its range out-
side. The Frances Lake pack remained in its territory during

all winters. Three wolf packs shifted out of the FSA during
our study (Table 1).

Four radio-collared packs increased to a large size, then
split into a total of 9 smaller groups by 1994 (Table 4). At
the time of splitting, packs consisted of 14 ± 1.5 (mean ±
SE) wolves. The Frances pack split 3 times. By 1994, 39%
of pack wolves originated from pack splits. All groups that
split from their original pack apparently established territo-
ries in nearby areas.

Discussion

We found evidence that the rate of increase in wolf popu-
lation size was density-dependent and negatively related to
the number of wolves, indicating that competition ultimately
limited population size. Dispersal was a key factor limiting
population growth. Dispersal was density-independent, but

© 2000 NRC Canada

Hayes and Harestad: I 43

Fig. 4. Total 95% minimum convex area polygons for 17 wolf packs in the FSA.

95% confidence
interval

Age-class
No. of wolves
at risk

No. of
deaths Survival Variance Lower Upper

Pup 8 3 0.63 0.0183 0.34 0.89
Yearling 36 7 0.81 0.0035 0.69 0.92
Two-year-olds 45 8 0.82 0.0027 0.72 0.92
Three-year-olds 32 1 0.97 0.0009 0.91 1.00
Four-year-olds 33 4 0.88 0.0028 0.77 0.98
Five-year-olds and older 51 6 0.88 0.0018 0.80 0.97

Table 3. Kaplan–Meier survival probabilities by wolf age-class, 1990–1994.
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was strongly related to both pack size and the ungulate
biomass available to wolves each year (Fuller 1989). Rate
of increase was also negatively related to dispersal rate, indi-
cating that the limiting effect of dispersal on the size of wolf
packs had a strong influence on population growth. The
survival rate of wolves was density-independent, but it was
related to their age-class.

Wolves reached pre-reduction density within 5 years after
reduction ended. The number of packs in the area recovered
to the 1983 pre-reduction level of 25 (R. Farnell, unpub-
lished data) within 3 years. Hayes et al. (1991) observed a
similar high rate of increase in wolves in the southern Yukon
after reduction; the population reached 88% of its pre-
reduction size in 4 years.

Colonization by pairs was the factor that most affected
wolves’ rate of increase in the early years of recovery in
Minnesota (Fritts and Mech 1981), Alaska (Peterson et al.
1984), southern Yukon (Hayes et al. 1991), and British Co-
lumbia (Bergerud and Elliot 1998). We observed the same
general pattern of population increase in the FSA. The high-
est rate of increase occurred between 1990 and 1991 (λ =

2.38), when most packs consisted of pairs (64%) breeding
for the first time. R. Farnell (unpublished data) also found
high annual rates of increase in our study area during the re-
duction period (λ = 2.06–2.53), when pairs composed 30%
of the packs, which is similar to findings by Bergerud and
Elliot (1998). In our study, high rates of increase in early
years were supported by high wolf survival rates and low
dispersal rates from small packs.

After wolf pairs established territories in the FSA, repro-
duction rapidly caused pack sizes to increase. The percent-
age of packs that contained pups increased each year until
1994, when more than 90% of packs were reproducing. Wolf
productivity and pup survival rates ultimately depend upon
the availability of ungulates (Zimen 1976; Keith 1983; Messier
1985a; Boertje and Stephenson 1992). Both moose and cari-
bou numbers increased during our study and wolf litter size
was similar to that in other studies where food availability
was high (Harrington et al. 1983; Fuller 1989; Boertje and
Stephenson 1992). The juvenile wolf survival rate was among
the highest reported in the literature. Harrington et al. (1983)
believed that the presence of more “helpers” in a pack

© 2000 NRC Canada

44 Can. J. Zool. Vol. 78, 2000

Fig. 5. Numbers of radio-collared wolves that died as yearlings
or older during the study.

Fig. 6. Ages of radio-collared wolves that dispersed or were cen-
sored from packs during the study.

Original pack 1990 1991 1992 1993 1994 Split packs

Frances R. 17a 9 15a 13a 15 Frances R.
12b 6 Hegsted

4 2 Nipple Mt.
Big Campbell 3 14a 7 20c Big Campbell

10
Weasel L. 6 13a 4 12 —d Weasel L.

7 6 —d Lobster L.
6 11 —d Weasel L. II

Woodside R. 4 7 11a 7 10 Woodside R.
6 7 MacPherson L.

Total 27 44 57 76 84
aSize of pack that split.
bTuchitua R. East pack. Pack shifted out of the study area in 1992.
cThe Big Campbell packs rejoined in 1994.
dNo survey of pack. Each pack was estimated at eight wolves, based on the average size of other packs in

1994.

Table 4. Chronology of large wolf packs that split between 1990 and 1994.
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increased pup survival rates. We found no evidence that
pup survival rates increased with the size of packs. Similar
to observations by Peterson et al. (1984), first-time breeding
pairs were apparently as capable of raising pups as those
that had bred before.

All radio-collared packs produced single litters, similar to
observations by Peterson et al. (1984). In a heavily exploited
population in Alaska, Ballard et al. (1987) found that 7–10%
of wolf packs produced more than one litter. Social con-
straints usually limit breeding to a single dominant female
(Medjo and Mech 1976; Zimen 1976). The killing of domi-
nant pack members can lead to breeding instability by allow-
ing subordinate females to be bred (Woolpy 1968). During
reduction, most packs were completely removed, leaving few
fragmented groups (R. Farnell, unpublished data). Exploita-
tion was very low during recovery. This allowed for high
breeding stability and, hence, the production of single litters.

The survival rates that we observed could represent the
maximum possible for wild wolves. Survival rates were
lower in six other studies where harvest rates were consider-
ably higher than in the FSA (Fritts and Mech 1981; Peterson
et al. 1984; Messier 1985a; Ballard et al. 1987; Fuller 1989;
Hayes et al. 1991). The mean pup survival rate in those stud-
ies was 27% lower (0.48) than the rate we observed, yearling
survival was 20% lower (0.61), and adult survival was 30%
lower (0.59). We had little information on the cause of death
of most wolves. All deaths of young wolves occurred in
summer and fall, when wolves are most likely to disperse
from natal packs in response to intrapack aggression (Fuller
1989; Gese and Mech 1991). Most deaths of adult wolves
occurred during winter, when pack territories are most vigor-
ously defended by adults (Mech 1970).

By 1994, dispersal increased to the level found in a stable
wolf population in Minnesota (49%; Fuller 1989). Messier
(1985a) and Peterson and Page (1988) showed that intrapack
competition for food determined whether young wolves
stayed or were ejected in favor of new pups (Zimen 1976;
Harrington et al. 1983). The age and social position of
wolves influence dispersal rates, which increase rapidly with

the onset of sexual maturity (Packard and Mech 1980;
Messier 1985b; Gese and Mech 1991). As our study packs
increased to a more normal size, dispersal rates of young
wolves increased, which tended to stabilize pack size.

Wolf packs have a social-capacity limit of about 13
wolves, which is independent of food supply (Mech 1970;
Zimen 1976). When packs reached this size in the FSA, they
tended to split. Packs split when subordinate wolves disperse
as a group in response to social stimuli from dominant mem-
bers (Zimen 1976). Wolves are strongly philopatric, as is
shown by recent mitochondrial DNA studies (Lehman et al.
1992). Colonizing near the edge of parental territory allows
dispersers long-term use of familiar areas, and minimizes the
survival cost of dispersing to a new location where food
resources are unknown and the chance of being killed by
conspecifics is higher (Cooch et al. 1993). Pack splitting
was particularly advantageous in the FSA because space and
ungulate resources in adjacent areas were sufficient to allow
related wolves to establish new territories.

Regulation of wolves by prey supply
Mech (1986), Gasaway et al. (1983), and Peterson and

Page (1983) showed that the numerical response of wolves
was loosely regulated by diminishing food resources through
a weak negative feedback that enabled wolf numbers to lag
behind prey declines for long periods. If the numerical re-
sponse is equally loose when prey availability increases,
then wolves could exceed the densities at which prey:wolf
ratios should stabilize, causing prey numbers to decline. If
wolves’ numerical response is sensitive to prey abundance,
then wolf populations should stabilize at a density that does
not exceed the prey-biomass supply (Pimlott 1967; Keith
1983; Fuller 1989; Messier 1994).

We found supporting evidence forH04: wolves’ numerical
response is tightly regulated by prey resources; however, we
also found evidence that wolves’ social behavior could have
been as important in limiting population size. The wolf den-
sity observed in 1996 (10.4–10.6) closely matched the ex-
pected stable density (10.6), based on the ungulate biomass :
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wolf index (Fuller 1989). There is evidence that wolves’ nu-
merical response is closely regulated by the availability of
food resources (Keith 1983; Messier and Crete 1985; Fuller
1989; Messier 1994; Bergerud and Elliot 1998), but it is not
clear whether prey abundance or wolf sociobiology is the
cause/effect. Packard and Mech (1980) proposed that wolf
numbers are regulated by a synergistic, two-way feedback
with their prey. They argued that changes in food resources
ultimately cause changes in wolves’ social behavior that ad-
just wolf reproduction, dispersal, and survival rates in order
to balance wolf numbers and food supply. Social behavior is
also thought to influence the lag time, i.e, how rapidly wolf
numbers adjust to changing food resources (Packard and
Mech 1980).

Our data, and those of Bergerud and Elliot (1998), support
Fuller’s (1989) view that dispersal is the primary mechanism
determining how wolves adjust their numbers to the prey
supply. We found other evidence that dispersal rates were
density-independent and strongly related to wolf-pack size.
Therefore, dispersal was apparently linked to both intrapack
wolf sociobiology, which regulated the maximum pack size,
and per capita prey availability.

We compared long-term wolf densities in the study area
and found that wolf abundance was not sensitively regulated
by food resources. Despite a 2- to 3-fold increase in ungu-
late biomass, there was no difference in mean pack size be-
fore wolf reduction began in 1983 (9.0 ± 1.0 (mean ± SE)
wolves; A. Baer, Yukon Fish and Wildlife Branch, Box 2703,
Whitehorse, YT Y1A 3C6, unpublished data) and after wolf
numbers stabilized in 1996 (9.2 ± 1.0 (mean ± SE)). Simi-
larly, pack density did not differ in 1983 and 1996
(1.04 packs/1000 km2), nor did overall wolf density in the
study area (10.3–10.6 wolves/1000 km2). It is possible that
the pre-reduction data reflect the tendency of wolves to lag
behind prey declines, but we could not test this. However,
the similarities in pack size are evidence that dispersal was
not tightly linked to per capita prey abundance.

Average pack size for moose-hunting wolves is about
10 wolves in North America (Mech 1970; Zimen 1976). In
most Yukon areas, moose-hunting packs range in size be-
tween 6 and 10 wolves (Hayes and Baer 1987; Hayes and
Bowers 1987; Hayes et al. 1991). The stabilization of the
FSA wolf population could be explained by a tight func-
tional response to prey availability (i.e., the individual or
group kill rate determining the physical condition and pro-
ductivity of breeders), or by social interactions that limit
packs in an area to some predetermined maximum number
and size, that are only loosely related to food supply. Food
supply per wolf was inversely related to pack size in our
study area and elsewhere (Thurber and Peterson 1993), with
pairs showing much higher kill rates. Schmidt and Mech
(1997) proposed that wolves live in larger packs not because
food acquisition increases as wolf numbers increase, but be-
cause adult pairs can share surplus food with their offspring
for kin-selection reasons. Therefore, we should not expect
pack size to be sensitively linked to prey availability.

That the mean size of wolf packs in the FSA is consistent
with that of other Yukon moose-hunting packs does not tell
us whether social interactions or prey availability is more
important. To fully testH04 and determine the nature of
wolves’ numerical response, pack densities and mean pack

size will have to be measured over a range of steady-state
prey populations to assess which variables are controlled by
social interactions or prey resources. The best evidence for
regulation by prey availability would be a strong relation be-
tween both wolf-pack size and pack density and a range of
stable moose densities. Our evidence suggests that food sup-
ply and social behavior interact, wolves’ numerical response
being a relatively loose correlation of function of prey avail-
ability with some socially limited maximum pack size, which
is an assumption of current “predator pit” models (Messier
1994).

Data quality
Our study of wolf-recovery dynamics was limited by cer-

tain methods that we used. Because of infrequent year-round
monitoring of wolves, we could not accurately measure mor-
tality causes or true dispersal rates. We inferred most pack
splits from coincidental sharp declines in the size of a large
pack of radio-collared wolves and the presence of newly
formed packs nearby. Wolf survival rates were probably bi-
ased during the early years of our study. The K–M proce-
dure assumes that animals are sampled randomly, which did
not happen in the early years of our study, when most (60%)
radio-collared wolves were young adults in pairs. Early-
colonizing wolves had a clear survival advantage over later
colonizing wolves that entered the population, because they
established territories and reproduced without competition.

Nevertheless, 6 years of study appeared to be sufficient
for observing a wolf population increase from very low
abundance and reach a state of equilibrium.
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Abstract While genetic rescue is known to benefit popu-

lation viability, the duration of that benefit is poorly under-

stood. We document what appears to be the waning benefit of

genetic rescue after approximately 2–3 generations for the

wolf population in Isle Royale National Park. The fitness

benefit of genetic rescue declined because of inbreeding and

population abundance declined when the inbred individuals

exhibited low reproduction and survival. Only detailed

studies of other cases will reveal what aspects of these

dynamics represent general features of genetic rescue. We

also present evidence indicating that numerous past immi-

gration events have likely gone undetected. This finding is of

particular significance because the Isle Royale wolf popu-

lation has maintained good population viability for decades

even though it was small and thought to be isolated from the

mainland population of wolves. Past gene flow also suggests

that human-assisted gene flow is necessary to conserve the

ecosystem services associated with predation, since climate

warming has reduced the frequency of ice bridges and with it

the only opportunity for unassisted gene flow.

Keywords Ancestry � Gene flow � Heterozygosity �
Inbreeding � Pedigree � Relatedness

Introduction

Endangered species often face significant genetically

related threats, including lowered fitness due to loss of

genetic variation, increase of detrimental variants, and

inbreeding. One escape from the impact of lowered fitness

is genetic rescue in which the natural or artificial intro-

duction of individuals from outside the population provides

genetic variation that subsequently results in higher fitness

(Tallmon et al. 2004). Genetic rescue has resulted in dra-

matic population recovery when Florida panthers (Johnson

et al. 2010), adders (Madsen et al. 1999), bighorn sheep

(Hogg et al. 2006) and prairie chickens (Westemeier et al.

1998) from other populations were introduced into low

fitness populations. The natural introduction of one male

wolf had important beneficial effects in Scandinavian

wolves (Vilà et al. 2003) and wolves on Isle Royale in

Lake Superior (Adams et al. 2011).

Because many populations have become small and

isolated in recent decades due to human impacts, genetic

rescue will probably become a natural phenomenon or

management action of great significance. However,

because many of the known examples are from very recent

years, the longer term impact of genetic rescue has not

been documented or examined. In fact, Hedrick and

Fredrickson (2010) advocated thorough monitoring after

the introduction of outside individuals to determine how

long the initial positive effect remained and if any possible

negative side effects, such as lower effective population

size or inbreeding and subsequent lowered fitness, resulted.

The Isle Royale wolf population has already offered

some very important lessons and insights about genetic

rescue. In particular, genetic rescue from the immigration

of single male resulted in a ‘‘genomic sweep’’ and the

ancestry of this individual increased quickly to over 50 %
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in the population (Adams et al. 2011). Also, because

genetic rescue took place during a period of low prey

(moose) numbers, the wolf population size did not increase

over that before the genetic rescue (Hedrick et al. 2011).

Here we present further analysis of this case study that

helps better understand what may be some general features

of genetic rescue over time. In Adams et al. (2011), we

concluded the immigration of a single male increased the

fitness in the population and implied that this would be

beneficial for the population. However, that benefit might

have been temporary because in the last several years the

population has greatly declined and the extraordinary ini-

tial success appears to have subsequently diminished in its

favorable impact. Here, we conduct a more thorough ana-

lysis of the genetic impact of this genetic rescue event and

extend that analysis forward in time to the present day to

provide a more complete understanding of genetic rescue

as an example for other studies.

Study system

The Isle Royale population was founded about 1950 by

wolves from the mainland population (about 20 km away

at the nearest point) living northwest of Isle Royale and it

has been assumed that the Isle Royale wolf population was

completely isolated from this population. For over 50 years

on Isle Royale, both wolves and moose, their main prey,

have been monitored and studied (Peterson et al. 1998;

Vucetich and Peterson 2004). From genetic examination of

scats, it was discovered in 2009 that a male wolf known as

M93 (M indicates male) migrated from nearby mainland

Ontario, Canada in 1997, probably across the ice bridge

present that year (Adams et al. 2011). He was behaviorally

dominant over resident wolves and his pack and first mate

and their descendants quickly dominated the genetic

ancestry of the population. By 2008, 59.4 % of the genetic

ancestry in the population was from him (see below),

resulting in a genomic sweep of the population. Although

this success was a strong indication of increased fitness

from genetic rescue, the environment during this period

was poor because of deteriorating prey base of moose and

population numbers did not increase substantially (Hedrick

et al. 2011). From 2005 on, all the ancestry in the Isle

Royale population was descended from three individuals,

the male immigrant M93), and two females, F99 (F indi-

cates female) his first mate, and F67, another female pop-

ulation resident.

In the last few years, the population numbers of Isle

Royale wolves have declined and in 2012 and 2013, there

were only 9 and 8 wolves, respectively, the lowest numbers

ever recorded. The year 2012 was also remarkable for

being the first year since records were kept (1971) that no

reproduction was detected.

Methods

We constructed a pedigree for the years, 1998–2013, based on

18 microsatellite loci that were derived from samples of feces

and blood of wolves. For methodological details, see Adams

et al. (2011). Our analysis here is based on temporal trends in

a variety of genetic indicators derived either from this pedi-

gree or from microsatellite heterozygosity. In particular, we

calculated the proportion of ancestry (ai) from each of the

i wolves with known descendants from 1999 on. To do this

for each individual offspring, half the ancestry was assigned

to the known male parent and half to the known female

parent. The inbreeding coefficient was calculated using the

additive approach (Ballou 1983). In addition, the proportion

of the inbreeding coefficient attributable to each of the known

ancestors for the pedigreed population was determined using

gene-drop simulation (MacCluer et al. 1986).

The observed individual heterozygosity (HOi) for 18

microsatellite loci was calculated for nearly all of the 99

individuals in the pedigree (four individuals had genotypes

for less than 18 microsatellite loci and two individuals first

seen in 2012 were not genotyped for these same loci). The

expected individual heterozygosity for a given year was

calculated as the product of the ancestry from founder i in

that year, the observed heterozygosity of that founder, and

the complement of the inbreeding coefficient (1–f) in that

year as

HE ¼ 1 � fð Þ
X

aiHO:i ð1Þ

To better understand why there was no reproduction in

2012, we analyzed the relatedness between potential mates.

A new measure of relatedness that takes into account past

inbreeding (Hedrick and Lacy 2014), can be calculated

using the different modes of identity-by-descent of four

homologous genes possessed by two individuals (Jaquard

1971; Lynch and Walsh 1998). Given the probability of the

nine different identity-by-descent modes Di, the new

measure of relatedness between individuals x and y is

rxy ¼ D1 þ D7 þ
3

4
D3 þ D5ð Þ þ 1

2
D8 ð2Þ

We compare this to another measure of relatedness (Wright

1922) that also takes into account past inbreeding, gener-

ally known as the coefficient of relationship (Crow and

Kimura 1970)

r�xy ¼
2fxy

1 þ fxð Þ 1 þ fy
� �� �1=2

ð3Þ
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where fx, and fy, are the inbreeding coefficients in indi-

viduals x and y, and fxy is the inbreeding coefficient of an

offspring from individuals x and y.

In an isolated population, the expected heterozygosity in

generation t (Ht) is predicted to decline as a function of the

effective population size Ne and the number of generations

from an initial value of H0 as

Ht ¼ H0 1 � 1

2Ne

� �t

ð4Þ

(Hedrick 2011). The influence of gene flow from outside

the population can be incorporated using the island model

of Wright (1940) as

Ht ¼ 1 � 1

2Ne

þ 1 � 1

2Ne

� �
1 � Ht�1ð Þ

� 	
1 � mð Þ2 ð5Þ

given that the rate of gene flow per generation into the

populations is m.

Results

Pedigree analysis and recent genetic change

Figure 1 gives the updated pedigree through 2013 and

some salient, context-providing features of that pedigree

are the following. In 2012, there were nine individuals

alive and eight were identified genetically (indicated by

shaded symbols in Fig. 1). The four males and female F189

present in 2012 are full sibs. Ancestry from female F67

continues in the population because F160 is the daughter of

F67. Eight individuals were identified from aerial surveys

in 2013 and seven of them were detected through their

fecal DNA. These wolves were the same as those detected

in 2012, except M183 was not detected.

In the early years of the pedigreed population, ancestry

from three wolves (male immigrant M93, his first mate

F99, and female F67) generally rose, while the ancestry

from other wolves (including M61 and F55) declined to

zero by 2005 (Fig. 2). Within a decade (*2.5 generations)

of the arrival of M93, his ancestry had risen to 59.4 % in

2008, greater than the ancestry of all other individuals

combined. His ancestry rose to such a high level in part

because he mated with his own daughter (F58) to produce

21 offspring. Between 2008 and 2013, the ancestry of M93

declined, while the ancestry of F67 increased and the

ancestry of F99 remained about constant. By 2013, the

ancestry of those three wolves had become approximately

equal.
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The level of inbreeding in the pedigreed population started

to increase in 2003 and reached a maximum in 2009 of 0.230

(Fig. 3). In the past several years, the level of inbreeding has

declined, reaching levels of 0.133 and 0.140 in 2012 and

2013, respectively. This decline has resulted primarily from

the short lives and low reproductive contribution of the highly

inbred wolves in the population (see below).

The inbreeding (identity-by-descent) experienced by the

population can be attributed to either M93, F99, or F67

(Fig. 3). A very large proportion of the inbreeding in the

early years is attributable to the immigrant M93, primarily

because of the highly successful mating of M93 with his

daughter F58. This father-daughter mating resulted in

identity-by-descent from M93 but not from F99. For

example, in 2009, 76 % of the inbreeding was from M93

and only 24 % from F99. Recently in 2012 and 2013, the

level of inbreeding from M93 and F99 was nearly identical.

Only since 2011 was there any inbreeding attributable to

F67.

Detailed inspection of the pedigree reveals additional

insight. In particular, there have been six matings between

first-degree relatives, two father-daughter matings, two

mother-son matings, and two brother-sister matings, which

have produced progeny (Table 1). Overall these matings

between close relatives produced 42 offspring, 44.7 % of

the known 94 progeny produced in the pedigreed

population.

Much of the decline in overall inbreeding level from

2009 to 2013 (Fig. 3) is explained by the death of nine

wolves with an inbreeding coefficient of 0.375, the result of

two consecutive generations of close inbreeding (Table 2).

All of these wolves had short lifespans (mean of

2.33 years) and all of them had died by 2011. Specifically,

of the wolves recruited into the pedigree between 2009 and

2011, there is a two-fold difference in f between the seven

alive in 2012 (0.152) and the six not alive in 2012 (0.292).

None of these highly inbred wolves reproduced.

The increase in the ancestry of F67 and concomitant

decrease in the ancestry of M93 is explained by inspecting

the pattern of inbreeding that occurred between 2008 and

2013. Because the male immigrant M93 is unrelated to

resident females F99 and F67, any offspring between them

have an inbreeding coefficient of zero. With the recent

increase of the ancestry of F67, some matings between

individuals with only F67 ancestry and with only M93 and
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Fig. 3 The overall level of inbreeding (f) in the Isle Royale wolf

population over time and the identity-by-descent attributable to

wolves M93, F99, and F67

Table 1 The matings between first-degree relatives, the inbreeding

coefficient of their progeny (some of these parents were already

inbred), and the number of progeny produced (seen in the annual

survey in January and February) from each mating

Father Mother Type of first-

degree mating

Inbreeding

coefficient

Number

progeny

M93 F58 Father–daughter 0.25 21

M152 F58 Mother–son 0.375 6

M183 F160 Mother–son 0.3125 1

M135 F147 Brother–sister 0.375 2

M62 F75 Father–daughter 0.375 1

M62 F102 Brother–sister 0.25 11

Table 2 The nine wolves with an inbreeding coefficient of 0.375 due

to two consecutive generations of matings between first-degree rela-

tives, the year they were first and last seen in the annual count in

January and February (birth and death years here, respectively), and

the matings in these two generations

Wolf Generation 1 Generation 2 Birth Death Life

span

M177 Brother (M62)–

sister (F102)

Father (M62)–

daughter (F75)

2007 2008 2

M181 Father (M93)–

daughter(F58)

Mother (F58)–

son (M152)

2008 2008 1

F182 Father (M93)–

daughter(F58)

Mother (F58)–

son (M152)

2008 2010 3

M179 Father (M93)–

daughter(F58)

Brother (M135)–

sister(F147)

2008 2010 3

F180 Father (M93)–

daughter(F58)

Brother (M135)–

sister(F147)

2008 2009 2

M141 Father (M93)–

daughter(F58)

Mother (F58)–

son (M152)

2009 2010 2

F184 Father (M93)–

daughter(F58)

Mother (F58)–

son (M152)

2009 2011 3

F185 Father (M93)–

daughter(F58)

Mother (F58)–

son (M152)

2009 2011 3

M187 Father (M93)–

daughter(F58)

Mother (F58)–

son (M152)

2010 2011 2

The basis for using years of detected in samples of fecal DNA as a

basis for estimating lifespan is given in Marucco et al. (2012)
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F99 ancestry have resulted in offspring with inbreeding

coefficients of zero, consequently resulting in a decline in

the average inbreeding in recent years.

Insight about mating behavior and reproduction in 2012

depends on understanding the relationships among indi-

viduals that were alive in 2012. In particular, the four males

present in 2012 were full sibs (Table 3). The four females

were F160 (mother of the full sibs), F189 (a full sib of the

males), and two other females F192 and F193. All four

full-sib males are equivalent when mating with females

F160, F189, and F192. However, because M183 was the

father of F193, a potential mating between them requires

separate evaluation (see below).

If one of the four males were to have mated with F160

or F189, or if one of the three males excluding M183 were

to have mated with F193, then the inbreeding coefficient of

their offspring (fxy) would be greater than 0.3 (Table 3).

The high fxy value from F160 would be because she is the

mother of the four full-sib males, and the high fxy value

from F189 would be because she is a full sib of the four

males. If F192 were to have mated with any of the four

males, their progeny would have a lower inbreeding

coefficient (fxy = 0.219). The lower value of fxy for an

offspring of F192 is because she is not a descendent of

F160 and is the granddaughter of F67. Finally, if M183

were to have mated with his daughter F193, their progeny

would have a higher inbreeding coefficient (fxy = 0.438).

Of the 16 possible matings that could have occurred in

2012, four represent matings between the least related

wolves and matings that would have produced offspring

with the lowest f (matings between F192 and any of the

males, see Table 3). In fact, the F192 and M190 pair

(rxy = 0.396 and rxy* = 0.389) were the only pair of

wolves to display signs of courtship and mating behavior

during the 2012 mating season (February). Nevertheless,

we were unable to detect any sign of any pups having been

born in 2012. However, aerial surveys conducted in Janu-

ary, 2014 suggested that this pair had given birth to two or

three pups that had survived at least to 9 months of age

(Vucetich and Peterson 2014).

Observed and expected microsatellite heterozygosity

The observed heterozygosity is relatively stable for the early

years, 1999–2006, with a mean value of 0.589 (Fig. 4). More

recently, however, HO declined to 0.426. The variance and

standard errors of the observed heterozygosity among indi-

viduals was influenced both by the variance in inbreeding

among individuals and the variance in observed heterozy-

gosity among the five ancestors of the pedigreed population

(the observed individual heterozygosities of the ancestors

were HO93 = 0.833, HO99 = 0.500, HO67 = 0.500,

HO61 = 0.444, and HO55 = 0.389). Expected heterozygos-

ity was a good predictor of HO throughout most of the study

period. However, by 2013, HO had become significantly

lower than HE (Fig. 4).

High heterozygosity in the Isle Royale population

The Isle Royale population would have been expected to

have lost most of its original heterozygosity if it had been

isolated throughout the approximate 12 generations

(assuming the generation length is 4 years, see Peterson

et al. 1998 for justification) that passed from the time of its

founding around 1950 until the arrival of M93 in 1997.

More precisely, 81.7 % of the original heterozygosity is

expected to have been lost (Fig. 5), according to the esti-

mate for Ne of 3.8 (Peterson et al. 1998) based on Eq. (4).

By contrast, the population appears to have lost only

32.2 % of its heterozygosity. This estimated loss is based on

Table 3 The inbreeding coefficient fxy of an offspring from a mating

between male x and female y, the inbreeding coefficient fy of the

female (the males all have fx = 0.125), the relatedness, rxy, of Hedrick

and Lacy (2014), and the coefficient of relationship, rxy*, of Wright

(1922) for the four males and four females known to be present in

2012

Male (x) Female

(y)

fy fxy rxy rxy*

M149, M183, M188,

M190

F160 0.000 0.312 0.595 0.589

M149, M183, M188,

M190

F189 0.125 0.344 0.617 0.611

M149, M183, M188,

M190

F192 0.125 0.219 0.396 0.389

M149, M188, M190 F193 0.312 0.328 0.567 0.540

M183 F193 0.312 0.438 0.734 0.720
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Fig. 4 The observed heterozygosity (HO) (broken line) for 18 loci for

Isle Royale wolves from 1999 to present and 95 % confidence limits

(dotted lines) and the expected heterozygosity (HE) (solid line) based

on the observed heterozygosity of the five ancestors, their ancestry,

and level of inbreeding for each year
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comparing the mean observed heterozygosity for 20 wolves

on Isle Royale before 1998 (0.430 ± 0.022) to the mean

observed heterozygosity for 35 mainland wolves from near

the Minnesota–Canadian border (0.634 ± 0.020), which

represents the source population of Isle Royale wolves.

A possible explanation for the discrepancy is undetected

gene flow. For example, if the rate of gene flow had been

0.044 each generation, then heterozygosity is expected to

have declined to the value observed in 1998 (Fig. 5). This

rate of gene flow represents about 1 in 23 individuals being

a migrant, which corresponds to about one migrant per

generation, because the mean population size on Isle

Royale for the period 1959–1998 is 23.4 individuals. The

observed heterozygosity could also have resulted from

higher levels of gene flow occurring less frequently, such

as m = 0.103 every third generation which corresponds to

about 2.3 migrants every third generation (Fig. 5).

The possibility of undetected gene flow prompted us to

review field observations from the four decades prior to the

arrival of M93 for clues suggesting the occurrence of such

events (Table 4). First, several wolves, including four that

were black, arrived over an ice bridge in 1967. One of the

black wolves was observed living in 1968 in the single

pack that comprised the population at that time. Behavioral

observations indicated that he subsequently became the

alpha male in 1971 and 1972 (Wolfe and Allen 1973).

Other field observations indicated that two pups had been

recruited into the population in 1971 and another four in

1972 (Peterson et al. 1998). Because no black pups were

observed, the black wolf was presumed, at the time, not to

be the father. Contemporary understanding for the inheri-

tance of coat color in wolves (Anderson et al. 2009),

however, indicates that it would not be unexpected to

observe only gray pups from the mating between a gray

mother and a black father, if that father had been a het-

erozygote for the gene determining coat color. About two

generations later, in the summer of 1980, a National Park

Service employee photographed a wolf pup that also might

have been black. After this photograph is retrieved from

the Park’s archives and inspected, we are likely to know

more about this event.

These field observations of black wolves are noteworthy

because the arrival of M93, a gray-colored wolf, was only

detected from genetic observations made more than a

decade after his arrival (Adams et al. 2011). Because of his

gray appearance, his arrival would have been undetectable

from field observations alone. Black wolves are uncommon

in the Great Lakes region, representing approximately only

approximately 3 % of the population (Mech and Frenzel

1971, Mech and Paul 2008). The rarity of black wolves and

the detection of two, and possibly three, black wolves in

the four decades of observation prior to 1998 suggests the

plausibility of additional undetected gene flow involving

gray-colored wolves.

Gene flow is possible only in the presence of ice bridges

that form during some winters. These bridges are some-

times present for a few days and other times they persist for

several weeks. Travelling at a typical speed (Mech 1994), a

wolf could cross an ice bridge in three to 6 hours. In 2008,

two radio-collared wolves disappeared shortly after an ice

bridge had formed (unpubl. field notes). Similarly in early

2014, female F189 disappeared after an ice bridge had

formed and was subsequently was found dead on the

mainland. A pack of wolves was also observed chasing a

pack mate onto an ice bridge in 1977 and airborne

observers followed the egress event halfway to the main-

land (Peterson 1979).
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Fig. 5 The expected change in heterozygosity when there is no gene

flow (m = 0), there is a constant rate of gene flow each generation

(m = 0.044), and there is gene flow every third generation of

m = 0.103

Table 4 Movements of wolves and other canids between Isle Royale

and the mainland by year from the 1940s to 2013, characteristics of

the migrants and whether they reproduced

Date Description of

animals

Reproduction Citation

Late 1940s Founding pair (or

more)

Yes Mech (1966)

1967 Four black wolves Yes Wolfe and Allen

(1973)

1977 Wolf Chased off

island

Peterson (1979)

1980 Wolf (black? pup) Yes (implied) This study

1996–1998 Coyote-like canid No (lone

animal)

This study

1997 Wolf (M93) Yes Adams et al.

(2011)
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During 3 years (1996–1998) following a period when

ice bridges had been present in 1994, 1996, and 1997, a

lone animal that appeared to be a coyote was observed on

Isle Royale (unpubl. field notes). Populations of fox and

coyote are thought to have been established on Isle Royale

early in the 20th century by migrants that would have

crossed an ice bridge but the coyote population was driven

to extinction shortly after the wolf population was estab-

lished in the late 1940s. Mech (1966) recounts several

instances that likely involved individual wolves crossing

ice bridges during the first half of the 20th century. Col-

lectively, these observations further suggest the plausibility

of undetected movement and consequent gene flow for

wolves (or other canid species).

Inbreeding measures the level of identity by descent and

if migrant and resident wolves did not have recent common

ancestors, then their progeny could have an inbreeding

level of zero. Further, it would potentially take some time

for inbreeding to accumulate because the closest mating in

wolves to produce inbred offspring is either a parent—

offspring or a mating of siblings, both of which would take

at least two generations (8 years). If there was an earlier

unrelated migrant (like M93), then the inbreeding level

could potentially decline back to low levels.

As a result, undetected gene flow should also influence

the level of inbreeding the population had exhibited just

prior to the arrival of M93. For that time, f had been esti-

mated as 0.801, using an indirect estimator that assumed

the absence of gene flow (Peterson et al. 1998; Adams et al.

2011). Another indirect, but useful, basis for estimating f

before the arrival of M93 that accounts for having observed

higher than expected heterozygosity resulting from unde-

tected gene flow is

ft ¼ 1 � Ht

H0

ð6Þ

Replacing Ht in this equation with the heterozygosity for

Isle Royale wolves prior to 1998 (0.430) and H0 with the

heterozygosity for 35 wolves living near the Minnesota–

Canadian border (0.634), yields ft = 0.332 for the time

prior to the arrival of M93. The expected pattern change in

f given these two initial inbreeding points, and the known

remainder composition of the population is given in Fig. 6.

Discussion

General conclusions

The success of immigrant M93 and his influence on the Isle

Royale wolf population was remarkable. Within a gener-

ation of his arrival, the inbreeding coefficient had declined

from 0.332 to 0.036 (Fig. 6). He sired 34 offspring, 21 of

which were with his daughter and within 2.5 generations,

and his ancestry had risen to 59.4 % (Fig. 2). This high

ancestry level is further supported by molecular genetic

data showing that the only variant of the Y chromosome

present in the population today was inherited from M93

(Adams et al. 2011). In addition, he was a heterozygote for

two new alleles (allele 224 at locus FH2226 and allele 146

at locus C05.377) that increased to frequencies of 33 and

27 % in the population by 2009, bracketing the expected

value of 28 % (= 56 %/2) expected from the pedigree for

that year (Adams et al. 2011). This rise in ancestry is, to

our knowledge, faster and greater than any previously

documented for a wild vertebrate population and as a

result, the impact of the immigrant represents a genomic

sweep of the population.

Demographic benefits, such as increased rates of

recruitment or survival that might have resulted from the

arrival of M93 were masked by a severe collapse in food

supply that coincided with his arrival (Adams et al. 2011).

As a result, his impact on population fitness was indicated

by the dramatic rise in his ancestry (Hedrick et al. 2011). In

recent years, however, the ancestry of M93 has declined to

33.9 % and became approximately co-equal with two other

individuals. That decline in ancestry coincided with a

decline in mean inbreeding level (f) and observed hetero-

zygosity (HO) (Figs. 3, 4). Ordinarily, a decline in f is

associated with an increase in HO. However, if f declines as

a result of increased ancestry from an unrelated individual

with lower HO, then the pattern we observed would be

expected. Specifically, ancestry from F67 increased as

ancestry from M93 decreased (Fig. 2), and F67 had a lower
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Fig. 6 The mean inbreeding coefficient (f) over time from the

individuals in the known pedigree and that expected given that in

1997 f = 0.801 (as assumed in Peterson et al. 1998; Adams et al.

2011), and assuming that f = 0.322 as estimated from observed

heterozygosity on Isle Royale and the mainland in 1997
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HO than did M93 (HO67 = 0.50 and HO93 = 0.833). This

observation represents another possible mechanism by

which f and HO might not be strongly associated (Balloux

et al. 2004).

Figure 5 and the estimated microsatellite heterozygosity

of the population indicate that it had been highly inbred

before the arrival of M93. The genomic sweep and rapid

rise in ancestry of M93 in years following his arrival also

indicated the population had low fitness. The more recent

decline in his ancestry was associated with selection

against his inbred descendants and resulted in an increase

in ancestry from the individuals with lower fitness which

had been present before his immigration (F99 and F67).

That dynamic is likely associated with the decline in

demographic performance for both wolf abundance and

recruitment that occurred during the same period.

Ordinarily, one would not expect a decline in mean f (as

occurred between 2008 and 2013) to be associated with a

decline in demographic performance. Specifically, mean

f rose prior to 2008 because a large portion of the indi-

viduals alive at that time were the result of two successive

generations of close inbreeding (f = 0.375) but they also

had high ancestry from M93. Those wolves had short

lifespans, did not reproduce, and died between 2008 and

2011 (Table 2). Their deaths caused mean f to decline and

contributed importantly to the decline in population

abundance and recruitment rate.

The low fitness of those inbred wolves might have been

attributable to the expression of recessive deleterious

alleles inherited from M93. Any migrant from a large

outbred population (like the Canadian wolf population) is

expected to carry a number of such detrimental alleles.

Given successive generations of close inbreeding, these

alleles would have contributed to the decline of the popu-

lation because those inbred wolves with high ancestry from

M93 represented a large portion of the population. As

examples in other wolf populations, both the Swedish wolf

(Liberg et al. 2005) and the Mexican wolf (Fredrickson

et al. 2007) populations were segregating for multiple

detrimental variants that greatly reduced the fitness for

inbred individuals. Bijlsma et al. (2010) observed similar

dynamics of deleterious alleles in experimental populations

of Drosophila.

That those inbred wolves represented a large portion of

the population is a legacy of the success of M93. Being so

successful and bringing about a genomic sweep, allowed

for the possibility of recessive deleterious alleles to

increase in frequency with little chance of being purged

(Hedrick 1994). Ultimately, the apparently short-lived

benefit of migrant M93 might have been associated with

how very successful his lineage had become. His success

was largely attributable to the degree the Isle Royale

population had, at the time of the arrival of M93, been

suffering from low fitness. In any event, the beneficial

effect of M93 appears to have begun waning about two or

three generations after his arrival. The details of this short-

lived benefit illustrate potential predictions about the nature

of genetic rescue (Hedrick and Fredrickson 2010).

The apparent failure of the Isle Royale wolf population

to reproduce in 2012 is remarkable for being the first time

since such records have been kept (1971) that no signs of

reproduction were detected. Recent genetic analyses offer

new insight on that failure. In 2012, the population was

organized into two social groups: the West-end Duo was a

newly formed and young pair and failed to produce pups.

Because those wolves are closely related (r = 0.39) and

the inbreeding coefficient of their offspring would have

been relatively high (f = 0.22), one would not be surprised

if their reproductive output is lackluster. Nevertheless, that

pair is still alive and their lifetime reproductive output

remains to be seen.

The other wolves present formed the Chippewa Harbor

Group, which was comprised of five individuals. In Feb-

ruary, 2012, those wolves had not shown any signs of

courtship or even signs of hierarchy that accompany

courtship. We now know that this group was comprised of

a mother (F160) and her four offspring. One might expect

inbreeding avoidance given that every pairing of wolves in

that group was a first-order relationship (full siblings or

parent-offspring). Moreover, the alpha male of Chippewa

Harbor Pack (M138) had died just 2–3 months prior to the

2012 mating season and the pairing of wolves M138 and

F160 had successfully reproduced in previous years. M138

died prematurely along with two other wolves when they

drowned in a flooded mine shaft. If M138 had not died

(along with two other wolves), then the survival and

recruitment rates in 2011–2013 would almost certainly

have been higher, and the population would not have

declined from 16 to 8 wolves. That mine shaft tragedy—an

artifact of 19th century mining and consequently an

anthropogenic influence on the population—appears to

have been an important contributor to the current high risk

of population extinction.

High heterozygosity

The higher than expected heterozygosity that we observed

appears as though it can be explained by previously unde-

tected gene flow (Fig. 5; Table 4). While inbreeding

avoidance and selection for heterozygotes (against homo-

zygotes) might, in principle, also explain higher than

expected H, additional considerations suggest otherwise.

First, prior analyses indicated that inbreeding avoidance is

relatively weak in the Isle Royale population (Geffen et al.

2011). Moreover, matings between first-degree relatives

represent 6 of the 11 reproductively successful pairings that
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we observed in the pedigree, and 45 % of the 94 progeny that

survived long enough to be recruited into the population

were the result of first-degree matings. Much of the

inbreeding resulted from immigrant M93 mating with his

daughter (F58) and F58 mating with her son (M152). Over-

all, inbreeding avoidance appears not to have been strong

enough to overcome the impact of small population size. One

potential exception is the recent pairing of M190 and F192,

involving the least related wolves present (Table 3).

Selection appears not to have consistently favored het-

erozygotes. For example, observed and expected hetero-

zygosity were similar during the early years of the study

period, and HO declined relative to HE during the most

recent years (Fig. 4). Additional insight rises from con-

sidering temporal trends in mean inbreeding level, which

increased as the ancestry of M93 increased; then both

began to decline in 2008 (Figs. 2, 3). Because M93 had

relatively high heterozygosity, those trends are consistent

with selection for higher heterozygosity followed by

selection against individuals with higher heterozygosity,

but happened to be more inbred. Overall, selection appears

to have been against individuals with high f. Moreover, f is

not significantly correlated with microsatellite heterozy-

gosity (r = 0.105, P = 0.51, for individuals with f [ 0), in

large part because M93 who was responsible for a large

portion of inbreeding (Fig. 3) had relatively high hetero-

zygosity. Because the impact of M93 appears unprece-

dented, these kinds of dynamics may be unusual. Selection

for heterozygosity was reported in a study of 31 micro-

satellite loci for the inbred population of Swedish wolves

(Bensch et al. 2006), but not in a subsequent analysis of

237 loci for the same population (Hagenblad et al. 2009).

Climate change

The genetic health of the Isle Royale population has very

likely been maintained by periodic gene flow, which is only

possible during winters in which an ice bridge has formed.

Moreover, the frequency of ice bridges has steadily declined

throughout the past five decades. The mean expected prob-

ability of observing an ice bridge during the 1960s was 0.67

while for the past decade, the mean expected frequency is

only 0.16 (Vucetich and Peterson 2014). Lake Superior is

expected to be largely ice free by 2040 (Austin and Colman

2007). The effect of anthropogenic climate change on the

health of the Isle Royale wolf population has significant

policy implications because Isle Royale is a National Park

and one of the few places on earth inhabited by an un-per-

secuted top predator, an un-hunted large ungulate popula-

tion, and a forest that is not commercially logged. Whether

the National Park Service decides to actively conserve the

wolves of Isle Royale through genetic rescue will set an

important precedent for whether they will mitigate the threat

of climate change in instances where doing so is feasible

(Vucetich et al. 2012, a, b).

Comparisons to other organisms

As we suggested in the introduction, because many popu-

lations have become small and isolated due to human

impacts, genetic rescue will probably become of greater

importance for rare and/or endangered species. In most

other well-known examples of genetic rescue, the popula-

tion numbers have increased and in general the populations

appear to have higher viability than before the natural or

artificial genetic rescue. For example, the translocations of

prairie chickens (Westemeier et al. 1998) appears to have

been effective in increasing fitness and genetic variation and

the population initially increased, although now the popu-

lation is struggling and appears to be limited by suitable

habitat (Bouzat et al. 2009). In the isolated Swedish popu-

lation of adders (Madsen et al. 1999), translocation initially

resulted in enhanced population growth (Madsen et al.

2004). However, the recent construction of a house and a

brick wall, unrelated to genetic rescue, have dramatically

reduced population numbers (Madsen and Ujvari 2011).

The introduction of Texas pumas into the Florida panther

population resulted in dramatic population recovery

(Hostetler et al. 2010; Johnson et al. 2010) although now the

population appears potentially limited by available habitat.

The natural introduction of one male wolf initially had

important beneficial effects in Scandinavian wolves (Vilà

et al. 2003) although a subsequent analysis documented

significant inbreeding depression (Liberg et al. 2005). Since

then, two male wolves naturally migrated into the population

and three wolves were translocated into the population from

northern Sweden, resulting in both a lower inbreeding

coefficient and higher reproductive success (O. Liberg,

personal comm.). Crosses between lineages in Mexican

wolves resulted in higher fitness (Fredrickson et al. 2007)

and recently numbers in the reintroduced population have

increased. However, as yet there has been no detailed ana-

lysis determining how much genetic rescue or other factors

have influenced this population increase. Genetic rescue in

the population of bighorn sheep living in the National Bison

Range resulted in significant population increase (Hogg et al.

2006) and recent genomic analysis has examined what loci

might have been involved (Miller et al. 2012).

These examples of genetic rescue suggest that its benefits

can be mediated by other ecological factors. In particular,

beneficial effects of genetic rescue were straightforward for

the Swedish wolf population where habitat was not limiting

and where genetic rescue occurred on multiple occasions.

However, the effects of genetic rescue appear to have been

limited in several other cases where habitat was limited or

had become degraded. The Isle Royale case represents
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another kind of complexity. Here, the beneficial effects of

genetic rescue were not detectable because of a sudden

diminishment in food supply that coincided with genetic

rescue (Adams et al. 2011; Hedrick et al. 2011) and ulti-

mately limited by the geographical constraints on the size of

the population.

The case study reported here is significant because few

documented instances of genetic rescue have been

observed long enough or in sufficient detail to understand

how long one can expect the beneficial effects of genetic

rescue to persist. Clearly, additional case studies will be

required before an adequate understanding is developed.
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Abstract 28 

 29 

Genetic factors have long been a concern in the extinction and viability of species with the short-30 

term effects focusing on inbreeding depression. Genetic rescue has been suggested as a means to 31 

overcome the detrimental effects of inbreeding depression. However, it has been difficult to 32 

document the genetic dynamics over time of genetic rescue, inbreeding depression, and other 33 

genetic relationships in endangered species. We show here using a detailed pedigree and 34 

genomic data that genetic rescue in the gray wolf (Canis lupus) population on Isle Royale had 35 

only a temporary positive effect reducing inbreeding depression and then the genetic changes 36 

from the immigration event resulted in a population decline and now imminent extinction of the 37 

population. Examining the genetic details of this situation shows how genetic dynamics after the 38 

initial positive effects of genetic rescue have passed can return a small population to a path 39 

toward extinction. Thus, the successful conservation of critically small populations would likely 40 

depend on alleviating the cause of having become critically small, such as habitat restoration, or 41 

periodic re-application of genetic rescue in a manner that does not result in negative genetic 42 

dynamics. 43 

 44 

 45 

Introduction 46 

 47 

For nearly four decades, conservation biologists have been concerned with genetic impacts on 48 

the extinction of populations and species (Soule & Wilcox, 1980). These concerns focused on 49 

two main genetic issues, a short-term concern of avoiding inbreeding depression and a long-term 50 

concern of maintaining genetic variation so that future adaptation would be possible (Franklin, 51 

1980). 52 

There is substantial and increasing evidence of inbreeding depression, that is, inbred 53 

individuals have lowered fitness compared to non-inbred individuals (Hedrick & Garcia-Dorado, 54 

2016). The increase in documented cases of large inbreeding depression appears partly due to the 55 

examination of other fitness components besides viability, such as fecundity and mating success, 56 

and partly due to measuring inbreeding depression in more natural environments. In addition, 57 

new genomic approaches to estimate inbreeding have provided greater resolution for quantifying 58 
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inbreeding, facilitating studies of inbreeding depression in the wild (Kardos et al., 2016). For 59 

example in red deer (Cervus elaphus), given an inbreeding level equivalent to that in progeny 60 

from a mating between half sibs, the predicted lifetime breeding success was only about 10% 61 

that when there was no inbreeding (Huisman et al., 2016).  62 

One approach to overcome the impact of inbreeding depression is genetic rescue 63 

(Tallmon et al., 2004; Whiteley et al., 2015), that is, the introduction of genetic variation from 64 

unrelated individuals to an inbred population. Hedrick & Fredrickson (2010) provided guidelines 65 

about when genetic rescue might be beneficial. They also suggested that the effects of genetic 66 

rescue could be short-lived and in some cases even result in genetic swamping of the target 67 

population by ancestry from the immigrants potentially resulting in subsequent low effective 68 

population size. These guidelines were primarily developed for endangered species like the 69 

Mexican wolves (C. l. baileyi) and Florida panthers (Puma concolor coryi) when potentially 70 

different management options, such as releases from captivity and translocation, are available. 71 

However, they are also useful to provide an understanding when genetic rescue occurs because 72 

of natural migration as in the Isle Royale wolf population.   73 

Recently, examples of genetic rescue have been documented in organisms as diverse as 74 

butterflies (Roitman et al., 2017), dogs (Stronen et al., 2017), marsupials (Weeks et al., 2017), 75 

pines (Hamilton et al., 2017), fish (Robinson et al., 2017), and rodents (La Haye et al., 2017). In 76 

addition, meta-analysis has suggested that genetic rescue provided benefits in a very high 77 

proportion of the cases examined (Frankham, 2015) and that these benefits persist for several 78 

generations (Frankham, 2016).  79 

In spite of these developments, the connection that genetics is a primary cause of 80 

extinction in wild populations is generally difficult to document and even downplayed by some 81 

conservation biologists. However, if there is detailed genetic information about the relationships 82 

of individuals in a wild population, then documentation of genetic problems is potentially 83 

possible. In addition, recent developments in genomic analysis now provide insight into genetic 84 

changes that were previously not known (Kardos et al., 2018). Here we present and synthesize 85 

current genetic data on the gray wolf population in Isle Royale National Park, Michigan, USA in 86 

an effort to understand its imminent extinction using both pedigree and genomic data. 87 

 88 

Methods 89 
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 90 

Background on the Isle Royale Wolf Population 91 

 92 

Isle Royale National Park is on an island in Lake Superior about 20 km from the nearest 93 

mainland point in Ontario, Canada. The wolf population there was founded about 1950, probably 94 

by two (or three) wolves from the mainland population in Ontario, Canada and Minnesota, USA 95 

(Adams et al., 2011). For 60 years, the Isle Royale wolf population and the population of moose, 96 

their main prey, have been monitored and studied (Peterson et al., 1998; Peterson & Vucetich, 97 

2016). It has been generally assumed that the Isle Royale wolf population during this period was 98 

nearly or completely isolated from the mainland population. However, there is evidence that 99 

additional immigration to Isle Royale has periodically taken place from the mainland population 100 

(Hedrick et al., 2014).  101 

Most importantly, it was discovered in 2008 from genetic examination of scats that a 102 

male wolf known as M93 (M indicates male), or Old Grey Guy, migrated to Isle Royale from 103 

nearby mainland Ontario, Canada, probably in 1997, across the ice bridge present that year 104 

(Adams et al., 2011). He was behaviorally dominant over resident wolves, mated with a native 105 

female for several years, and their descendants quickly dominated the genetic ancestry of the 106 

population. This genetic rescue event plausibly prevented the population from going extinct in 107 

the late 1990s and early 2000s because it occurred when wolf demography was poor due to 108 

inbreeding and a collapse in the moose population food supply. 109 

However, in the past few years the numbers of Isle Royale wolves have dramatically 110 

declined from 19 in 2010 to only two from 2016 to 2018. These last two wolves are closely 111 

related and do not appear reproductive. In the five years during which these two wolves have 112 

been together, they only produced a single pup that died in less than a year. The physical 113 

appearance of the offspring was aberrant (Vucetich & Peterson 2015) and its expected 114 

inbreeding coefficient was 0.438 (Hedrick et al., 2017).  115 

Figure 1 is a photo of the two wolves observed in 2017, the adult female F193 below and 116 

the adult male M183 above. This photo shows the female snarling at the male and other photos 117 

taken over an hour of observation also show intense aggressive displays by the female with no 118 

change in her receptivity. This behavior strongly suggests that the female would not mate with 119 

this male. Given the history and circumstances of this pair, there is no reason to expect them to 120 

A
u
th

o
r 

M
a
n
u
s
c
ri
p
t

 14691795, 2019, 3, D
ow

nloaded from
 https://zslpublications.onlinelibrary.w

iley.com
/doi/10.1111/acv.12479, W

iley O
nline L

ibrary on [12/12/2024]. See the T
erm

s and C
onditions (https://onlinelibrary.w

iley.com
/term

s-and-conditions) on W
iley O

nline L
ibrary for rules of use; O

A
 articles are governed by the applicable C

reative C
om

m
ons L

icense



This article is protected by copyright. All rights reserved 

successfully reproduce before they die. The decline, and now imminent extinction, of the Isle 121 

Royale wolf population provides an example of how genetic changes can result in extinction of a 122 

population.  123 

 124 

[insert Figure 1] 125 

 126 

Molecular techniques and pedigree construction 127 

 128 

We collected samples of DNA from blood from wolves that were live-captured and radio-129 

collared, skeletal remains, and fecal samples at sites where wolves had fed on moose carcasses 130 

(the same protocol and microsatellite loci used by Adams et al., 2011 were used here). The 131 

microsatellite genotype from each fecal sample was assigned to one of the wolf packs, based 132 

upon the pack territory where the kill site was located and the genotypes of other wolves in the 133 

pack detected at the same kill site. We determined the genetic identity of alpha wolves from 134 

direct observations and genetic exclusion. For example, alpha wolves can be identified in the 135 

field by their behavioral interactions with subordinate wolves. The genetic identity of some alpha 136 

wolves was determined when a sample of their feces was collected immediately after observing 137 

them defecate (see Adams et al. 2011 for more details). All family relationships assigned from 138 

field observations were tested genetically using exclusion.  139 

We used the microsatellite genotypes and field observations to construct a pedigree of the 140 

Isle Royale wolf population for the years 1998-2018. We also determined, by direct observation 141 

of movement and behavior, territorial boundaries of the packs during these aerial surveys. The 142 

accuracy of observed numbers of genotypes representing offspring in each pack for each year 143 

was checked by comparing those numbers with the number of offspring observed during winter 144 

field season. All pedigree relationships assigned from field observations were confirmed using 145 

genetic exclusion. The pedigree was trimmed here to show primarily only the wolves from which 146 

the population is believed to have descended since the late 1990s and the two remaining wolves.  147 

Using the relationship, 148 

 149 
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 151 

where H0 is the heterozygosity from the ancestral Minnesota-Canadian population and Ht

Estimates of genome-wide heterozygosity and F

 is the 152 

heterozygosity in the Isle Royale population, this expression gives an estimate of inbreeding f 153 

resulting from genetic drift (e.g. Hedrick, 2011). 154 

ROH

Genomic heterozygosity was defined as the total number of heterozygous genotypes 164 

divided by the total number of called genotypes. Runs of homozygosity (ROH) were identified 165 

using VCFtools (Danecek et al., 2011) and ROH spanning regions with fewer than 50 variant 166 

sites were excluded. The proportion of the genome that consists of ROH can then be estimated, 167 

giving another measure of inbreeding, F

 were derived from whole genome 155 

sequences generated by Robinson et al. (2018). Briefly, DNA from Isle Royale wolves was 156 

extracted from blood samples archived at Michigan Technological University and sequenced on 157 

the Illumina HiSeq 4000, generating paired reads 100 base pairs in length. The pipeline used to 158 

convert raw sequence data into high quality genotypes is described in more detail in Robinson et 159 

al. (2018). Briefly, raw reads were aligned to the domestic dog genome using bwa MEM (Li, 160 

2013) before removal of PCR duplicates and low quality reads. Base quality score recalibration 161 

and genotyping were performed with the Genome Analysis Toolkit (GATK, McKenna et al., 162 

2010) and genotypes were filtered for quality and depth, leaving only high quality biallelic SNPs. 163 

ROH

 169 

. 168 

Results 170 

 171 

Before immigration 172 

 173 

Genetic variation in Isle Royale wolves before the immigration of M93 was estimated using both 174 

microsatellite loci and genomic SNP markers. First, the mean observed microsatellite 175 

heterozygosity for 20 wolves on Isle Royale before 1998 (0.430) was much lower than the mean 176 

observed heterozygosity for 35 mainland wolves from near the Minnesota–Canadian border 177 

(0.634), which represents the source population of Isle Royale wolves (Hedrick et al., 178 

2014)(Table 1). From equation (1), the estimate of the inbreeding coefficient is f = 0.322 (Table 179 

1). In other words, the significant loss in heterozygosity from the source population resulted in 180 
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the sizable inbreeding level of 0.322, indicating that the population was quite inbred before M93 181 

immigrated.  182 

 183 

[insert Table 1] 184 

 185 

 Similarly, the mean per-site heterozygosity from the Minnesota-Canadian population is 186 

0.00160 and is significantly higher than that observed in the Isle Royale population in the 187 

animals born before 1998 of 0.00116 (Table 1)(Robinson et al., 2018). Using these values from 188 

genomic markers and expression (1), then f = 0.275, further evidence that genetic drift had a 189 

quite high impact genetic variation and the inbreeding estimate.  190 

Also using SNPs, the proportion of the genome that consists of ROH can be estimated, 191 

giving another measure of the inbreeding, FROH. In this case, FROH = 0.158 in the Minnesota-192 

Canada population and FROH = 0.370 in the Isle Royale population before 1998 (Robinson et al., 193 

2018). The relatively high value in the Minnesota-Canada is influenced by a high value for one 194 

of the wolves sampled, perhaps suggesting that she had some history of recent inbreeding. The 195 

difference between FROH

 Another indication of the low fitness in the Isle Royale wolf population, presumably the 201 

result of inbreeding depression, is the high rate of individuals with bone malformations (58%) 202 

(Räikkönen et al., 2009; see also Robinson et al., 2018), a level that has increased over time. For 203 

comparison, the incidence of similar malformations in outbred wolf populations in historic 204 

Scandinavia was 0%, contemporary Finland was 1%, and only 10% in modern inbred 205 

Scandinavian wolves (Räikkönen et al., 2009). The fitness impacts of these malformations are 206 

not clear, but in dogs they have been implicated in quite debilitating syndromes (Morgan et al., 207 

1993). 208 

 for the Isle Royale population and putative ancestral population of 196 

0.212 gives a general estimate of the inbreeding accumulated on Isle Royale before 1998. These 197 

three different high estimates of inbreeding before the immigration suggests that the population 198 

fitness was low and that the population was a good candidate for genetic rescue but also 199 

susceptible to a genomic sweep.  200 

 209 

After immigration 210 

 211 

A
u
th

o
r 

M
a
n
u
s
c
ri
p
t

 14691795, 2019, 3, D
ow

nloaded from
 https://zslpublications.onlinelibrary.w

iley.com
/doi/10.1111/acv.12479, W

iley O
nline L

ibrary on [12/12/2024]. See the T
erm

s and C
onditions (https://onlinelibrary.w

iley.com
/term

s-and-conditions) on W
iley O

nline L
ibrary for rules of use; O

A
 articles are governed by the applicable C

reative C
om

m
ons L

icense



This article is protected by copyright. All rights reserved 

After M93 immigrated on to the island in 1997, his genetic dominance emerged very quickly. To 212 

understand the genetic dynamics of this change, the pedigree in Figure 2 can be used which 213 

shows the two remaining wolves, M183 and F193, as shaded and their known ancestors, M93, 214 

F99, and F67. 215 

 216 

[insert Figure 2] 217 

 218 

This successful reproduction of M93 resulted in a  rapid increase in the proportion of 219 

genetic ancestry from him and a  “genomic sweep” where the proportion of all genes in the 220 

population that can be traced back to him increased quickly to an expected value of 59.4% of the 221 

population in 2008 (Hedrick et al., 2014). From 2005 on, all the ancestry in the Isle Royale 222 

population has been descended from only three individuals; the male immigrant M93, F99, and 223 

F67, another female population resident. In other words, genetic rescue had a strong beneficial 224 

influence for about a decade (about 2.5 wolf generations) after the arrival of M93, followed by a 225 

return of genetic problems attributable this time to the reduction of diversity in the gene pool due 226 

to the elimination of ancestry from other individuals except his initial mate and one other female.  227 

A major factor causing the very high proportion of M93 ancestry was the result of him, 228 

after his first mate F99 died, mating with his daughter F58. This father-daughter mating 229 

produced 21 progeny total in five litters from 2003 to 2007. Ordinarily only 50% of the ancestry 230 

in progeny would be from one parent of a pair but in this case, any progeny from the father-231 

daughter mating would be expected to have 75% of their ancestry from M93. In 2008, 9 of 24 232 

individuals were progeny from the father-daughter mating, resulting in the particularly high M93 233 

ancestry that year.  234 

After the immigration of M93, the level of inbreeding plummeted (Fig. 2a of Adams et 235 

al., 2011) and then rose quickly from  2003 to 2012 (Fig. 3 of Hedrick et al., 2014).  This was 236 

mainly due to inbreeding from M93 and again from the large number of progeny from the mating 237 

of M93 with his daughter F58 that resulted in identity-by-descent from M93 but not from the 238 

founder F99. For example, in 2009, 76% of the inbreeding in the population was from M93 (see 239 

Fig. 3 in Hedrick et al., 2014). 240 

After this, the most striking change was that by 2012 none of the 21 descendants of the 241 

father-daughter mating were alive and none of them had any surviving descendants. As a result, 242 
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both the ancestry and inbreeding from M93 greatly declined. Presumably, this change was the 243 

result of lower fitness of these descendants because they were homozygous due to inbreeding for 244 

detrimental variation originally brought into the population by M93. The loss of these 21 245 

individuals also greatly reduced the population size.  246 

Much of the decline in overall inbreeding level from 0.230 in 2009 to 0.140 in 2013 is 247 

explained by the death of nine wolves with an inbreeding coefficient of 0.375, the result of two 248 

consecutive generations of close (first-degree) inbreeding (Hedrick et al., 2014). All of these 249 

wolves had short lifespans (mean of 2.33 years compared to about 6 years for other unexploited 250 

wolf populations as indicated by the data in Fuller et al. 2003) and all of them had died by 2011. 251 

Specifically, of the wolves recruited into the pedigree between 2009 and 2011, there is a two-252 

fold difference in inbreeding between the seven alive in 2012 (0.152) and the six not alive in 253 

2012 (0.292). None of these highly inbred wolves reproduced. 254 

In the last few years, the population numbers of Isle Royale wolves have declined 255 

dramatically and there are only two wolves remaining, a male (M183) and a female (F193), in 256 

early 2018. These two adults are very closely related and are both father and daughter and half 257 

siblings because they have the same mother F160. They are in fact the most closely related pair 258 

of the four males and four females that were present in the population in 2013 (Hedrick et al., 259 

2014). The expected inbreeding coefficient of an offspring from them was the highest of any 260 

possible pair at 0.438 and the expected relatedness between them is 0.734 (Hedrick et al., 2017). 261 

Reflecting the reduction in M93 ancestry from the peak discussed above, the expected M93 262 

ancestry for M183 is 0.375 and for F193 is 0.3125. 263 

 264 

Discussion 265 

 266 

Genetics of the Isle Royale wolf population 267 

 268 

The decline of the Isle Royale wolf population, and now for all intents and purposes its imminent 269 

extinction, provides a detailed case study of how genetic changes can result in the extinction of a 270 

population. Because of the detailed examination of the Isle Royale wolf population, important 271 

genetic factors resulting in its imminent extinction have been documented and discussed here. 272 

First, because of the relative isolation of the population from immigrants and its relative small 273 

A
u
th

o
r 

M
a
n
u
s
c
ri
p
t

 14691795, 2019, 3, D
ow

nloaded from
 https://zslpublications.onlinelibrary.w

iley.com
/doi/10.1111/acv.12479, W

iley O
nline L

ibrary on [12/12/2024]. See the T
erm

s and C
onditions (https://onlinelibrary.w

iley.com
/term

s-and-conditions) on W
iley O

nline L
ibrary for rules of use; O

A
 articles are governed by the applicable C

reative C
om

m
ons L

icense



This article is protected by copyright. All rights reserved 

size, the amount of genetic variation was significantly reduced compared to its source population 274 

and estimates of inbreeding levels were large, f = 0.322 from microsatellites, and f = 0.278 and 275 

FROH

 Second, this lowered fitness contributed to the great genetic success of male M93 who 278 

migrated in to the population in 1997. His immigration resulted in a short-lived genetic rescue 279 

and then in a genomic sweep in which in 2008 his ancestry was 59.4% of the population. Finally, 280 

this great genetic success resulted in a substantial cost because he produced 21 inbred progeny 281 

with a daughter, all of whom died without contributing any surviving descendants. This, and 282 

other close inbreeding, resulted in individuals with low fitness and a subsequent decline in the 283 

population size. In other words, a series of genetically related events likely ultimately resulted in 284 

a great reduction in the Isle Royale wolf population and now its imminent extinction.  285 

 = 0.370 from two approaches using estimates from genomic data. In addition, the 276 

documented very high rate of bone malformations indicated inbreeding depression. 277 

Further, the initial progeny from M93 and his mate F99, such as his daughter F58, might 286 

have had higher fitness than other wolves on Isle Royale because some recessive detrimental 287 

alleles accumulated in the Isle Royale population were covered up as heterozygotes in these 288 

initial offspring. In fact, M93 mated with daughter F58 even though unrelated females were 289 

present in the population, suggesting that she was more fit than the other resident females 290 

without M93 ancestry. The success of these offspring could have initially increased the 291 

frequency of detrimental variants brought in by M93 but then with inbreeding these detrimental 292 

alleles were subsequently expressed as homozygotes and resulted in lowered fitness. In sum, the 293 

genetic benefit of M93 was dramatic but short-lived. 294 

The putative pup of M183 and F193 seen in 2015, had an expected inbreeding coefficient 295 

of 0.438, but its actual inbreeding coefficient could have been considerably higher (or lower) 296 

because of the large 95% confidence limits around this pedigree estimate (0.311 to 0.565) 297 

(Hedrick et al., 2017). This pup had an abnormal phenotypic appearance with a quite unusual, 298 

short tightly curled tail, appeared to have an unusual posture, and was relatively small. Further, 299 

field observations suggest that this offspring was short lived and died as a pup (Peterson & 300 

Vucetich, 2016). These malformations and the pup’s short life suggest the negative impact of 301 

inbreeding depression on its phenotype and survival.  302 

Genomic estimates of inbreeding based on analysis of runs of homozygosity identified 303 

with many thousands of SNPs are expected to be higher than inbreeding predicted from our 304 
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pedigree because of common ancestry of founders F99 and F67 in resident ancestors that are not 305 

included in the pedigree. For example, for the seven animals in which there is both a pedigree 306 

estimate of inbreeding f and FROH, the mean f is 0.091 and the mean FROH

 312 

 is 0.332 (Robinson et 307 

al., 2018). The difference, 0.241, gives an estimate of the increase expected in inbreeding from 308 

unknown identity-by-descent found by genomic analysis over that predicted from the known 309 

pedigree. In other words, pedigree-based measures of inbreeding can provide basic guideposts, 310 

but realized values are likely higher due to unknown common ancestry. 311 

General relevance 313 

 314 

It has been generally difficult to document the impact of genetic factors on extinction in natural 315 

populations. However, endangered species often face significant genetically related threats, 316 

including lowered fitness due to loss of genetic variation, increase of detrimental variants, and 317 

inbreeding. One way to overcome the impact of lowered fitness is genetic rescue in which the 318 

natural or artificial introduction of individuals from outside the population provides genetic 319 

variation that subsequently results in higher fitness (Tallmon et al., 2004; Whitely et al., 2015; 320 

Hedrick & Garcia-Dorado, 2016). Because many populations have become small and isolated in 321 

recent decades due to human impacts, genetic rescue is likely to become a management action or 322 

natural event of great importance for rare or endangered species in the future. Also because many 323 

of the known examples are from recent years, the longer term impact of genetic rescue has not 324 

been documented or examined.  325 

There have been a number of important cases where genetic rescue has resulted in 326 

substantial population recovery. In most of the well-known examples of genetic rescue, the 327 

population numbers initially increased and in general the populations appear to have higher 328 

viability than before the natural or artificial genetic rescue but other factors now appear to be 329 

limiting population numbers in some cases. For example, the translocations of prairie chickens 330 

(Westemeier et al., 1998) appears to have been effective in increasing fitness and genetic 331 

variation and the population initially increased. However, the population is now limited by 332 

suitable habitat (Bouzat et al., 2009) and the outlook is not as good. In the isolated Swedish 333 

population of adders (Madsen et al., 1999), translocation initially resulted in enhanced 334 

population growth (Madsen et al., 2004). However, the construction of human obstacles, a house 335 
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and a brick wall, have dramatically reduced population numbers (Madsen & Ujvari, 2011). 336 

Genetic rescue in the population of bighorn sheep living in the National Bison Range resulted in 337 

significant population increase (Hogg et al., 2006) and recent genomic analysis has examined 338 

what loci might have been involved (Miller et al., 2012) although recently up to 70% of the 339 

population has been lost due to pneumonia (Heyler 2018).  340 

The introduction of Texas pumas into the Florida panther population resulted in dramatic 341 

population recovery (Hostetler et al., 2010; Johnson et al., 2010) although now the population 342 

appears potentially limited by available habitat and human-caused mortality. The outcome of the 343 

Florida panther genetic rescue might also be threatened by inbreeding and low effective 344 

population size in current and future generations (Hedrick, 2010). The natural introduction of 345 

one male wolf initially had important beneficial effects in Scandinavian wolves (Vilà et al., 346 

2003) although a subsequent analysis documented significant inbreeding depression (Liberg et 347 

al., 2005). Since then, two male wolves naturally migrated into the population and three wolves 348 

were translocated into the population from northern Sweden, resulting in both a lower inbreeding 349 

coefficient and higher reproductive success (O. Liberg, personal communication). Detailed 350 

examination of genetic rescue in Scandinavian wolves demonstrated that offspring of immigrants 351 

had higher breeding success than resident inbred individuals (Akesson et al., 2016). Crosses 352 

between lineages in Mexican wolves resulted in higher fitness (Fredrickson et al., 2007), 353 

numbers in the reintroduced population increased, but have plateaued in recent years. As yet 354 

there has been no detailed analysis determining how much genetic rescue or other factors, such 355 

as supplemental feeding of denning females, influenced this initial population increase and 356 

recent plateau.  357 

 The general positive evaluation of genetic rescue, along with the increasing likelihood of 358 

lowered fitness in small, isolated populations make detailed evaluation of genetic rescue 359 

particularly important. Only in populations where individuals are identified and their genetic 360 

relationship to others in the population is known can the reasons for the success or failure of 361 

genetic rescue be evaluated in detail. Two such examples besides the Isle Royale wolf population 362 

are that of the translocation of Texas pumas in to the Florida panther population and the natural 363 

immigration of wolves from the north into the Scandinavian wolf population. In both of these 364 

populations continued monitoring of the genetic success or failure of individuals with known 365 

relationships appears fundamental to understanding the outcome of genetic rescue.  366 
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The discussion of the genetic impacts on extinction in Isle Royale wolves illustrates a 367 

potential problem relying on a single genetic rescue event as an approach to overcoming 368 

inbreeding depression. Moreover, persistence of the Isle Royale population throughout its seven-369 

decade existence was likely supported by multiple genetic rescue events (Hedrick et al., 2014). 370 

In other words, although genetic rescue can alleviate problems associated with inbreeding 371 

depression over the short term, it can also generate problems itself, ones that in the case of the 372 

Isle Royale wolf population has resulted in its imminent extinction. Thus, the successful 373 

conservation of critically small populations would likely depend on alleviating the cause of 374 

having become critically small, such as habitat restoration, or periodic re-application of genetic 375 

rescue. The case study reported here is particularly significant because few documented 376 

instances of genetic rescue and the ensuing changes have been observed long enough or in 377 

sufficient detail to understand both the beneficial and detrimental effects of genetic rescue. 378 

Clearly, many additional case studies will be required before an overall perspective is developed. 379 

During the final review of this manuscript, the National Park Service has begun 380 

relocating wolves from the mainland to Isle Royale. Their plan allows for translocating up to 20 381 

to 30 wolves from the mainland over the next three to five years to re-establish a breeding wolf 382 

population on Isle Royale. At this point, it is not clear how, or if, the translocated wolves will 383 

interact with the two remaining closely related wolves. 384 
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the bottom row is the estimated inbreeding coefficient from ROH (runs of homozygosity) for 559 

these two groups and difference between them in the rightmost numerical column. 560 
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 562 

 Minnesota Before 1998 f 

Heterozygosity* 

(microsatellites) 

0.634 0.430 0.322 

Heterozygosity** 

(SNPs) 

0.00160 0.00116 0.278 

FROH 0.158 **  0.370 0.212*** 

 563 

*These values are from Hedrick et al. (2014) 564 

**These values are calculated from the raw data in Robinson et al. (2018).  565 

***This f  value is the difference in FROH

 568 

 between the Isle Royale sample prior to 1998 and the 566 

Minnesota sample.  567 
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Figure 1 Photo of the two remaining wolves on Isle Royale observed in 2017 with the female 573 

F193 below snarling at the male M183 above in response to his courtship advances. 574 

 575 

 576 

 577 

 578 

Figure 2 Pedigree showing the remaining two wolves, M183 and F193, as shaded and their 579 

known ancestors, M93, F99, and F67, in the Isle Royale population. Double lines indicate 580 

matings between relatives, squares indicate males, and circles indicate females. Notice that F160 581 

is the mother of M183 and F193 and that M183 is also the father of F193. Diamonds indicate 582 

multiple progeny, for example, the diamond on the left indicates 18 of the progeny from M93 583 

and his daughter F58.  584 

 585 
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The difficulty of obtaining pedigrees for wild
populations has hampered the possibility of
demonstrating inbreeding depression in
nature. In a small, naturally restored, wild
population of grey wolves in Scandinavia,
founded in 1983, we constructed a pedigree for
24 of the 28 breeding pairs established in the
period 1983–2002. Ancestry for the breeding
animals was determined through a combi-
nation of field data (snow tracking and radio
telemetry) and DNA microsatellite analysis.
The population was founded by only three
individuals. The inbreeding coefficient F varied
between 0.00 and 0.41 for wolves born during
the study period. The number of surviving
pups per litter during their first winter after
birth was strongly correlated with inbreeding
coefficients of pups (R2Z0.39, p!0.001). This
inbreeding depression was recalculated to
match standard estimates of lethal equivalents
(2B), corresponding to 6.04 (2.58–9.48, 95% CI)
litter-size-reducing equivalents in this wolf
population.

Keywords: inbreeding depression; lethal equivalents;
pedigree; conservation biology; wolf

1. INTRODUCTION
Inbreeding depression is assumed to be a serious

problem for the conservation of small populations

(Gilpin & Soulé 1986), but has been difficult to

demonstrate in nature (Caughley 1994). The main

obstacle has been the construction of pedigrees

necessary for calculating inbreeding coefficients.

Recently, modern molecular techniques have

allowed indirect genetic measurement of inbreeding

depression in wild animals, including mammals

(e.g. Coltman et al. 1999; Slate et al. 2000).

Inbreeding measured as genetic similarity between
individuals does not directly translate to inbreeding
coefficients. This often prevents one from establishing
the level of inbreeding responsible for the decreased
fitness, as well as direct comparisons with other
studies. These problems are circumvented when
using pedigree analysis; however, this has rarely been
done in wild populations, with some notable
exceptions (e.g. Keller 1998; Loeske et al. 2002). By
combining DNA techniques with ecological field
data, we have constructed a complete pedigree and
demonstrated severe inbreeding depression in the
wild Scandinavian wolf, Canis lupus, population. The
wolf became extinct in Scandinavia (Norway and
Sweden) at the end of 1960s. Around 1980, at least
two wolves immigrated and founded a new
population in south-central Scandinavia, 900 km
from the edge of the large Finnish/Russian source
population (Wabakken et al. 2001; Vila et al. 2003).
The first reproduction occurred in 1983, and by 2002
the population included approximately 100 wolves.

2. MATERIALS AND METHODS
(a) Field data

The wolf population has been monitored since 1980, based on
snow tracking and, from 1998, also on radio telemetry. Territorial
pairs were distinguished and the number of animals in packs
counted (Wabakken et al. 2001). A ‘pair’ is two breeding adults
producing offspring together, while a ‘pack’ is the total number of
individuals in a family, for example, the pair and its dependent
offspring. The ‘territory’ is the geographical area where the pair is
living. As a fitness measure, we used the number of pups per litter
surviving until the first winter after birth (‘winter litter size’). We
used data for first-born litters of each breeding pair only, because
for subsequent litters, tracks from pups of the year could not be
separated from those of yearlings and older philopatric siblings
(Mech 1970). In darted wolves, ageing was based on the growth
zone in the tibia for pups and tooth wear for adults, and in retrieved
dead wolves annual tooth cementum layers (C1) were counted.

(b) Genetic analyses

Samples were derived from the blood of captured wolves, the
muscle of dead wolves (‘tissue’), from oestrus blood on snow and
from scats. Genomic DNA from tissue was isolated using standard
phenol/chloroform–isoamylalcohol extraction protocols. Two
isolates were extracted from faecal samples with a Qiamp DNA
stool mini kit (Qiagen, Valencia, CA, USA). Faecal and oestrus
blood samples were extracted in a separate workspace treated with
ultraviolet light to avoid contamination (Sarkar & Sommer 1990).
Negative extraction controls were used throughout.

We scored tissue samples for allelic variation at 32 autosomal
microsatellite loci, and faecal samples on a subset of 16 (for details
see Electronic Appendix). To minimize scoring errors associated
with low quality DNA (Taberlet et al. 1999), faecal samples wereQ1

amplified a minimum of four times (twice per isolate).
Heterozygotes were accepted if both alleles were present in two
amplifications and homozygotes if four positive amplifications
showed only one allele. If neither condition was met, samples were
re-amplified. Problematic samples were amplified up to 10 times.
In the few samples, where an ambiguous result still occurred, we
recorded a half-locus (Miller et al. 2002).Q2

The pedigree was determined by parentage analysis. We used
material from 163 wolf individuals; 113 of these were based on
muscle from dead wolves or blood from anaesthetized wolves, the
rest from faeces and/or from oestrus blood found in snow.
A missing genotype of one parent was reconstructed from geno-
types of the known parent and pups of that pair. Of the 48 breeding
wolves in the pedigree used in the analysis, genotypes of 16 were
reconstructed, 25 were based on tissue (muscle or blood drawn
directly from the animal) and seven were based on faeces/oestrus
blood. The three incestuous pairs in the period 1987–1990 were
completely reconstructed from genotypes of 10 wolves born during
this period. Here several alternatives were possible. We chose the
most parsimonious alternative, but tested all possible alternatives,
and none changed the results of this study other than marginally.
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Inbreeding coefficients were calculated with the software PEDIGREE

VIEWER 5.0 (q Brian and Sandy Kinghorn).

(c) Statistical analyses

We used parametric statistics (ANCOVA) in the analyses of
inbreeding effects, including the interaction terms between the
independent variables in the initial model. Ages of breeding females
were treated as a two state variable: young (2–3 years) and old
(4 years or older). Genetic load is expressed in terms of lethal
equivalents, based on viability data (Kalinowski & Hedrick 1998).Q3

We calculated an analogous parameter, litter-reducing equivalents,
by regressing litter size (Wi) against the inbreeding coefficient ( fi)
using the relationship ln WiZln W0KBfi, where W0 is the litter size
for outbred litters ( f0). Inbreeding effects on population growth
rate (l) were tested using a Leslie matrix with five age classes. We
used data from our study population for survival and reproduction,
adjusted to give a baseline growth rate similar to the one observed
in the period 1991–2000 of lZ1.29 (Wabakken et al. 2001).

For further details on Material and methods, see online
Electronic Appendix.

3. RESULTS AND DISCUSSION

(a) Pedigree, inbreeding coefficients

and litter sizes

We traced the complete ancestry for both male and
female in 24 of the 28 breeding wolf pairs registered
during the period 1983–2002, constructing the first
complete pedigree back to its founders that has been
published for a wild mammal population (Keller &
Waller 2002), and calculated inbreeding coefficientsQ4

(F; figure 1). The first founding wolf pair reproduced
for 3 years, (1983–1985) until the female was shot in
1985, but offspring from this pair continued to breed
within the same territory until 1994 through
incestuous matings (figure 1). In 1991, an immigrant

male mated with a daughter of the first breeding pair

and contributed to the large variation in the inbreed-

ing coefficient F in the population (0.00–0.41). Apart

from the early incestuous matings, we recorded only

two later cases of full sibling pairings (pairs O and U

in figure 1). Nevertheless, most animals born after

1997 have inbreeding coefficients close to or higher

than 0.25, a level corresponding to full sibling mating

(figure 1).

The sizes of winter litters for first breeding pairs

were strongly affected by the inbreeding coefficient

of the pups (nZ24, R2Z0.39, p!0.001; figure 2),

while the inbreeding coefficients of the mother

(partial R2Z0.04, pZ0.23), of the father (partial

R2Z0.07, pZ0.11), the age of the mother (partial

R2Z0.09, pZ0.076) and time (partial R2Z0.10,

pZ0.058) did not contribute significantly to the

same model. After removing offspring inbreeding

coefficients, there was indeed an effect of the

mother’s inbreeding coefficient (nZ24, R2Z0.27,

pZ0.01), but not from the father’s (partial

R2Z0.02, pZ0.41), nor from age of the mother

(partial R2Z0.08, pZ0.13) or time (partial

R2Z0.10, pZ0.075). Inbreeding of the father

(R2Z0.06, pZ0.25), or time (R2Z0.001, pZ0.88)

had no effect alone. The inbreeding coefficient

increased over the years for pups and mothers

(rZ0.49, pZ0.016 and rZ0.58, pZ0.003).

We are confident that the demonstrated inbreeding

effect was not a by-product of association with

coincidental trends in the environment, for example
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weather or food, as time itself had no effect on litter
size. Change in prey availability can also be discarded

considering that the number of moose (Alces alces), the
most important prey for wolves in Scandinavia (Sand
et al. in press), stayed high (greater than 1 moose per

km2 in all wolf territories) during the study period
(Hörnberg 2001). It was well above the threshold
(0.5 moose per km2) under which wolf populations are
reported to be affected (Messier, 1994).

(b) Effects of inbreeding on demography

The quantitative inbreeding effect was a reduction of
1.15 winter pup per litter for each increase of 0.1 in

the F for pups (winter litter sizeZ(6.54–11.51)F;
figure 2). In our population model, an increase of
offspring inbreeding coefficient F of 0.1 reduced the

growth rate l from 1.29 to 1.21, assuming all litters
were affected equally by inbreeding. Zero population
growth (lZ1) would be reached at an average F of

0.48. Our chosen fitness measure, winter litter size,
actually represents a combination of fecundity and
early survival. It is possible that more fitness com-
ponents, for example, yearling or adult survival, could

be affected, which would make the demographic
consequences even more severe. The Scandinavian
wolf population thus may have a gloomy future unless

it can be purged of its genetic load through natural
selection, or receives new genetic variation from
outside. However, the effectiveness of purging in

small populations has been questioned (Hedrick &
Kalinowski 2000), and the probability of natural
immigration also seems low, as no new immigrants
have appeared in the last 13 years. In an earlier report

concerning this population, it was claimed that the
male immigrating in 1991 ‘rescued’ the population
(Vila et al. 2003). Our interpretation is that before

this male arrived there was no population but just a
strongly inbred family. The arrival of this newcomer
allowed young wolves to find partners outside of their

own family, and this sparked off a rapid initial
increase, but has not prevented the succeeding
inbreeding.

(c) Conservation implications

This study has general implications for the ‘small
population paradigm’ (Caughley 1994), and is
especially relevant for the conservation of large
carnivores. These are charismatic species with large
public support, but as powerful predators also highly
controversial, they are often forced into small
fragmented populations. The wolf could be useful as
a model species for this dilemma, in part because
there are several studies of inbreeding in captive
populations of this species. A captive Swedish wolf
population, partly founded from the same source as
our study population, also expressed severe
inbreeding effects (Laikre 1999), while in two
American captive populations of Red and Mexican
wolf, no effects were noted on demographic para-
meters (Kalinowski et al. 1999), although effects
on body size was noted in the Mexican wolves
(Fredrickson & Hedrick 2002). The genetic load of
our wild population (6.04(C3.44), 95% CI) was
substantially heavier than that for the Red and
Mexican wolves (0.63 and 0.71, respectively), and
also clearly higher than the average estimate of 3.14
in a study of 40 captive mammal populations (Ralls et
al. 1988). This indicates that impact of inbreeding
can vary substantially, even within the same species,
depending on the random subset of genes from the
source population drawn by the founders, and
succeeding random drift. The famous wild wolf
population on Isle Royale in MN, USA, still fails to
show any obvious demographic effects of inbreeding
almost 50 years after its founding by only two
individuals (Wayne 1991; Peterson 1995), but a
detailed analysis of inbreeding, of the type demon-
strated in this paper, has not been employed.

The conservation implication for our study popu-
lation is that genetic exchange with the source
population should be strongly promoted. In the
meanwhile, the close demographic and genetic
monitoring of the population should be continued.
The potential for further exploration of inbreeding
effects on more demographic parameters should be
pursued.
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Biological and technical considerations of carnivore 
translocation: a review

INTRODUCTION

While this paper draws specific attention to carnivores,
most of the issues discussed apply to many, if not all,
translocation efforts. We focus on carnivores in this
paper for four basic reasons.

First, humans have drastically changed most of the
Earth’s ecosystems (Vitousek et al., 1997). As a result
of these ecosystem changes, and direct persecution, car-
nivores have been eliminated from most areas in a man-
ner disproportionate to species of other trophic levels.
The consequences of habitat fragmentation, such as area
effect, edge effect, distance effect, rarity effect, age
effect, and disturbance dynamics, have been well docu-
mented (e.g. Frankel & Soulé, 1981; Wilcox & Murphy,
1985; Wilcove, McLellan, & Dobson, 1986; Noss, 1987;
Noss & Cooperrider, 1994; Soulé, 1995). Basically, as
habitat patch size decreases, more species disappear:
larger, wide-ranging, and specialized species are dis-
proportionately represented in those losses (Soulé,
1995).

Second, large carnivores often have disproportionate

effects on ecosystem processes (Terborgh, 1988; Estes,
1996; Power et al., 1996; Terborgh, Lopez et al., 1997;
Terborgh, Estes et al., 1999). Since the ground-breaking
studies by Paine (1966), the effects of predators have
been demonstrated in numerous systems, and many of
these investigations have been reviewed by Terborgh,
Estes et al. (1999).

Protecting top carnivore species, therefore, can have
positive effects on the entire system. Where carnivores
have been eliminated, events such as herbivore release
(McShea, Underwood & Rappole, 1997) and meso-
predator release (Soulé et al., 1988) have produced
trophic cascades that have severely disrupted ecological
communities and extirpated species (Estes, 1996;
Terborgh, Lopez et al., 1997; Terborgh, Estes et al.,
1999). Because many carnivores play umbrella, flagship,
indicator, and keystone roles, reintroducing a suite of
extirpated carnivores is a step toward restoring the nat-
ural integrity to large sections of land (Miller, Reading,
Strittholt et al., 1999).

Third, in most cases, natural recolonization is no longer
an option. Large carnivores have been widely extirpated,
and severe habitat disruption poses a barrier to their nat-
ural dispersal. Finally, carnivores seem to be dispropor-
tionately difficult to re-establish via translocation.
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Abstract
Carnivore translocations are usually risky and expensive, and a number of biological and non-bio-
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making. We do not discuss socio-economic aspects of translocation because those challenges require
detailed discussion in a separate paper. We suggest that because large carnivores often play key roles
in regulating ecological interactions between trophic levels, restoring them is more than a single-
species activity. By restoring carnivores in viable numbers, we can take a large step toward recover-
ing ecological integrity of geographically extensive landscapes.
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In this paper, we discuss some of the variables that
influence the success of carnivore translocation, or mov-
ing organisms from one area to another. We emphasize
returning species to areas where their populations have
been extirpated (reintroduction) because releasing ani-
mals to augment an existing population (restocking) and
releasing animals outside their historical range (intro-
duction) are generally inadvisable (IUCN, 1987),
although they can be useful under special circumstances
(e.g. Gerrodette & Gilmartin, 1990).

Because the focus of this paper is biological, we will
not discuss the socio-economic aspects of translocation
in great detail. That does not diminish their importance.
The social challenges of carnivore reintroduction are
even more daunting than the biological ones (Reading
& Clark, 1996), and a successful program will need a
holistic and truly inter-disciplinary approach that inte-
grates social and biological sciences toward the goal of
conservation.

BIOLOGICAL CONSIDERATIONS FOR
TRANSLOCATIONS

An array of biological factors affect the success of
translocations. Knowledge of genetics, demography,
behavior, disease, and habitat requirements can lead to
more effective reintroduction methods and provide base-
line data against which the results of a translocation pro-
gram can be evaluated (Kleiman, 1989; Stanley Price,
1989; Miller, Biggins et al., 1993; Reading & Clark,
1996). Unfortunately, such information is often lacking,
as only 15% of terrestrial carnivore species have been
the subject of at least one field investigation, and the sta-
tus of most remains obscure (Schaller, 1996).

A translocation program should include a feasibility
study, a preparation phase, a release phase, and a mon-
itoring phase (IUCN, 1987). Several biological questions
should be addressed during the feasibility study
(Reading, Clark, & Kellert, 1991; Kleiman, Stanley
Price & Beck, 1993). These include: is there a need to
reintroduce or restock a wild population? Did the species
occur as a viable population in the proposed release
area? If restocking is a possibility, would it pose a threat
to the existing wild population? Have the causes of the
population decline or extirpation been eliminated? Is
there sufficient protected habitat for the translocated ani-
mals to survive? Are there suitable animals available that
are surplus to the genetic and demographic needs of the
source population? Is there sufficient knowledge to for-
mulate a plan of action and evaluate its success?

If a reintroduction is deemed feasible, a myriad of
additional biological considerations should be addressed.
We explore several of these considerations in more detail.

Selecting animals for translocations

Taxonomy

Animals chosen for reintroduction should be as similar
as possible to those that originally inhabited the release

site. However, existing subspecific frameworks should
be examined critically because they may not reflect the
true distribution of genetic variation and phylogenetic
discontinuities within species (Ryder, 1986; Avise,
1989; Avise & Nelson, 1989). Early mammalogists
described and named large numbers of subspecies within
most species of carnivores, and they often based their
subspecific classifications on a small number of mor-
phological characters from a small number of specimens.
These subspecies are still listed in many reference
works: for example, Hall & Kelson (1959) name 24 sub-
species of gray wolves (Canis lupus). This probably
overestimates the number of wolf subspecies because
minor differences between clinal distributions of neigh-
boring populations are unlikely to merit subspecific sta-
tus (Carbyn, 1987). Wolves can disperse over long
distances, and ‘the vast expanses of boreal areas on the
North American continent resulted in a wide-spread
unrestricted gene flow from one area to another during
the period prior to European settlement’ (Carbyn, 1987).

Molecular genetic data

Descriptive genetic studies using modern molecular
techniques can help to define appropriate genetic subdi-
visions. In large North American canids, patterns of
mitochondrial DNA variation suggest ‘that gene flow
may occur across the continent and suppress genetic dif-
ferentiation among even widely separated populations’
(Mercure et al., 1993). For example, widely separated
populations of coyotes (Canis latrans) show little mito-
chondrial DNA differentiation (Lehman et al., 1991).
However, in kit foxes (Vulpes macrotis), a small canid
with limited dispersal capabilities, there are significant
genetic differences between populations that reflect geo-
graphical barriers (Mercure et al., 1993). Molecular
genetic differentiation among populations must be inter-
preted critically because it does not always reflect his-
torical barriers to gene flow. For example, Wayne et al.
(1992) believed that apparent genetic differences among
extant gray wolf populations reflect population declines
and habitat fragmentation rather than a long history of
genetic isolation.

In summary, spatial heterogeneity in population
genetic structure is probably not a relevant concern for
large carnivores that range widely, but it can be for
smaller carnivores with limited dispersal capability. We
emphasize, however, that each species be weighed indi-
vidually. For example, grizzly bears (Ursus arctos) have
more limited dispersal patterns than expected for an ani-
mal of their size.

Maximizing genetic diversity among release animals
is probably the best strategy for most species. Haig,
Ballou & Derrickson (1990) suggested selection of ani-
mals for release based on maximizing founder genome
equivalents as a good compromise between maximizing
founder contributions and allelic diversity. However, this
strategy should not jeopardize the genetic integrity of
the source population (Kleiman, 1989). Greater genetic
diversity among release animals would reduce the
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chances for founder effects and inbreeding depression,
which may be important in a small population struggling
to become established. Greater diversity may also enable
the population to better adapt to its habitat.

Wild versus captive animals

Wild-born animals are preferable to captive-born ani-
mals for translocations (Griffith et al., 1989), and we
recommend releasing captive carnivores only when there
are no other alternatives. Captive breeding is a strategy
in conservation, and captive breeding and reintroduction
of black-footed ferrets (Mustela nigripes) has saved that
species from extinction (Miller, Reading & Forrest,
1996). In addition, captive animals can be used for edu-
cation and research whether or not they are ever translo-
cated to the wild. For example, some questions important
to conservation, such as understanding energetic needs
or reproductive habits, can be difficult to answer from
wild animals.

Yet, captive breeding for purposes of translocation is
expensive in time, space, and money and can be risky
(e.g. see Scott & Carpenter, 1987; Leader-Williams,
1990; Derrickson & Snyder, 1992; Hutchins, Willis &
Weise, 1995; Miller, Reading & Forest, 1996; and Snyder
et al., 1996). The captive environment may erode the
genetic basis for important morphological, physiological,
and behavioral traits via artificial selection. For example,
while captive-born animals may still exhibit the correct
behavior in a given situation, they may not perform at
the level of efficiency needed for survival in the wild.

Indeed, during a captive-breeding program, learned
behavioral traits can degenerate much more rapidly than
genetic diversity (May, 1991). Some examples of behav-
ioral traits that may be adversely affected by the captive
environment include: searching for food, killing, preda-
tor avoidance, recognition of home sites, movement pat-
terns (such as seasonal migrations), methods of raising
young, ability of young to follow mothers to kill sites,
and negative response to human presence (Derrickson &
Snyder, 1992; Miller, Biggins et al., 1993; Beldon &
McCown, 1996; Miller, Reading & Forest, 1996; Snyder
et al., 1996). As a result, when captive-born animals are
reintroduced, mortality rates are often high. Reducing
the impact of these problems during reintroduction of
captive-raised black-footed ferrets was time-consuming
and expensive (see Miller, Reading & Forest, 1996;
Biggins, Godbey, Hanebury et al., 1998).

Different species respond variably to captive condi-
tions, but more generations in captivity will likely
increase the degeneration of survival skills. Pre-release
preparation and post-release training may not be able to
restore survival traits to full efficiency. Effective devel-
opment of adaptive behaviors requires the correct envi-
ronment for learning (including a skilled parent) or, in
the case of critical periods, the correct stimulus at 
the proper time during development (Gossow, 1970).
Captive conditions can make it difficult to provide these
requirements. Furthermore, selection for tameness and
other genetic adaptations to the captive environment are

likely to become increasingly serious as populations are
maintained in captivity for many generations, reducing
the probability of a successful reintroduction (Frankham,
1995; Snyder et al., 1996). Frankham (1995) provides
suggestions for minimizing genetic adaptations to the
captive environment.

When captive-raised and wild-born individuals of the
same species have been released experimentally, cap-
tive-raised animals exhibited different behaviors and
lower survival times than their wild-born counterparts
(Schadweiler & Tester, 1972; Cade, Redig & Tordoff,
1989; Griffith et al., 1989; Beck, Kleiman et al., 1991;
Biggins, Hanebury, et al., 1991; Wiley, Snyder & Gnam,
1992; Beldon & McCown, 1996; Miller, Reading &
Forest, 1996). Important to the release of large preda-
tors, are their interactions with humans and livestock.
Captive-raised pumas (Puma concolor) in Florida had
less fear of humans and were more likely to engage in
puma–human and puma–livestock encounters than wild-
caught animals (Beldon & McCown, 1996). Similarly,
orphan sea otter (Enhydra lutris) pups raised in captiv-
ity and released into the wild often approach people, and
two such animals attacked humans (C. Benz, pers.
comm.; J. Estes, pers. obs.).

Age-sex categories

Individuals in different age-sex classes vary in repro-
ductive value and often exhibit different behaviors. It is
usually advisable to release animals in sex ratios simi-
lar to that exhibited by wild populations to ensure repro-
ductive encounters (Erickson & Hamilton, 1988). This
often entails releasing more females (Short et al., 1992).
Differences between male and female behavior may
influence release considerations, and age is also crucial.
Young animals often display greater behavioral plastic-
ity than adults and are less important to the source
population (Gordon, 1991; Logan et al., 1996; Miller,
Reading & Forest, 1996). Some translocations use
releases of mixed sexes and ages that replicate natural
social groups, such as wolf packs (Moore & Smith,
1991; Bangs & Fritts, 1996).

In many cases, both genetic and demographic con-
siderations are constrained by the availability of animals
from the source population (i.e. some translocations
must take whatever animals they can get). This is espe-
cially true when the source population is a captive-
breeding program. In many such situations managers are
concerned with the genetic and demographic manage-
ment of the source population rather than the translo-
cated population (Gordon, 1991; Moore & Smith, 1991;
Miller, Reading & Forest, 1996). This is a tactic we sup-
port, especially in the initial stages of release, when the
translocated population is just getting established and
experiencing high mortality.

Studies of puma translocations illustrate several of
these points. In the Florida puma release, wild-caught
females with kittens did not move far from their release
site, and the kittens behaved normally; however, wild-
caught and released males covered large areas until they
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located females (Beldon & McCown, 1996). Logan et
al. (1996) translocated wild-caught pumas in New
Mexico, and they found success was affected by sex,
age, and social status. The best results came with translo-
cated pumas between 12 and 27 months of age (Logan
et al., 1996). They moved the shortest distance from the
release site and quickly established areas of use. Pumas
of this age group may settle more quickly because, being
at dispersal age, they may be predisposed to accept an
unfamiliar area (Logan et al., 1996). In addition, the
females of this age group moved less and had higher
survival rates than males. The removal of pumas less
than 27 months of age from a self-sustaining population
would probably not jeopardize the source population
genetically or demographically (Logan et al., 1996), an
important consideration in selecting animals for translo-
cation (Kleiman, 1989; Stanley Price, 1989).

Adult translocated pumas (28–96 months of age)
taken from established territories traveled the farthest
from their release site, often showing homing tendencies
(Logan et al., 1996). Indeed, two pumas in this age class
returned to their original home territories, over 400 km
away. Older pumas (over 96 months of age) showed
high, immediate risk of death (Logan et al., 1996).
Similarly, adult male sea otters had a greater risk of
death during capture and translocation than individuals
in other age-sex classes (T. Williams, pers. comm.).

In general, puma translocation increased mortality
over that observed in the source population (Logan et
al., 1996). The risks were long-term, and a number of
deaths occurred in the second year after release. Chronic
stress may have been a factor, particularly for adults.
Combining suggestions for puma translocation from
Logan et al. (1996) and Beldon & McCown (1996), it
may be preferable to first release dispersal age females.
After the female pumas establish areas of use, young
males could be released in the presence of those females
to keep them from wandering long distances. We cau-
tion, however, that it can sometimes be difficult to deter-
mine optimum ages for translocation. For example, in
some species, juveniles may have higher survival rates
after translocation, but their future reproductive poten-
tial must be balanced against the immediate reproduc-
tive capacity of any adults that establish in the release
area. Even after years of data on sea otters, there is still
some disagreement as to the optimum sex and age com-
position for translocation.

Homing behavior and excessive movement from the
release site has been a major problem in translocation
of ursids, canids, felids, and mustelids (Linnell et al.,
1997). For example, when 139 California sea otters were
translocated to San Nicolas Island, the majority dis-
persed away from the island, and a minimum of 30 indi-
viduals, including both juvenile and adult females,
returned to their capture location (G. Rathbun, pers.
comm.). Excessive movement from the release site is a
major reason for low survival and poor reproductive
rates of translocated carnivores. There is often a corre-
lation between movement distances after release and
mortality (Biggins, Godbey & Vargas 1993a; Logan et

al., 1996). Linnell et al. (1997) suggest holding animals
on a release site for a time prior to release to reduce
post-release movements, and moving large carnivores
far from their capture site to reduce homing.

Genetics

Understanding genetic considerations is important to
translocation, yet genetic screening was performed in
only 37% of the reintroduction projects using captive-
raised animals (Beck, Rapaport et al., 1993). As dis-
cussed above, translocated animals should be as
genetically diverse as possible because of the potential
for founder effects and inbreeding depression within the
small populations typical of translocation programs
(Templeton, 1990). This is especially true in the early
stages.

Inbreeding depression (reduced reproductive fitness
due to matings between close relatives) has been docu-
mented in a large number of mammals (Ralls, Ballou &
Templeton, 1988; Lacy, Petric & Warneke, 1993; Lacy,
1997), including wolves (Laikre & Ryman, 1991) and
Florida panthers (Roelke, Martenson & O’Brien, 1993;
O’Brien, 1994). Inbreeding depression is a potential
problem in small, reintroduced populations of large
mammals because these species probably had low
inbreeding rates prior to European settlement (Ralls,
Harvey & Lyles, 1986; Frankham, 1995).

In Wyoming, translocated big horn sheep (Ovis
canadensis) have been living in small isolated popula-
tions, and genetic changes (including shifts in allele fre-
quencies, decreases in number of alleles, and changes in
heterozygosity) in those animals were detected within
10 to 20 years after release (Fitzsimmons, Buskirk &
Smith, 1997). Genetic problems may be contributing to
declining numbers in the translocated herds (Berger,
1990; Fitzsimmons et al., 1997). Wildt et al. (1995)
demonstrated that felid populations with reduced genetic
diversity ejaculate lower total sperm counts and extra-
ordinarily high numbers of malformed spermatozoa,
than do populations of the same species with high lev-
els of genetic diversity. They also showed homozygous
populations are plagued with an array of physiological
defects, including cardiac and immune-system problems.

Outbreeding depression (reduced reproductive fitness
due to matings between individuals that are genetically
dissimilar) is much less likely to be a problem than
inbreeding depression (Ballou, 1995; Frankham, 1995).
Evidence for outbreeding depression comes primarily
from plants and animals with extremely limited disper-
sal (Ballou, 1995). Serious outbreeding depression in
mammals appears to result mainly from crosses between
individuals with significant genetic (e.g. chromosomal)
differences resulting in sterility in the F1 generation
(Ballou, 1995).

Furthermore, several studies of captive animals failed
to find evidence of outbreeding depression in mammals.
Smith et al. (1987) observed no adverse effects of cross-
ing rhesus macaques (Macaca mulatta) from India and
China. Jaquish (1994) found no outbreeding depression
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from crosses between subspecies of saddle-back
tamarins (Saguinus fuscicollis). Ballou (1995) found no
evidence for outbreeding depression in captive mam-
mals, including orangutan (Pongo pymaeus) subspecies
from Borneo and Sumatra. Finally, Lacy has conducted
extensive crosses between several subspecies of
Peromycus polionotus and found that all crosses display
heterosis, with respect to percent of pairs breeding, litter
size, juvenile survival, and growth rates, at the F1 and
subsequent generations (R. C. Lacy, pers. comm.).
Importantly, these studies were all conducted in captiv-
ity. Theoretically, outbreeding to genetically dissimilar
reintroduced animals could have repercussions, such as
birthing at inappropriate times and reduced fitness with
a particular, more restricted, habitat (Leberg, 1990; May,
1991). However, such effects have not yet been docu-
mented in large mammals such as carnivores.

Many conservationists caution against simply trying
to bolster numbers or to maximize genetic heterogene-
ity by translocating animals into an area with a remnant
population. The result could be ‘contamination’, or even
swamping, of unique, remnant genetic stocks by the
translocated animals (Berg, 1982; Betram & Moltu,
1986; Sale, 1986; Stanley Price, 1989; R. R. Johnson,
1990). This effect has been documented when 
hatchery fish are released into wild waters and is one of
the arguments against restocking (IUCN, 1987). For
example, native breeding populations of coho salmon
(Oncorhynchus kisutch) have been replaced in the lower
Columbia River basin by feral hatchery fish (O. W.
Johnson et al., 1991). For a mammalian example, red
wolves interbreeding with congeneric species living at
the release site could lead to genetic contamination or
swamping (Phillips, 1990; Moore & Smith, 1991).

In addition, it is problematic to use translocation of
animals between isolated patches of habitat as an alter-
native to restoring the historical connections between
those isolated patches. While animals may be captured
and moved between fragments, there may be no func-
tional benefit from those efforts. Homing behavior and
excessive movement from release site have been a major
problem in carnivore translocations (Linnel et al., 1997).
As mentioned above, several translocated pumas trav-
eled over 400 km to return to their original territories
(Local et al., 1996), and a young male tiger (Panthera
tigris) translocated to a new area was quickly killed by
a resident male (Seidensticker, 1976).

Most importantly, simply moving animals between
fragments is not a viable attempt to restore wilderness
or expanses of habitat similar to those that existed prior
to extensive human development. Indeed, relying on
such half-way technology can preserve existing patterns
of habitat fragmentation. So, even if genetic material can
be successfully exchanged, the small fragments would
still be susceptible to demographic events, environmen-
tal events, and poaching. Even if large animals persist
over the short-term in these fragments, important eco-
logical processes such as fire, nutrient cycling, grazing,
and flooding would remain altered by isolation and
reduced scale. Following the same logic, translocating

‘problem animals’ as a cure for livestock depredation
will probably have more cosmetic value than conserva-
tion substance, and it may only deflect attention from
the deeper questions about existing ecological conditions
that encourage predation on livestock.

Demography

Colonies of reintroduced animals must become large
enough, as quickly as possible, to withstand fluctuations
in both the environment and population size, because
vacillations in either can drastically increase the chance
of extinction in small populations (Gilpin & Soulé,
1986). To understand these population dynamics, biolo-
gists must analyze demographic parameters such as
fecundity, mortality, population growth rate, age struc-
ture, sex ratio, and life expectancy in natural populations
(Stanley Price, 1989; Reading & Clark, 1996).
Comparing demographic traits of reintroduced popula-
tions with wild populations will help managers deter-
mine when a reintroduced population has become an
established, viable population.

Demographic characteristics are also important for
defining habitat quality, which is the foundation of any
management plan. Van Horne (1983) discussed mis-
leading conclusions about habitat quality when simple
density estimates (and presence/absence data) were used
without knowledge of age structure or social structure.
For example, density surveys can be taken in the warm
months when winter habitat may be the critical factor
for mortality (Van Horne, 1983). Additionally, social
interactions can push juvenile, dispersing animals into
poorer quality habitat, or even habitat sinks, because all
good habitat is occupied by a stable population of terri-
torial adults. Even though numbers of individuals can be
temporarily high in the poor habitat, very few of those
animals will survive to reproduce (Van Horne, 1983).

In polygynous carnivores, adult females with young
will center their activities where critical resources are
concentrated and easiest to obtain. When caring for off-
spring, females are restricted to optimal habitat as they
need to satisfy elevated energetic requirements with min-
imum time away from the young (Lindstedt, Miller &
Buskirk, 1986). Male carnivores, on the other hand, wan-
der over extensive areas searching for females. Their
movements are highly variable and often more related
to reproductive needs and social status than habitat qual-
ity (Ewer, 1973; Powell, 1979). For that reason, adult
females, which form the demographic base of a popula-
tion, will often best represent the habitat needs of a
species. Without attention to demographic factors (such
as age structure, mortality, and reproduction) and behav-
ioral information (such as social structure) one can not
truly differentiate the quality of habitat types.

Behavior

Behavioral traits must be performed efficiently in a vari-
ety of situations. The expression of a given trait is also
influenced by a host of simultaneous behaviors that are
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also necessary for survival. Indeed, several authors have
suggested using behavior as a measure of reintroduction
success (Kleiman, Beck, Dietz et al., 1986; Miller,
Kleiman, Beck, Baker et al., 1990; Miller, Biggins et
al., 1993; Miller, Reading & Forest, 1996). Box (1991)
suggests using expression of behavioral traits in the
selection of individuals for release. Knowledge of hunt-
ing, killing, caching, predator avoidance, reproduction,
parenting, imprinting periods, social organization, com-
munication, territoriality, locomotion, daily movements,
seasonal movements, and habitat choices will affect the
demographic selection of individuals for release, timing
of reintroductions, method of release, and choice of sites.
We have discussed many of these factors in previous
sections.

As mentioned earlier, site fidelity and homing behav-
ior, are important behavioral traits affecting large carni-
vore reintroduction success (Linnell et al., 1997).
Habituating animals to release sites appears to help
reduce dispersal following reintroduction for many
species (Berg, 1982; Jacuart et al., 1986; Stanley Price,
1989; Linnell et al., 1997). Permitting animals to become
habituated to release sites also permits them to hone
behavioral skills, such as locomotion, social skills, and
foraging (Bangs & Fritts, 1996).

Health and disease

The health and physical condition of animals selected
for release should be carefully assessed. Despite the fact
that Griffith et al. (1989) found no correlation between
success and physical condition of animals at time of
release, we believe only animals in good physical con-
dition should be used in translocations. In addition,
translocation should not introduce diseases to the release
site, yet only 46% of the translocation programs using
captive-born animals conducted any kind of medical
screening before release (Beck, Rapaport et al., 1993).
In a survey including captive-raised and wild-born ani-
mals for translocation, 24% utilized medical screening
(Griffith et al., 1989) while about 25% of the programs
had data that was inadequate for calculating the propor-
tion of translocated animals lost as a result of disease
(Griffith et al., 1993). These figures are shockingly low.
Many of these translocation programs used animals that
were housed in multi-species facilities, and that increases
the possibility of contacting an exotic disease. Risks can
be minimized by veterinary intervention at the founder
site, screening at the proposed release site, through vac-
cination if necessary, and by post-release monitoring
(Woodford & Rossiter, 1993). A paper by Ballou &
Wildt (1991) provides a vehicle to assess the risk of
disease. The ultimate success of black-footed ferret rein-
troductions will probably depend on a better under-
standing of the dynamics of both canine distemper and
plague (Williams, Thorne et al., 1988; Williams, Mills
et al., 1994; Reading, Clark, Vargas et al., 1996).

It should be remembered that acts of capture and hold-
ing until release will likely stress the animals, particu-
larly wild-born animals, and that can increase

susceptibility to new or latent infectious diseases
(Woodford & Kock, 1991; Woodford & Rossiter, 1993).
Logan et al. (1996) speculated that stress was an agent
in the death of some translocated wild-born pumas, par-
ticularly adults older than 27 months of age.

Habitat

Among the most important points in assessing a release
site are determining the amount and type of habitat
required and the cause of decline for the species to be
translocated. If sufficient habitat is not available or the
cause of decline has not been eliminated, it is nearly
impossible to justify a translocation (Kleiman, 1989;
Stanley Price, 1989; Short et al., 1992; Reading & Clark,
1996). For many large carnivores (e.g. gray wolves),
effectively halting harvest or control of the species may
be enough, but other species (e.g. jaguars) may be much
more sensitive to human presence and disturbance. A
baseline study before translocation could determine the
impact of the translocation on prey and competitors
(Reading & Clark, 1996).

Translocation sites shold be evaluated in terms of
habitat requirements, spatial characteristics, and man-
agement considerations (Reading & Clark, 1996). We
caution, however, that a priori it is relatively easy to
determine if habitat is inadequate (demonstrating that
one or more critical elements are missing) but nearly
impossible to demonstrate that habitat is adequate (deter-
mining that all critical elements are present).

Sites should be compared quantitatively during the
selection process (e.g. Biggins, Miller et al., 1993b).
Some obvious examples are prey, cover, denning sites,
water sources, competitors, predators, and the presence
of exotics. More difficult to assess are ecosystem
resilience and the effects of disturbance such as fires,
droughts, catastrophic storms, etc (Kleiman, 1989;
Stanley Price, 1989; Reading & Clark 1996). Such dis-
turbances will have effects that are scale dependent, and
issues of scale are some of the most difficult to under-
stand (Soulé, 1996). But the presence of large carnivores,
with their extensive movements, allows managers to
evaluate conservation issues across a landscape. Because
the landscape level is important to regional biodiversity,
and habitat fragmentation has its most drastic effects
at that level of scale, large carnivores can be a good
indicator of wilderness quality (Miller, Reading,
Strittholt et al., 1999).

The degree of isolation, size, shape, and site location
(in the context of historical range) are important spatial
considerations (Kleiman, 1989; Reading & Clark, 1996).
In North America, many of the native ecosystems are
unrepresented or underrepresented in protected areas and
only a small fraction of the reserves are large enough to
maintain a full range of ecological processes or viable
populations of middle-sized or large carnivores
(Newmark, 1985; Caicco et al., 1995; Davis et al.,
1995).

Habitat area is especially important for large carni-
vores. They exist at the top of the food chain and their
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densities are lower than species living at other trophic
levels. So, when the average area of habitat patches
declines through fragmentation and alteration, carnivore
populations are among the first to disappear. Conflict
with people on reserve borders is the major cause of
mortality of large carnivores living in reserves, and it
represents roughly 89% of the mortality for grizzly bears
(Woodroffe & Ginsberg, 1998). Therefore, wide-rang-
ing carnivores in small reserves are most vulnerable
because they are more often exposed to the population
sink that exists at the reserve boundary (Woodroffe &
Ginsberg, 1998).

For that reason, sufficient prey is also a critical habi-
tat trait (Sharps & Whitcher, 1982; Scott-Brown, Herrero
& Mamo, 1986). With an adequate and constant prey
base, carnivores will have smaller home ranges and wan-
der over less territory. Fewer animals will therefore be
exposed to the high mortality associated with reserve
boundaries. Adequate prey densities also reduce the
amount of livestock depredation and its consequent con-
flicts (Ravi Chellam & Saberwal, in press).

Even if large animals survive in fragmented habitats
for long periods of time, their evolutionary potential is
diminished. The forces of natural selection in small, iso-
lated populations will be eventually overwhelmed by the
randomized effects of genetic drift (Soulé, 1980, 1995,
1996). Evolutionary potential of large carnivores is nec-
essary if they are to play a long-term role in ecosystem
processes. Maintaining evolutionary potential in large
animals will be impossible unless we can protect and
restore large, and geographically extensive, populations
(Soulé, 1995, 1996). By geographically extensive we
mean for example, a system of core areas, linked by
wildlife corridors, forming habitat connections through-
out North America (Soulé, 1991, 1995; Noss &
Cooperrider, 1994).

We recognize that while, in theory, corridors are a
solution to habitat fragmentation, they are still a com-
plex and controversial issue. Nevertheless, different
types of connections could benefit carnivores. One
involves connecting habitat patches within a protected
area or the immediate region. Some large carnivores, like
pumas, can negotiate through intra-reserve corridors
even if there is an occasional bottleneck in the connec-
tion (Beier, 1993; B. Miller, pers. obs.). On the other
hand, corridors to facilitate long-distance interchange
between populations of a metapopulation may need to
support residents of the focal species (Noss &
Cooperrider, 1994). Even though there are records of
dispersing large mammalian carnivores covering hun-
dreds of kilometers, those individuals are usually juve-
nile males; conversely, the juvenile females establish
territories relatively close to their area of birth
(Greenwood, 1980). If we wish to maintain the capac-
ity to naturally reestablish populations that have winked-
out, we must create habitat connections that allow the
movement of females.

Non-biological considerations

Technical considerations are closely related to the bio-
logical factors, and difficult management issues should
be considered during the feasibility study (Reading &
Clark, 1996). Questions posed by Kleiman, Stanley-
Price & Beck (1993) include: what legal framework
exists, and does the program comply with laws? Is there
an active research program to devise tactics? Are there
sufficient fiscal and intellectual resources to maintain the
program? Will the program be adequately monitored?
To these questions we might add: what are the goals of
the reintroduction? What logistic challenges must be
overcome? Is there an appropriate organizational struc-
ture for making decisions?

The reintroduction should be carefully monitored to
determine causes of mortality, movements and behav-
iors of released animals, life history attributes, and
changes in habitat. The results of monitoring can guide
future releases; therefore, records need to be detailed and
should extend to offspring of the released animals
(Miller, Biggins et al., 1993). Unfortunately, monitoring
is one of the first things many organizations eliminate
in an effort to reduce expenses (Noss & Cooperrider,
1994).

Goals should be defined carefully to provide accurate
evaluation. Defining success solely by survival can be
misleading because mortality is likely to be high during
early releases; alternatively, analysis of behavioral traits
during early releases many provide clues as to how ani-
mals respond to their new environment and that can
result in improved techniques (Kleiman, Beck, Dietz et
al., 1986; Kleiman, Beck, Baker et al., 1990; Miller,
Biggins et al., 1993). Knowledge gained toward
improved translocation methodology may be the most
important goal of early releases. High mortality is not a
failure unless biologists do not learn enough to increase
survival in future reintroductions. For that reason, care-
ful planning with a sound scientific approach, and effec-
tive monitoring, will offer the most efficient path toward
recovery (Miller, Biggins et al., 1993).

Funding and physical resources are always a problem
in biology, and reintroduction programs are expensive.
As we have discussed, reintroduction can involve a vari-
able amount of pre-release conditioning and training.
Different techniques require different resources, and
since resources are always limited, cost–benefit analy-
ses can be important. We suggest comparing techniques
on the basis of cost per successfully reproducing female
released.

A well-trained and dedicated staff with the appropri-
ate expertise is crucial to program success. We contend
that reintroduction programs may be even more vulner-
able to staff changes than other biological programs
because reintroduction programs are long-lived, require
many difficult decisions made in near-crisis situations,
and mistakes with small populations can be hard to
reverse (Snyder et al., 1996). For that reason, careful
attention to the organizational structure of the decision-
making body is crucial to maintaining an efficient and

65Carnivore reintroduction



effective program (Miller, Reading & Forest, 1996;
Clark, 1997).

In conclusion, we have discussed some general guide-
lines for reintroducing carnivores, and included issues
of taxonomy, age and sex, genetics, demographics,
behavior, health, habitat, and some general non-biolog-
ical considerations. Many of these issues apply to all
types of translocation efforts, but we have concentrated
on carnivores for several reasons. Carnivores often play
a strong role in top-down interactions among trophic lev-
els, they have been disproportionately extirpated from
most of the world’s ecosystems, fragmentation has ren-
dered natural colonization difficult, and carnivores are
disproportionately harder to reestablish via translocation.
For additional ‘how to’ information on reintroduction
issues please refer to the IUCN guidelines for reintro-
duction (IUCN, 1987) supplemented by Beck, Rapaport
et al. (1993) and Kleiman, Stanley Price & Beck (1993).
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Abstract: Breeding populations of wolves (Canis lupus) were absent from the western United States for 

about 50 years following their extirpation by humans in the 1930s. Here we describe the recolonization by 
wolves of northwestern Montana and southeastern British Columbia, from the initial production of a litter by 
a pair of wolves in 1982 through the mid-1990s when 3-4 packs produced litters. Sex ratio of captured wolves 

favored females (38/54 = 70%; X2 = 8.96, 1 df, P < 0.005). Litter size in early summer (f = 5.3, SE = 0.4, 

n = 26) and in December (f = 4.5, SE = 0.5, n = 26) were relatively high compared to similar counts in 

established populations elsewhere. Pack size in May was unrelated to litter size in June (rs 
= -0.13, 23 df, 

P = 0.25) or the following December 
(rs 

= -0.12, 23 df, P = 0.28). Annual adult survival rate (0.80) was 

relatively high in this semi-protected population and was higher among residents (0.84) than among wolves 

that dispersed (0.66) from the study area (Z = 2.24, P = 0.025). Although dispersal was common among 
radiocollared wolves (19/43 = 44%), population growth within the study area averaged 20% per year from 

1982 to 1995. Low human-caused mortality rates and maintenance of connectivity for wolves between this 

small population in the United States and larger populations in Canada will enhance the probability of per- 
sistence and expansion of this population. 

J. WILDL. MANAGE. 61(2):459-465 

Key words: British Columbia, Canis lupus, dispersal, endangered species, Glacier National Park, Mon- 

tana, mortality, natality, population dynamics, sex ratio, wolf 

Wolves were extirpated from much of their 

historic range in North America through inten- 

sive human efforts during the 19th and early 
20th centuries (Mech 1970). Eradication from 

Montana was complete by the 1930s, although 
a few individual animals were killed in later 

years (Singer 1979, Day 1981, Ream and Matt- 

son 1982). Recolonization by wolves in the 

western United States began in the late 1970s 

and was focused in Glacier National Park, Mon- 

tana (Ream et al. 1985, 1989, 1991). The near- 

est breeding population at the time was at least 

100 km, and may have been 250 km, north in 

Canada (Ream and Harris 1986). 
Several factors facilitated the increase of this 

wolf population. Wolves were listed as endan- 

gered in Montana in 1973 under the Endan- 

gered Species Act and were fully protected in 

southeastern British Columbia (BC) from 1967 

until limited hunting was allowed starting in the 

late 1980s (Pletscher et al. 1991). Glacier Na- 

tional Park (GNP) provided additional security 
for wolves in the United States. Prey popula- 
tions were high due to a series of relatively mild 

1 Present address: 120 Derns Road, Kalispell, MT 

59901, USA. 
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winters (H. E. Nyberg, Mont. Dep. Fish, Wildl. 

and Parks, Kalispell, pers. commun.). 

Our objectives were to document wolf repro- 
duction, survival, immigration, and dispersal in 

this population within and near GNP that is ap- 

parently a source for wolves repopulating the 

western United States. We believe results from 

our study may provide insights into what may 
occur elsewhere in the region. 

We thank the U.S. Fish and Wildlife Service, 
the National Park Service, the U.S. Forest Ser- 

vice, British Columbia Wildlife Branch, the 

Montana Department of Fish, Wildlife and 

Parks, the McIntire-Stennis Program at the 

School of Forestry, University of Montana, and 

private donors for financial contributions. E. E. 

Bangs, J. J. Fontaine, S. H. Fritts, L. D. Mech, 

W. G. Brewster, J. T. Tilmant, B. N. Hird, R. A. 

Demarchi, A. J. Fontana, and M. D. Jimenez 
were particularly helpful. I. J. Ball commented 

on the manuscript. We thank the many volun- 

teers who assisted during the project. 

STUDY AREA 

Our study was initiated in the Flathead River 

drainage in the southeast corner of BC and en- 

compassed the adjacent Wigwam River drainage 
to the west and GNP to the south. In the United 

States, the Flathead River separates GNP on 

the east from U.S. Forest Service, state, and 

private lands on the west. The river valley is 

4-10 km wide and about 1,200 m in elevation, 

rising to forested slopes and steeper, subalpine 

peaks. The Wigwam River valley is narrower and 

steeper. Both valleys were dominated by dense 

coniferous forests interspersed with meadows, 

marshes, and riparian habitats (Habeck 1970, 
Krahmer 1989). Lodgepole pine (Pinus con- 

torta) was the dominant tree species, associated 

with spruce (Picea engelmannii), larch (Larix 

occidentalis), sub-alpine fir (Abies lasiocarpa), 
and Douglas-fir (Pseudotsuga menziesii). 

As the wolf population increased, wolves dis- 

persed and the study area grew to include 

northeastern Idaho, westcentral Montana near 

Missoula, the Sun River Game Range near Au- 

gusta, Montana, and the areas surrounding 
Banff National Park, Alberta (Ream et al. 1991, 

Boyd et al. 1995). 

The density of humans in the study area was 

less than 0.005 people/km2 in BC and less than 

0.1 people/km2 in Montana. Logging, petro- 
leum exploration, and hunting occurred on for- 

est service, state and provincial, and private 

lands. Three ranchers grazed cattle in the Flat- 

head west of GNP; cattle were not present dur- 

ing winter. No cattle were permitted in the BC 

portion of the study area. None of these con- 

sumptive uses was permitted within GNP 

where wolves spent most of their time when in 

the United States. 

Ungulate prey of wolves within the study area 

included white-tailed deer (Odocoileus virgin- 
ianus), elk (Cercus elaphus), moose (Alces al- 

ces), and mule deer (0. hemionus; Boyd et al. 

1994). In addition, bighorn sheep (Ovis cana- 

densis) occurred in the Wigwam area and snow- 

shoe hare (Lepus americanus) and beaver (Cas- 
tor canadensis) inhabited the entire area. Other 

predators competing for some of the same prey 
in this ecosystem included grizzly bears (Ursus 

arctos), black bears (U. americanus), cougars 
(Puma concolor), coyotes (Canis latrans), and 

humans. 

METHODS 

We captured wolves and sedated them fol- 

lowing techniques described by Mech (1974) 
and Ream et al. (1991). Wolves >20 kg were 

radiocollared; smaller wolves were eartagged 

only. We assumed equal catchability of males 

and females (Mech 1975). 
Radiocollared wolves were located from the 

ground about 3 times per week and from an air- 

plane about once per week. We determined 

pack sizes from aerial observations and from 

track counts along winter travel routes. Pelage 
color varied from black to light gray, and this 

factor aided in determining pack sizes during 
aerial counts by color combination as well as to- 

tal number observed. We noted possible immi- 

grants during aerial counts using known pack 
sizes and color combinations. 

The first observations of pups generally were 

made in late June or July while aerially locating 
radiocollared adults. Some pup mortality may 
have occurred before initial observation. Pups 
were distinguished from adults based on size 

differences and behavioral observations through 

September. By October, pups and adults were 

of similar size and differentiation became in- 

creasingly difficult; color combinations (black or 

gray) to identify individuals, and known mortali- 

ties and dispersals were then used to track pup 
survival until December. 

We investigated radiocollared wolves that 

died to determine the cause of mortality. Mor- 
talities of nonradioed wolves were sometimes 
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discovered at these same locations. Other mor- 

talities were found while back-tracking wolves 

during winter and at den sites following aban- 

donment. Wolves legally harvested from the 

study area in Canada were reported to us by Ca- 

nadian officials. 

We estimated age- and sex-specific survival 

rates and survival rates of dispersing and resi- 

dent wolves for radiocollared and eartagged 
wolves (Trent and Rongstad 1974) using pro- 

gram MICROMORT (Heisey and Fuller 1985). 
One of 4 eartagged wolves was excluded be- 

cause its fate was unknown. Radiocollared 

wolves that were dispersal-aged or showed typi- 
cal pre-dispersal movements (from and back to 

the natal pack territory, generally over a period 
of weeks) and subsequently disappeared were 

assumed to have dispersed. Three wolves that 

did not show pre-dispersal movements were as- 

sumed to have dispersed in the first survival and 

dispersal analysis, and to have been killed ille- 

gally in the second analysis. We assigned mor- 

tality dates as halfway between the last known 

live location and the first indication that the 

wolf had died, unless carcass evidence indicated 

otherwise. 

Age was divided into 2 classes (<3 yr vs. -3 

yr) because most dispersal and resettling is done 

by wolves <3 years of age (Gese and Mech 

1991, Boyd et al. 1995). We compared survival 

between sexes, between ages, and between resi- 

dents and dispersers with z tests. For MICRO- 

MORT analysis, the biological year began on 1 

April because denning occurred during this 

month. Initially, each month was considered an 

interval with a constant daily survival rate. Daily 
survival rates for each interval were compared, 
and data from intervals pooled if rates were not 

significantly different (Heisey and Fuller 1985). 

Dispersal in wolves usually is defined as oc- 

curring when an animal leaves its natal territory 
(Gese and Mech 1991). Because we were inter- 

ested primarily in the population within and ad- 

jacent to GNP, we classified wolves as dispers- 
ers only if they permanently left the study area. 

RESULTS 

Sex ratios of all captured wolves favored fe- 

males (38 F:16 M, 70% F; X2 = 8.96, 1 df, 

P < 0.005). We also evaluated sex ratio only 

among those wolves younger than the minimum 

known age of dispersal (16 months) to explore 
the possibility that the skewed sex ratio existed 

because dispersal differed between the sexes. A 

weaker bias toward females remained evident 

in this sample (25 F:14 M, 64% F; X2 = 3.10, 

1 df, P = 0.08). There was no significant differ- 

ence from parity in our small sample of pups 
(8 F:5 M, 62% F; X2 = 0.69, 1 df, P > 0.25). 

Observed immigration during the study pe- 
riod was minimal. We documented 2 females (1 
in 1986 and 1 in 1987) and 1 male (in 1992) 

joining known packs. While all may have been 

immigrants (based on color combinations of 

missing wolves from the study area), the female 

in 1987 is the only known immigrant from out- 

side the study area. While we know of no other 

immigrants, we cannot dismiss the possibility 
that other wolves immigrated at about the same 

time resident wolves dispersed or disappeared. 

Twenty-six known denning efforts were docu- 

mented (Table 1). Maximum pup counts ranged 
from 1 to 9 (:T = 5.3, SE = 0.4, n = 26). De- 

cember pup counts (through 1994) ranged from 

0 to 9 (:? = 4.5, SE = 0.5, n = 26). Four addi- 

tional packs had -3 adults in them during 

spring but apparently did not den. No signifi- 
cant relations were found between number of 

adults in May and maximum pup counts 
(rs 

= 

-0.13, 23 df, P = 0.25) or December pup 
counts (rs = -0.12, 23 df, P = 0.28). 

Of the 137 pups known to have been born in 

the study area through 1994, 117 (85.4%) sur- 

vived until at least December (Table 1). Eight 
of the 20 (40%) pups that died were known to 

be human-caused; 3 pups (15%) died of un- 

known causes at their natal dens, and 9 (45%) 

disappeared during summer and their fates are 

unknown. 

We examined carcasses from 46 wolf mortali- 

ties. Mortalities occurred in all months; of the 

43 non-neonatal mortalities, 36 (83.7%) were 

human-caused (Table 2) and we suspect 2 oth- 

ers were also human-caused. Twenty-two wolves 

were killed legally in BC and Alberta, and 11 

wolves were killed illegally (BC and the U.S.). 

Only 4 of the non-neonatal mortalities occurred 

within GNP. 

Twenty-nine radiocollared wolves died or 

were assumed to have died during the study. 
Survival data were pooled for the study period 
because of small sample sizes, especially before 

1987. Daily survival rates for each monthly in- 

terval from April through August and Septem- 
ber through March were similar (G2 test, P > 

0.05), thus these periods were defined as inter- 

vals during which daily survival rates were as- 
sumed constant. 
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Table 1. Production and survival of wolf pups in the northwestern Montana and southeastern BC study area, 1982-94. 

Year Packs Adults in May Max. pup count Pups in Dec 

1982 1 2 7 7 
1985 1 6 7 7 
1986 1 8 5 3 
1987 3 5, 3, 2 5, 6, 6 1, 6, 5 
1988 3 5-8, 5-7, 3 6, 6, 1 6, 4, 1 
1989 2 9-10, 3 21, 9 0, 9 
1990 3 2, 2-5, 11 6, 6, 2 6,6, 2 
1991 4 7,5-7, 1,5 -,7,2,4 

,7,2,1 1992 4 5, 11, 3, 4 5,2,6,7 5,2,4, 7 
1993 4 10, 5-10, 5, 6 8, 8, 7, - 7, 7,7, - 
1994 3 11, 3, 7 -, 22, 5 -, 0, 5 

TOTAL 137 117 
S = 5.3 S = 4.5 

SE = 0.4 SE = 0.5 

1 These pups were found dead at the den (Johnson et al. 1994). 
a Two pups were heard howling but never seen. 

Interval and annual survival rates were not 

different (z tests, P > 0.54) between males and 

females (Table 3). Annual survival of wolves 

-3.0 years of age was not different than for 

wolves <3.0 years old (0.80 vs. 0.74, P = 0.45; 
Table 3). 

Annual survival of radiocollared wolves within 

the study area was significantly greater than sur- 

vival following dispersal (0.84 vs. 0.66, P = 

0.025; Table 3). The overall annual survival rate 

of all radiocollared wolves when dispersal was 

assumed for the 3 wolves showing no pre- 

dispersal movements was 0.80 (0.77 when the 

Table 2. Non-neonatal wolf mortalities in Montana, south- 
eastern British Columbia, and southwestern Alberta 1982-95. 

Cause of mortality No. of mortalities 

Human-caused 

Legal 
Shot 22 
Research/control action 2 

Illegal 
Shot 

Verified 5 
Probable 21 

Poison 5 
Unknown 22 

Other causes 
Avalanche3 1 

Ungulate 1 
Wolves 1 
Unknown 2 

TOTAL 43 

I One wolf starved following a probable bullet wound; the ra- 

diosignal from the second wolf came from a garage. 
2 One was killed during fall hunting season in BC; the other's ra- 

diocollar was found in a river near Missoula, Mont. 

3 See Boyd et al. 1992. 

3 wolves were assumed to have been illegally 
killed). The annual rate of known, human- 

caused mortality (assuming dispersal for the 3 

wolves showing no pre-dispersal behavior was 

0.07 for illegal and 0.10 for legal mortalities 

(Table 4). 
From 26 August 1984 through 31 May 1995, 

19 of 43 (44.2%) radiocollared wolves dispersed 
out of the study area. Fourteen (73.7%) of these 

were females, comparable to the sex ratio of 

captured wolves (70%). 
The number of contiguous packs grew from 

1 in 1982 to 4 in 1987. The 1987 hunting sea- 

son resulted in the demise of 1 pack, and the 

number of packs in the study area did not reach 

4 again until another pack split in 1990. The 

number of packs remained at 4 through 1993. 

During 1993, the northernmost pack disap- 

peared. We are currently unsure of the status 

of this pack, though a pair of tracks were seen 

in its former territory during May 1995. The 

pre-denning population grew from 2 wolves in 

1982 to a minimum of 23 in 1995, an average 
finite rate of increase of 1.20 (r = 0.18) for the 

13 year period. The annual rate of increase 

ranged from 0.74 to 1.44 with the highest rate 

occurring in the first years and the lowest rates 

occurring in the last years. The population den- 

sity within the study area in 1994 (Singleton 
1995) was 35 wolves/1,000 km2. 

Of the 140 wolves known to have been in the 

study area (the 2 original wolves, 137 pups born, 
and assuming 1 immigrant), we can account for 

the fates of 80 (26 in the study area as of Dec 

1994, 46 known mortalities, 6 probable pup 
mortalities, and 2 known dispersers still alive). 
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Table 3. Survival rates of 52 radiocollared wolves in northwestern Montana for August 1984-May 1995. 

Apr-Aug Sep-Mar Annual 

Class Ratea 95% CI nb Ratea 95% CI nb Ratea 95% CI nb 

Male 0.97* 0.92-1.00 5765 0.82* 0.72-0.94 8688 0.80* 0.69-0.93 14453 
Female 0.95* 0.91-1.00 12745 0.82* 0.74-0.90 17893 0.78* 0.70-0.87 30638 
<3.0 yr 0.92+ 0.84-1.00 7095 0.81+ 0.72-0.91 12107 0.74+ 0.64-0.86 19202 

-3.0 yr 0.97+ 0.93-1.00 10260 0.82+ 0.73-0.92 13018 0.80+ 0.71-0.90 23278 
Resident 0.98x 0.94-1.00 12173 0.86x 0.79-0.93 18282 0.84x 0.77-0.92 30455 

Disperser 0.92x 0.83-1.00 5333 0.72x 0.60-0.88 7157 0.66"xx 0.53-0.82 12490 
Overalle 0.96 0.93-1.00 18951 0.83 0.77-0.89 27255 0.80 0.73-0.87 46206 
Overalld 0.94 0.90-0.99 18510 0.82 0.76-0.89 27573 0.77 0.71-0.85 46083 

a Rates followed by 2 superscript symbols are significantly different (P < 0.05) than rates above them with only 1 of the same superscript. 
b No. of transmitter-days. 
' 

Assuming dispersal of 3 wolves showing no pre-dispersal behavior. 
d Assuming mortality of 3 wolves showing no pre-dispersal behavior. 

DISCUSSION 
The sex ratio of offspring in wolves favors 

males in saturated, high density populations on 

a relatively low nutritional plane (Mech 1975). 

Conversely, females would be favored in low 

density populations where the nutritional plane 
was higher. The preponderance of females in 

our expanding population appears to support 
Mech's hypothesis, though we have few data for 

pups. 

Immigration into a population is difficult to 

monitor with certainty, even in a population as 

intensively monitored as ours. We recorded 1 
known and 2 possible immigrants following the 

initial recolonization. Recent genetic findings 
(Forbes and Boyd 1996) indicate immigration 
was greater than that suggested by our direct 

observations. 

Pup production in our study area was rela- 

tively high compared to studies reviewed by 
Fuller (1989). The only study with a comparable 
number of pups produced was a heavily ex- 

ploited wolf population in southcentral Alaska 

(Ballard et al. 1987). 
Pack size and surviving litter size in canids 

generally are correlated positively, presumably 
because pack members help feed pups (Har- 

rington et al. 1983). The one negative correla- 

tion was in a study area where the wolf popu- 
lation was declining. We found no significant 
correlation between pack size and litter size; our 

results concurred with results from several 

other studies (Peterson et al. 1984, Ballard et 

al. 1987, Fuller 1989). Our pack sizes (Table 1) 
were greater than most of the sizes reported by 

Harrington et al. (1983), probably because sur- 

vival rates of both pups and adults were high. 
These traits may characterize reintroduced and 

recolonizing populations in the western United 

States. 

Survival for wolves is generally higher within 

their territories (Messier 1985). Lower survival 

of dispersing wolves than resident wolves was 

also reported in Alaska by Peterson et al. (1984) 
where survival of wolves outside their natal ter- 

ritory was half that of wolves within their terri- 

tories. The lower rate of survival in dispersing 
wolves was probably due to travel in unfamiliar 

areas and a reduced tendency among dispers- 
ers to avoid settled areas (Peterson et al. 1984). 
These factors likely also played a role in our 

study. Many dispersers in our study left the rela- 

tive security of GNP and travelled to Canada 

where wolf hunting and trapping were legal. A 

result of the recovery of the wolf population in 

southern Alberta and BC (coinciding with 

Table 4. Cause-specific mortality rates of 52 radiocollared wolves in northwestern Montana for August 1984-May 1995. 

Apr-Aug Sep-Mar Annual 

Cause Rate 95% CI na Rate 95% CI na Rate 95% CI na 

Unknown 0.01 0.00-0.02 18798 0.01 0.00-0.02 27043 0.02 0.00-0.04 45841 
Non-human 0.00 0.00-0.00 18798 0.02 0.00-0.05 27043 0.02 0.00-0.05 45841 

Illegal 0.02 0.00-0.04 18798 0.06 0.02-0.10 27043 0.07 0.03-0.11 45841 

Legal 0.02 0.00-0.04 18798 0.09 0.04-0.13 27043 0.10 0.05-0.15 45841 

a No. of transmitter-days. 
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population growth in northwestern Mont.) was 

a liberalization of wolf hunting and control prac- 
tices that resulted in the death of 8 of our ra- 

diocollared wolves in 1994-95. The survival rate 

for August 1993-May 1995 was lower than the 

rate for August 1984-July 1993 (0.61 vs. 0.85, 
P = 0.009). Had the 1994-95 mortalities been 

excluded from our analysis, survival rates of 

resident and dispersing wolves would not have 

differed. No significant differences in survival 

related to dispersal, however, were found in 

Minnesota (Fuller 1989). 
Our adult and pup survival rates were similar 

to the highest rates reported in the literature 

(Fuller 1989). We used Fuller's (.1989) linear 

model to predict an exponential rate of increase 

based on annual mortality rate and predicted a 

value of r substantially higher than we found 

(0.32 vs. 0.18). We believe the difference may 
be due in part to many of our dispersers leav- 

ing the study area, and therefore they and their 

offspring were not counted. In addition, the re- 

lation between mortality rate and r would not 

remain linear at low annual mortality if pup pro- 
duction declines as pack size increases. 

The density of wolves at the end of our study 
was comparable to the highest densities re- 

ported by Fuller (1989:40). We expect more 

dispersal, to adjacent and distant areas, rather 

than a further increase in density within cur- 

rently occupied areas. 

Our annual human-caused mortality rate of 

0.17 was low compared to the studies reviewed 

by Fuller (1989; range = 0.15-0.68). The pro- 

portion of total mortalities attributed to humans 

in our study area, however, was high but not un- 

usual (Fuller 1989). In Banff and Kootenay na- 

tional parks from 1986 to 1993, 28 of 29 wolf 

mortalities (96.6%) were caused by humans (hit 

by cars and trains; P. Paquet, Banff Natl. Park, 

pers. commun.). Thus, despite protection, hu- 

mans are the most common cause of mortality 
in many wolf populations. 

Cause-specific mortality rates can be biased 

when a transmitter fails but is returned later 

when the animal is killed by humans because 

the transmitter probably would not have been 

recovered if the death was not human-caused 

(White and Garrott 1990:225). Five wolves fell 

into this category. As a result, we may have un- 

derestimated nonhuman caused mortality rates. 

The dispersal rate we documented (44%) was 

higher than for any other study we found. Dis- 

persal rates from other studies ranged from 

21% in northwestern Minnesota (Fritts and 

Mech 1981) to 35% in northcentral Minnesota 

(Fuller 1989). Yearling and pup dispersal rates 

increased during population increases and de- 

clined during stable population phases in Min- 

nesota (Gese and Mech 1991). Increased dis- 

persal and success at pairing also occurred in 

an expanding wolf population with an ample 

prey base in Minnesota (Fritts and Mech 1981). 
The opportunity for dispersing wolves to suc- 

cessfully establish their own pack in unoccupied 

territory was high during our study and may 
have been a factor in the high dispersal rate 

(Boyd et al. 1995). 

Dispersal occurred in all directions. Dispers- 
ers went north to Canadian national parks and 

beyond, to the Missoula area, to Idaho (Boyd 
et al. 1995), to the Rocky Mountain front near 

Augusta, Montana (J. Fontaine, U.S. Fish and 

Wildl. Serv., Helena, pers. commun.), and pos- 

sibly south of Yellowstone National Park (S. 

Fain, Wildl. Forensic Lab, Ashland, Oreg., pers 
commun.). By estimating the growth rate of the 

population of adjacent packs within our study 
area, we have underestimated the effect of the 

GNP population on population growth at a 

larger scale. 

Glacier National Park was without a breed- 

ing population of wolves from the 1930s until 

1986 (Ream et al. 1989), although occasional 

dispersers were reported throughout that pe- 
riod (Singer 1979). Human actions surrounding 
the park certainly played a role in this absence 

(Curnow 1969), but the role of genetic or other 

biological factors are unknown. 

Glacier National Park is likely to remain an 

important core area for wolves dispersing into 

the western United States. Wolves have a high 

reproductive rate, and wolf recovery should 

proceed relatively rapidly in the Northwestern 

Montana Recovery area if connectivity with 

wolf populations further north is maintained 

and human-caused mortality rates remain rela- 

tively low. 
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ABSTRACT After roughly a 60-year absence, wolves (Canis lupus) immigrated (1979) and were reintroduced (1995–1996) into the

northern Rocky Mountains (NRM), USA, where wolves are protected under the Endangered Species Act. The wolf recovery goal is to restore

an equitably distributed metapopulation of L30 breeding pairs and 300 wolves in Montana, Idaho, and Wyoming, while minimizing damage

to livestock; ultimately, the objective is to establish state-managed conservation programs for wolf populations in NRM. Previously, wolves

were eradicated from the NRM because of excessive human killing. We used Andersen–Gill hazard models to assess biological, habitat, and

anthropogenic factors contributing to current wolf mortality risk and whether federal protection was adequate to provide acceptably low

hazards. We radiocollared 711 wolves in Idaho, Montana, and Wyoming (e.g., NRM region of the United States) from 1982 to 2004 and

recorded 363 mortalities. Overall, annual survival rate of wolves in the recovery areas was 0.750 (95% CI 5 0.728–0.772), which is generally

considered adequate for wolf population sustainability and thereby allowed the NRM wolf population to increase. Contrary to our prediction,

wolf mortality risk was higher in the northwest Montana (NWMT) recovery area, likely due to less abundant public land being secure wolf

habitat compared to other recovery areas. In contrast, lower hazards in the Greater Yellowstone Area (GYA) and central Idaho (CID) likely

were due to larger core areas that offered stronger wolf protection. We also found that wolves collared for damage management purposes

(targeted sample) had substantially lower survival than those collared for monitoring purposes (representative sample) because most mortality

was due to human factors (e.g., illegal take, control). This difference in survival underscores the importance of human-caused mortality in this

recovering NRM population. Other factors contributing to increased mortality risk were pup and yearling age class, or dispersing status, which

was related to younger age cohorts. When we included habitat variables in our analysis, we found that wolves having abundant agricultural and

private land as well as livestock in their territory had higher mortality risk. Wolf survival was higher in areas with increased wolf density,

implying that secure core habitat, particularly in GYA and CID, is important for wolf protection. We failed to detect changes in wolf hazards

according to either gender or season. Maintaining wolves in NWMT will require greater attention to human harvest, conflict resolution, and

illegal mortality than in either CID or GYA; however, if human access increases in the future in either of the latter 2 areas hazards to wolves

also may increase. Indeed, because overall suitable habitat is more fragmented and the NRM has higher human access than many places where

wolves roam freely and are subject to harvest (e.g., Canada and AK), monitoring of wolf vital rates, along with concomitant conservation and

management strategies directed at wolves, their habitat, and humans, will be important for ensuring long-term viability of wolves in the region.

KEY WORDS Canis lupus, gray wolf, mortality, Northern Rocky Mountains, protected areas, survival.

Gray wolves (Canis lupus) were eradicated from the northern
Rocky Mountains (NRM) of the United States by the 1930s
(Young and Goldman 1944, McIntyre 1995). For the next
50 years, wolves were only occasionally reported and there
was no functional wolf population in the area (U.S. Fish and
Wildlife Service [USFWS] 1994). Reestablishment of
wolves to northwest Montana (NWMT) began in 1979
through dispersal from Canada, and reproduction was first

documented in 1986 (Ream et al. 1991, Pletscher et al.
1997). Wolves from Canada were reintroduced to central
Idaho (CID) and Yellowstone National Park (YNP) in 1995
and 1996 to establish wolves in Idaho and the Greater
Yellowstone Area (GYA; USFWS 1994, Bangs and Fritts
1996).
The Endangered Species Act (ESA) was passed in 1973

and wolves were listed in the contiguous United States in
1974. Wolf recovery plans were formulated for the NRM
(ID, MT, and WY) in 1980 and 1987 and reintroductions1E-mail: doug_smith@nps.gov
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to CID and YNP using wild wolves from Canada were
recommended in an Environmental Impact Statement in
1994. Configured as a 3-segment metapopulation and one
recovery area, the objective of the program was to restore
wolves as a viable population to the NRM and return
management to the affected States. Recovery plans included
genetic exchange, either natural or artificial, between the 3
populations (USFWS 1994). Genetic exchange was as-
sumed to be primarily natural because of the distance
between recovery areas and dispersal capability of wolves
(.500 km; Fritts 1983, Boyd and Pletscher 1999).
The minimum goal for restoration was to establish a

metapopulation of L30 breeding pairs, with a breeding pair
defined as an adult male and female wolf that raise 2 young
to 31 December, and L300 wolves equitably distributed
among the 3 core recovery areas for a L3 successive years
(USFWS 1994). In addition to a minimum population
requirement, each state needed a USFWS-approved man-
agement plan. Once this was achieved, wolves would be
removed from the Endangered Species list and managed
solely by the States of Idaho, Montana, and Wyoming,
USA. These minimum population requirements were
reached in 2002, but approved state plans were not
completed until 2007. Wolf delisting occurred in 2008 but
was remanded back to the USFWS after litigation for
further consideration. Wolves were again delisted, except in
Wyoming, in 2009.
The strategy for recovery was to nurture natural wolf

immigration and to protect as endangered any population of
wolves that became established in NWMT (USFWS 1987,
1994). Unlike NWMT, wolf restoration in CID and GYA
called for reintroduction of wolves from Canada and
management not as endangered but as experimental–
nonessential, which allowed for more management flex-
ibility in conflict situations (e.g., allowing ranchers to legally
shoot wolves depredating on livestock) and less administra-
tion (e.g., no ESA Section 7 consultation).
Beginning in 1982, radiocollars were placed on wolves in

NWMT to aid management and research (Ream et al. 1991,
Pletscher et al. 1997). From 1995 to 1996, 35 and 31 wolves
from Canada were reintroduced to CID and YNP, respec-
tively (Bangs and Fritts 1996, Phillips and Smith 1996). All
reintroduced wolves were fitted with radiocollars and survival
was monitored. In all 3 areas annual radiocollaring efforts
directed at wild-born animals continues. The annual propor-
tion of the population collared ranged from 20% to 50%
(Mitchell et al. 2008). We used radiocollar data from 1982 to
2004, a period of USFWS oversight for wolf management
prior to proposed delisting and state management, to examine
factors associated with wolf hazard.
The wolf population expanded rapidly in the 2 areas where

wolves were reintroduced but more slowly where they had
recolonized naturally (Bangs et al. 1998, Fritts et al. 2001).
In 2004, 324 wolves were present in GYA, 452 in CID, and
59 in NWMT (USFWS et al. 2005).
The recovery plan for wolves in the NRM emphasized

establishing successfully reproducing packs in core areas of
secure habitat where wolf mortality would be minimal

(USFWS 1987, 1994). The CID wilderness complex, YNP,
Glacier National Park (GNP), and the Bob Marshall
wilderness area (BMWA) of NWMT, and the extensive
areas of multiple-use public land surrounding those areas,
were selected to function as core areas–refugia for wolf
recovery (USFWS 1987). All of these areas encompass large
areas of public land where livestock grazing and motorized
vehicle use, 2 factors contributing to higher rates of wolf
mortality, are limited (USFWS 1994, Mitchell et al. 2008).
Outside these core areas, habitat for wolves is less suitable
and dominated by agriculture, and wolf protection accord-
ingly is more tenuous. However, wolves were expected to be
able to disperse between these 3 core recovery areas and
survive in less secure habitat, facilitating connection between
the 3 areas and thereby creating a large metapopulation
(USFWS 1987, Pletscher et al. 1997, Boyd and Pletscher
1999). Critical to this plan was understanding if the 3 core
areas functioned as presumed, or in other words that
mortality outside core areas would not overwhelm source
populations of wolves leading to population declines.
Human-caused mortality in the NRM strongly affects

wolf population viability (Mitchell et al. 2008) as it does for
other wolf populations (Fuller 1989, Adams et al. 2008,
Person and Russell 2008). In addition, each NRM area
differed in land status or ownership (e.g., park, wilderness,
state, private, national forest) and management policy, so it
was open to question how wolves would fare in each area. In
general human access across the NRM is much greater than
other areas where wolves have been studied (e.g., AK and
Canada) even in wilderness areas (e.g., outfitter horse access
for big-game hunting). Lastly, wolves in NWMT were
managed as endangered, giving them greater legal protec-
tion than reintroduced wolves in CID and GYA.
Despite these differences, and based on research from

NWMT during their colonization phase that indicated high
survival among wolves there (Pletscher et al. 1997, Boyd and
Pletscher 1999), we predicted that wolf survival would not
differ between recovery areas nor threaten the NRM
population because wolves were increasing most years
(except for some yr in NWMT; USFWS et al. 2005).
Because excessive levels of human-caused mortality were the
primary reason wolves were extirpated, evaluation was
important because delisting requires that the causes of
endangerment be reduced to a level that no longer threatens
the population (ESA of 1973). Survival data were also
important beyond population counts because we could assess
factors associated with high risk for wolves, which would
inform management action. Further, sustainable survival
rates for wolves are already known and indicative of
population status (Keith 1983, Fuller et al. 2003, Adams
et al. 2008), and because radiocollars were being used
extensively as part of the recovery effort, we could easily use
them for survival estimation comparing them to this larger
data set, which would inform us about the status of our
population. Therefore, our objectives were to determine
demographic, behavioral, and anthropogenic determinants
of wolf survival across the 3 recovery areas of the NRM.
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STUDY AREA

Our large study area (.266,400 km2) is difficult to
characterize specifically because of wide local and regional
variation (Fig. 1). Each of the 3 recovery areas is
mountainous; a mountain–valley dichotomy prevails and
this habitat is critical to supporting wildlife in the region.
Many species of wildlife in this study area typically spend
winter in the mountain valleys, where human population
density is high, and summer in more remote mountains
(Hansen et al. 2002). Ungulate seasonal movements follow
this pattern, as do wolves, within their territorial constraints
(wolves in the NRM are not migratory). Elevations ranged
from about 200 m to 4,200 m; annual precipitation ranged
from 25 cm to 150 cm. Temperatures ranged from 240u C
to 35u C due to variation in elevation. Vegetation was
dominated by coniferous forests of lodgepole pine (Pinus
contorta), Douglas-fir (Pseudotsuga menziesii), ponderosa
pine (Pinus ponderosa), subalpine fir (Abies lasiocarpa),
Englemann spruce (Picea engelmannii), and whitebark pine
(Pinus albicaulis), with quaking aspen (Populus tremuloides)
and cottonwood (Populus spp.) at lower elevations. Willow
(Salix spp.) was also common throughout the area. Grass-
lands, high mountain meadows, and shrub-steppe habitats
were interspersed throughout the region. Each area had
several major river systems and lesser watercourses creating
the mountain–valley dynamic important to the vegetation

and summer–winter movement of ungulates and wolves. In
general, winters were from October to April with most
precipitation coming as snow, but increasing variability in
snowfall and duration has been recorded (Wilmers and Post
2006; YNP, unpublished data).
Each wolf recovery area was centered on a large area of

public land including National Parks, National Forest, and
designated wilderness (Table 1). The NWMT recovery area
encompassedGNP and the BMWA, comprising 11,770 km2,
and was surrounded by national forest lands, Blackfeet
tribal, or private lands. The NWMT was the most
fragmented recovery area and was interspersed with private
lands mainly used for timber production (Table 1). The
CID recovery area was about 53,000 km2 of primarily
national forest including 15,800 km2 of wilderness, but
there was also permitted grazing on public land. In the
GYA recovery area, YNP occupied 8,991 km2 in a
68,000-km2 recovery area comprised mostly (62%) of
public land (national forest, national wildlife refuges, and
Bureau of Land Management areas).
Like physiographic features and climate, the potential prey

of wolves varied across areas but was generally similar. Each
area had a mix of elk (Cervus elaphus), deer (mule [Odocoileus
hemionus] and white-tailed [O. virginianus]), moose (Alces
alces), bighorn sheep (Ovis canadensis), mountain goats
(Oreamnos americanus), and pronghorn antelope (Antilocarpa
americana). Bison (Bison bison) were unique to YNP and
Grand Teton National Park. Primary prey for wolves varied
across the region but was generally either elk or deer,
although some wolves in YNP used bison as well (Smith et
al. 2000). Most areas had the full complement of large
carnivores, except that grizzly bears (Ursus arctos) were
absent in the CID recovery area. Besides wolves, black (U.
americanus) and grizzly bears, cougars (Felis concolor),
coyotes (Canis latrans), and humans preyed on most of
these ungulates. Livestock, mostly cattle and sheep, were
also accessible to wolves throughout the year but were more
vulnerable in summer. A more detailed description specific
to each study area is presented in Mitchell et al. (2008).

METHODS

We captured and radiocollared wolves as adults, yearlings,
and pups (.20 kg; usually .5 months of age) either by
foot-hold trapping or helicopter darting and netting.
Capture efforts in NWMT were almost exclusively foot-
hold traps during May–October; capture in the Yellowstone
area was almost exclusively darting in YNP November–
February and a combination of trapping and darting outside
(yr-round); Idaho was predominately trapping with some

Figure 1. Location of wolf packs (black dots) in the northern Rocky
Mountain study area (USA) in 2004. Note few packs in the Glacier
National Park (NP)–Bob Marshall Wilderness Area portion of the
northwestern Montana recovery area (RA) relative to Central Idaho and
Greater Yellowstone Area.

Table 1. Land characteristics of the 3 wolf recovery areas (Central ID [CID], Greater Yellowstone Area [GYA], and northwestern MT [NWMT]) in the
Northern Rocky Mountains of the United States. We based land characteristics and area for densities in 2004 on the intensive study area identified in Oakleaf
et al. (2006) and on the average of 9-km2 cells in each recovery area.

Recovery area
Wolf density

(no./1,000 km2)
%

private
%

federal
%

forest
Human density

(no./km2)
Road density
(km/km2)

GYA 1.77 31.7 62.2 31.1 2.34 0.66
CID 3.03 23.2 72.4 47.3 2.64 0.60
NWMT 0.72 36.3 56.3 59.8 3.825 0.77
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darting and netting (yr-round). Once captured, standard
measurements and biological samples such as blood were
obtained from each wolf and a very high frequency and
occasionally a Global Positioning System radiocollar (Telonics
Inc., Mesa, AZ and Televilt Inc., Lindesberg, Sweden) was
attached. All radiocollars contained mortality switches that
increased radio-signal pulse from approximately 55 beats/
minute to approximately 110 beats/minute if a collar was
stationary for 4 hours. Radiocollars in mortality mode were
retrieved as soon as feasible, usually within 1 week, but some
circumstances prevented quick recovery. Cause of death was
determined through on-site exams or lab necropsies either
because field exams were inconclusive or a law-enforcement
investigation was involved. We focused specifically on wolf
mortality-rate determinants; wolf cause of death in the context
of risk is addressed in other research (D. Murray, Trent
University, unpublished data).
Once collared, wolves were typically tracked from aircraft

every 7–14 days, but often more frequently, as in YNP
where wolves were sometimes tracked daily. When radio
contact was lost with a particular wolf, search efforts ensued
in the local area for several months. Coordinated high-

elevation flights among recovery areas were also flown each
year to look for missing wolves.
We related wolf mortality risk to a variety of independent

variables (Table 2; Oakleaf et al. 2006). We assessed variables
not in Oakleaf et al. (2006) as follows: we categorized
PACKSIZE (we considered ,5 wolves a small pack and

L5 wolves a large pack) by observing pack size during winter
observations, which typically occurred multiple times per
season. We based DISPERSER status of study animals on
knowledge of the territory of the radioed wolf after collaring
versus its pack affiliation prior to dispersal. We considered a
subject animal as resident if it was traveling with pack-mates
within its territory and a disperser if it left its established
territory not to return. We did not know breeder status for all
collared wolves, so we only used related variables when we
positively knew breeding status for animals that we either
frequently observed or determined to be a breeder through
observation of lactation or later pedigree analysis.

Statistical Analysis and Modeling
Hazard modeling.—We right-censored wolves that

either died of capture-related causes or whose radio signal

Table 2. Description of variables we used in analyses of wolf survival in northwestern United States (1982–2004).

Variable Description and coding system

Demographic

GENDER Gender (M 5 1)
AGECLASSa Dummy variable representing age class (pup; yearling; ad; old ad [.9 yr])
AGEYEARSb,c Age (yr)

Behavioral

DISPERSER Dummy variable representing dispersal status (disperser 5 1)
BREEDINGb Dummy variable representing breeding status (current breeder 5 1)
PACKMEMBERb Dummy variable representing pack affiliation status (with pack 5 1)
SMALLPACKb Dummy variable representing small pack size ([pack size ,5] 5 1)
HOMERANGESIZEb,c 95% fixed kernel home range size (km2)

Temporal

YEARa Dummy variables representing each yr of the study (1982–2004)
SEASONa Dummy variable representing each season of the study (Jan–Mar; Apr–Jun; Jul–Sep; Oct–Dec)

Anthropogenic

ROADSb,c Road density in home range (km2)
HUMANSb,c Human density in home range (km2)
FEDERALb % of home range managed by Federal government
PRIVATEb % of home range under private ownership
STATE % of home range managed by the State government
CATTLEb,c Cattle density in home range (km2)
SHEEPb,c Sheep density in home range (km2)
PROTECTIONb Average protection status in home range, determined by Gap Analysis Program (GAP)

Habitat

ELEVATIONb Average elevation in home range (m)/1,000
SLOPEb Average slope in home range (u)
ELKb Dummy variable representing elk as primary prey in home range (elk 5 1)
MULEDEERb Dummy variable representing mule deer as primary prey in home range (mule deer 5 1)
FORESTb % of home range covered by forest habitat
AGRICULTURALb % of home range covered by modified agricultural land

Other

RECOVERYAREAa Recovery area where the subject was resident
RECRUITMENT Whether subject was recruited as part of representative vs. targeted capture efforts (representative 5 1)
PACKSADJACENTb No. of wolf packs adjacent to home range

a We developed variable by coding each category into a separate dummy variable.
b Available only for a subsample of subjects.
c Also includes separate variable representing quadratic relationship (x + x2).
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was lost (e.g., transmitter failure, collar loss, emigration
from the study area) at their final monitoring date; we
censored those that survived until the end of the study on 31
December 2004. We assessed determinants of wolf mortality
using Andersen–Gill (AG) hazard models (Fleming and
Harrington 1991, Andersen et al. 1993). Briefly, AG
methods are analogous to better known Cox proportional
hazard models except that AG methods are based on
counting process methodology and have greater flexibility
including allowing discontinuous risk intervals, which makes
AG models particularly well suited for telemetry-based
survival analysis using subjects having punctuated survival
timelines (Johnson et al. 2004, Murray 2006). The AG
method records subject survival time as a function of a
binomial censoring variable (1 5 failure, 0 5 censored)
relative to counting, risk, and intensity processes; the
counting process is an indicator function equal to 1 when
mortality occurs, the risk process is 1 when monitoring is
ongoing, and the intensity process is a product of the risk
process and hazard function h(t) (Fleming and Harrington
1991, Hosmer and Lemeshow 1999). Integrating the
intensity process over time yields the expected number of
deaths at t, or the cumulative intensity process. In the
resulting models, hazards associated with variables i and j
are proportional through time and differ only multiplica-
tively by the exponential term involving the covariates [hi(t)/
hj(t) 5 exp(b1)]. Thus, we can easily evaluate determinants
of mortality risk in a subject population using the AG
framework, and it follows that such hazard models are
considered as semi-parametric because distribution of life-
times and the baseline hazard function are unspecified and
the hazard ratio does not depend specifically on time.
Fitting hazard models to a large set of candidate variables

presents a variety of challenges, including dealing with
inconsistent functional roles of some variables among groups
of subjects or across space and time. We also contended with
variables that were incomplete, served as proxies for other
variables or survival determinants, or whose role on hazard
was interactive. Accordingly, we conducted hazard modeling
through a cautious approach that emphasized phenome-
nological relationships between variables and wolf hazard
rather than a rigid approach focused on quantitative cause-
and-effect relationships. We fit several families of AG
models, with the first series (demographic models) involving
demographic, behavioral, and temporal variables (Table 2)
for all 711 wolves monitored during the study. Variables
under consideration as potential mortality-risk determinants
included both continuous and categorical (dummy) variables
of which several were time-dependent and could be
considered time-varying (i.e., interactive with time, see
Table 2); we updated most time-dependent covariates
annually (e.g., age, habitat variables) but we updated
seasonally those related to wolf behavior (e.g., dispersal,
pack size, breeding status). Our limited a priori knowledge
of the functional relationship between time-dependent
variables and wolf hazard justified using a variety of
modeling frameworks to assess variable significance; we
conducted analyses using the same variables as either time-

dependent or time-varying, and noted that results were
usually qualitatively similar irrespective of variable classifica-
tion scheme. Therefore, we inferred that the general
relationships presented herein are robust and do not depend
on variable relationships with time. In most cases we report
results from the more conservative time-varying classifica-
tion scheme.
The main demographic models under evaluation involved

complete sets of independent variables (i.e., no missing data)
such that we included all subjects in analyses; later models
also included partially complete variables and, therefore,
used a restricted set of subjects (see below). The first series
of analyses pooled recovery areas into an all-inclusive model
set, but because we detected area-specific differences in
hazard, subsequent analyses considered recovery areas
separately, which allowed us to examine determinants of
wolf hazard both overall as well as in separate recovery areas
with differing baseline habitat and prey availability, level of
wolf protection, etc. The method by which we recruited
subjects to the study had a profound influence on mortality
risk, and this influence failed to conform to the proportional
hazards assumption (see below). Therefore, we stratified
most models according to subject recruitment method, later
segregating demographic models by the RECRUITMENT
variable specifically to evaluate hazard differences between
groups. Stratification is an important process in hazard
modeling and allows for calculation of a stratum-specific
baseline hazard function where the assumption of hazard
proportionality fails to be upheld (Hosmer and Lemeshow
1999).
The second series of models (habitat models) included

spatially explicit behavioral, anthropogenic, and habitat
variables associated with the 95% fixed-kernel home range
of each subject (Table 2), along with other demographic and
behavioral variables considered in the first series of models.
We excluded temporal variables from this latter series
because their evidence ratios generally were low and
precision was poor. Habitat models were restricted to
wolves with estimable home ranges and, therefore, excluded
subjects that were either nonresident or dispersing or
radiolocated too infrequently (,20 locations/yr; see Oakleaf
et al. 2006) to estimate their home range. Approaches for
dealing with wolf recovery areas and study recruitment
method followed those described previously for demo-
graphic models. Because we re-estimated home ranges each
year, we updated spatially explicit time-dependent covariates
according to an annual schedule.

Testing hazard model assumptions.—We can easily test
basic distributional and associated assumptions underlying
AG models using martingale theory (Fleming and Har-
rington 1991, Andersen et al. 1993). The functional form of
several continuous variables under consideration (e.g.,
AGEYEARS, ROADS, SHEEP) was not necessarily linear
but could be quadratic (Johnson et al. 2004). We evaluated
the most appropriate functional form of such variables by
examining martingale residuals of fitted AG models against
untransformed (x) and transformed (x + x2) forms of each
variable. We used the LOWESS regression yielding
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approximately linear fit to select the most appropriate
functional form (Cleves et al. 2003). The assumption of
proportional hazards is critical to AG model fit, and we
determined it primarily by assessing proportionality in plots
of ln-transformed analysis time versus 2ln[2ln(survival
probability)] (Hougaard 2000, Therneau and Grambsch
2000). We assessed model goodness-of-fit by checking
Cox–Snell residuals for a standard exponential distribution
where the hazard function equals 1 for all t and, thus, the
cumulative hazard for the residuals is linear at approximately
45u (Cleves et al. 2003). We conducted influence and
leverage analysis by refitting best-fit candidate models with
n 2 1 observations and evaluating differences between the
efficient score residual matrix and the variance–covariance
matrix, relative to time (Cleves et al. 2003). We do not
report the above diagnostics because test results were
consistently favorable. Other assumption checking and
diagnostic tests are outlined in the Discussion. We
constructed hazard models using STATA (Stata Corpora-
tion, College Station, TX).
Given the many independent variables under considera-

tion and the phenomenological approach we advocated
when developing hazard models, we were unable to model
all combinations and our analyses should be considered as
exploratory. We examined 2-way interaction terms between
all variables in model sets for significance (Hosmer and
Lemeshow 1999). Multicollinearity is an important concern
in any multivariate regression, but acceptance criteria are
poorly identified especially for hazard models having many
time-dependent covariates. We assessed variable multi-
collinearity by sequentially adding variables to our selected
models and evaluating stability of the parameter estimates
(Mitra and Golder 2002, Van den Poel and Larivière 2004);
we considered our use of multimodel inferencing procedures
(see below) to help mitigate against the influence of
collinearity. We also further assessed inter-relationships
between variables via standard collinearity diagnostics and
appropriate thresholds (mean variance inflation factor [VIF]
. 6.0; individual VIF . 10.0; tolerance , 0.10; condition
no. . 30.0; Belsley et al. 1980). Where appropriate, we
eliminated models including redundant variables from
candidate sets to achieve independence.
We compared hazard models within each set using

standard model-selection methods (Burnham and Anderson
2002), and we calculated Akaike’s Information Criterion
corrected for sample size (AICc), AICc differences (Di), and
AICc weights (wi) to guide model selection. We used Di ,

10 for model evaluation, and P , 0.10 for all individual
variables, to restrict our set of candidate models to a smaller
number with high ecological plausibility. We considered
models with Di , 2.0 to be indistinguishable from the best-
fit model (Burnham and Anderson 2002). Variables that
were not complete for all individuals (e.g., AGEYEARS,
BREEDING, PACKMEMBER, SMALLPACK) were
subject to restricted analysis where we selected the best-fit
model for the complete data set and used a backward
stepwise procedure to remove any nonsignificant (P . 0.10)
variables. Using Di, we then compared the best-fit model

with versus without the restricted variable to assess its
significance. Throughout, we report model-averaged hazard
ratios, unconditional variances, and weight of evidence for
individual variables (Burnham and Anderson 2002). For
time-dependent covariates the unit was hazard ratio per day,
and we used 90-day and 365-day intervals to describe their
influence on subject mortality risk. Where appropriate, we
report annual survival rates as determined from a piecewise
exponential model (Heisey and Fuller 1985, Hougaard
2000), after having first ascertained that the assumption of
constant hazards within the time interval was upheld.

RESULTS

During 1982–2004, we monitored survival of 711 radio-
collared wolves across the 3 recovery areas. Animals
monitored during 1982–1994 were exclusively from
NWMT, whereas those tracked during 1995–2004 also
included individuals resulting from reintroductions in GYA
and CID (Table 3). Number of individual animals mon-
itored by year initially was low in NWMT and even after
1995 generally remained below numbers for GYA and CID.
Numbers of monitored wolves in the GYA and CID
increased steadily post-1995 and peaked at the end of the
study period in 2004, whereas in NWMT monitored wolves
and the wolf population did not increase (Table 3). Notably,
number of wolves monitored in all 3 areas increased after
2004 (E. E. Bangs, United States Fish and Wildlife Service,
unpublished data). One animal marked in YNP emigrated
to Utah, whereas another emigrated from YNP and
ultimately died in Colorado; we right-censored both wolves
after they left GYA. Most wolves (51.1%) died during the
study whereas 26.0% survived until study completion (31
Dec 2004). We censored at the last known live signal wolves
either succumbing to unknown fate due to radio-signal loss
(21.4%) or dying of capture-related causes (1.5%). Overall,
during our study wolves died from legal control (30.0%; n 5

363 deaths), illegal mortality (24.0%), natural causes
(11.8%), other causes (e.g., vehicle accidents, strife;
21.4%), and unknown causes (11.8%). Overall, annual
survival rate of wolves across all recovery areas was 0.750
(0.728, 0.772; n 5 363 deaths).
Computed as a hazard rate, the method by which we

recruited wolves into the study influenced risk of death, with
those obtained through targeted sampling having consis-
tently higher risk than the representative sample (log-rank
test: x21 5 42.89, P , 0.001; Fig. 2). Overall, 47.3% (n 5

579) of wolves recruited through representative sampling
and 64.9% (n 5 134) of those recruited via targeted
sampling died during the study. The RECRUITMENT
variable failed to conform to the assumption of proportional
hazards (x21 5 5.24, P 5 0.022) and we therefore stratified
it in subsequent analyses. The proportion of animals that we
recruited via representative sampling differed among
recovery areas (GYA: 88.0% [n 5 299], CID: 79.0% [n 5

219], NWMT: 73.1% [n5 193]; x22 5 17.995, P, 0.001),
and in each recovery area wolves recruited via targeted
sampling had higher mortality risk (GYA: x21 5 31.954, P
, 0.001; CID: x21 5 5.444, P 5 0.020; NWMT: x21 5
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16.290, P , 0.001; Fig. 3). Overall, mortality rates tended
to be higher in NWMT than in the remaining recovery
areas (using GYA as reference; CID: z1 5 1.55, P 5 0.12;
NWMT: z1 5 2.87, P 5 0.004). The recovery area variable

conformed to the proportional hazards assumption (global
x22 5 2.62, P 5 0.27), so we conducted subsequent analyses
either with recovery areas pooled or by separate recovery
area. Because we monitored only 6 (0.84%) subjects in
multiple recovery areas (0.34% of total radio-days), we
considered recovery area as a fixed variable.

Pooled Recovery Areas
Using RECRUITMENT as stratum and a dummy variable
(MONTANA) to isolate subjects from NWMT, we

Figure 2. Kaplan–Meyer survivorship probability for wolves in north-
western United States (1982–2004) relative to whether subjects were
radiomonitored as part of standard sampling (representative sample) or
following focused capture efforts in response to livestock depredation or
other problems (targeted sample). The origin (time 5 0) corresponds to
time of recruitment to the study.

Table 3. Numbers of radiocollared wolves monitored for survival in western United States (1982–2004). We provide total number (total no. of subjects
monitored during the calendar yr), number alive (no. alive on 31 Dec), number dead (no. dying during the calendar yr), and number censored (no. whose fate
was unknown during the calendar yr). Censored animals also include 11 subjects that died from capture-related causes and one that died in Colorado.

Yr

Greater Yellowstone Area Central ID Northwestern MT

No. Alive Dead Censored No. Alive Dead Censored No. Alive Dead Censored

1982 1 1 0 0
1983 0 0 0 0
1984 1 1 0 0
1985 4 4 0 0
1986 6 5 1 0
1987 11 7 4 0
1988 13 11 1 1
1989 20 14 6 0
1990 21 19 1 1
1991 23 12 7 4
1992 23 22 1 0
1993 38 25 13 0
1994 34 16 12 6
1995 20 18 2 0 15 12 2 1 27 17 8 2
1996 39 31 8 0 32 30 1 1 20 11 7 2
1997 45 29 15 1 36 33 1 2 22 13 8 1
1998 46 34 8 4 51 43 6 2 29 17 10 2
1999 54 45 6 3 59 45 11 3 38 25 12 1
2000 59 44 11 4 61 41 15 4 33 15 16 2
2001 92 71 15 6 61 41 11 9 36 31 5 6
2002 105 76 12 17 62 38 16 8 43 22 11 10
2003 133 100 27 6 70 46 6 18 27 16 5 6
2004 156 94 38 24 100 71 20 9 27 23 3 1

Figure 3. Annual survival rate (695% CI) for wolves in western United
States (1982–2004) by recovery area (GYA: Greater Yellowstone Area;
CID: central Idaho; NWMT: northwestern Montana; n 5 711 wolves, 363
deaths). Wolves were radiomonitored either as part of standard sampling
(representative sample) or following focused capture efforts in response to
livestock depredation or other problems (targeted sample).
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determined that a range of variables influenced wolf
mortality risk. For analyses including all recovery areas,
the best model had a high degree of plausibility (wi 5 0.889;
Table 4) and model variables had high weight of evidence
(Table 5). Subjects from NWMT were 1.63 times more
likely to die than their counterparts in other recovery areas.
Wolf hazards also were influenced by demographic and
behavioral variables, with the PUP, YEARLING, and
DISPERSER variables each associated with increased
mortality risk (Table 4). Daily hazard ratios for time-
varying covariates tended to be high. For example, the
DISPERSER variable was associated with 8.4% higher
mortality risk/90 days (1.000990 5 1.084) and 38.9% higher
risk/365 days (Table 4). Wolves also experienced higher
mortality in 2004. Inclusion of a single 2-way interaction
term (MONTANA 3 PUPS) in the best-fit model
improved fit (Di 5 211.437; all other interaction terms:
Di . 2.061), but small sample sizes precluded robust
variance estimation for the PUP variable in this particular
model.
Annual survival rate for pups (estimated from autumn to

spring monitoring) was 0.398 (0.273, 0.579; 95% CI; n 5

23 deaths) for NWMT compared to 0.756 (0.635, 0.899;
95% CI; n 5 3 deaths) and 0.889 (0.777, 1.000; 95% CI; n 5

10 deaths) for GYA and CID, respectively. Annual survival
rates for nonpups (yearlings and ad) were 0.680 (0.643, 0.740;
95% CI; n 5 107 deaths), 0.771 (0.737, 0.806; 95% CI; n 5

131 deaths), and 0.789 (0.750, 0.829; 95% CI; n5 86 deaths)
for NWMT, GYA, and CID, respectively. The proportional
hazards assumption was upheld by the best-fit model pooling

Table 4. Candidate Andersen–Gill hazard models for wolves in northwestern United States (1982–2004), generated from models using demographic,
behavioral, and temporal variables (see Table 2 for coding scheme). Sample sizes vary depending on whether models include all recovery areas (subjects 5
711, deaths 5 361), or are restricted to Greater Yellowstone Area (subjects 5 269, deaths 5 142), central Idaho (subjects 5 175, deaths 5 89), or
northwestern Montana (subjects 5 192, deaths 5 130). We provide model parameter number (K ), Akaike’s Information Criterion corrected for sample size
(AICc), AICc difference (Di), and AICc weight (wi). Likelihood ratio chi-square and P indicate goodness-of-fit for each model relative to the best-fit model.
Individual parameter estimates for each model were significant (P , 0.10), and we provide only models with ,10 Di. All models were stratified according to
whether subjects were recruited to the study for standard monitoring purposes (representative sample) versus following livestock depredations or other
perceived problems (targeted sample).

Model K AICc Di wi x2 P

All recovery areas

MONTANA + PUP + YEARLING + DISPERSER + (YR 2004) 5 3,543.1 0 0.889 59.10 ,0.001
MONTANA + PUP + DISPERSER + (YR 2004) 4 3,548.6 5.5 0.057 51.54 ,0.001
MONTANA + PUP + YEARLING + DISPERSER 4 3,548.8 5.7 0.051 51.33 ,0.001
MONTANA + YEARLING + DISPERSER + (YR 2004) 4 3,552.3 9.3 0.009 47.77 ,0.001

Greater Yellowstone Area

DISPERSER + (YR 2002) 2 1,165.8 0 0.917 25.91 ,0.001
DISPERSER + (YR 2004) 2 1,171.6 5.6 0.055 20.27 ,0.001
DISPERSER 1 1,172.9 7.0 0.029 16.93 ,0.001

Central ID

YEARLING + (JUL–SEP) + (YR 2004) 3 656.8 0 0.582 19.92 ,0.001
YEARLING + (JUL–SEP) 2 658.1 1.4 0.295 16.41 ,0.001
YEARLING + (YR 2004) 2 662.1 1.4 0.039 12.37 0.002
YEARLING + (JAN–MAR) 2 662.2 5.5 0.037 12.25 0.002
(JUL–SEP) + (YR 2004) 2 663.6 6.9 0.018 10.87 0.004
YEARLING 1 663.8 7.0 0.017 8.62 0.003
(JUL–SEP) 1 664.6 7.9 0.11 7.76 0.005

Northwestern MT

PUP 1 932.4 0 0.711 22.65 ,0.001
PUP + (APR–JUN) 2 934.0 1.9 0.289 22.91 ,0.001

Table 5. Model-averaged hazard ratios, unconditional variances, and
weight of evidence [w(E)] for individual variables in Andersen–Gill
models of wolf mortality risk in northwestern United States (1982–2004).
We generated model sets from best-fit models using demographic,
behavioral, and temporal variables (see Table 2 for coding scheme).
Sample sizes vary depending on whether models include all recovery areas
(subjects 5 711, deaths 5 361) or are restricted to Greater Yellowstone
Area (subjects 5 269, deaths 5 142), central Idaho (subjects 5 175, deaths
5 89) or northwestern Montana (subjects 5 192, deaths 5 130). All
models were stratified according to whether subjects were recruited to the
study for standard monitoring purposes (representative sample) versus
following livestock depredations or other perceived problems (targeted
sample). Hazard ratios .1.0 indicate increased mortality risk.

Variable
Hazard
ratio SE

Lower
95% CI

Upper
95% CI w(E)

All recovery areas

MONTANA 1.6274 0.1840 1.2669 1.9880 1.000
DISPERSER 1.0009 0.0002 1.0006 1.0013 1.000
PUP 1.0050 0.0013 1.0025 1.0076 0.991
(YR 2004) 1.0004 0.0002 1.0001 1.0007 0.949
YEARLING 1.0014 0.0005 1.0004 1.0023 0.944

Greater Yellowstone Area

DISPERSER 1.0015 0.0003 1.0009 1.0022 1.000
(YR 2002) 0.9990 0.0004 0.9982 0.9997 0.917
(YR 2004) 1.0004 0.0002 1.0000 1.0009 0.055

Central ID

YEARLING 1.0026 0.0009 1.0011 1.0045 0.970
(JUL–SEP) 1.0009 0.0003 1.0003 1.0015 0.907
(YR 2004) 1.0006 0.0003 1.0000 1.0012 0.640
(JAN–MAR) 0.9993 0.0004 0.9986 1.0001 0.037

Northwestern MT

PUP 1.0081 0.0016 1.0050 1.0112 1.000
(APR–JUN) 0.9994 0.0003 0.9998 1.0000 0.289
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recovery areas (without interaction term; global x25 5 3.96, P
5 0.56, all variables P. 0.20), independent variables were not
strongly correlated (mean VIF 5 1.03; all individual VIF
, 1.03; all tolerance . 0.960; condition no. 5 2.67), and
goodness-of-fit tests indicated high concordance between the
set of models and the data.
Next, we restricted our analysis to wolves whose precise

age was known (86.9% of subjects, n 5 711; 85.0% of
deaths, n 5 361), and replaced PUP and YEARLING from
the above best-fit model with the continuous linear variable
representing age (AGEYEARS). This variable failed to
improve model fit (Di 5 13.126), indicating that discrete
differences in mortality risk were restricted primarily to pups
(representative sample) or pups and yearlings (targeted
sample) and that adults did not have marked fine-scale
variability in hazards (Fig. 4). A similar analysis restricted to
wolves whose current breeding status was known (77.9% of
subjects, 66.5% of deaths) did not provide additional
explanatory power when we added BREEDING to the
best-fit model (Di 5 2.175). However, when we restricted
the analysis to wolves whose status with respect to pack
membership (PACKMEMBER) was known (76.1% of
subjects, 63.2% of deaths), the model replacing the dispersal
status dummy variable with the variable isolating wolves that
were solitary did improve model fit (Di 5 27.080; hazard
ratio: 1.0008 [1.0004, 1.0013; 95% CI]). Dispersers tended
to be solitary, but DISPERSER and PACKMEMBER
variables had acceptably low collinearity (mean VIF 5 6.65;
all individual VIF , 6.65; all tolerance . 0.150; condition
no. 5 5.474). Thus, we surmised that pack membership
likely was a more important determinant of wolf mortality
risk than was dispersal status. Yet, even when wolves
belonged to a pack the actual size of the group apparently
influenced mortality risk; an analysis restricted to animals
known to be in a pack and whose pack size could be

approximated by a dummy variable (SMALLPACK; 50.9%
of subjects, 39.1% of deaths) revealed that mortality risk was
elevated among animals belonging to smaller packs (Di 5

24.257; hazard ratio: 1.0007 [1.0003, 1.0011; 95% CI]).

Separate Recovery Areas
We refined our hazard models by isolating each recovery
area through separate analysis. In GYA, the best-fit model
had high certainty compared to other candidates (Table 4).
Model-averaged hazards indicated that the time-varying
DISPERSER variable increased hazards by 14.4% (1.001590

5 1.14444)/90 days and 72.8%/365 days, compared to
residents (Table 5). Mortality rates in GYA appeared to be
lower in 2002 and higher in 2004 than other years, although
precision and weight of evidence for the latter variable were
particularly low (Table 5). When we restricted the analysis
only to animals whose pack membership status was known
(19.7% of subjects, n 5 30 4; 23.2% of deaths, n 5 142), we
found that models including PACKMEMBER versus
DISPERSER were indistinguishable (Di 5 20.555; hazard
ratio: 1.0015 [1.0007, 1.0023; 95% CI]), implying that the
ultimate factor contributing to mortality risk in GYA was
unclear. However, in analyses restricted only to wolves that
were members of packs, we determined that the SMALL-
PACK variable was associated with higher mortality risk (Di

5 23.355; hazard ratio: 1.0007 [1.0002, 1.0013; 95% CI).
For CID, the best-fit candidate model had weak certainty,

with several other candidate models having comparable Di

(Table 4). The YEARLING variable was present in each of
the better models and had a high weight of evidence
(Tables 4, 5); hazards for yearling wolves was 26.3% higher/
90 days, and 2.580 times higher/365 days, than for
nonyearling animals. Annual survival rate was 0.580
(0.395, 0.708; 95% CI) for yearlings (n 5 29 deaths) and
0.812 (0.758, 0.854; 95% CI) for nonyearlings (n 5 60
deaths). Mortality risk in CID was lower during 2002 and
possibly higher in 2004 (Table 4). Restricted analysis for
CID indicated that PACKMEMBER (86.5% of subjects, n
5 221; 81.9% of deaths, n 5 89) provided comparable
explanatory power to the best-fit model excluding this
variable (Di 5 1.136; hazard ratio: 1.0005 [0.9995, 1.0015;
95% CI]). Similarly, SMALLPACK failed to provide
additional explanatory power (Di 5 20.487; hazard ratio:
0.9984 [0.9963, 1.0001; 95% CI]). Thus, we infer that
neither pack membership nor pack size influenced mortality
risk in CID.
For NWMT, the univariate model including PUP was the

best fit, and both candidate models contained the PUP
variable (Table 4). Based on their September–March
survival rate, pups had 2.1 and 19.0 times higher mortality
risk/90 days and 365 days, respectively, compared to
nonpups (Table 4). Annual survival rate was 0.398 (0.273,
0.579; 95% CI) for pups (n 5 23 deaths) and 0.690 (0.643,
0.740; 95% CI) for nonpups (yearlings and ad pooled; n 5

107 deaths). Restricted analysis did not indicate that either
PACKMEMBER (Di 5 8.102; 30.3% of subjects, n 5 192;
23.6% of deaths, n 5 130) or SMALLPACK (Di 5 2.441;

Figure 4. Annual survival rate (695% CI) for wolves in western United
States (1982–2004) by age (n 5 618 wolves, 307 deaths). Wolves were
radiomonitored either as part of standard sampling (representative sample)
or following focused capture efforts in response to livestock depredation or
other problems (targeted sample). Survival rates of 0-aged animals (pups)
were largely restricted to autumn and winter of their first year (northwestern
MT) or winter-only (Greater Yellowstone Area, central ID).
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30.3% of subjects, 23.6% of deaths) influenced wolf hazards
in northwestern Montana.

Subject Recruitment Method
Hazards models developed for subjects recruited via
representative versus targeted sampling (all recovery areas
pooled) revealed several similarities but also differences
between groups of subjects. Hazard was consistently higher
in Montana and among dispersers, and effect sizes also were
comparable between groups (Table 6). However, pups only
had higher mortality risk in the representative sample.
Dispersing yearlings (DISPERSER 3 YEARLING inter-
action term) had higher and lower than average hazard in
the representative and targeted samples, respectively,
whereas risk was higher among males versus females in
the representative versus targeted sample (Table 6). Re-
stricted analysis indicated that for the representative sample
BREEDING did not influence mortality risk (Di . 1.199).
Although addition of the PACKMEMBER variable to the
best-fit model for the representative sample provided
equivocal results compared to the best-fit model (Di 5

21.669; hazard ratio: 0.9989 [0.9978, 0.9999; 95% CI]),
inclusion of SMALLPACK revealed negative effects of
membership in small packs (Di 5 25.957; hazard ratio:
1.0006 [1.0002, 1.0010; 95% CI]). For the targeted sample
of wolves, none of the restricted variables were associated
with hazards (all Di . 1.710) although statistical power was
notably lower due to the smaller sample size. Thus, we infer
that mortality risk patterns likely differed between the
representative and targeted sample of wolves, but the
particular association between covariates and mortality risk
was largely equivocal in the latter group.

Habitat and Anthropogenic Variables
The next series of hazard models was restricted to 297
individuals (41.8% of total sample) that had a fixed home
range with estimable habitat and anthropogenic variables.
When we pooled recovery areas, 15 candidate models met
our criteria for consideration (Di , 10.0, all P , 0.10)
although 10 models had markedly low explanatory power
(wi , 0.05 and all Di . 3.480). Overall, 9 variables were
associated with wolf hazard, with the MONTANA variable
being present in all models and the PUP variable common

to most (Table 7). Wolf mortality risk also was negatively
associated with the index of wolf density (PACKSADJA-
CENT); parameter estimates for this variable indicated that
on average, wolf mortality risk decreased by 2.7% (0.999790

5 0.973)/90-day (10.4%/365-day) interval for each addi-
tional wolf pack with a home range that was adjacent to that
of the subject in question (Table 7). Hazards tended to be
higher among wolves at high elevations, in areas where
agricultural cover was more abundant, and where forest
cover was scarce. Wolf hazard was higher in areas where
mule deer were the most common wild ungulate prey, as
well as where cattle and sheep were more abundant
(Table 7). Overall, the weight of evidence for most variables
supported their strong association with wolf mortality risk
(Table 7). All 2-way interaction terms were nonsignificant
(all P . 0.19), and the best-fit hazard model satisfied the
assumption of proportional hazards (global x24 5 1.00, P 5

0.91 all variables P . 0.17). Variables in the best-fit model
set had acceptably low correlation (mean VIF 5 1.77; all
individual VIF , 2.83; all tolerance . 0.354; condition no.
5 26.74), and all models had good fit. Analyses restricted to
subjects with known breeding status (CURRENTBREED-
ING: 91.2% of subjects, n5 297; 84.4% of deaths, n5 109;
Di 5 2.199), known pack status (PACKMEMBER: 87.9%
of subjects, 82.6% of deaths; Di 5 2.001), and known pack
size (SMALLPACK: 60.3% of subjects, 42.2% of deaths; Di

5 2.144) failed to improve model fit.
For GYA, 15 models and 10 main variables were included

in our candidate set, with 7 models having markedly low
explanatory power (wi , 0.05, all Di . 3.210). Notably, the
best-fit model also had low explanatory power (wi 5 0.214),
implying that several candidates were in contention. Model-
averaged hazards indicated that the index of wolf density
(PACKSADJACENT) was importantly associated with
wolf hazards, with higher local wolf density correlating with
reduced mortality risk (Table 7). Wolves with a higher
percentage of their home range under State management,
and also having more agricultural cover in their territory,
also had higher risk in GYA. Several additional variables
also were associated with higher hazards, but these tended to
have low effect size and poor weight of evidence (Table 7).
No demographic or behavioral variables were included in
habitat-based hazard models for GYA, and current breeding

Table 6. Model-averaged hazard ratios, unconditional variances, and weight of evidence [w(E)] for Andersen–Gill models of wolf mortality risk in
northwestern United States (1982–2004). We generated model sets for recovery areas pooled from best-fit models using demographic and behavioral variables
(see Table 2 for coding scheme). We ran separate models depending on whether subjects were recruited to the study for standard monitoring purposes
(representative sample) versus following livestock depredations or other perceived problems (targeted sample). Hazard ratios .1.0 indicate increased
mortality risk.

Variable

Representative Targeted

Hazard SE
Lower
95% CI

Upper
95% CI w(E) Hazard SE

Lower
95% CI

Upper
95% CI w(E)

PUP 1.0060 0.0013 1.0035 1.0084 1.00
DISPERSER 1.0009 0.0002 1.0005 1.0013 1.00 1.0011 0.0006 1.0000 1.0023 0.566
MONTANA 1.5020 0.1948 1.1202 1.8839 0.982 1.7281 0.3887 0.9663 2.4899 0.910
(DISPERSER 3
YEARLING) 1.0027 0.0009 1.0010 1.0045 0.638 0.9975 0.0015 0.9945 1.0004 0.397

YEARLING 1.0012 0.0006 1.0001 1.0023 0.318 1.0021 0.0011 1.0000 1.0042 0.571
GENDER 1.2342 0.1546 0.9655 1.5778 0.188 0.6491 0.1429 0.3689 0.9292 0.492
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status, pack membership, and membership in a small pack
were not related to hazards (all Di . 2.085).
For CID, 6 models and 6 variables were in the model set,

with 4 models having low power (wi , 0.05, all Di . 5.741).
The best-fit model (wi 5 0.811) included variables
MULEDEER and CATTLE, with the model-averaged
estimates indicating an overall lower mortality risk within
areas with higher mule deer and cattle numbers. However,
the MULEDEER 3 CATTLE interaction term was
significant, indicating that wolves had higher mortality risk
in areas where both were abundant (Table 7). Annual
survival rates, segregated according to the 50th percentile for

the MULEDEER 3 CATTLE term, were 0.920 (0.847,
0.958; 95% CI) versus 0.704 (0.640, 0.756; 95% CI) for the
lower versus upper group, respectively. Additional spatially
explicit variables related to mortality risk included SHEEP
and ELEVATION; no demographic or behavioral variables
were included in the candidate set of models (Table 7).
For NWMT, 12 models were considered as candidates

with 4 having wi , 0.05 (all Di . 2.597). As noted in
demographic models, pups had higher mortality risk
compared to nonpups (Table 7). Model-averaged hazards
also were weakly associated with land management status
(PRIVATE, FEDERAL), agricultural activities (CAT-
TLE, SHEEP), and presence of forest cover in the home
range. However, several variables had markedly low
parameter estimates and large uncertainty. The significant
PUP 3 PRIVATE interaction term indicated that pups had
lower hazards where there was a high degree of private land
ownership (Table 7).

DISCUSSION

Overall, we contend that annual wolf survival rates were
likely adequate to sustain all 3 populations (Keith 1983,
Fuller et al. 2003, Adams et al. 2008). When considered
with even modest connectivity, whether natural or artificial,
population viability is likely enhanced (USFWS 1994).
Wolves in NWMT, however, were especially susceptible to
human-caused mortality (E. E. Bangs, unpublished data)
and in some cases mortality risk could have limited
population growth rate. Indeed, population growth in
NWMT was stationary or negative some years from 1995
to 2004 compared to the 2 other recovery areas where
numbers increased concurrently (USFWS et al. 2005).
Lower survival in NWMT was a finding contrary to our
prediction of equal survival across recovery areas, and
surprising given that wolves naturally recolonized this area,
had a highest level of legal protection, and had been present
for a longer period (Ream et al. 1991). This finding of lower
survival in NWMT underscores the importance of metapo-
pulation structure and refugia where populations function in
a quasi-independent fashion, yet are sufficiently connected
to allow for possible rescue effects (Levins 1969).
Our finding that wolf hazards were higher in NWMT was

probably partly because GNP and BMWA did not function
as high-quality wolf habitat (most of both areas are high in
elevation and have low densities of potential prey during
winter) and few wolves lived there (USFWS et al. 2005;
Fig. 1). In contrast, CID and GYA were either inaccessible
wilderness areas or, in the case of YNP, supported many
wolves with high survival. For example, because most wolf
mortality in our study area was of anthropogenic origin (E.
E. Bangs, unpublished data) we considered that human
access contributed negatively to wolf survival and that
national parks (YNP) and remote wilderness areas (CID)
where such access was limited or actively controlled are
favorable to wolf survival. In NWMT, most wolves lived
outside protected areas (Fig. 1), probably because year-
round prey were scarce within those protected areas and
more private land was present than in either CID or GYA

Table 7. Model-averaged hazard ratios and unconditional variances, and
weight of evidence [w(E)] for Andersen–Gill hazard models, for wolves in
northwestern United States (1982–2004) generated from models using
demographic, behavioral, and habitat variables (see Table 2 for coding
scheme). Habitat variables were available for a subsample of animals used in
previous analyses, and sample sizes vary depending on whether models
include all recovery areas (subjects 5 297, deaths 5 109), Greater
Yellowstone Area (subjects 5 139, deaths 5 39), central Idaho (subjects 5
89, deaths 5 25), or northwestern Montana (subjects 5 69, deaths 5 45).
All models were stratified according to whether subjects were recruited to
the study for standard monitoring purposes (representative sample) versus
following livestock depredations or other perceived problems (targeted
sample). Hazard ratios .1.0 indicate increased mortality risk.

Variable
Hazard
ratio SE

Lower
95% CI

Upper
95% CI w(E)

All recovery areas

MONTANA 6.3129 2.1108 2.1758 10.4500 1.00
PACKSADJACENT 0.9997 0.0001 0.9996 1.0000 0.974
PUP 1.0064 0.0023 1.0019 1.0109 0.893
ELEVATION 1.0012 0.0005 1.0001 1.0022 0.849
AGRICULTURAL 1.0004 0.0002 1.0001 1.0008 0.374
MULEDEER 1.0007 0.0003 1.0001 1.0014 0.360
CATTLE 1.0010 0.0005 0.9999 1.0020 0.293
SHEEP 1.0016 0.0006 1.0005 1.0028 0.072
FOREST 1.0000 0.0000 1.0000 1.0000 0.025

Greater Yellowstone Area

PACKSADJACENT 0.9997 0.0001 0.9995 1.0000 0.875
STATE 1.0002 0.0000 1.0001 1.0002 0.380
AGRICULTURAL 1.0004 0.0002 1.0000 1.0008 0.287
FEDERAL 1.0000 0.0000 1.0000 1.0000 0.129
PROTECTION 1.0005 0.0002 1.0001 1.0010 0.158
ROADSa 1.0012 0.0008 0.9996 1.0028 0.099
ELEVATION 1.0024 0.0011 1.0003 1.0046 0.076
PRIVATE 1.0000 0.0000 1.0000 1.0000 0.075
MULEDEER 1.0007 0.0004 1.0000 1.0014 0.073
CATTLE 1.0001 0.0000 1.0000 1.0002 0.064

Central ID

MULEDEER 0.9997 0.0035 0.9900 1.0039 0.994
CATTLE 0.9941 0.0029 0.9884 0.9998 0.908
(MULEDEER 3
CATTLE) 1.0036 0.0011 1.0013 1.0058 0.811

SHEEP 1.0030 0.0014 1.0002 1.0057 0.046
ELEVATION 1.0007 0.0012 0.9984 1.0031 0.018

Northwestern MT

PUP 1.0089 0.0049 0.9994 1.0185 0.774
PRIVATE 1.0000 0.0000 1.0000 1.0001 0.379
FEDERAL 1.0000 0.0000 0.9999 1.0000 0.216
FOREST 0.9999 0.0000 0.9999 1.0000 0.188
(PUP 3 PRIVATE) 0.9998 0.0001 0.9996 1.0000 0.142
CATTLE 1.0005 0.0002 1.0001 1.0009 0.113
SHEEP 1.0081 0.0045 0.9993 1.0168 0.099

a Quadratic relationship.
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(Table 1). Thus, it is not surprising that wolves in NWMT
had lower survival rates than their counterparts in other
recovery areas.
In NWMT, poor survival was associated with cattle and

sheep, low forest cover, and mule deer as primary prey; each
of these factors is related to low-elevation habitat, private
land, or agricultural activities. A habitat model by Oakleaf et
al. (2006) also found less natural habitat available to wolves
in NWMT. Agriculture per se was not unique to NWMT
because all 3 recovery areas had substantial portions of land
in agricultural use (Oakleaf et al. 2006), but NWMT was
the most fragmented landscape (Table 1) with fewest wolves
living in truly protected areas (Fig. 1). In contrast, both
YNP and CID wilderness provided large areas of forested
cover with abundant prey and protection from humans or
infrequent human use.
In GYA, hazards were notably high among dispersers,

suggesting that as wolves emigrated from YNP they
encountered humans outside a park setting and, thereby,
were subject to higher risk compared to YNP residents
(Smith et al. 2007). In CID, yearlings had higher mortality
risk, which, because most dispersing wolves tend to be
yearling animals, likely identifies the same cohort of animals
as those observed in GYA as being particularly susceptible to
mortality when leaving protected areas (Adams et al. 2008,
Person and Russell 2008). Pack membership increased
survival, which probably acted to limit movements and
retain wolves on a territory where conflicts were at least less
than wandering wolves. Lower survival of dispersing and
young wolves may only occur in exploited wolf populations
because disperser survival is high in protected areas
(Pletscher et al. 1997, Smith et al. 2007, Adams et al.
2008). Further support for this idea comes from differing
survival rates for wolves collared due to livestock damage
(targeted sampling) versus monitoring (representative)
purposes. More wolves were collared in NWMT because
of conflicts with livestock and these wolves had lower
survival compared to wolves collared for monitoring
purposes in the other recovery areas.
Pack density was highest in the northern reaches of YNP,

which decreased mortality risk and is suggestive of positive
density dependence, the opposite of NWMT in the early
recovery period where there was low density and higher
survival compared to our results (Ream et al. 1991, Pletscher
et al. 1997). Further, our study found pack membership
increased survival (but not breeding status), probably by
reducing movement through high-risk areas both because of
intraspecific mortality (territorial attacks) and livestock
conflicts. But pack membership alone did not connote
higher survival because in packs of M5 wolves survival was
lower. These small packs were likely newly formed (and
therefore small) and in marginal areas, or they were in
chronically high risk areas and small because of control
actions or illegal killing, and either cause would contribute
to lower survival. For example, in GYA wolf packs outside
YNP were smaller probably because of mortality associated
with control actions, again suggestive of the source–sink
dynamic that may be functioning in all of the recovery areas

(NWMT, and especially GNP and BMWA, may be a sink;
USFWS et al. 2005). In YNP, anecdotal evidence also
suggests that small packs were at a competitive disadvantage
to larger packs and suffered more intraspecific death (the
leading cause of mortality in YNP; Smith et al. 2007).
Our results contrast with early studies of wolves in

NWMT (Ream et al. 1991, Pletscher et al. 1997, Boyd
and Pletcsher 1999). Especially poor survival for NWMT
pups is notable and may be partially due to time of collaring.
In NWMT pups were typically collared in autumn when
they were just large enough to support a collar. Calculations
of survival then included autumn (a time potentially difficult
for pups, especially if food is limiting) and overwinter
mortality, whereas in CID and GYA pups were mostly
collared in winter, making comparisons problematic.
Regardless, these high mortality rates are suggestive of poor
recruitment in NWMT compared to the other recovery
areas and may be reflective of habitat quality (e.g., ungulate
density and vulnerability to humans) compared to when
wolves were colonizing the area (Ream et al. 1991). Adult
survival from NWMT was higher during the colonization
phase, which was probably due to low wolf density and more
prey, but also because most wolves then lived within
protected areas (GNP; Pletscher et al. 1997).
Our findings are not surprising in light of wolf studies

elsewhere and are strongly supportive of the influence of
human-caused mortality on wolf populations (Adams et al.
2008, Person and Russell 2008). Humans were important to
survival of wolves in other regions and outside of protected
areas dispersers had lower survival (Pletscher et al. 1997,
Fuller 1989, Adams et al. 2008, Person and Russell 2008).
This same dynamic appears to be operating across the NRM
with no legal harvest but where human access and
settlement is high compared to other wolf populations.
Both CID and GYA have an area of overlay on secure
habitat with adequate ungulate density contributing to high
survival (Oakleaf et al. 2006). It is possible that once human
harvest is allowed within the NRM this will substitute for
mortality due to control and illegal take. This, however, is
speculation because total mortality will still be important as
harvest may be additive or partially additive.
Eventual harvest mortality will probably lower wolf

survival across all 3 recovery areas, but without harvest
there does not appear to be region-wide synchrony in
survival. Lack of a region-wide trend enhances metapopula-
tion structure for wolf recovery in the NRM allowing for
population rescue if necessary. Wolf survival was low in
1999 in YNP but not in GYA due to disease, yet this was
not the case anywhere else (Smith and Almberg 2007). Year
and season were also not significant, except weakly in 2002
and 2004, suggesting lack of mortality synchrony region-
wide, bolstering population stability in the event any one
population should decline. Most wolves died of natural
mortality in the core areas of CID and GYA (E. E. Bangs,
unpublished data) and each population has different causes
and rates, further strengthening wolf population viability in
the NRM (USFWS et al. 2005, Smith et al. 2007).
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Analytical Issues Potentially Influencing Results
We relied extensively on continuous-time survival analysis
to elucidate patterns of wolf mortality risk. Such methods
are bound by several important restrictions that may be
particularly relevant in wildlife research (Murray 2006).
Wolf recruitment to our study occurred either via standard
capture efforts involving opportunistic radiotransmitter
deployment (representative sampling) or specifically in
response to livestock depredations or other perceived
problems (targeted sampling). Deployment of transmitters
through representative sampling usually was stratified across
wolf packs within a recovery area, with a representative
sample of packs monitored continuously in each area and
,3 animals/pack typically monitored at any given time.
Targeted sampling usually involved transmitter deployment
near livestock grazing areas and included either solitary
individuals or 1–2 members of a pack. Animals obtained
through targeted sampling were recruited specifically to
facilitate relocation in the event of further problems so that
appropriate management actions (e.g., euthanasia, trans-
plant) could be implemented. Thus, the latter sample was
biased toward animals having higher mortality risk. Because
recruitment method influenced wolf hazard and the
RECRUITMENT variable did not conform to the propor-
tional hazards assumption, in our main analyses we stratified
AG models according to recruitment method. We also ran
separate analyses for representative versus targeted subjects
specifically to evaluate potential hazard differences between
groups.
Wolf mortality risk often is correlated among pack

members, implying that multiple transmitter deployments
per pack could violate the assumption of independence.
Robust variance estimation (clustering) adjusts hazards to
reflect lack of independence (Hosmer and Lemeshow 1999),
but we were limited in our ability to cluster because of the
many wolf packs monitored (no. of packs: GYA: 57; CID:
65; NWMT: 53), lack of pack affiliation among many
subjects (e.g., dispersers), and unknown pack affiliation
status of many animals. However, because a subset of our
analyses involved models with spatially explicit variables that
were restricted to animals with known home ranges, we
adjusted variances via clustering in a subset of analyses. Note
that clustering improved model precision but did not alter
our results qualitatively.
Subjects that we censored from analysis should represent a

random sample of the population but could be biased toward
those prone to dispersing or having defective transmitters.
Censoring bias also could be incurred if wolves were killed
illegally and their transmitters were destroyed intentionally
at the time of death (Murray 2006). We minimized the
influence of these potential confounds by searching for
missing transmitters via wide-ranging telemetry flights
conducted several times per year and intensifying local
monitoring when specific radio frequencies went missing.
The proportion of radiocollared wolves disappearing during
the study was comparable among recovery areas (GYA:
20.4%, n 5 299; CID: 23.3%, n 5 219; NWMT: 19.7%, P
5 0.62), implying that we likely detected emigrating

animals at similar rates in all areas. Because we always
deployed transmitters with new batteries (normal transmit-
ter lifespan was approx. 3.5 yr with low known premature
failure rate), the comparable duration of transmitter lifespan
between censored versus uncensored animals (mean cen-
sored timeline: 661.9 [355.5; median] days, n 5 150; mean
uncensored timeline: 635.1 [370.0] days, n 5 561) implies
an absence of bias. In addition, differences in survival
timelines were not related to gender or age class (all P .

0.12) despite the likely disparity in dispersal rates among
these cohorts.
The proportion of dispersers whose signal was lost (31.4%,

n 5 108) differed from that for residents succumbing to a
similar fate (18.1%, n 5 557; P 5 0.002). Also, we detected
a relationship between anthropogenic factors and signal loss,
where CATTLE, ROADS, and PRIVATE (all P , 0.003)
each differed between fate unknown versus known dead or
alive animals. However, in each case the odds ratio for the
logistic regression model indicated reduced risk of signal loss
in areas of high human activity, contrary to our a priori
prediction (i.e., humans were responsible for lost signals due
to tampering with the collar after a wolf was killed illegally),
and likely implied reduced monitoring intensity (and higher
signal loss and censoring) in remote areas of each recovery
area. Thus, we consider that modest informative censoring
was present in our sample and was associated principally
with dispersal status rather than human-caused mortality.
Survival research requires that the time origin be clearly

identified, which may be problematic in wildlife research
where recruitment is staggered (left truncation) and early
mortalities can be common (Pollock et al. 1989, Winterstein
et al. 2002). To be comprehensive, our analysis included a
sample of subjects monitored in Montana in the 1980s, but
most animals were recruited to the study after releases in
GYA and CID in 1995 (Table 2). We controlled for
variable start times by isolating recovery areas in specific
analyses, but analyses restricted to the 1995–2004 period did
not differ qualitatively from those reported herein (D.
Murray, unpublished data). Furthermore, inclusion of
temporal variables (i.e., season, yr) in our models generally
did not alter our findings qualitatively and parameter
estimates associated with temporal variables tended to have
low precision and poor weight of evidence. Thus we infer
that the extensive left truncation in our study did not
markedly alter our results.
If subjects are not monitored continuously in time, timing

of death events may be imprecise and survival times may be
artificially tied (Bunk et al. 1995, Murray 2006). In our
study frequency of survival assessment varied both tempo-
rally and among the 3 recovery areas but generally occurred
at ,14-day intervals (E. E. Bangs, unpublished data). This
level of discontinuity is characteristic of many survival
studies involving large mammals and should impose limited
loss of precision in death time assessment if mortalities were
assumed to have occurred at the interval midpoint (Murray
2006). Yet, we used the Breslow approximation (Hosmer
and Lemeshow 1999) to address tied failure times and
consider that any lack of death-time precision should be
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negligible relative to the overall duration of wolf timelines.
Accordingly, the high relocation certainty and continuous
nature of wolf survival timelines confirmed that continuous-
time analytical methods were most appropriate (see Murray
and Patterson 2006).

MANAGEMENT IMPLICATIONS

Unlike Canada and Alaska, where wolves have persisted and
been harvested for decades, the NRM does not have large
reservoirs of wolves away from areas of high human
population density (Boitani 2003, Adams et al. 2008).
Consequently management will need to be more intensive,
both to resolve conflicts and to maintain wolf populations.
As such, we offer these 3 management recommendations.
First, we found that GNP and BMWA do not function as a
large refugium from which wolves could emigrate into the
surrounding area (USFWS 1987; Fig. 1). Therefore,
increasing the survival of wolves around this area or in
nearby Canada or CID would improve population status in
NWMT by retention of resident animals or by emigration.
Increasing survival here would involve reducing conflicts
with livestock and reducing illegal killing. Second, we
recommend that survival rates continue to be monitored if
each segment of the NRM wolf population is not managed
at high levels that are well above minimum recovery
requirements. If the NRM wolf subpopulations are managed
at lower levels, intensive monitoring of wolf survival rates is
likely necessary. Further, our study found greater survival in
wolves collared for monitoring purposes compared to those
collared because of livestock conflict (representative vs.
targeted), thereby emphasizing the need to monitor survival
with the onset of legal human harvest to learn if harvest may
be compensatory or additive. The source–sink dynamic we
found depends on high survival somewhere in the region, so
any change in management action must monitor survival in
both sink and source areas. Third, higher wolf survival in
some areas outside core recovery areas is necessary to
maintain connectivity and natural dispersal. Because young
or dispersing wolves had lower survival in both CID and
GYA, and because managing age-specific harvest is not
possible, we recommend harvest regulations that enhance
opportunity for natural dispersal between recovery areas,
especially linkages with GYA.
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Abstract
Recovering populations of carnivores suffering Allee effects risk extinction because positive

population growth requires a minimum number of cooperating individuals. Conservationists

seldom consider these issues in planning for carnivore recovery because of data limitations,

but ignoring Allee effects could lead to overly optimistic predictions for growth and underes-

timates of extinction risk. We used Bayesian splines to document a demographic Allee

effect in the time series of gray wolf (Canis lupus) population counts (1980–2011) in the

southern Lake Superior region (SLS, Wisconsin and the upper peninsula of Michigan, USA)

in each of four measures of population growth. We estimated that the population crossed

the Allee threshold at roughly 20 wolves in four to five packs. Maximum per-capita popula-

tion growth occurred in the mid-1990s when there were approximately 135 wolves in the

SLS population. To infer mechanisms behind the demographic Allee effect, we evaluated a

potential component Allee effect using an individual-based spatially explicit model for gray

wolves in the SLS region. Our simulations varied the perception neighborhoods for mate-

finding and the mean dispersal distances of wolves. Simulation of wolves with long-distance

dispersals and reduced perception neighborhoods were most likely to go extinct or experi-

ence Allee effects. These phenomena likely restricted population growth in early years of

SLS wolf population recovery.

Introduction
Allee effects threaten small populations with extinction when growth rate (demographic Allee
effect) or a component of individual fitness (component Allee effect) is related positively to
population size or density [1, 2]. Demonstrating an Allee effect contradicts expectations that
resource abundance is the primary determinant of population growth across all population
sizes or densities. A demographic Allee effect is a hump-shaped form of density dependence
wherein growth at low relative density shows positive density dependence before transitioning
to negative density dependence at a higher relative density [3]. Strong demographic Allee
effects exhibit negative population growth at the lowest population sizes whereas weak demo-
graphic Allee effects have a pattern of reduced population growth rates (but still positive) at
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low population sizes. The consequences of strong demographic Allee effects are more severe
than weak Allee effects because negative population growth can lead to extinction directly
rather than contributing to small-population stochastic risks through slower than expected
population growth (a weak Allee effect). A component Allee effect occurs when a component
of growth (e.g., survival, reproduction) shows similar positive density dependence at low rela-
tive density [3]. Observing a demographic Allee effect indicates the presence of at least one
component Allee effect although the reverse may not be true because of compensatory interac-
tions between components of growth [2, 4].

Allee effects are a small population phenomenon and therefore may be particularly influen-
tial in reintroduced, newly established, or struggling carnivore populations because carnivores
typically exist at low densities, have elaborate social structures, and are sensitive to human
activities [5–10]. In addition, small populations may be especially vulnerable to stochastic vari-
ation in intrinsic (e.g., age structure) and extrinsic (e.g., habitat) variation. Small populations of
carnivores that exhibit long periods of negative or slow growth followed by a sudden increase
in growth may indicate the presence of an Allee effect, although frequently it is unidentified or
confounded by other sources of variation. Examples of Allee effects identified in small popula-
tions of carnivores include: African wild dogs (Lycaon pictus) [6], island foxes (Urocyon littora-
lis) [5] and gray wolves in Scandinavia [9] and Yellowstone National Park, USA [7].

Given difficulty in detecting demographic Allee effects in wildlife populations, research has
focused on mechanisms influencing component Allee effects. The best evidence for an Allee
effect is identification of both demographic effects and component mechanisms, but these
cases are rare [11]. In a meta-analysis of 20 studies of Allee effects in mammal populations, five
studies could not confirm Allee effects, six examined both demographic and component Allee
effects, one study examined only demographic Allee effects, and eight studies examined only
component Allee effects [11]. Consequences of Allee effects are reduced population growth,
elevated extinction risk, and potential bias in estimation of population parameters; conse-
quently identifying populations prone to Allee effects can improve wildlife conservation efforts
[10, 12]. Knowledge of demographic Allee effects helps predict critical numeric population
thresholds and elevated extinction risk at low relative density, and knowledge of component
Allee effects assists in understanding and potentially mitigating Allee effects.

Reduced breeding interactions at low density is the most commonly cited component Allee
effect and usually manifests as a shortage of receptive mate encounters at low-density [13, 14].
Finding a mate is an outcome of individual-based behaviors and decisions on the landscape,
and an individual’s perception neighborhood (the range over which an individual can find a
mate) is one component of mate-finding [13]. Consequently, individual-based modeling is use-
ful for studying mate-finding and other mechanisms driving Allee effects [13, 15–17].

Southern Lake Superior (SLS) wolf population
We studied the southern Lake Superior (SLS) wolf population (Northern Wisconsin and the
upper peninsula of Michigan, USA), which is part of the larger western Great Lakes population
of wolves. The SLS region is dominated by mixed forest and has moderate to high quality wolf
habitat [18, 19]. SLS wolves are mostly isolated from wolf populations in Minnesota and
Ontario because narrow corridors that connect wolf habitat are surrounded by agriculture or
water (Lakes Superior and Michigan) and are interrupted by human development (Superior
and Duluth in Wisconsin and Minnesota, Sault St. Marie in Michigan and Ontario; Fig 1) [18,
19]. Even so, immigrants are periodically exchanged into the larger population (especially Min-
nesota) and the SLS population established through natural recolonization fromMinnesota
into Wisconsin and then to Michigan [20–22]. Recolonization began in the mid-1970s and by
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1979 five wolf packs were detected in the northwestern portion of Wisconsin [22]. By the mid-
1980s wolves had recolonized the upper peninsula of Michigan, and by the mid-1990s wolves
recolonized the central forest region of Wisconsin [23]. Prior to this, the wolf population grew
very little and even decreased in some years [24]. Since the mid-1990s, the SLS population has
grown at a median rate of 14% per year to>1500 wolves in 2011. An extended period of little
or no growth during early recovery is inconsistent with simple negative density dependence
across all densities and may suggest an Allee effect. We hypothesized that the interplay between
dispersal and mate-finding abilities of wolves varied with density and may have produced an
Allee effect similar to that observed in recolonizing wolves in Yellowstone National Park, USA
[7]. At low population sizes, high dispersal rates and distances may impede a recovering popu-
lation if mate-finding is restricted because of a limited ability to detect sparsely distributed
mates at a distance, and this combination may lead to an Allee effect [17, 25]. Conversely, a
high rate of dispersal matched with increased ability to detect mates rescues a population from
an Allee effect and promotes recovery [17].

We were interested in a particular biological hypothesis about wolves’ perception neighbor-
hood in a human-dominated landscape because this is a poorly understood component of wolf
behavior. Our objectives were to test for a demographic Allee effect in the early recovery of SLS
wolves and, if found, to test whether the high dispersal of colonizing wolves exacerbated a

Fig 1. Map of the location of the southern Lake Superior wolf population. Black dotted polygon outlines the primary southern Lake Superior wolf range
made up of Wisconsin and the upper peninsula of Michigan (each with currently around 600–800 wolves) and stars show the major cities limiting connectivity
to Minnesota and Ontario [26, 27].

doi:10.1371/journal.pone.0150535.g001
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mate-finding Allee effect when the population size was low and dispersers were sparsely dis-
tributed. We hypothesized that dispersing wolves had difficulty locating mates during recoloni-
zation because potential mates were located mostly outside of the disperser’s perception
neighborhood at low density.

Materials and Methods

Demographic Allee effect
We tested for a demographic Allee effect in four measures of population growth in SLS wolves
(1980–2011) using published data [22, 28, 29]: 1) SLS wolf population size (Michigan and Wis-
consin together), 2) Wisconsin wolf population size, 3) number of wolf packs in Wisconsin,
and 4) amount of occupied territory in Wisconsin (S1 Appendix). These measures are all
highly correlated (i.e., population size, number of packs, and occupied territory all increased
over time), although growth rates calculated from these time series are not necessarily highly
correlated (S1 Appendix). Therefore, these four measures may reveal different patterns of den-
sity dependence that could influence our ability to detect a demographic Allee effect.

For each measure of population growth i, for i = 1,2,3,4, we fit the relationship between per
capita population growth rate, pgri,t = ln(Ni,t/Ni,t−1), and log population size, ln(Ni,t), in year t
for t = 1981,1982,. . .,2011, with a penalized spline using Bayesian methods (S2 Appendix) [30]
where:

pgri;t � Normalðmi;t; s
2
i Þ

mi;t ¼ bi � lnðNi;tÞ þ ai;t;k � Zi;t;k

The spline portion is αi,t,k × Zi,t,k, where k is the number of knots for k = 1,2,. . .,20, and we
assigned vague priors ai;t;k � Normalð0; n2i Þ and νi * Uniform(0,100). Also, we assigned vague

priors βi * Normal(0,1002) and σi * Uniform(0,100). Heuristically, using a spline enables the
data to determine the shape of the relationship between pgri,t and ln(Ni,t) instead of assuming a
functional form for this relationship a-priori through a parametric (e.g., linear, quadratic)
model. Evidence for an Allee effect would be a hump-shaped spline [25]. A spline crossing the
x-axis at two non-negative values would identify the Allee threshold (low-density unstable
equilibrium also called the extinction threshold) and the carrying capacity (high-density stable
equilibrium), respectively [3]. We chose to use penalized splines, specifically low-rank thin-
plate splines in our analysis because of their good mixing properties in the Markov Chain
Monte Carlo (MCMC) chains of a Bayesian analysis [30, 31].

We ran the models in program R (version 2.14) [32], library ‘rjags’ [33] with program JAGS
(version 3.3.0) [34]. We ran three MCMC chains for each model for 150,000 iterations and dis-
carded the first 100,000 iterations as burn-in (the testing period that is thrown out prior to sta-
bilization of chains). For each model, we assessed convergence using visual inspection of chain

mixing and univariate (R̂) and multiple potential scale reduction factors (R̂p, where p is the
number of parameters) [35, 36]. Generally, convergence is adequate when upper 97.5% confi-

dence limits of the R̂s and R̂p statistics are close to 1 and here we declared convergence attained

if the upper 97.5% confidence limits of all R̂s and R̂p were<1.1 [36].

Component Allee effect
We evaluated hypothetical mechanisms [7] leading to an Allee effect by simulating population
growth under various mate-finding distances and dispersal distance functions for wolves in an
individual-based spatially explicit (IBSE) model of the SLS wolf population [37]. We derived
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parameters for the model from empirical research specific to the Great Lakes wolf population
[22] using NetLogo (version 4.1) [38]. Our model is described in detail in Stenglein, Gilbert
(37) following the Overview, Design, and Details protocol (ODD) [39, 40]. Here, we give a
brief overview (Table 1; Fig 2).

In our IBSE model, unmated individual male and female adult wolves experienced an
annual cycle of life history events culminating in a goal of finding a mate and establishing a ter-
ritory to become a reproducing pack (Table 1). Simulated unmated wolves could move around
the model landscape during mate-finding, winter dispersal, and fall dispersal events. Wolves
could die from targeted lethal control efforts, fall dispersal mortality, spatially varying mortality
risk reflecting human activity, and aging (Table 1). Wolves could enter the simulation annually
through reproduction and through a winter dispersal event by replacing a number of immi-
grants equal to the number of emigrants that dispersed beyond the bounds of the simulated

Table 1. Life history events and sequence of events for simulated southern Lake Superior wolves in
an individual-based spatially explicit model [37].

Life history
event

Sequence Description

Mate-finding 1, 3 A breeding wolf in a territorya, if not mated (mate died in previous year),
searches for an unrelated wolf of the opposite sex, first in their own
territory and then within their perception neighborhood of up to 1, 2, 3, 4
or 5 territories away, depending on the simulation. Next, any non-
breeding wolves that are unrelated to other wolves within its territory or
that are located outside of breeding rangeb will look for each other within
their perception neighborhood, pair up if unrelated and of the opposite
sex, move to the nearest territory, and establish themselves as the
breeding pair if there are no other breeders in that territory.

Winter dispersal 2 All wolves that are not breeders and without other wolves nearby
disperse to increase their chances of finding a mate by choosing a
random direction and moving a distance drawn from lognormal
distribution with the log mean equal to 3.23, 3.92, or 4.61 depending on
the simulation and log standard deviation equal to 1.01.

Reproduce 4 All breeding females reproduce a number of pups drawn from a normal
distribution with mean equal to 5.41 and standard deviation equal to 0.79
and rounded to the nearest whole number. The sex of each pup is
chosen randomly.

Targeted lethal
control

5 To simulate the lethal control of wolves to alleviate livestock depredation
in the summer months, wolves are killed from within 5 km of areas where
there have been reported livestock depredations in Wisconsin in the late
2000s. A total of 10% of the last winter count of wolves in Wisconsin are
killed from these high depredation areas once the simulated population
reaches 350 wolves in Wisconsin.

Fall dispersal 6 To simulate resource limitation, the number of non-breeding wolves
within a pack in excess of 10 wolves will disperse out of their natal pack
by choosing a random direction and moving a distance drawn from a
lognormal distribution with log mean equal to 3.23, 3.92, or 4.61
depending on the simulation and log standard deviation equal to 1.01. If
these wolves do not disperse far enough to leave the pack, they die.

Spatial mortality
risk

7 Wolves survive with a probability prescribed by the spatial mortality risk
determined by local road density and amount of agriculture [37].

Age 8 Wolves age each year and die if they reach 12 years of age.

a 225 km2 that support up to 1 pack and exist in areas with low background risk. There are 363 potential

territories with 151 of them in Wisconsin.
b Areas of Minnesota, Wisconsin, and the upper peninsula of Michigan where the spatial mortality risk is

<0.75.

doi:10.1371/journal.pone.0150535.t001

Allee Effects in Southern Lake Superior Wolves

PLOS ONE | DOI:10.1371/journal.pone.0150535 March 1, 2016 5 / 17



landscape (Table 1; Fig 2). Each repetition began with 20 breeding pairs in territories in Minne-
sota and ran for 40 years or until all wolves died. We varied the individual-level perception
neighborhoods (5 categories) and dispersal distances (drawn from a lognormal distribution
with varying log mean parameters (3 categories; Table 1) and ran 100 repetitions for each of
the 3 × 5 = 15 simulations for a total of 1500 repetitions.

A wolf’s perception neighborhood for detecting mates is largely unknown. We varied this
parameter in the IBSE model in territory-based increments from a perception neighborhood of
one territory away (15 km) to five territories away (75 km; Fig 3). Dispersal distance is better
understood for Great Lakes wolves, but there are still many uncertainties with defining a dis-
persal event and determining how to deal with bias associated with radio-collared wolves that
may have dispersed but are lost from radio-contact. We fit a lognormal distribution to 110
observations of Great Lakes wolf dispersal distances [20] and used the maximum likelihood
estimates for the mean, dave, and standard deviation, s: ln(dave) = 3.92 and ln(s) = 1.01. We took
dave to be our best estimate of true mean dispersal distance, and then considered alternate dis-
persal distance functions where mean dispersal distance was half of dave, dlow, and where dis-
persal distance was double dave, dhigh (Fig 3).

To test whether mate-finding limitations would lead to a demographic Allee effect, we
looked for evidence of Allee effects in the relationship between simulated per capita population
growth and the SLS population size. For each repetition, we calculated pgrt and plotted pgrt ver-
sus ln(Nt) for t = 2,3,. . .,T where T was the number of years in the time series and N2 was the
population size in the first year the simulated SLS population was�15 wolves because this was
the minimum number of wolves detected in the SLS population since wolf recovery in the SLS
region [22]. For each plot, we fit a cubic smoothing spline with six knots using the function
“smooth.spline” with its default values in program R. We categorized each simulation outcome
as: 1) ‘extinct’ when we could not assess because simulations never reached 15 wolves or�10
data points, 2) ‘strong Allee effect’ when the spline started with a positive slope and negative
values for per capita growth, 3) ‘weak Allee effect’ when the spline started with a positive slope
and positive values for per capita growth, or 4) ‘no evidence for an Allee effect’ when the spline
started with a negative slope.

Fig 2. Depiction of an individual-based spatially explicit model for growth of the southern Lake Superior wolf population [37]. The hierarchical levels
of organization are the individual wolves, grid cells that make up the landscape, territories, and wolf population and the lists (e.g., sex, age, pack status) are
the variables that characterize each level.

doi:10.1371/journal.pone.0150535.g002
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We explored how the probability of evidence for an Allee effect, pi where i = 1,2,. . .1500
indexed the repetition, was affected by the choice of perception neighborhood and mean dis-
persal distance with a logistic regression model:

Yi � BernoulliðpiÞ

logitðpiÞ ¼ b0 þ x1 � b1 þ x2 � b2 þ � � � þ xK � bK

The response Yi = 1 if there was evidence for a strong or weak Allee effect. The predictors xk
for k = 1,2,. . .,K for K total predictors were dummy variables for the different perception neigh-
borhood and dispersal distance combinations. We considered aggregating some categories
depending on whether there appeared to be an interaction between perception neighborhood

Fig 3. Simulations for an individual-based spatially explicit model for southern Lake Superior wolves.We varied perception neighborhoods where
simulated wolves could search for mates 1, 2, 3, 4 and 5 territories away (concentric circles) and the log mean parameter in the lognormal distribution used to
calculate individual dispersal distance with average dispersal distances of 25, 50, and 100 kilometers (sectors) on a simulated landscape.

doi:10.1371/journal.pone.0150535.g003
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and dispersal distance. We assigned vague priors to the parameters, βk * normal(0,1002). We
ran this model in a Bayesian framework following the methods outlined above.

Results

Demographic Allee effect

TheMCMC algorithms converged adequately for all models (upper 97.5% estimates of R̂

were< 1.04 for all parameters, and the overall R̂p statistics were< 1.02 for all models). Strong
demographic Allee effects were evident from all models because the splines fit to the data were all
hump-shaped and the spline changed from negative to positive growth rates at a low population
size (i.e., positive Allee thresholds; Fig 4). Nomodels had fitted splines that passed into negative
growth rates at high population size which would have provided an estimate of carrying capacity
(Fig 4). Mean posterior fitted values from the SLS population dataset and theWisconsin population
dataset both had an Allee threshold around 1987–1988 when there were approximately 20 wolves
in these populations. Mean posterior fitted values reached maximum growth in the SLS population
in 1994–1995 with approximately 135 wolves and in 1996–1997 in theWisconsin population with
approximately 111 wolves. For the pack dataset, the Allee threshold was estimated to have occurred
slightly earlier in 1985–1986 when there were four to five packs of wolves, and maximum growth
was estimated to have occurred in 1995–1996 when there were 26–27 packs of wolves inWiscon-
sin. The territory dataset had the latest estimated Allee threshold in 1990–1991 when there was
approximately 1100 km2 of occupied wolf territory inWisconsin and the maximum growth was
reached in 1993–1994 when there was approximately 2705 km2 of occupied wolf territory.

Component Allee effect
Of the 1500 repetitions from the IBSE model, 33 (2.2%) of them went functionally extinct in
the sense that they could not be assessed because the population did not grow to�15 wolves or
did not persist for�10 years with�15 wolves. All extinctions occurred when the perception
neighborhood was simulated to be one territory away, and extinction was>4 times as frequent
in the simulations with high dispersal distance compared to average or low dispersal distances
(Table 2). There were 545 (36.3%) repetitions with a probable Allee effect and there were
approximately twice as many weak Allee effects compared to strong Allee effects. A third of the
strong Allee effects occurred under high dispersal when the perception neighborhood was one
territory away. Of the strong Allee effects, 72.1% occurred when the perception neighborhood
was one territory away and 48.1% of them occurred under high dispersal distance (Table 2).
There was little difference in the number of probable Allee effects for simulations that had per-
ception neighborhoods for�3 territories away (Table 2).

Consequently in the logistic regression, we grouped the simulations with perception neigh-
borhoods�3 territories away. The MCMC algorithm converged adequately, and the upper

97.5% estimates of R̂ and R̂p were 1. Simulations with perception neighborhoods of�3 territo-
ries away for low, average or high dispersal distances and simulations with a perception neigh-
borhood of two territories away for low and average dispersal distances were least likely to
show evidence of an Allee effect (Fig 5). High dispersal distance simulations with a perception
neighborhood of two territories away were just as likely to have an Allee effect as to have no
evidence for an Allee effect. Simulations with perception neighborhoods of one territory away
and low and average dispersal distances were more likely to have an Allee effect than not (Fig
5). Finally, the simulation most likely to go extinct with a perception neighborhood of one ter-
ritory away and high dispersal was also the simulation with the highest probability of Allee
effects (Fig 5).
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Discussion
We detected a strong demographic Allee effect in the SLS wolf population. Simulations from
an IBSE model suggested that the Allee effect could have resulted from wolves dispersing far
from population centers and into vacant territories leading to an inability to find mates [7]. In
addition, simulation scenarios that produced Allee effects associated with increased simulation
failures (extinctions of simulated populations). The combination of high dispersal potential
and a restricted perception neighborhood for mate-finding may have restricted population

Fig 4. Splines fit to growth versus population size of the southern Lake Superior wolf population in 1980–2011. Fitted curves with 95% credible
intervals from splines fit to the relationship between per capita growth and four measure of population size for gray wolves in the southern Lake Superior wolf
(SLS) population (A) andWisconsin (B), including the number of packs (C) and the proportion of occupied territory in Wisconsin (D).

doi:10.1371/journal.pone.0150535.g004
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growth in early years of population recovery in SLS wolves. Social carnivores can be particu-
larly vulnerable to Allee effects because of their need for conspecifics in hunting and rearing of
young and because they often exist at low densities [5, 8]. Hence, carnivore recovery likely
requires careful consideration of Allee effects because of the numerous, intertwined factors that
influence dynamics of the population related to population size and density [8, 12, 25].

Demographic Allee effects are notoriously difficult to detect because of the need for a long-
term dataset of population counts spanning a range of densities and the potential complica-
tions of observer error and demographic stochasticity which can be prevalent at low population
sizes [14, 25, 41, 42]. Therefore, it is especially notable that we detected a demographic Allee
effect in the SLS wolf population. Further, we detected a strong demographic Allee effect which
allowed us to estimate the Allee threshold in this population. From the relationship between
per capita growth and population size in the wolf population, we estimated an Allee threshold
was passed in the mid- to late-1980s, nearly a decade into population recovery. Hence, the SLS
wolf population was probably at or below the Allee threshold for the first decade of reestablish-
ment and could have just as likely become extinct as successfully recolonized during this time.
It may be that immigration fromMinnesota or Ontario prevented extinction by supplementing
population growth sufficiently to exceed the Allee threshold [20]. The population achieved
maximum growth and switched from positive to negative density dependence in the mid-
1990s coincident with colonization of the central forest region of Wisconsin and the upper
peninsula of Michigan–the last remaining patches of high quality habitat [18, 23] and may sup-
port an interpretation that growth at high relative density was limited by the availability of
high quality habitat or vacant territories.

Examples of mate-finding Allee effects leading to a demographic Allee effect for a species
that has evolved life-history strategies to improve mate-finding probability are rare [14]. We
found compelling evidence of wolves, a territorial and vagile species with long distance

Table 2. Number of repetitions with evidence for Allee effects from simulations of an individual-based spatially explicit model for gray wolves [37]
in the southern Lake Superior region.

Allee effect

Perception neighborhood (territories) Mean dispersal distance Extinct Strong Weak No evidence

1 Low 1 31 24 44

1 Ave 6 38 17 39

1 High 26 63 3 8

2 Low 0 8 26 66

2 Ave 0 4 21 75

2 High 0 15 35 50

3 Low 0 3 32 65

3 Ave 0 7 25 68

3 High 0 7 27 66

4 Low 0 2 19 79

4 Ave 0 1 28 71

4 High 0 2 24 74

5 Low 0 1 28 71

5 Ave 0 0 30 70

5 High 0 1 23 76

The perception neighborhood for mates was varied from 1–5 territories away and the mean dispersal distance from the dispersal function was either low

(25 km), average (50 km), or high (100 km). Please see text for category descriptions.

doi:10.1371/journal.pone.0150535.t002
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communication capabilities that plausibly facilitate mate-finding (howling, scent-marking),
experiencing mate-finding and demographic Allee effects. Wolves’ ability to detect mates
through communication and searching was probably evolved because until recently wolves
were the most widely-distributed terrestrial species without many limitations on their move-
ment or establishment [43]. Presently, wolf populations are reduced to fragments of their his-
toric range. In the SLS region, the probability of mortality from human activity has restricted
population expansion into a corridor of the northern forested portion of Wisconsin and the
upper peninsula of Michigan where human influence is relatively reduced (small portion of
historic range) [22]. Hence anthropogenic factors have excluded wolves from a region where
population growth would not otherwise be so limited. In a human-dominated landscape, wolf
use of space interacts with spatially varying risk of human-caused mortality [44] such that
unnatural sparseness or low density likely inhibits mate-finding capacity.

Early reestablishment of the SLS wolf population probably was not slowed because of lack of
territory (1547 wolves in the SLS region in 2011) or lack of food [24]. We evaluated potential
for a mate-finding Allee effect in the recolonizing SLS wolf population because it is the most-
cited Allee effect mechanism [13] and other wolf populations have documented or suspected
mate-finding Allee effects [7, 9]. Additionally, we assessed changes in fecundity and the pro-
portion of lone wolves over time (Stenglein unpublished) in Wisconsin’s wolf population data
[22] and found no evidence of other Allee effect mechanisms. We did not find reduced fecun-
dity in pups per pack or in the proportion of breeding females in the population pre-1995

Fig 5. The probability of an Allee effect from simulations of an individual-based spatially explicit
model. Posterior mean and 95% credible intervals of the probability of an Allee effect from simulations
varying the perception neighborhood for mate-finding as 1, 2 or >3 territories (terr) away and the mean
dispersal distances as low (25 km), average (50 km) and high (100 km) in an individual-based spatially
explicit model for gray wolves in the southern Lake Superior region [37].

doi:10.1371/journal.pone.0150535.g005
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compared to 1995–2007 (Stenglein unpublished). However, the proportion of lone wolves
prior to 1995 (roughly 10% of the population) was higher compared to 1995–2007 when only
4% were lone wolves [22]. The difference in proportion of lone wolves could be due to sam-
pling and detection issues; however a real difference provides support for a mate-finding com-
ponent Allee effect in early recovery because it suggests that wolves had difficulty finding
mates at low densities, resulting in more lone wolves.

Pathogens with long infection cycles or stable reservoirs can persist in small populations
and impede population growth [45]. A population affected by pathogens and Allee effects may
be more prone to extinction than a population suffering from Allee effects alone and these
effects can be more pronounced in social species, like wolves [8, 46–48]. We did not model
pathogens explicitly as a source of mortality for simulated wolves in our individual-based
model, although we suggest this as an extension if empirical data on density dependent popula-
tion effects in social carnivore become available. Wolf pathogens identified in the SLS region
include canine parvovirus, canine distemper virus, mange, blastomycosis, Lyme disease, ana-
plasmosis, canine ehrlichiosis and heartworm [49–51]. During early population recovery in the
mid-1980s, canine parvovirus was detected in the Wisconsin wolf population and may have
reduced survival of wolf pups [52]. In Minnesota, a negative correlation between number of
pups captured and canine parvovirus seroprevalence was found during this same time period,
also suggesting a reduction in pup survival [53, 54]. However, no population-level effect was
detected during the time of the canine parvovirus outbreak suggesting compensatory interac-
tions with other mortalities [54]. In wild wolf populations, canine parvovirus has trivial
impacts on adult survival and population size despite elevated pup mortality [51, 54, 55].

Factors other than Allee effect mechanisms could cause observations of negative population
growth followed by a sudden increase in growth. Observer error estimating the four measures of
population growth we used could have contributed to the appearance of an Allee effect. When
the wolf population was small, it may have been more difficult to count wolves, packs and occu-
pied territory. At small population sizes, failing to count just one pack and then finding and
counting it in the next year could lead to the appearance of substantial population growth which
would be due to observer error rather real growth. Demographic stochasticity in small popula-
tions can result in perceived Allee effects [56]. However, demographic stochasticity itself is some-
times considered an Allee effect mechanism when a skewed sex ratio occurring by chance results
in mate limitation and subsequent decreased fitness [57, 58]. Our individual-based model incor-
porated demographic stochasticities by drawing litter sizes, sex assignments of pups, dispersal
distances and survival from characteristic probability distributions which resulted in some repeti-
tions within a simulation showing evidence for an Allee effect and others not. Even so, an overall
pattern emerged from the simulations that supported a mate-finding Allee effect.

A potential improvement to our model would be to incorporate a more sophisticated mate-
finding process for wolves. We treated mate-finding simply in our individual-based model;
individual wolves were able to search for mates up to two times each year but only within a
maximum distance of their current location and not during dispersal events. This resulted in a
circular search area for mates and was not based on landscape information. Wolves may travel
most often in long, linear routes [59]. Similarly wolves and other mammals may move across
paths of least resistance or choose paths through preferred habitat [20, 60]. However, to our
knowledge, nobody has measured the shape of a wolf’s perception neighborhood. If perception
is based on auditory cues (howling) it could be relatively independent of habitat and therefore
circular, and especially if howling can be detected by wolves at great distances. As understand-
ing of the mate-finding process for wolves improves, modelers can design and parameterize a
more sophisticated mate-finding process that could incorporate measures of landscape resis-
tance to allow simulated wolves to locate mates in a more informed way [60].
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The confluence of long-term datasets and computational power that can support individ-
ual-based models expanded opportunities for studying and understanding population dynam-
ics. Splines are an improvement over parametric models when looking for evidence for a
demographic Allee effect because they provide useful flexibility in letting the data determine
functional relationships [25, 30]. Once a demographic Allee effect is detected, hypothesized
mechanisms leading to the Allee effect should be evaluated, and individual-based models pro-
vide a useful framework for testing these hypotheses. A well-parameterized individual-based
model can be used to study specific mechanisms as well as the emergent population properties
to which they contribute [44] and can inform important conservation concerns such as long-
term population viability, or how novel mortalities that vary in space and time (e.g., hunting,
illegal killing, infectious disease) will affect the population [37, 61, 62].

The SLS wolf population size is>60 times higher than the Allee threshold that we detected;
therefore it is very unlikely that the SLS wolf population size would be reduced to a level where
it would be prone to Allee effects in the near future [26, 29]. However, as wolves become more
established in the SLS region, they are moving to other areas, including the lower peninsula of
Michigan, southern Wisconsin and surrounding states [22, 26, 63]. If conservation and expan-
sion for wolves is a goal in these areas, conservationist may need to monitor population growth
data in newly established populations to infer whether Allee effects are occurring. Understand-
ing whether an Allee threshold exists (and at what population size) will help predict population
growth and expansion probabilities in new areas. Further, an IBSE model has potential to test
hypotheses about dynamics other than Allee effects in small populations, such as the effect of
demographic stochasticity in newly established populations and the effect of inbreeding in
small populations [64, 65].

Difficulty in detecting Allee effects does not diminish the importance that they may play in
the dynamics of small and recovering populations, and particularly in the case of social carni-
vores where social facilitation is a key feature of reproduction [6–8, 14]. Rigorous simulation
techniques (e.g., Bayesian MCMC approaches, individual-based models) may offer an optimal
strategy for integrating field and published data on population dynamics. Our analysis of com-
plexities in the density dependent growth of the SLS wolf population suggests that similar
approaches might provide new insights on the dynamics of small and sparse populations.
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Abstract

The recovery of the grey wolf in Yellowstone National Park is an outstanding example of a

successful reintroduction. A general question concerning reintroduction is the degree to

which genetic variation has been preserved and the specific behavioural mechanisms that

enhance the preservation of genetic diversity and reduce inbreeding. We have analysed 200

Yellowstone wolves, including all 31 founders, for variation in 26 microsatellite loci over

the 10-year reintroduction period (1995–2004). The population maintained high levels of

variation (1995 H0 = 0.69; 2004 H0 = 0.73) with low levels of inbreeding (1995 FIS = –0.063;

2004 FIS = –0.051) and throughout, the population expanded rapidly (N1995 = 21; N2004 = 169).

Pedigree-based effective population size ratios did not vary appreciably over the duration

of population expansion (1995 Ne/Ng = 0.29; 2000 Ne/Ng = 0.26; 2004 Ne/Ng = 0.33). We estimated

kinship and found only two of 30 natural breeding pairs showed evidence of being related

(average r = –0.026, SE = 0.03). We reconstructed the genealogy of 200 wolves based on

genetic and field data and discovered that they avoid inbreeding through a wide variety of

behavioural mechanisms including absolute avoidance of breeding with related pack

members, male-biased dispersal to packs where they breed with nonrelatives, and female-

biased subordinate breeding. We documented a greater diversity of such population assembly

patterns in Yellowstone than previously observed in any other natural wolf population.

Inbreeding avoidance is nearly absolute despite the high probability of within-pack

inbreeding opportunities and extensive interpack kinship ties between adjacent packs.

Simulations showed that the Yellowstone population has levels of genetic variation similar

to that of a population managed for high variation and low inbreeding, and greater than

that expected for random breeding within packs or across the entire breeding pool.

Although short-term losses in variation seem minimal, future projections of the population

at carrying capacity suggest significant inbreeding depression will occur without connec-

tivity and migratory exchange with other populations.

Keywords: conservation, genealogy, heterozygosity, inbreeding, viability, wolves
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Introduction

The reintroduction of extirpated species to their native

habitats is an important step in the restoration of ecosystem

function in human-altered landscapes. However, many

reintroductions are actual or functional failures due to poor

quality of the recovery habitat, the inexperience of reintro-

duced captive-reared individuals, too few founding indi-

viduals, or failure to release individuals into a region of

their historic distribution (Griffith et al. 1989; Wolf et al.

1998; Breitenmoser et al. 2001; Frankham et al. 2002). Few

model reintroductions are available for study to understand

how long-term viability can be retained. A key element of

successful reintroduction programmes is the integration of

genetic management into the scientific design, in addition

to an understanding of ecology and demography of the

reintroduced species (Wolf et al. 1998; Miller et al. 1999;
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Breitenmoser et al. 2001; Frankham et al. 2002). Because

reintroduced populations typically have small effective

population sizes and are isolated, the effect of inbreeding

and loss of genetic variation on population viability can be

substantial (Wright 1931; Nei et al. 1975; Frankham et al.

2002). Thus, founding populations should be large and

composed of genetically diverse individuals to reduce

fitness costs associated with inbreeding depression and to

allow for an adaptive response to changing conditions

(Lande 1995; Keller & Waller 2002). Factors that influence

the genetic structure of the reintroduced population also

must be considered so as to maximize the genetic variation

retained during the recovery process. For example, mating

system and the degree of sociality can influence fine-scale

genetic structure through patterns of breeding and popu-

lation assembly rules (Chesser 1991a, b; Sugg et al. 1996;

Randall et al. 2007). In this regard, population structure is

predicted to be largely influenced by sex and kinship bias

in dispersal patterns, inbreeding avoidance, and social

barriers to gene flow (Sugg et al. 1996; Girman et al. 1997;

Smith et al. 1997; Peakall et al. 2003). Finally, management

should aim to establish and maintain population connectivity,

which can greatly influence population growth, gene flow,

and genetic variation (Keller & Waller 2002; Riley et al. 2006).

With respect to the presence and relative abundance

of large carnivores, all natural habitats in the contiguous

United States are highly altered from pre-Columbian

conditions. Large carnivores often exert a top-down

impact on ecosystems with effects on prey and vegetation

(Terborgh et al. 1999, 2006; Schmitz et al. 2000; Smith et al.

2003; Soule et al. 2003; Hebblewhite et al. 2005). The grey

wolf (Canis lupus) is the only top carnivore to be effectively

extirpated from the American West and historic popula-

tions had higher genetic variability than elsewhere in North

America, suggesting a population of more than 350 000

wolves (Leonard et al. 2005). After being absent for approx-

imately 70 years, the grey wolf was reintroduced to Yellow-

stone National Park (YNP), Wyoming, in 1995 and 1996 as

part of wolf restoration to the northern Rocky Mountains

(Bangs & Fritts 1996; Phillips & Smith 1996). A founding

stock of 31 wild-born individuals from Canada was used to

establish a breeding population, with 10 additional wolves

translocated from northwestern Montana augmenting the

population in 1997 (Bangs et al. 1998). Strategic guidelines

regarding genetic aspects of recovery included selecting an

adequate number of founders from two distinct source

populations and reintroducing extant family groups to

promote early reproduction and social stability (USFWS

1994; Fritts et al. 1997). In the 10 years following their initial

release, wolves have recolonized the 8991 km2 park and

several adjacent portions of the 72 800 km2 Greater Yellow-

stone Area (GYA). The population expanded rapidly due

to an abundance of prey and reduced human exploitation,

which are both considered key habitat criteria for wolves

(Mech 1970; Fritts et al. 2001). This growth represents the

products of founder reproduction only, as the isolation of

the GYA from other wolf populations prevented any

influential immigration (Oakleaf et al. 2006; von Holdt

unpublished data). Currently, there are over 300 wolves in

the GYA (USFWS 2007) which affect many aspects of

ecosystem function (Smith et al. 2003). The remarkable

success of the reintroduction of the wolf to Yellowstone

provides a unique opportunity to understand the role of

individual breeding patterns and social structure in the

preservation of genetic diversity.

Wolves live in territorial social groups whose members

cooperate to capture prey, raise young, and defend

resources from competitors (Mech 1970; Mech & Boitani

2003b). Wolf packs most commonly represent families

consisting of a single breeding pair and their offspring of

one or more litters (Murie 1944; Mech 1970). However,

packs may also include siblings or previous offspring of

one of the breeding pair, and may include nonreproductive

individuals unrelated to pack members (Mech & Boitani

2003a). Due to such kinship structuring in wolf popula-

tions, levels of genetic heterogeneity will be influenced by

aspects of their mating system, such as reproductive skew,

inbreeding avoidance, and access to unrelated mates. For

example, although it has been shown that inbreeding

avoidance is an important constraint on wolf behavioural

ecology (Smith et al. 1997), some wolf populations have

experienced bottlenecks or founding events resulting in

genetic deterioration and inbreeding depression (Wayne

et al. 1991; Peterson et al. 1998; Liberg et al. 2005). Additionally,

the effective population size (Ne) is much smaller than

census population size (Nc) in wolf populations, reflecting

the limited number of breeders (Nunney 1995; Frankham

1996; Aspi et al. 2006). Because Ne determines the rate of

loss of genetic variation, inbreeding, and the fixation of

deleterious alleles (Wright 1969), understanding changes

in Ne are important for long-term genetic viability of wolf

populations (Peterson et al. 1998; Randi et al. 2000; Aspi

et al. 2006).

In this study, we constructed a pedigree of the Yellow-

stone population involving all founder individuals and 169

of their descendants over the past decade. Few studies to

date have been able to resolve extensive relationships in a

wild endangered species (Taylor et al. 1997; Kalinowski

et al. 1999; Ralls & Ballou 2004; Liberg et al. 2005). This

pedigree, based on field and genetic data, was used to

explore trends in genetic diversity, population structure,

and effective population size. We describe how reproduction,

pack formation and kinship influenced the observed

genetic variation, and identify population assembly rules

governing the preservation of variation in this rapidly

expanding wolf population. Additionally, we evaluated

the success of observed breeding behaviour in maintaining

genetic variation as compared to simulated breeding
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scenarios. Finally, we projected changes in genetic vari-

ability into the future and discuss management strategies

for maintaining variation. This study provides a unique

assessment of endangered species recovery, and facilitates

a greater understanding of the importance of conservation

actions on genetic viability and population persistence.

Materials and methods

Sample collection design

Blood and tissue samples were collected between 1995 and

2004 from 200 wolves from YNP by means of helicopter

darting and post-mortality sampling (Fig. 1). Our sampling

represents 23 packs: Agate Creek, Bechler, Biscuit Basin,

Buffalo Fork, Chief Joseph, Cougar Creek, Crystal Creek,

Druid Peak, Geode Creek, Gibbon Meadows, Hayden,

Leopold, Lone Star, Mollie’s, Nez Perce, Rose Creek, Sheep

Mountain, Slough Creek, Soda Butte, Swan Lake, Thorofare,

Tower, and Yellowstone Delta. All 31 founding Canadian

wolves were sampled prior to their release in YNP.

Additionally, 10 pups (Sawtooth pack) were translocated

from northwestern Montana in 1996 after their parents

were killed as part of a livestock depredation control action

in 1996 and represented additional individuals unrelated

to Yellowstone founders. Only two of these, however, were

observed to reproduce in the wild. The proportion of

individuals radio-collared during the study period ranged

from 25 to 86% of the total Yellowstone census size (NC;

range 21–174 wolves), defined as all living wolves at the

end of the calendar year. All radio-collared individuals

were aged and sexed and pack membership, social status,

and location of the pack within the park were recorded at

least once per week. Most (81%) of the radio-collared

wolves were genetically sampled. Changes in pack member-

ship, new pack formation and an individuals’ social status

were determined via aerial and ground monitoring of

collared and uncollared individuals. Field-based parentage

Fig. 1 Pack distributions, number of packs,

number of individuals sampled, number of

breeding individuals, and census size for

Yellowstone National Park wolves (1995–

2004). Polygons represent the pack territo-

ries. Number of breeders was based on

field observations of attempted or actual

copulations as well as documented pup

production in packs. (Ag, Agate Creek; Be,

Bechler; Bi, Biscuit Basin; Bu, Buffalo Fork;

CJ, Chief Joseph; Co, Cougar Creek; C,

Crystal Creek; D, Druid Peak; G, Geode

Creek; Gi, Gibbon Meadows; H, Hayden; L,

Leopold; M, Mollie’s; NP, Nez Perce; R,

Rose Creek; Sh, Sheep Mountain; S, Slough

Creek; SB, Soda Butte; Sp, Specimen Ridge;

SL, Swan Lake; Th, Thorofare; T, Tower;

and YD, Yellowstone Delta).
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was used to corroborate genetic analysis, and was based on

observed dominant status of males and females, copulatory

ties, morphological evidence of pregnancy prior to denning

period, and denning behaviour. At dens, the presence of a

lactating female indicated maternity; however, multiple

breeders at den sites made it difficult to resolve field-

estimated parentage in these circumstances without

confirming genetic data.

Microsatellite genotyping

DNA was extracted from whole blood, tissue, hair, and

serum using the QIAGEN QIAamp DNA Mini kit and the

manufacturer’s protocol. We genotyped individuals for

30 domestic dog microsatellite loci that were screened for

amplification and polymorphic content on a test panel

of 24 grey wolf samples: PEZ5, PEZ6, PEZ8, PEZ11, PEZ12,

PEZ15, PEZ19 (J. Halverson in Neff et al. 1999), FHC2001,

FHC2004, FHC2010, FHC2054, FHC2088, FHC2137,

FHC2324, FHC2611, FHC2658, FHC2670, FHC2766,

FHC2785, FHC2790, FHC2869, FHC2914, FHC3047,

FHC3313, FHC3398, FHC3399, FHC3725, FHC3853,

FHC3965, and FHC4027 (Neff et al. 1999; Breen et al. 2001;

Guyon et al. 2003).

Genotypes were obtained by polymerase chain reaction

(PCR) amplification using QIAGEN Multiplex PCR kits

with a hybrid forward primer consisting of the published

forward primer with an M13F (–20) sequence (16 bp)

added to the 5′ end and a fluorescent dye-labelled M13F

(–20) primer (Boutin-Ganache et al. 2001). The reverse

primer was unlabelled. Reactions were performed in 10 µL

volumes containing 1.5 µL DNA, 1.0 µL primer mix, 0.4 µL

10 mg/mL bovine serum albumin, 5.0 µL QIAGEN master-

mix and double-distilled water. Loci were multiplexed in

sets of two to five, using primer mix prepared according

to the manufacturer’s guidelines. Amplifications were

performed on a Peltier Thermal Cycler (MJ Research PTC-

200) using the multiplex cycling profile: 95 °C for 15 min;

25 cycles at 94 °C for 30 s, 59 °C for 90 s, and 72 °C for 60 s;

then 20 cycles at 94 °C for 30 s, 53 °C for 90 s, and 72 °C for

60 s with a final extension at 60 °C for 30 min. PCR products

were analysed on an ABI 3730XL capillary sequencer and

alleles were analysed using ABI genemapper version 3.0

software (Applied Biosystems). Allele repeats were checked

with Excel Microsatellite Toolkit (Parker 2001).

Genetic diversity

The total pedigree data set included 200 genotyped

individuals with > 70% of the loci typed. We utilized

population- and individual-based approaches for calculating

heterozygosity. We used cervus (Marshall et al. 1998) for

calculating population-based variation indices. The observed

heterozygosity was obtained by dividing the total number

of heterozygotes by the total number of individuals typed

and the multilocus expected heterozygosity was calculated

and averaged across all loci using the unbiased formula

of Nei (1987) from allele frequencies assuming Hardy–

Weinberg equilibrium (Marshall et al. 1998). Uncorrected

individual-based heterozygosity was the proportion of

heterozygous loci typed for each individual and as in

Bensch et al. (2006), was used to compare individuals, such

as parent–offspring or breeding pairs and to investigate

mate choice based on individual heterozygosities. Annual

heterozygosities were calculated based on the calendar

year for all living animals. We also estimated relatedness

and inbreeding coefficients (FIS) to assess trends in genetic

diversity over the study period. We tested for significant

deviations from Hardy–Weinberg equilibrium (HWE) and

linkage disequilibrium (LD) for individuals in the pedigree

data set using the web version of genepop version 3.4

(Raymond & Rousset 1995) with an adjusted P value

corresponding to alpha = 0.05 after Bonferroni correction

(Rice 1989). We tested for the presence of null alleles using

microchecker (Van Oosterhout et al. 2004). Inbreeding

coefficients were calculated as population-based estimates

with fstat version 2.9.3.2 (Goudet et al. 2002). Data were

assessed for normality using quantile–quantile plots.

Breeding pair relatedness was assessed with kinship

(Goodnight & Queller 1999).

To compare genetic diversity in the reintroduced popu-

lation to that from alternative breeding strategies, we

created breeding pools consisting of individuals with

pedigreed ancestry for three scenarios: (i) open gene pool;

(ii) restricted gene pool; and (iii) managed gene pool. The

open gene pool scenario placed all reproductively mature

individuals (> 2 years) in an annual breeding population

without regard to kinship or pack membership. Under the

restricted gene pool scenario, females were restricted to

breeding with males from the same pack. This scenario

presumed no inbreeding avoidance and reflected only a

preference for mates in close proximity. Such a scenario

may approximate conditions of low mate availability due

to high pack isolation (such as after a long distance coloni-

zation event) or low pack density (Wayne et al. 1991;

Schröder & Promberger 1993; Ellegren et al. 1996; Liberg

et al. 2005). The managed gene pool was created following

rules commonly used in captive breeding programmes:

minimizing mean kinship, maximizing gene diversity,

increasing population size and eliminating unknown

pedigree lineages (Ballou et al. 2001; Frankham et al. 2002).

Using pm2000 (Pollak et al. 2002) and materx (Ballou et al.

2001; Ralls & Ballou 2004), we identified ideal breeding

pairs that would maximize these breeding goals according

to the joint measure of the Mate suitability index (MSI). The

MSI provides a value for each male–female pair based on

how well the pairing maximizes genetic diversity while

minimizing inbreeding, unknown ancestry and mean
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kinship. Pairs were ranked on a scale of 1 (beneficial mate

pair) to 6 (detrimental mate pair). Using default settings in

mater
x
, we identified the same number of ideal mate pairs

as were actually observed annually.

We used these breeding pools in a simulation to estimate

heterozygosity of adults and offspring in 2004 with the

simulation model wolfy version 0.1 developed for this

study and available online (http://taylor0.biology.ucla.edu/

~daearl/software/wolf/). We focused on the year 2004

after the population reached carrying capacity and 24 male–

female breeding pairs were observed. We chose 24 breed-

ing pairs from each of the three breeding pools discussed

above (restricted, open and managed) and allowed them to

produce the average number of offspring observed in that

year (N = 6) based on Mendelian inheritance of 26 loci (see

Results). We then calculated the average individual hetero-

zygosity of the parents and offspring (the new population).

For the restricted scenario, each pack had at least one

breeding pair. For each scenario, we simulated 24 breeding

pairs for 1 million iterations by resampling males with

replacement and females without replacement (assuming

no multiple paternity of litters but allowing for males to

fertilize multiple females). The resulting heterozygosity

histogram is displayed as the frequency of individuals

within each of 800 heterozygosity bins. The simulation was

not intended to incorporate all possible complexities of

wolf pack breeding structure; rather, this simulation was

used to assess the effect on heterozygosity of random and

restricted breeding scenarios without regard to kinship

and managed breeding with regard to kinship across the

entire breeding pool.

We determined the opportunities for inbreeding within

a pack for the restricted breeding strategy data set. For each

pack, we divided the number of possible male–female

adult pairs (= 2 years old) between close relatives (r > 0.25)

by the number of all possible adult pairings. We averaged

these proportional values across packs for each year as a

measure of possible breeding opportunities within packs

that would constitute inbreeding.

Effective population size estimates and generation time 
estimate

We estimated annual effective population sizes (Ne) based

only on those individuals genotyped and included in the

pedigree data set (N = 200) with the population manag-

ement software pm2000 (Pollak et al. 2002). This method

excludes individuals whose parentage assignments have

not been resolved. We estimated the mean generation time

using the population viability analysis (PVA) simulation

program vortex (Lacy et al. 2005; Miller & Lacy 2005) and

the observational life history and breeding demographic

data for the 2004 population (Table S1, Supplementary

material).

Parentage and pedigree reconstruction

We calculated the probability that two siblings would have

identical genotypes by chance (PIDsib, as in Evett & Weir

1998; Waits et al. 2001) using the program gimlet version

1.3.1 (Valière 2002). PIDsib is a conservative estimate of the

power to resolve individuals given population substructure

or when comparisons are made between related individuals

(Waits et al. 2001). The population genealogy was deter-

mined by sibship and parentage analysis of 200 grey

wolves. Sibship was inferred using colony version 1.3 to

identify groups of full and half-sib offspring utilizing a

maximum- likelihood approach for relationship estimation

(Wang 2004). The groups that are produced include all

individuals that share approximately 50% of their genes.

From these groups, we identified putative full- and half-sib

dyads as those sharing two and one parent, respectively.

Dyads were then grouped to construct putative litters to

reduce analytical complexity. This narrowed the pool of

candidate parents for additional pups in parentage testing

that had no parentage information. Parentage analyses and

assignments for parent–offspring dyads were completed

under a likelihood approach employed in cervus version

3.0 (Marshall et al. 1998). Parentage assignments were

determined initially through exclusion with field and

genetic data where possible followed by use of log likelihood

(LOD) scores for candidate parents given the offspring

genotypes and allele frequencies in the population.

Simulations were performed to determine the likelihood of

random individuals as parents and the ratio between this

value and that for candidate individuals is expressed as

the delta value. We considered delta values that were signi-

ficant at 95% and 80% levels. To generate delta values,

we simulated 10 000 offspring and 50 candidate males

allowing for 20% of the population to be unsampled and

20% incomplete multilocus genotypes. cervus was also

used to calculate the polymorphic information content

(PIC) and the probability that a single-locus genotype is

identical between two randomly chosen individuals.

We used two general approaches for resolving parent-

age: open and restricted. Open paternity/maternity analyses

were utilized for individuals having unresolved sibship

groups or had no a priori assessments of parentage based

on field observations and involved testing for parentage

using all reproductively mature males/females (> 2 years).

Candidate parent pools were not based on geographical

proximity to potential offspring as extra-pack copulations

have been observed (Yellowstone Wolf Project, NPS,

unpublished data). Restricted analyses used pools of

candidate parents identified by sibship analysis or field

observations to reduce the pool of potential parents and

increase the certainty of parentage assignments that might

be obscured by the presence of close relatives. Individuals

were placed into pack pedigrees based on assigned parentage
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and year of birth as determined by the age estimate of

the individual at the time of sampling. The genealo-

gies reported here include sampled individuals only and

therefore do not completely reflect actual annual pack

compositions and pup production. The genealogy was

prepared with pedigree viewer (Kinghorn 1994).

Breeding pair and interpack relatedness

Relatedness was assessed by likelihood simulations and

significance testing with kinship (Goodnight & Queller

1999). To corroborate inbreeding events identified by field

and pedigree-based relationships, we evaluated relatedness

among breeding pairs with likelihood simulations executed

in kinship, testing the hypothesis that breeding pairs are

related at r = 0.25 or greater. We assessed interpack kinship

ties for 2002 by use of the inferred genealogy at two related-

ness levels: (i) r = 0.5, indicating first order relationships of

parent–offspring or full-sibling; and (ii) r = 0.25, indicating

second-order relationships such as half-sibling, aunt/uncle–

nephew/niece, or grandparent–grand offspring. We choose

2002 because this year is well sampled and is representative

of years when the population reached carrying capacity.

Long-term genetic trajectory predictions

The future genetic trajectory of the YNP wolves was

investigated using the population viability analysis (PVA)

simulation program vortex (Lacy et al. 2005; Miller & Lacy

2005). The demographic characteristics during 2004 and a

carrying capacity of 170 individuals (see Results) were

used as input parameters (Table S1). With respect to breeding

system parameters, we found no significant difference

between running short- and long-term monogamy in the

model, and polygamy was not appropriate. We used long-

term monogamy in the model because as a first order

approximation, this adequately characterizes wolf-mating

structure (Mech & Boitani 2003a). We assumed no immi-

gration and evaluated 0, 5 and 10% emigration each year

to represent observed one-way emigration of individuals

from the park into the Greater Yellowstone Area. We

simulated 100 years of population dynamics using 1000

iterations to estimate change in observed and expected

genetic heterozygosity and in the inbreeding coefficient.

We also investigated the population size required

(assuming no immigration) to maintain heterozygosity

at 95% of its current level over the next 100 years for a

population with the observed demographic characteristics

by increasing the vortex model population carrying

capacity. Finally, we investigated the amount of immigration

needed to prevent decreases in heterozygosity by adding

wolves to the population each year using the supple-

mentation scenario option in vortex, which assumes added

individuals are unrelated to the current population.

Results

Observed demographic history of reintroduction

The Yellowstone population expanded rapidly after the

reintroductions of 1995 and 1996. In total, 41 wild-born

wolves were reintroduced from 1995 through 1997; 31

founders were from Canada and 10 from northwest

Montana. The Montana individuals were derived from an

independent Canadian stock and only three of these pups

lived past 1 year with just two reproducing in the wild.

Population growth was initially very high through the

reintroduction phase (40–50% per year, 1995–1997) and

continued to increase through 2003 (10–15% per year, 1999–

2003) reaching a maximum of 174 wolves before declining

to 169 wolves in 2004 (Smith 2005). Pack formation and

territory establishment followed a similar pattern, increasing

from three packs in 1995 and stabilizing at 16 packs in 2003

and 2004 (Fig. 1). Life table analysis calculated from age-

specific birth and death rates of the Yellowstone population

as of 2004 (Table S1) were used in vortex to estimate a

mean generation time of 4.16 years (Miller & Lacy 2005).

Since 2004, population size and the number of packs have

stabilized, indicating that carrying capacity in Yellowstone

has been reached (Yellowstone Wolf Project, NPS, un-

published data). Increasing interpack conflict and intra-

specific mortality have been associated with higher wolf

densities, suggesting that carrying capacity has been socially

mediated (Yellowstone Wolf Project, NPS, unpublished

data). Emigration of wolves from YNP was common

throughout the study period, and was responsible for the

establishment of packs in the GYA outside of the park

(USFWS et al. 2005). Immigration of wolves to YNP from

outside the recovery area was not observed (Yellowstone

Wolf Project, NPS, unpublished data) or revealed from genetic

studies of wolves within or outside the park (vonHoldt

unpublished data; see below).

General trends in genetic diversity

Deviations from Hardy–Weinberg expectations occurred

in less than 10% of the original 30 loci on average after a

Bonferroni correction for multiple testing (see Table S2,

Supplementary material). However, when inheritance

patterns were examined with known field genealogies,

four loci (Pez6, Pez11, 3313 and 4027) consistently exhibited

non-Mendelian patterns of inheritance and were dropped

from all subsequent analyses. The remaining 26 loci were

polymorphic in each year, ranging from three to 18 alleles

per locus with an allelic richness (AR) of 6.3–9.1 alleles per

locus for the pedigree population (N = 200; Table 1 and

Table S3, Supplementary material). Tests were insignificant

for the presence of null alleles for all 26 loci (using

Bonferroni correction for multiple tests). Eighteen of 325
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pairwise comparisons showed significant linkage dis-

equilibrium (LD) following Bonferroni correction (P < 0.05)

but none of the 18 pairings were loci located on the same

chromosome, suggesting that LD is probably due to popu-

lation structure rather than physical linkage. Thus, we

included all remaining 26 loci in our analyses.

With an increase in allelic diversity when the second

founder population was introduced in 1996, genetic diver-

sity remained high and inbreeding was near zero for the

entire study period. Observed heterozygosity was main-

tained in the pedigree population at high levels

(H1995 = 0.694; H2004 = 0.725) whereas inbreeding (FIS) has

only increased slightly over time (1995 FIS = –0.063; 2004

FIS = –0.051), results that are consistent with the rapid

population expansion (N1995 = 21; N2004 = 169; Table 1 and

Fig. 1). The marked increase in the inbreeding coefficient

observed in 1996 and 1997 was associated with the

addition of a litter from a full-sib inbreeding event of

wolves housed in the same pen (1996 FIS = –0.016; 1997

FIS = –0.012, see below).

Mean levels of heterozygosity for the observed breeding

pool over the 10-year study were not significantly different

from those chosen in the managed breeding scenario (see

Methods; HObserved = 0.750, SE = 0.013; HManaged = 0.761,

SE = 0.017; Fig. 2A). Relatedness of the observed breeders

is higher for the first 4 years (1995–1998) than the managed

scenario, and significantly higher for two of these years

(Fig. 2B). Thereafter, values are similar except for the last

2 years when relatedness is significantly higher for the

observed population (2003; rObserved = 0.017, SE = 0.002;

rManaged = –0.009, SE = 0.007; 2004; rObserved = 0.010,

SE = 0.002; rManaged = –0.009, SE = 0.006; Fig. 2B). Mean

inbreeding coefficients (FIS) of breeders decreased over

time for both scenarios but were more often lower in the

managed population (FObserved = 0.012, SE = 0.023; FManaged =

–0.011, SE = 0.022; Fig. 2C).

Finally, we simulated breeding in 2004 to compare

heterozygosities of open, restricted and managed breed-

ing scenarios (Fig. 3). The mean heterozygosity of the

observed population (HObserved = 0.750, SD = 0.013) was

higher than the restricted (HRestricted = 0.690, SD = 0.019)

and open breeding strategies (HOpen = 0.728 SD = 0.026)

and not significantly different from the managed scenario

(HManaged = 0.764, SD = 0.008). High heterozygosity in the

observed population can be attributed to the active choice

of wolves to breed with unrelated individuals within or

outside of their natal pack (see below).

Sibship groups and parentage assignments

From sibship analysis, we identified 52 sibship groups

consisting of multiple individuals from 14 packs. From

these groupings we resolved 31 full-sib dyad relation-

ships and 19 half-sib dyads based on sharing of one parent,

with only two dyads being unresolved. All genetically

deduced sib groupings were consistent with field data.

The 26 microsatellites in our data set had a very low

overall probability of identity among siblings (PIDsib

ranged from 9.33 × 10–13 in 1996 to 2.91 × 10–12 in 2004).

This result implies that full-siblings sharing the same

genotype by chance were highly unlikely in our

population.

Table 1 Population census size (NC), total number of Yellowstone packs (NPacks), number of individual genotyped (Ng), observed/expected

heterozygosity (HO and HE, respectively), allelic diversity (AR), inbreeding coefficient (FIS), pedigree-based effective population size

estimates (Ne), and within-pack inbreeding opportunities for individuals in the reconstructed pedigree of Yellowstone National Park

(1995–2004; N = 200; 26 microsatellite loci)

1995 1996‡ 1997 1998 1999 2000 2001 2002 2003 2004

Population NC* 21 37 80 83 72 119 132 148 174 169
NPacks 3 8 8 8 7 9 10 14 14 16
Ng† 21 45 69 62 52 67 65 65 61 66
Mean HO 0.694 0.698 0.702 0.697 0.698 0.714 0.723 0.727 0.721 0.725
Mean HE 0.717 0.754 0.760 0.750 0.740 0.744 0.740 0.735 0.733 0.737
AR 6.3 8.8 9.1 9.0 8.6 9.0 8.7 8.7 8.5 8.6
FIS –0.063 –0.016 –0.012 –0.026 –0.044 –0.043 –0.052 –0.054 –0.050 –0.051
Ne 6 13.7 22.6 16.9 16.3 17.3 16.3 14.4 17.1 22.1
Ne/Ng 0.29 0.30 0.33 0.27 0.31 0.26 0.25 0.22 0.28 0.33
No. of total within pack 

possible male–female pairs

8 14 20 20 37 38 39 60 56 100

Within-pack inbreeding 

opportunities

0.00 0.14 0.10 0.10 0.24 0.24 0.13 0.35 0.55 0.59

*Annual census size as of 31 December.

†Individuals in the pedigree data set having at least 70% of the 26 loci genotyped.

‡Includes individuals that died before annual census count.
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Initial a priori field-based (nongenetic) parentage data

resolved 12 two-parent, eight paternity and 22 maternity

assignments. Genetic analyses resolved parentage for 200

individuals, 183 assignments (91.5%) at the 95% confidence

level and 17 (8.5%) at the 80% confidence level. We found

no multiple-paternity within a litter. The polymorphic

information content was high (PIC = 0.733) and probabili-

ties of nonexclusion were on the order of 10–12 for the set of

26 loci. Of the 200 individuals, genetic parentage analyses

resolved 126 (77.3%) offspring with two-parent assign-

ments and 37 (22.7%) offspring having single-parent

assignments (28 paternity and nine maternity assign-

ments). Five two-parent assignments were resolved by

sibship reconstruction. There were unresolved parentage

assignments for seven paternities with known maternity

(two due to unsampled males) and 15 maternities with

known paternity (seven due to unsampled females). The 10

Sawtooth pups were assumed to be full-sibs and were

included in all parentage analyses.

Relatedness of breeding pairs

We determined the relatedness of 31 breeding pairs using

field and genetic confirmation of parentage, and found 28

(90%) were unrelated. However, only two of the three

related mating events represent a natural event (see

below); hence, the rate of naturally occurring unrelated

matings is 93%. The mean (± SE) pairwise relatedness

values between breeding pairs was –0.026 ± 0.03 (range

–0.313–0.515, N = 31) and their mean (± SE) inbreeding

coefficient was F = –0.005 ± 0.007 (range –0.087–0.084,

N = 31; Table 2). Breeding pairs had high mean levels of

heterozygosity (Hparents = 0.787 ± 0.015) that differed from

their offspring (Hpups = 0.741 ± 0.014, N = 151; pairwise

t-test: t = 2.12, d.f. = 30, P = 0.043; Table 2). Further, we

partitioned the data set into known breeding (N = 65)

and nonbreeding (N = 135) individuals and found no

significant differences between groups in heterozygosity

(Hbreeding = 0.749, SE = 0.010; Hnonbreeding = 0.727, SE = 0.010,

t = 1.543, d.f. = 164, P = 0.125). Consequently, this latter

result does not support a bias toward matings of

individuals with higher heterozygosity as found in inbred

wolf populations (Bensch et al. 2006).

The mechanism of formation for 34 breeding pairs was

documented (Table 3). Five breeding pairs were estab-

lished prior to their release, with 29 other pairs forming in

Fig. 2 Annual heterozygosity (A), relatedness (B) and inbreeding

coefficient (C) for the observed breeding population as compared

to breeders selected by mater
x
 under a managed breeding strategy.

Error bars represent 1.96 standard deviations from the mean and

significance is defined by mean values being separated by more

than two standard errors.

Fig. 3 Histograms of the average heterozygosity for simulated

populations of parent and offspring (for 1 million iterations) for

open, restricted, and managed breeding scenarios compared with

observed breeding strategy (arrow) in 2004.
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Fig. 4 Druid Peak pack genealogy of genotyped individuals. Circles represent females and squares represent males. Pack size reflects end-of-year count. Asterisk indicates dominant

individual; shaded symbols represent death, dispersal or presence unknown. (HO, observed heterozygosity).
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the wild in YNP. Two of these naturally forming pairs (7%)

were lone individuals that joined in 1996 (2M and 7M of

Leopold, Fig 4; 35M and 30F of Thorofare pack), whereas

the remaining 27 pairs (93%) formed in the context of a

group. On six occasions, the vacancy created by the death

of a dominant male breeder was filled by migration into the

pack of an unrelated male, while no such events were

documented for females. These events explained six pairs

that formed as the result of the dominant female breeding

the new male, as well as five subordinate females breeding

with the new male. In total, we documented nine cases of

subordinate individuals breeding, all of which were females

related to the dominant female breeder as siblings, daugh-

ters or nieces. The Druid Peak pack exemplified a highly

complex, multiple-breeding pack structure in which heter-

ozygosity was maintained by these mechanisms (Fig. 4).

For example, a male immigrant (21M) filled a vacant

breeding position in 1997 after the death of the dominant

male (38M), subsequently breeding unrelated females for

multiple years until the pack split in 2001. There was an

increase in heterozygosity through time associated with

these years of multiple breeding (H1997 = 0.743, H2001 = 0.778;

Fig. 4).

We genetically confirmed three extra-pack copulations

when subordinate females formed temporary liaisons with

interloping males during the breeding season, all in the

Druid Peak pack. The first case was in 2002 when we

confirmed parentage of at least one offspring by a dis-

persing Nez Perce male (214M) who paired temporarily

with an unmarked subordinate female but did not join the

Table 2 Parental and offspring observed heterozygosity (HO), number of genetically verified offspring (Noffspring) and the pedigree-based

inbreeding coefficient (F) of the breeding pair (N = 31)

Sire Dam Pack

Mean 

parental HO Relatedness Noffspring

Mean 

offspring HO FBreedPair

2M 7F Leopold 0.720 –0.167 25 0.727 0.010
4M 5F Mollie’s 0.654 –0.033 3 0.780 –0.028
6M 5F Mollie’s 0.654 0.227* 4 0.660 0.022
8M 19F Rose Creek 0.965 –0.145 1 0.769 0.019
10M 9F Rose Creek 0.850 –0.065 6 0.766 –0.027
13M 14F Yellowstone Delta 0.876 –0.110 6 0.798 –0.044
21M 286F Druid Peak 0.825 0.172† 2 0.563 0.044
21M 40F Druid Peak 0.825 –0.213 4 0.682 –0.014
21M 42F Druid Peak 0.820 –0.037 7 0.720 –0.010
2M 106F Druid Peak 0.902 –0.188 6 0.776 0.043
28M 27F Nez Perce 0.750 –0.135 6 0.813 –0.057
29M 37F Nez Perce 0.704 0.515‡ 1 0.550 0.084
34M 16F Chief Joseph 0.908 0.008 2 0.635 –0.016
34M 33F Chief Joseph 0.734 –0.154 6 0.852 –0.087
34M 17F Chief Joseph 0.784 –0.046 2 0.708 –0.005
35M 30F Thorofare 0.844 –0.186 2 0.827 –0.043
38M 41F Druid Peak 0.692 0.073 3 0.694 –0.049
38M 42F Druid Peak 0.706 0.039 1 0.885 –0.063
70M 48F Nez Perce 0.673 –0.313 4 0.828 –0.033
72M 48F Nez Perce 0.685 0.082 11 0.784 –0.005
120M 14F Yellowstone Delta 0.759 –0.049 4 0.672 –0.020
165M 16F Sheep Mountain 0.965 –0.008 4 0.691 0.015
205M 152F Swan Lake 0.778 –0.034 1 0.750 –0.005
206M 152F Swan Lake 0.686 0.130 4 0.748 –0.025
227M 106F Geode Creek 0.782 –0.005 2 0.839 0.029
294M 106F Geode Creek 0.817 –0.097 2 0.763 0.015
301M 251F Agate Creek 0.813 –0.005 1 0.808 0.004
302M 255F Druid Peak 0.824 –0.039 1 0.708 0.035
303M 151F Cougar Creek 0.761 0.093 7 0.680 0.029
487M 126F Yellowstone Delta 0.812 –0.099 2 0.776 0.000
534M 209F Leopold 0.827 –0.005 1 0.731 0.039
Average 0.787 –0.026 4.2 0.741 –0.005

*Unknown ancestry and probably an aunt–nephew mating (r = 0.25; P < 0.05).

†Unknown ancestry (r = 0.25; P < 0.05).

‡Full-sib mating in acclimation pen prior to release (r = 0.25; P < 0.001).
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pack (Fig. 4). A female offspring (286F) from this pairing

then bred in the Druid Peak pack in 2004 with the alpha

male, resulting in one of the two naturally occurring

inbreeding events (see below; Table 2; Fig. 4). In 2003, we

confirmed paternity by a dispersing male (302M) from the

Leopold pack who fathered at least three pups with two

different subordinate females in the Druid Peak pack

before joining the pack in 2004 (Fig. 4).

Five breeding pairs formed in the context of a group

outside of an established pack and involved an individual

disperser joined by an opposite-sex group of wolves. This

was the primary mechanism for forming new packs in

Yellowstone after 1996 (see below). Four pairs formed as

an individual inherited the dominant breeding position in

their natal pack, and in each of these cases, the dominant,

opposite-sex breeder was not their relative. We docu-

mented one event of a male disperser usurping the breeding

position from a long-term dominant male. This immigrant

male (534M) from the Nez Perce pack forced the long-time

dominant male breeder (2M) to leave the pack (Fig. 5). The

new male’s subsequent breeding was associated with an

increase in pack heterozygosity (H2001 = 0.729; H2004 = 0.743).

These results demonstrate remarkable flexibility in the

means by which pairs form and reveal a greater diversity

of mechanisms within a single population than previously

documented in other studies (e.g. Rothman & Mech 1979;

Hayes et al. 1991; Mech & Boitani 2003a). However, despite

this variability, all naturally observed mechanisms avoided

breeding between highly related individuals (see below)

and were often associated with increased heterozygosity

in packs.

Inbreeding

Over the 10-year study, we documented only three breeding

pairs that were significantly related (r = 0.515, P < 0.001;

r = 0.227, P < 0.05; r = 0.172, P < 0.05). One was a probable

aunt–nephew mating in the Crystal Creek pack, a second

was between a probable grandfather–granddaughter

mating in the Druid Peak pack, and the third was a full-sib

mating in Nez Perce pack (Table 2). The probable aunt–

nephew inbred pair was significantly related but the exact

relationships were not resolved due to unknown ancestry.

However, this pairing occurred under extenuating circum-

stances as the female’s unrelated mate died prior to the

breeding season, leaving her nephew as the only remaining

wolf in the pack during the breeding season in 1997, a year

of low mate availability. The probable grandfather–

granddaughter pair was significantly related, and field

observations indicate that the shared relative was the

breeding female’s unsampled mother who was presumably

a daughter of the breeding male (Table 2; Fig. 4). This

pairing occurred immediately following the death of the

breeding male’s former long-term mate at the peak of the

breeding season, leaving only related females as possible

mates. The third mating reflected human interference

as two full-sibs from the Nez Perce pack were penned in

1997 to act as surrogate parents for 10 orphaned pups

from the Sawtooth pack of northwest Montana (Fig. 6). This

resulted in the only full-sib breeding event in Yellowstone

National Park in the 10-year period. The heterozygosity

of the Nez Perce pack was initially high on reintroduction

(H1996 = 0.802), then reduced as a consequence of this

full-sib mating event the next year (H1997 = 0.753), but

remained stable with the inclusion of the unrelated

Sawtooth wolves (H1997 = 0.790; Fig. 6). Only two of these

Sawtooth individuals (70M and 72M) acquired breeding

status in the wild, both with the tenured Nez Perce

dominant female (48F) that maintained heterozygosity

over subsequent years (H2000 = 0.786 to H2004 = 0.813).

In 1997, the proportion of possible breeding opportunities

within packs that would constitute inbreeding was 10%,

increasing over subsequent years as the population

expanded and peaking in 2004 at 59% as relatives accumu-

lated within packs (Table 1). Consequently, Yellowstone

wolves actively avoided breeding with close relatives, as

no naturally occurring inbreeding events were documented

between individuals with r > 0.25 despite an increasing

opportunity to do so.

New pack formation

The formation of new packs always involved the estab-

lishment of breeding pairs, as they are the fundamental

unit of wolf social structure (Murie 1944; Mech 1970). Seven

packs were established during the reintroduction (Chief

Table 3 Observed mechanisms for first-time breeding pair

formation in Yellowstone National Park for 32 pairings (1995–

2004)*

Category Male Female Total

Reintroduced pair 4
Two dispersing individuals join 2
Multiple individuals join and at least 

two breed

5

Within-pack inheritance/succession of 

dominant breeder position

2 2 4

Immigrant usurps an active breeder 1 1
Immigrant assumes vacant dominant 

breeder position

6 6

Dominant breeds new immigrant 6 6
Dominant breeds subordinate 7 7
Subordinate breeder in natal pack 9 9
Interloper breeds subordinate but 

does not join pack

3 3

*Includes only genotyped pairs where category was certain 

(not including inbreeding events).
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Fig. 5 Leopold pack genealogy of genotyped individuals. Circles represent females and squares represent males. Pack size reflects end-of-year count. Asterisk indicates dominant

individual; shaded symbols represent death, dispersal or presence unknown. (HO, observed heterozygosity).
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Fig. 6 Nez Perce pack genealogy of genotyped individuals. Circles represent females and squares represent males. Pack size reflects end-of-year count. Asterisk indicates dominant

individual; shaded symbols represent death, dispersal or presence unknown. (HO, observed heterozygosity).
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Joseph, Crystal Creek, Druid Peak, Lone Star, Nez Perce,

Rose Creek, and Soda Butte) with four of them maintaining

core group membership throughout all 10 years of the

study (Fig. 1). Of the 15 naturally formed packs in

subsequent years, only four (27%) of them resulted from

the pairing of singletons (Bechler, Hayden, Leopold, and

Thorofare), with two of these pairs genetically confirmed

as being unrelated (Leopold and Thorofare; Fig. 1). Eleven

(73%) new packs formed due to pack splitting (Agate

Creek, Biscuit Basin, Buffalo Fork, Cougar Creek, Geode

Creek, Gibbon Meadows, Sheep Mountain, Slough Creek,

Specimen Creek, Swan Lake, and Tower). Pack splitting is

defined here as a group of wolves leaving the pack together

and joining with other dispersing individuals who then

establish a new territory (Mech & Boitani 2003a). In five of

these packs formed by splitting (Agate Creek, Cougar

Creek, Geode Creek, Sheep Mountain, and Swan Lake), we

genetically confirmed same-sex siblings or parent–offspring

groups joining with unrelated individuals. Despite the fact

that close relatives were involved in the formation of new

packs, the breeders always mated with unrelated individuals

preventing inbreeding.

The history of the Druid Peak pack exemplifies these

trends. This pack rapidly expanded between 1997 and

2001, largely due to several years of multiple litters and

high pup survivorship (Fig. 4). As a result, four new packs

(Agate Creek, Buffalo Fork, Geode Creek, and Slough

Creek) formed as groups of Druid wolves (comprised

largely of female relatives) left and joined with unrelated

individual males or groups of male relatives. Documented

heterozygosities for three of these packs were high upon

formation, as breeding pairs were comprised of unrelated

individuals (HAgate = 0.734, HSlough = 0.673, HGeode = 0.787).

In contrast to Druid Peak pack’s complexity, the Leopold

pack conformed to the traditional structure of a monoga-

mous breeding pair and their offspring (Fig. 5). Solitary

female dispersers from Leopold, however, led to two new

pack formations (Swan Lake and Cougar Creek) as groups

of non-Leopold brothers splitting from their natal packs

joined the females. These newly formed packs had high

genetic variation (HSwan = 0.757, HCougar = 0.691) and main-

tained relatively stable levels of heterozygosity throughout

their tenure associated with the breeding of unrelated

individuals as documented in 2004 (HSwan = 0.759, HCougar

= 0.667). These results are in contrast to past observations

that most wolf packs form by two unrelated individuals

joining (e.g. Rothman & Mech 1979; Mech & Boitani 2003a).

Interpack relatedness and breeder dispersal

Based on the genealogical relationships in 2002, we identified

162 (55%) kinships ties of 296 possible interpack relatedness

comparisons (r = 0.5 and r = 0.25). We documented a total

of 90 (56%) kinship ties having r = 0.5 between individuals

of different packs and 72 (44%) kinship ties with r = 0.25 in

YNP in 2002 (Fig. 7). In that year, we found no ties between

any of the packs with the Yellowstone Delta pack. The

majority (94%) of the interpack kinship ties were between

adjacent packs and only four ties with r = 0.5 and five ties

with r = 0.25 joined two individuals of nonadjacent packs.

For example, the Bechler pack was founded by a male that

was a sibling and offspring of individuals born in the

geographically nonproximate Rose Creek pack (Fig. 7).

Kinship ties that spanned beyond adjacent territories were

primarily the result of dispersing males becoming breeders

in new or already established packs. In contrast, kinship

ties between adjacent packs largely reflected female

dispersal or female kin groups splitting from natal packs

and establishing adjacent territories. Of the 90 kinship ties

with r = 0.5, 18 (20%) were parent–offspring relationships

and 72 ties (80%) were full-sibling relationships, both

reflecting prior dispersal events from natal packs. One

r = 0.5 kinship tie (1%) was due to an extra-pack copulation.

Overall, we documented a strong sex bias of dispersal

into a pack as a breeder, with all successful immigrant

breeders being males. For example, male 21M dispersed

into Druid Peak pack in 1997 and male 227M dispersed into

Geode Creek pack in 2004 (Fig. 4). In contrast, we docu-

mented no females dispersing into an already established

pack and breeding. Alternatively, females became subordi-

nate breeders in their natal pack or dominant breeders

through new pack formation. Females did, however,

disperse as singletons and joined with groups of males.

For example, in 2000, dispersing Leopold female 152F

joined with at least three male siblings (204M, 205M, 206M)

from Chief Joseph pack to form the Swan Lake pack. The

following year, Leopold disperser 151F joined with at least

three male siblings (256M, 257M, 258M) also from the Chief

Joseph pack, forming the Cougar Creek pack. Finally, we

found no evidence for gene flow into YNP from outside as

all individuals in the pedigree had ancestry derived from

the population founders.

Effective population size estimates

We calculated effective population size (Ne) from the

pedigree data set (Table 1). Ne increased with increasing

population size after the founding events (1995 Ne = 6; 1996

Ne = 13.7; 2000 Ne = 17.3; 2004 Ne = 22.1). Using the ratio

of Ne to the genotyped population size (Ng; see Table 1),

however, Ne/Ng ratio estimates did not change appreci-

ably after the founding events (1996 Ne/Ng = 0.30; 1997

Ne/Ng = 0.33; 2000 Ne/Ng = 0.26; 2004 Ne/Ng = 0.33).

Long-term genetic trajectory prediction

As expected for an isolated small population of constant

size (N = 170), our simulations predict a decrease in genetic

https://www.researchgate.net/publication/222604254_Scent-marking_in_lone_wolves_and_newly_formed_pairs?el=1_x_8&enrichId=rgreq-31e3cf16-5f25-4c99-bc4d-690bc50db545&enrichSource=Y292ZXJQYWdlOzU5NjQ3ODQ7QVM6OTg5NDEzNzA2MzQyNDdAMTQwMDYwMDg2OTQwMQ==


GE N E A L O GY  A N D  V I A B I L I T Y  O F  Y E L L O W S TO N E  W O LVE S 15

© 2007 The Authors

Journal compilation © 2007 Blackwell Publishing Ltd

Fig. 7 Interpack relatedness for 2002 based on pedigree data. Arrows represent parent–offspring relationships, and point towards the

offspring. Boxes contain either full-siblings or dominant pairs (asterisk) for interpack comparisons. This figure does not represent the census

population, as only individuals and packs with known lineages are shown.
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heterozygosity and increase in inbreeding coefficient over

the next 100 years (Fig. 8). Compared to the population

genetic heterozygosity in 2004 (HE = 0.74), the vortex

simulation analysis predicts a decrease of 18.1% over

100 years to 0.60. The estimated inbreeding coefficient

increases from –0.007-0.174. For a constant-size isolated

population of similar demography and life history, it is

predicted that a population size of approximately 600

individuals would be needed to prevent a decrease in

heterozygosity and increase in the inbreeding coefficients

by less than 5% over 100 years (Table S3). Simulating the

observed one-way migration of individuals out of YNP

into the GYA indicates that the effect of 10% emigration

per year decreases heterozygosity and increases the inbreed-

ing coefficient by less than 0.5%, thus not having a

significant impact on genetic variability. Simulation results

also predict that immigration on the order of 12 individuals

per year would be required to prevent significant decreases

(< 1%) in heterozygosity and increase in inbreeding

coefficient (Table S4, Supplementary material). Further,

based on observed Ne/Nc ratios of approximately 0.3 for

the constant YNP population, these results predict that

approximately four immigrating individuals per year

would need to become breeders to maintain the genetic

diversity of the Yellowstone population.

Discussion

Temporal genetic dynamics

Genetic diversity is reduced in small, isolated populations

through increased drift and inbreeding and lack of

migration from elsewhere (Taylor et al. 1994; Eldridge et al.

1999). Previous empirical studies of an isolated Swedish

grey wolf population found that heterozygosity was lost at

a rate of 2% per generation (Bensch et al. 2006). In

Yellowstone, theory predicts a loss of heterozygosity of

about 1/2Ne per generation and a corresponding increase

in the inbreeding coefficient (Hartl & Clark 1997).

Consequently, given a harmonic mean of effective

population size close to 52 and generation time of 4 years

(Table 1), we would expect heterozygosity to have decreased

by about 2.4% and inbreeding coefficients to have

increased by about the same fraction. However, despite an

absence of gene flow into Yellowstone, we found no

temporal decrease in genetic variability or increase in

inbreeding coefficients over 10 years or 2.5 generations

(Table 1). The observed heterozygosity in Yellowstone is

similar and in some cases higher than previous estimates

for grey wolf populations (e.g. Forbes & Boyd 1996, 1997;

Jedrzejewski et al. 2005). The inbreeding coefficients are far

lower than the values of 0.41 found in the inbred wolf

population of Scandinavia (Liberg et al. 2005; Bensch et al.

2006) or as Hedrick et al. (1997) found in three Mexican

wolf lineages ranging from 0.184 to 0.608. We suggest the

maintenance of genetic variation in Yellowstone reflects

the large founding size and rapid population expansion

(Sugg et al. 1996; Toro et al. 2003; Alvarez et al. 2005) as

well as specific mechanisms to avoid inbreeding with

close relatives. Inbreeding avoidance may enhance genetic

variability beyond that predicted by simple genetic models

(Hartl & Clark 1997; Keller & Waller 2002; Saccheri &

Brakefield 2002; Vilà et al. 2003; Hogg et al. 2006).

Population assembly rules

We identified several factors governing the preservation

of genetic variation that are important to a successful

reintroduction. First, the founding population must be

large and genetically diverse, a method preferred over

repeated translocations over time (Wolf et al. 1996, 1998;

Miller et al. 1999). A founding population in Yellowstone

was established by 31 individuals from different packs

belonging to two source populations in Canada. Addition-

ally, 10 genetically distinct individuals were translocated

from a northwestern Montana population early in the

recovery process providing new genetic variation. The

role that founding population size played in preserving

high diversity in YNP is unique, as adequate number

of founders are not common for reestablished wolf

populations (Wayne et al. 1991; Hedrick et al. 1997; Liberg

et al. 2005). Our results confirm the insight of the decision

to select a large and diverse founding population for

reintroduction (Forbes & Boyd 1997). Therefore, recovery

programmes need to emphasize plans for an adequate

number of founders to allow for the preservation of genetic

diversity.

Second, there is clear evidence that given the choice,

wolves avoid breeding with close relatives within their

Fig. 8 Predicted changes in heterozygosity (HE) and inbreeding

coefficient (FIS) of Yellowstone wolves assuming a constant

population size (N = 170) and no gene flow using vortex (1000

iterations). Input parameters were based on Yellowstone’s 2004

demographic and pedigree data. Error bars denote standard error.
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natal pack or elsewhere. We found that of 30 natural mat-

ings, none involved pairings between pack members at the

sibship or parent–offspring level (r = 0.5) and only two

pairs were more distantly related (r > 0.25). Avoidance

of close incestuous matings occurred despite increasing

opportunities that such matings would occur without

active behavioural avoidance of inbreeding. Evidence from

previous genetic studies on natural wolf populations

showed that when given a choice, pairs consist of unrelated

individuals (Smith et al. 1997), thereby preventing loss of

heterozygosity through inbreeding (Wright 1922; 1931;

Chesser 1991a). However, our study is unique for showing

that inbreeding avoidance occurs across a wide variety of

mating strategies and contributed to the maintenance high

levels of variation. Thus, as was part of this original reintro-

duction design, future reintroductions and population

management should focus on providing opportunities

for wolves to avoid inbreeding through actions such as

reintroduction of a genetically diverse founding stock to

areas of high quality habitat where several wolf packs can

coexist in adjacent territories. Promoting the formation of

several packs by introduction of unrelated mated pairs

might also assist in providing future generations with

opportunities to avoid inbreeding. Further, efforts to

facilitate immigration from other populations will increase

the pool of unrelated individuals who can occupy breeding

positions or territories.

Third, breeding pairs can form under a wide variety of

different mechanisms when sufficient opportunities are

available. Previous studies have shown that the primary

method of breeding pair formation in grey wolves involves

single wolves meeting and breeding in both recolonizing

and established populations (Rothman & Mech 1979; Fritts

& Mech 1981; Peterson et al. 1984; Hayes et al. 1991;

Bergerud & Elliott 1998; Hayes & Harestad 2000). We find

that only 7% of confirmed pairings have formed in this way

(Table 3). The mechanisms that describe how Yellowstone

wolves obtained mates included: (i) utilizing a breeding

vacancy within a natal or neighbouring pack; (ii) becoming

a subordinate breeder; (iii) joining with a group of wolves

from either their natal or different pack; and (iv) usurping

an established breeder. All of these methods have been

previously documented in other wolf systems (Mech &

Boitani 2003a), but not to the extent we observe in YNP.

This diversity may be an artefact of the reintroduction

and rapid population expansion in a prey-abundant

ecosystem devoid of wolves, or reflect the unprecedented

detail to which wolves were monitored in YNP. Regardless,

we show that diversity in pair formation mechanisms

in Yellowstone contributes to the maintenance of high

heterozygosity. For example, we found that vacant male

breeding positions were filled primarily by unrelated

immigrants, resulting in subordinate female breeders

producing litters unrelated to the previous dominant male

breeder. The generality of this result is supported by a

study of wolves from the BiaÁowieza Primeval Forest

where successors of breeding males were typically immi-

grant males in contrast to females who commonly obtained

breeding positions within their natal pack (Jedrzejewski

et al. 2005). Our study confirmed parentage and inbreeding

avoidance in one of the most extreme cases of multiple

breeding documented in a wild wolf population (Fig. 4),

where the immigration of an unrelated male (21M) to the

Druid Peak pack in 1997 led to breeding with multiple

females in the pack for a series of years (Stahler et al. 2002).

This diversity of mating mechanisms may reflect con-

ditions related to interpack competition or ecological

constraints associated with dispersal (Brown 1974; Stacey

1979; Emlen 1982; Goldizen et al. 2002). For example,

becoming a subordinate breeder or inheriting a dominant

breeding position, in addition to the benefits received

through group hunting and having a territory, may reflect

the benefits of philopatry in a saturated landscape. Addi-

tionally, intraspecific strife has been the main cause of

natural mortality for Yellowstone wolves (Smith 2005), and

singletons are presumably at much greater risk during

intraspecific interactions than individuals in a group

(Yellowstone Wolf Project, NPS, unpublished data). Pack

splitting may therefore reflect a less risky strategy for estab-

lishing territories as a larger group is more likely than

singletons to establish a territory in a saturated landscape

(Yellowstone Wolf Project, NPS, unpublished data). As

with many species, variation in mating behaviour is pre-

sumably facilitated through mechanisms of asymmetric

mate choice, dispersal and extra-group/pair copulations

(Pusey & Wolf 1996; Smith et al. 1997; Ross 2001; Keller &

Waller 2002; Packard 2003).

Both a diversity of mating mechanisms and inbreeding

avoidance are facilitated by reintroduction to large pro-

tected areas where introduced populations can expand

and new packs can readily be established. In contrast,

populations that are more geographically constrained may

allow fewer opportunities to avoid inbreeding. In captivity,

inbreeding is common among wolves, suggesting that the

desire to reproduce is stronger than inbreeding avoidance

(Laikre & Ryman 1991; Kalinowski et al. 1999; Packard

2003). Similarly, the small wolf population in Isle Royale

National Park, Michigan, has half the variation of mainland

conspecifics, and heterozygosity has declined with every

generation (Wayne et al. 1991; Peterson et al. 1998). Finnish

and Swedish populations of grey wolves are small and

restricted to limited areas and have lower levels of hetero-

zygosity (Ellegren 1999; Vilà et al. 2003; Bensch et al. 2006).

The Swedish population in particular suffers from inbreed-

ing depression (Liberg et al. 2005; Bensch et al. 2006). None-

theless, individuals in that population appeared to

mate with wolves having higher levels of heterozygosity

in the absence of unrelated mates (Bensch et al. 2006). In
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comparison, we found no evidence that breeders had higher

levels of heterozygosity than nonbreeders. This finding

may be more typical of wolf populations such as those in

Yellowstone that have low levels of inbreeding and

uniformly high levels of individual heterozygosity. These

high levels of genetic diversity suggest that large-scale

reintroductions can better preserve variation in the short

term through a variety of mechanisms, given ample high

quality habitat and the opportunity for the population to

expand quickly. If such conditions are not possible, artificial

migration may be the best option for preserving variation.

For example, a single immigrant appears to have rescued

the Swedish wolf population from high rates of inbreeding

and loss of heterozygosity (Mills & Allendorf 1996;

Ellegren 1999; Vila et al. 2003; Bensch et al. 2006). Future

research is needed to determine how factors such as wolf

density, prey density, dispersal, and territoriality influence

pair and pack formation, and its subsequent influence on

genetic diversity.

Interpack dispersal and relatedness

Interpack dispersal was common during the study period

and helped maintain the observed genetic trends of high

heterozygosity and low inbreeding coefficients (Fig. 7). All

genetically verified immigrants were males and all bred.

Other studies have recorded the presence of adopted

nonbreeding pack members (Mech & Boitani 2003a),

although only one confirmed genetic relatedness of the

adoptees (Lehman et al. 1992). We found that no females

were immigrants into a pre-established pack; they were

involved in pack splitting events with territories often

established next to their natal pack. For example, Druid

Peak female groups split to form adjacent packs of Agate

Creek and Geode Creek (Fig. 4). However, single females

also joined groups of males, as found in the formation of

Swan Lake pack and Cougar Creek pack. In general, kinship

ties were biased by proximity with the majority kinship ties

existing between neighbouring packs. Conceivably, such

kinship ties may promote social stability and pack persis-

tence (Wayne 1996). However, such ties do not mitigate

interpack strife in Yellowstone, as both are common between

packs sharing territorial boundaries (Yellowstone Wolf

Project, NPS, unpublished data), and overall rates of

interpack interaction are as high in Yellowstone as elsewhere,

even in areas were interpack relatedness values are low

(Lehman et al. 1992).

Breeding scenarios and preservation of genetic variation

In general, the breeding behaviours of Yellowstone wolves

resulted in preservation of genetic variation in the breeding

pool that did not differ substantially from that of a managed

breeding strategy (Fig. 2). To understand the implications

of different breeding strategies across one generation, we

simulated a single generation of offspring for four mating

schemes. These results showed that restricting potential

mates to individuals within packs had a dramatic effect on

genetic variability, with mean heterozygosity about 10%

lower than observed. Even an open breeding strategy, which

utilized the entire breeding pool, retained less variation

than observed. These findings support pedigree evidence

that active choice of unrelated mates within or outside of

the pack structure is occurring. As expected, the managed

breeding strategy preserved genetic variation most

effectively overall. Strikingly, the observed population’s

level of heterozygosity was included in the distribution of

the managed breeding strategy, indicating that the natural

social behaviour of wolves is sufficient to preserve high

levels of variation given access to unrelated mates and a

large diverse breeding pool. Captive breeding strategies

that mimic such natural breeding behaviours will only

minimally reduce levels of genetic variability over a closely

managed strategy and at the same time maintain natural

patterns of social interactions. When feasible, captive

breeding strategies should promote the natural formation

of packs and diverse opportunities for pair formation, such

as timely replacement of lost breeders with unrelated

individuals and allowing for subordinate breeding.

Long-term concerns and conservation implications

The Endangered Species Act in the United States

(USFWS 1973) requires a recovery plan for species listed as

endangered. The Western grey wolf is a listed species and

has a modest recovery plan that has been enacted requiring

only 30 breeding pairs for three consecutive years evenly

distributed among the central Idaho, GYA and northwestern

Montana recovery area. This recovery goal was met in 2002

(USFWS et al. 2005) but is far below historical values based

on genetic analysis of over 350 000 individuals (Leonard

et al. 2005). Currently, the states of Idaho, Wyoming and

Montana have prepared plans for grey wolf management

after proposed federal delisting with goals of maintaining

at least 10 breeding pairs and at least 100 wolves per state

(USFWS 2007). Our results show that populations of this

size that remain isolated will lose genetic variation and

become inbred over the long term (Fig. 8). Consequently,

we suggest that future management of Western wolf

populations incorporate genetic data regarding population

structure, minimal viable population sizes, and the degree

of isolation following population reestablishment. Such

information will help assess recovery success and identify

areas of concern for both short- and long-term genetic

viability. For Yellowstone wolves, our viability predictions

suggest that a minimum population size of 170 individuals

is adequate for short-term retention of genetic variability.

Over the long term, however, genetic variation will decrease
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and inbreeding will increase without additional migration

from other populations or substantial increases in population

size over this minimum value. In general, for each of the

three recovery areas, an absence of gene flow will lead to

decreased genetic variation and loss of the potential for

recolonization in the event of population extinction

(Eldridge et al. 1999; Frankham et al. 2002; Aspi et al. 2006;

Hazlitt et al. 2006). However, northwestern Montana

wolf populations genetically communicate with those in

southern Canada (Forbes & Boyd 1997), and central Idaho

currently has a large enough population size (N > 700)

and connectivity to northwestern Montana populations

to delay any immediate concerns about the loss of genetic

variation.

In contrast, the YNP population appears to be geneti-

cally isolated and has reached carrying capacity at about

170 individuals. The rate of decrease in heterozygosity

and increase in inbreeding over the near term (the next

20–30 years) are low enough that phenotypic signs of

inbreeding depression such as skeletal defects or a signifi-

cant decrease in offspring survivorship are not predicted

(Hedrick et al. 2001; Raikkonen et al. 2006). However, a

recent study examining the effect of inbreeding depression

on offspring survivorship in an inbred Swedish population

(Liberg et al. 2005) indicates a decrease in juvenile sur-

vivorship by approximately 15% with an increase in the

inbreeding coefficient of 0.1. In the Yellowstone popula-

tion, we predict that the inbreeding coefficient will rise to

0.1 in approximately 60 years without gene flow from

outside the park. Given these results, we would expect to

observe an increase in juvenile mortality from an average

of 23 to 40%, an effect equivalent to losing an additional

pup in each litter. To deter such inbreeding effects, migration

will be needed, involving translocation of wolves from

elsewhere or the development of specific habitat corridors.

The latter may be feasible if populations in the northern

Rocky Mountains are genetically connected and inter-

population dispersal occurs (Sunquist & Sunquist 2001;

Waser et al. 2001). However, only low-quality corridors

currently connect the GYA to the Idaho and northwestern

wolf populations, exposing dispersers to high human-

associated mortality risks (Oakleaf et al. 2006). The genetic

impact of this isolation may take decades to accumulate

but can be delayed if gene flow with other populations is

established and maintained.

In conclusion, we show that in addition to a genetically

diverse founding stock, the maintenance of genetic vari-

ation is dependent on a wide variety of behavioural mech-

anisms for avoiding inbreeding with close relatives. We

found no natural breeding pairs that were closely related

which confirmed previous results on wolves from Minne-

sota and Alaska (Smith et al. 1997). Such inbreeding avoid-

ance was facilitated by specific population assembly

patterns including avoidance of breeding with related pack

members, dispersal of males to packs where they are

unrelated to the breeding females, and the fission of packs

with a high proportion of close relatives to include adult

offspring that are joined by dispersing and unrelated

adults of the opposite sex. In general, a wide diversity of

mechanisms for breeding pair formation promoted retention

of genetic variability in the Yellowstone population. Simu-

lation results showed that the observed levels of genetic

variation were higher than that expected by random breeding

within packs or across the entire breeding pool. This

observed bias in breeding occurs despite the high probability

of mating with close relatives in the Yellowstone popu-

lation and results in levels of variation similar to that of a

population managed for high levels of variation and reduced

inbreeding. Consequently, population management should

include efforts to ensure that the social dynamics function

remain unhindered, thus promoting the diversity of

behaviours that allow for inbreeding avoidance and pack

formation as found in the Yellowstone population. These

actions might include the maintenance of a high quality

core habitat that will allow a rapid increase and establish-

ment of a founder population, and genetic communication

between networks of adjoining packs. In Yellowstone,

kinship ties predominate between packs sharing a common

territorial boundary implying that interpack dispersal is a

key feature of natural populations (Lehman et al. 1992).

Over the short term, core areas the size of YNP containing

10–12 packs appear sufficient to maintain genetic variation

and may act as source populations for nearby sink regions

such as the GYA where control actions occur. However,

intense control actions in the region may severely affect the

continuity of pack systems and hinder genetic exchange.

Moreover, if such actions result in the removal of breeding

pairs, this may alter the stability of pack dynamics, leading

to higher breeder turnover and more frequent occurrence

of inbreeding as mating choices become limited to close

relatives.

Overall, our findings demonstrate the effectiveness of

the reintroduction in preserving genetic diversity over the

first decade of wolf recovery in Yellowstone. Our analyses

suggest that little more could have been done to improve

the maintenance of variation, which is a testament to both

the original reintroduction design as well as the importance

of having large-scale and high quality ecosystems where

natural behavioural processes can be maintained. Detailed

population genealogies can provide valuable insight

into the dynamics influencing both genetic and social

structure of reintroduced populations, and in some cases,

may identify some of the causes and consequences of

limitations in breeding opportunities (e.g. Liberg et al.

2005; Bensch et al. 2006). These limitations can poten-

tially be addressed by management actions such as

increased protection, habitat restoration and population

augmentation.
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Abstract
Effective population size estimates are critical information needed for evolutionary 
predictions and conservation decisions. This is particularly true for species with social 
factors that restrict access to breeding or experience repeated fluctuations in popula-
tion size across generations. We investigated the genomic estimates of effective pop-
ulation	size	along	with	diversity,	subdivision,	and	inbreeding	from	162,109	minimally	
filtered	and	81,595	statistically	neutral	and	unlinked	SNPs	genotyped	in	437	grey	wolf	
samples	from	North	America	collected	between	1986	and	2021.	We	found	genetic	
structure	across	North	America,	represented	by	three	distinct	demographic	histories	
of western, central, and eastern regions of the continent. Further, grey wolves in the 
northern Rocky Mountains have lower genomic diversity than wolves of the western 
Great Lakes and have declined over time. Effective population size estimates revealed 
the historical signatures of continental efforts of predator extermination, despite a 
quarter century of recovery efforts. We are the first to provide molecular estimates 
of	effective	population	size	across	distinct	grey	wolf	populations	in	North	America,	
which ranged between Ne ~ 275	and	3050	since	early	1980s.	We	provide	data	that	in-
form managers regarding the status and importance of effective population size esti-
mates	for	grey	wolf	conservation,	which	are	on	average	5.2–9.3%	of	census	estimates	
for this species. We show that while grey wolves fall above minimum effective popu-
lation sizes needed to avoid extinction due to inbreeding depression in the short term, 
they	are	below	sizes	predicted	to	be	necessary	to	avoid	long-	term	risk	of	extinction.
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1  |  INTRODUC TION

The	 theory	of	 the	effective	population	size	 (Ne)	was	originally	de-
veloped	by	Sewall	Wright	(1943, 1965)	to	provide	a	means	for	com-
paring structure across seemingly disparate populations to result 
in an estimate that represents an idealized population of randomly 
mating	 individuals	 (Crow	 &	 Kimura,	 1970).	 Thus,	 social	 organiza-
tion	and	non-	random	breeding	will	 impact	the	distribution	of	gen-
otypes over geographic space and concomitantly Ne	estimates.	Any	
factor	 that	 results	 in	deviations	 from	 random	breeding	 (e.g.	 social	
factors,	 breeding	 strategies,	 site	 availability)	 or	 changes	 in	 popu-
lation size across generations will result in an effective population 
size	estimate	that	is	a	fraction	of	the	census	size	(N)	(Charlesworth	
& Willis, 2009;	Clutton-	Brock,	2016;	Hedrick	&	Kalinowski,	2000; 
Keller	&	Reeve,	1994).	For	species	with	high	reproductive	skew	and	
social structures that repress reproduction in subdominant ranks, 
the effective population size estimate inferred from sex ratios, dis-
persal or migration rates, number of reproductive individuals, or 
genetic assessments is critical information needed for evolutionary 
predictions	(Lanfear	et	al.,	2014; Wang et al., 2016).

Population sizes fluctuate over time, either through natural pro-
cess or due to anthropogenic activity such as wildlife management 
(Rowe	&	Beebee,	2004).	Any	 reduction	 in	 size,	 compounded	with	
isolation, will erode genetic variation via random genetic drift to a 
degree that depends on the severity and duration of these bottle-
necks	(Fisher,	1958).	Without	inter-	population	connectivity,	the	only	
process that naturally introduces new variation into the gene pool is 
de	novo	mutations.	New	mutations	are	more	 likely	to	quickly	drift	
to fixation in isolated small populations, resulting in continuing low 
levels	of	genetic	diversity	(Coyne	et	al.,	1997; Fisher, 1930; Wade & 
Goodnight, 1998; Wright, 1931).	The	potential	 for	a	population	 to	
respond to evolutionary challenges deteriorates as genomic varia-
tion	dwindles,	thereby	limiting	adaptive	outcomes	(Allendorf,	2016; 
Frankham, 2005; Hoffmann et al., 2017;	 López-	Cortegano	
et al., 2019).	 Anthropogenic	 effects	 that	 reduce	 population	 size	
and	impact	life	history	events	central	to	individual-	level	fitness	(e.g.	
reproduction,	dispersal)	are	well	known	to	degrade	genomic	varia-
tion	and	adaptive	potential	(Allendorf	et	al.,	2008; Coltman, 2008; 
Frankel & Soulé, 1981; Frankham, 2005; Reed & Frankham, 2003).

In	their	recent	evolutionary	history,	grey	wolves	(Canis lupus)	in	
North	America	have	been	eradicated	from	much	of	their	southern	
continental range through federal and state programmes first im-
plemented	 during	 the	mid-	19th	 century.	 These	 programmes	were	
highly	 effective	 and	by	 the	 late	1950s	had	 exterminated	 the	wolf	
from the conterminous United States except for a few individu-
als	 on	 Isle	Royale	National	 Park	 in	 Lake	 Superior	 (Minnesota)	 and	
a few hundred individuals in northeastern mainland Minnesota 
(Boitani,	 2003; Franzmann & Schwartz, 1997;	 Kolenosky	 &	
Standfield, 1975; Parker, 1995; Peterson, 1955; U.S. Fish and Wildlife 
Service, 1992; Young & Goldman, 1944).	In	the	face	of	a	near	total	
elimination, coupled with social structure of the species and re-
moval of dispersers, there was a growing concern regarding the fu-
ture survival of the grey wolf species which led to the translocation 

of	 grey	 wolves	 to	 Yellowstone	 National	 Park	 (YNP)	 and	 central	
Idaho	 (Adams	et	al.,	2008; Brainerd et al., 2008; Rick et al., 2017; 
Treves et al., 2016).	A	 targeted	 study	of	wolves	 living	within	YNP	
reported a significantly smaller effective population size than the 
censused	population	(vonHoldt	et	al.,	2008),	emphasizing	the	criti-
cal role of population connectivity to combat genetic drift, inbreed-
ing,	 and	erosion	of	heterozygosity	 (Allendorf	 et	 al.,	2008; Gese & 
Mech, 1991; Jedrzejewski et al., 2005; Mech & Boitani, 2003; von-
Holdt et al., 2008).

In the United States, grey wolves are managed as three pop-
ulations with distinct demographic histories: northern Rocky 
Mountains,	 the	western	Great	 Lakes,	 and	 southwestern	 (explicitly	
for the Mexican wolf C. l. baileyi	 subspecies)	 regions.	Grey	wolves	
in	the	northern	Rocky	Mountains	were	extirpated	by	the	1920s	and	
were	 listed	 under	 the	 Endangered	 Species	 Act	 (ESA)	 in	 1973.	 As	
such, all grey wolves in the lower 48 United States range were listed 
as endangered, with the exception of grey wolves living in Minnesota 
that were listed as threatened. The northern Rocky Mountain Wolf 
Recovery	 Plan	 (NRMWRP)	 outlined	 grey	 wolf	 recovery	 by	 sup-
porting natural colonization and translocation of 66 wolves from 
Alberta	and	British	Columbia	to	central	Idaho	and	Wyoming's	YNP	
during	 the	winters	of	1995	and	1996	 (59	FR	60266;	U.S.	Fish	and	
Wildlife Service, 1987).	Dispersers	 from	YNP	expanded	 into	 adja-
cent	Montana,	 Idaho,	and	Wyoming	counties	 (collectively	 referred	
to	as	the	Greater	Yellowstone	Ecosystem),	and	dispersers	from	cen-
tral Idaho expanded into adjacent Montana, Wyoming, and Oregon. 
Beginning	in	the	late	1990s,	periodic	dispersing	wolves	from	south-
ern British Columbia and the northern Rocky Mountains were doc-
umented	 in	 the	 Pacific	Northwest	 states	 of	Washington,	Oregon,	
and northern California. By 2011, the first wolf entered Oregon with 
confirmed reproduction in 2015.

The western Great Lakes population is composed of the east-
ern portion of the Dakotas, Minnesota, Iowa, Wisconsin, a northern 
portion	of	 Illinois,	and	Michigan	 (lower	and	upper	peninsula).	Grey	
wolves	 in	Minnesota	were	 first	 protected	under	 the	ESA	 in	1974,	
with subsequent expansion into Wisconsin and Michigan by the 
early	1990s	(Refsnider,	2009).	The	Timber	Wolf	Recovery	Plan	fur-
ther considered the historic range to Minnesota eastward to Maine 
and	south	to	the	northern	portion	of	Florida	(Refsnider,	2009; U.S. 
Fish and Wildlife Service, 1992; Wisconsin, 1989; Wydeven et al., 
2009).	The	southwestern	population	that	encompasses	the	endan-
gered Mexican grey wolf subspecies was not included in this study.

Effective in January 2021, the U.S. Fish and Wildlife Service 
(FWS)	delisted	grey	wolves	(excluding	the	Mexican	wolf	subspecies)	
everywhere	in	the	lower	48	United	States	(final	rule	85	FR	69778).	
By	February	2022,	ESA	protections	were	restored	for	all	grey	wolves	
in the lower 48 United States except for the wolves of the northern 
Rocky	Mountain	region,	where	they	remain	under	state-	level	man-
agement. The delisting decision relied in part on the lack of infor-
mation from FWS that the western Great Lakes population could 
indeed	 be	 self-	sustaining	 without	 federal	 protection.	 By	 January	
2023, the Circuit Mediator issued an order for a scientific review of 
grey wolf status review to be conducted.
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    |  3 of 16VONHOLDT et al.

Our goal was to assess the temporal and spatial variations in ge-
netic signatures over the recent decades of grey wolf protections 
and	recovery	across	portions	of	North	America	and	provide	 infor-
mation	to	consider	for	 long-	term	viability	of	grey	wolves	as	 it	per-
tains	to	their	ESA	listing	status	in	the	United	States.	We	conducted	
this	 genomic	 surveillance	across	 the	North	American	continent	 to	
showcase how demography and genomic signatures are intertwined. 
This assessment provides a contemporary assessment of genetic 
parameters important to genomic viability across geographic and 
regulatory scales for integration into conservation goals for a social 
carnivore species.

2  |  MATERIAL S AND METHODS

2.1  |  Sample collection and genomic library 
construction

We obtained archived blood or tissue samples collected from 
482	grey	wolves	across	their	continental	range	in	North	America	
(Canada = 91,	 USA = 391)	 from	 state	 and	 federal	 partners,	 local	
trappers,	 and	 private	 genetic	 collections	 (Figure 1a; Table S1).	
Locations of sample origins varied, from regional identifica-
tion to counties, parks, or states and provinces. We partitioned 
samples into two levels of geographic resolution, regional and 
U.S.-	managed	 populations.	 For	 the	 U.S.-	managed	 populations,	
we	 define	 the	 ‘northern	 Rocky	Mountains’	 (abbreviated	 as	 RM)	
as composed of samples that originated from California, Idaho, 
Montana, Washington, and Wyoming. We define Michigan, 
Minnesota, and Wisconsin to compose the ‘western Great Lakes’ 
(abbreviated	as	GL).

We	extracted	genomic	DNA	following	manufacturer's	protocol	
(Qiagen	DNeasy	Blood	and	Tissue	kit).	We	used	the	Qubit	fluorom-
eter	system	for	DNA	quantification	to	standardize	the	input	amount	
for	use	in	the	modified	restriction-	site-	associated	DNA	sequencing	
(RADseq)	 capture	 protocol	 (Ali	 et	 al.,	 2015).	 Briefly,	 we	 digested	
genomic	DNA	with	SbfI	with	a	subsequent	 ligation	of	unique	8-	bp	
barcoded	 biotinylated	 adapters	 to	 permit	 the	 pooling	 of	 48	 DNA	
samples into a single library. We randomly sheared each library 
to	 400 bp	 in	 a	 Covaris	 LE220	 followed	 by	 an	 enrichment	 for	 the	
adapter-	ligated	 fragments	 using	 a	 Dynabeads	M-	280	 streptavidin	
binding	assay.	We	then	prepared	the	enriched	 libraries	 for	paired-	
end	 (2 × 150 nt)	 Illumina	 NovaSeq	 6000	 sequencing	 at	 Princeton	
University's	Lewis-	Sigler	Genomics	 Institute	core	 facility	using	 the	
NEBnext	Ultra	II	DNA	Library	Prep	Kit	 (New	England	Biolabs).	For	
any	step	of	purifying	or	size	selection	of	DNA,	we	used	Agencourt	
AMPure	XP	magnetic	beads	(Beckman	Coulter).

2.2  |  Bioinformatic processing

We retained sequence read pairs that contained both our known 
unique barcodes and remnant SbfI recognition site, which were 

processed in STACKS	 v2.6	 (Catchen	 et	 al.,	 2013; Rochette 
et al., 2019).	We	used	the	process_radtags module to rescue our bar-
coded	reads	with	a	2 bp	mismatch	and	excluded	reads	with	a	quality	
score < 10.	We	next	removed	PCR	duplicates	in	the	clone_filter mod-
ule followed by mapping to the reference dog genome CanFam3.1 
assembly	(Lindblad-	Toh	et	al.,	2005)	using	bwa- mem	 (Li,	2013).	We	
also	included	the	Y	chromosome	(KP081776.1;	Li	et	al.,	2013)	with	
the	CanFam3.1	 reference	 assembly.	After	 alignment,	we	 excluded	
mapped	reads	with	MAPQ	<20	and	then	converted	the	SAM	files	to	
BAM	format	in	Samtools	v0.1.18	(Li	et	al.,	2009).	We	implemented	the	
gstacks and populations modules in STACKS v2 with an increase in the 
minimum significance threshold in gstacks	and	used	the	maximum-	
likelihood	marukilow	model	that	incorporates	uncertainties	for	low-	
coverage	data	(-	vt-	alpha	and	-	gt-	alpha	with	p = .01).	We	additionally	
used	 the	 flag	 -	r	 60	 to	 retain	 only	 newly	 annotated	 sites	 found	 in	
at	 least	 60%	of	 the	 samples	 in	 the	 catalogue.	 In	VCFtools v0.1.17 
(Danecek	et	al.,	2011),	we	estimated	the	pre-	filtered	sequence	cov-
erage and then subsequently filtered loci to exclude singleton and 
private	doubleton	alleles,	 removed	 loci	with	more	 than	90%	miss-
ing data across all samples, and excluded individuals with more than 
30%	missing	data.	We	 removed	 loci	with	a	minor	allele	 frequency	
(MAF < 0.03)	and	required	at	least	an	80%	genotyping	rate	per	locus	
(-	geno	0.2)	in	PLINK	v1.90b3i	(Chang	et	al.,	2015).

We used VCFtools	 for	 individual-	level	 metrics	 of	 heterozygos-
ity	(observed,	HO; expected, HE)	and	the	two-	sample	Kolmogorov–
Smirnov to test for statistical differences in data distributions and 
correlations	in	R	(R	Core	Team,	2022).	We	then	utilized	the	popula-
tions module in STACKS v2 to identify alleles private to each canid 
lineage. We further conducted a rarefaction method for private al-
lele richness per locus while controlling for sample size variation in 
the number of genomes sampled in the programme ADZE	 (Szpiech	
et al., 2008)	with	the	parameter	G	of	sample	size	set	to	100.

2.3  |  Sex inference from sequence coverage of the 
Y chromosome

As	we	included	the	Y	chromosome	(KP081776.1;	Li	et	al.,	2013)	with	
the CanFam3.1 reference assembly for read alignment, we used t-	
tests	and	the	two-	sample	Kolmogorov–Smirnov	to	determine	the	se-
quence coverage differences between the sexes. This provided us an 
opportunity	to	establish	a	threshold	of	Y-	specific	sequence	coverage	
to infer sex, with females inferred from falling below the threshold 
and males above. We then repeated analyses independently for each 
sex	to	explore	the	impact	of	sex-	biased	demography.

2.4  |  Population structure and differentiation

For demographic analyses, we constructed a statistically neutral 
and	unlinked	dataset	of	SNPs	by	excluding	sites	within	50-	SNP	win-
dows that exceeded genotype correlations of r = .2	(-	indep-	pairwise 
50	5	0.2;	 a	 proxy	 for	 linkage	disequilibrium	or	 LD)	 and	SNPs	 that	

 1365294x, 2024, 3, D
ow

nloaded from
 https://onlinelibrary.w

iley.com
/doi/10.1111/m

ec.17231, W
iley O

nline L
ibrary on [11/12/2024]. See the T

erm
s and C

onditions (https://onlinelibrary.w
iley.com

/term
s-and-conditions) on W

iley O
nline L

ibrary for rules of use; O
A

 articles are governed by the applicable C
reative C

om
m

ons L
icense



4 of 16  |     VONHOLDT et al.

significantly	 deviated	 from	 Hardy–Weinberg	 Equilibrium	 (HWE)	
with	 the	 argument	 -	hwe	 0.001.	 We	 conducted	 both	 non-	model	
and	model-	based	clustering	analyses.	We	completed	the	former	as	
a	 principal	 component	 analysis	 (PCA)	 in	 FlashPCA v2.1	 (Abraham	
et al., 2017)	and	the	latter	with	an	unsupervised	maximum-	likelihood	
framework with Admixture	(Alexander	et	al.,	2009).	We	analysed	the	
fit	of	two	to	10	partitions	(K)	with	the	cross-	validation	error	(cv)	flag.	
We	 also	 estimated	 inter-	group	 pairwise	 genetic	 differentiation	 as	

Weir	and	Cockerham's	FST in VCFtools v0.1.17. We reported average 
FST	across	the	genome	(autosomes	and	X	chromosome	combined).

2.5  |  Inbreeding estimates from autozygosity

We	analysed	 the	minimally	 filtered	SNP	 set	 separately	 for	 loci	 on	
the	autosomes	and	X	chromosome.	These	 loci	 represented	a	 total	

F I G U R E  1 Population	genetic	structure	of	437	grey	wolves	from	(a)	North	American	populations	genotyped	at	81,595	statistically	neutral	
and	unlinked	SNPs	inferred	from	(b)	principal	component	analysis	(axes	rotated	to	show	geographic	correspondence);	and	(c)	a	maximum-	
likelihood	approach	for	three	and	nine	partitions	(map	credit:	Free	Vector	Maps	WRLD-	NA-	01-	0007).	(d)	Rarefaction	of	allelic	richness	and	
private	alleles	for	each	major	geographic	region	of	grey	wolves	(see	Table S1).

(a) (b)

(c) (d)
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    |  5 of 16VONHOLDT et al.

length	(Lgenome)	of	2,202,059,258	and	123,842,264	nucleotides	for	
autosomes	and	the	X	chromosome,	respectively.	The	geographic	re-
gion was used as an identifier for the function homozyg in PLINK	v1.9	
(Table S1).	To	detect	autozygosity	from	runs	of	homozygosity	(ROH),	
we	used	the	following	parameters	for	low-	coverage	data:	homozyg-	
density	50,	homozyg-	gap	1000,	homozyg-	kb	300,	homozyg-	snp	50,	
homozyg-	window-	het	 4,	 homozyg-	window-	missing	 5,	 homozyg-	
window-	snp	 50,	 and	 homozyg-	window-	threshold	 0.05	 (Ceballos	
et al., 2018).	We	converted	the	ROH	segments	to	an	individual-	level	
inbreeding	coefficient	(FROH)	following	Taboada	et	al.	(2014):

where LROH is the length of an ROH segment in an individual.

2.6  |  Effective population size estimates

We	estimated	effective	population	 (Ne)	 sizes	and	 focused	on	 recent	
(past	200	generations)	estimations	as	presumed	to	be	more	accurate.	
Effective population size estimates extrapolate population parameters 
from	genetic	diversity	metrics.	Although	dispersal	 and	 translocation	
events are known, the collection of genetic variation is the core of 
such inference and is bounded by how a population is defined in time 
and space. Here, we implemented the algorithm in GONE	 (Santiago	
et al., 2020),	which	is	an	LD-	based	method	that	accounts	for	drift	(i.e.	
finite	census	size)	and	makes	use	of	recombination	rates	but	is	influ-
enced by both population structure and admixture. GONE leverages 
a	genetic	algorithm	from	Mitchell	 (1998)	to	search	across	sequences	
of possible historical effective population sizes that best explain the 
spectrum of observed LD values to minimize the sum of squares of the 
differences between observed and expected allelic covariances. We 
assumed	unphased	data,	no	MAF	pruning,	a	maximum	of	50,000	SNPs	
considered	per	chromosome,	and	ignored	pairs	of	SNPs	with	recombi-
nation	rate	over	0.05,	as	recommended	for	the	software.	A	constant	
rate	 of	 recombination	 of	 1 cM	 per	Mb	was	 assumed	 across	 the	 ge-
nome. We estimated Ne sizes at two levels: each major geographic re-
gion and population designations for management implications in the 
United States. However, resulting estimates for the wolf populations in 
Canada should be interpreted with caution given our limited genotype 
surveillance across the region. We estimated Ne	from	autosomal	SNP	
data	and	translated	generations	 into	years	using	4 years	per	genera-
tion	as	the	unit	of	time	(Mech	et	al.,	2016; vonHoldt et al., 2008).	We	
believed	that	only	the	minimally	filtered	RADseq	data	(i.e.	missingness	
and	MAF)	was	appropriate	for	these	estimates	(Beichman	et	al.,	2017).	
Finally,	we	were	conservative	when	interpreting	‘present-	day	effective	
population size’ as the most recent four generations for Ne are consid-
ered	a	single	analytical	block	by	GONE.	Hence,	we	used	the	Ne aver-
age of generations 1–8 to avoid biases from any lingering artefact in 
generations	1–4	 (Novo	et	al.,	2023).	We	also	focus	on	reporting	the	
results	of	the	last	50	generations	(approximately	200 years)	as	that	is	
most pertinent to the recent population demography and conservation 
considerations.

We then assessed how well the effective population size esti-
mates explain the expected decay in heterozygosity using the for-
mula when t = 8:

2.7  |  Admixture is part of the history of the 
western Great Lakes grey wolf population

We	rediscovered	SNPs	with	 the	addition	of	BAM	files	 from	previ-
ously	published	canids:	106	 reference	western	coyotes	 (C. latrans)	
from	vonHoldt	et	al.	(2022)	and	30	reference	eastern	wolves	(C. ly-
caon)	from	Heppenheimer	et	al.	(2018)	(Table S1b).	The	grey	wolves	
in the Great Lakes region are known to have a history of admixture 
with	both	coyotes	and	eastern	wolves	(Heppenheimer	et	al.,	2018; 
vonHoldt et al., 2011).	The	predominant	signal	described	to	date	is	
that Great Lakes region grey wolves have partial coyote ancestry 
with grey wolves of southeastern Ontario carrying more partial an-
cestries	of	eastern	wolves.	These	were	merged	with	the	BAM	files	
from the population of northern Rocky Mountains and western 
Great Lakes samples to explore the impact of coyote and eastern 
wolf admixture on grey wolf genetic estimates. We followed the 
same analysis and filtering methods as described above to obtain 
a	statistically	unlinked	and	neutral	 set	of	SNP	 loci.	We	conducted	
an unsupervised assignment analysis for K = 2–10	 in	 ADMIXTURE 
and	complemented	with	genetic	differentiation	(FST)	estimates	using	
VCFtools v0.1.17.

2.8  |  Reliable inferences from reduced 
representation low- coverage population- level 
genotype data

Population genomic studies can leverage the affordable technolo-
gies of reduced representation data collection methods, such as 
RADseq,	to	collect	genotype	data	from	hundreds	or	thousands	of	in-
dividuals. The drawbacks are obvious in terms of missing rare alleles 
or allele dropout rates due to the nature of the library preparation. 
Thus,	 studies	 have	 assessed	 the	 biases	 and	 challenges	 of	 low-	
coverage	data	(3–6×)	compared	to	whole-	genome	sequence	(WGS)	
and found that the former can be equally informative with care-
ful	 adjustments	 to	methods	 and	 inferences	 (Ceballos	 et	 al.,	2018; 
Duntsch et al., 2021).	It	is	known	that	some	population	metrics	like	
ROH	 are	 expected	 to	 be	 biased.	 For	 example,	 low-	coverage	 data	
likely underestimate the frequency of small and overestimate larger 
ROH	fragments	(Lavanchy	&	Goudet,	2023).

3  |  RESULTS

We	 sequenced	 482	 grey	 wolf	 samples	 from	 North	 America,	 col-
lected	between	1986	and	2021	when	known,	with	an	average	fold	
sequence	coverage	of	7.3	(±3.4)	to	discover	1,099,764	raw,	RAD	loci	

FROH =

∑

LROH

Lgenome

,
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6 of 16  |     VONHOLDT et al.

that passed our STACKS	filtering	parameters	but	prior	to	population-	
level	filtering	(Table S1).	We	excluded	45	wolves	due	to	high	(>20%)	
missingness and repeated the filtering. The result is a dataset of 
162,109	 minimally	 filtered	 SNPs	 genotyped	 in	 437	 grey	 wolves	
from	Canada	(n = 92)	and	the	United	States	(n = 345),	with	a	subset	
of	81,595	loci	referred	to	as	the	 ‘statistically	neutral	and	unlinked’	
SNPs.

We inferred sex for individuals bioinformatically based on the 
depth of reads mapped to the Y chromosome. Of the 437 wolves, 
field-	based	 observations	 identified	 104	 females	 and	 118	 males.	
When we presumed these samples having correct sex inference, 
the average sequence depth on the Y chromosome was significantly 
enriched	in	males	(females = 3406.9,	males = 25587.3,	1-	tailed	t-	test	
of unequal variance t = −17.99,	 df = 219.7,	p < 10−16)	 and	 these	 two	
distributions	 are	 significantly	 different	 (two-	sample	 Kolmogorov–
Smirnov D = 0.802,	p < 10−16)	(Figure S1a).	We	inferred	205	females	
who had a sequence coverage <10,000×	 (average	Y	 chromosome	
sequence	 coverage = 594.2)	 and	 232	 males	 with	 >18,000×	 (aver-
age	coverage = 28,454.1),	where	these	two	inferred	sequence	cov-
erage	 distributions	 were	 again	 statistically	 divergent	 (two-	sample	
Kolmogorov–Smirnov	D = 1.0,	p < 10−16)	(Figure S1b).

3.1  |  Grey wolves are genetically and 
geographically structured across North America

We	 presented	 two	 levels	 of	 genetic	 structure	 across	 the	 North	
American	continent	that	reflect	the	geographic	assignment	probabili-
ties	for	two	cluster	analyses:	the	PCA	(K = 3)	and	the	best	supported	
partition	 from	 maximum-	likelihood	 inference	 (K = 9)	 (Figure 1b,c; 
Figure S2).	 Three	 genetic	 clusters	 broadly	 represent	 three	 distinct	
demographic histories of western, central, and eastern regions of the 
continent. We divided the western cluster into two subclusters, one 
to reflect the shared demography of southwestern Canada and west-
ern	USA	through	the	translocation	and	colonization	of	wolves	in	the	
northern Rocky Mountains population, and the other representing 
northern	Canada	(Table S1).	The	other	two	clusters	represent	north-
ern	Quebec	and	 the	 shared	demography	of	Ontario	 and	 the	west-
ern	Great	Lakes	population	(Table S1).	Out	of	these	four	geographic	
groupings, we found that only two groups carried private alleles 
(western	USA	and	 southwestern	Canada,	n = 332;	Great	 Lakes	 and	
Ontario, n = 6801)	out	of	162,109	SNPs.	A	rarefaction	analysis	mirrors	

the demographic history of each, with the Great Lakes and Ontario 
regional group showing the highest level of allele richness and mean 
number of private alleles per locus controlled for sample size differ-
ences	(Figure 1d),	likely	due	to	their	known	history	of	coyote	and	east-
ern	wolf	admixture	 (Koblmüller	et	al.,	2009; vonHoldt et al., 2016).	
Finer-	scale	clustering	revealed	a	stronger	role	of	geographic	isolation,	
with	more	 resolution	of	 substructure	within	USA's	northern	Rocky	
Mountains	and	the	Pacific	Northwest	regions	(Figure 1c).	The	shared	
assignments across three genetic partitions reflect the shared genetic 
ancestry across large geographic distances due to the translocation 
of	 grey	 wolves	 in	 1995	 and	 1996	 (British	 Columbia,	 Alberta,	 and	
Montana)	 to	central	 Idaho	and	the	Greater	Yellowstone	Ecosystem	
(mean	 Q:	 partition	 1 BC = 0.43,	 ID = 0.14,	 GYE = 0.22;	 partition	
2 BC = 0.25,	 ID = 0.40,	 GYE = 0.07;	 partition	 3 BC = 0.09,	 ID = 0.13,	
GYE = 0.65).	Populations	with	shared	demographic	histories	 (north-
ern	Canada	vs.	western	USA	and	southwestern	Canada,	FST = 0.034)	
had the lowest levels of genetic differentiation while the highest was 
found	between	opposite	coasts	of	the	continent	(western	USA	and	
southwestern	 Canada	 vs.	 northern	 Quebec,	 FST = 0.084)	 (Table 1, 
Figure S3).	We	find	that	all	genetic	differentiation	distributions	are	
significantly	distinct	(Table S2).	We	assessed	this	metric	for	females	
and	males	separately	for	two	geographic	regions	(western	USA	and	
southwestern	 Canada;	 Great	 Lakes	 and	 Ontario).	 While	 northern	
Rocky Mountain grey wolves showed variable levels of differentiation 
within	the	region	(FST	genome = 0.0–0.13,	X = 0.0–0.09),	females	were	
significantly	higher	levels	of	genome-	wide	differentiation	to	other	fe-
males	(female–female	FST = 0.052)	than	males	(male–male	FST = 0.032,	
1-	tailed	 t-	test	 of	 unequal	 variance	p = .01207)	 (Figure S4a).	 In	 con-
trast,	western	Great	Lakes	grey	wolves	had	much	lower	intra-	region	
genetic	 differentiation	 (FST	 genome = 0.0–0.03,	 X = 0.0–0.04),	 with	
no	significant	differences	between	males	and	females	(FST female–fe-
male = 0.017,	male–male = 0.019,	p = .3242)	(Figure S4b).

3.2  |  Genomic diversity and inbreeding 
coefficients are variable across continental 
North America

Northern	Quebec	 grey	wolves	 had	 the	 highest	 levels	 of	 observed	
and	 expected	 heterozygosity	 estimates	 (HO = 0.284),	 followed	 by	
equivalent levels found among northern/southwestern Canada and 
the	western	USA	regions	(HO = 0.223	and	0.220),	and	the	Great	Lakes	

TA B L E  1 Average	and	weighted	Weir	and	Cockerham	estimates	(above	and	below	diagonal,	respectively)	of	genetic	differentiation	(FST)	
across	81,595	SNPs	between	geographic	regions	of	grey	wolves	(see	Figure 1a	for	population	abbreviations).

Geographic group (n) Population(s)
Northern 
Canada

Western USA and 
southwestern Canada

Northern 
Quebec

Great Lakes 
and Ontario

Northern	Canada	(42) NT,	NU,	YT – 0.034 0.052 0.052

Western	USA	and	southwestern	Canada	(182) AB,	BC,	CA,	ID,	MT,	
OR,	WA,	WY

0.033 – 0.084 0.056

Northern	Quebec	(24) QC 0.071 0.094 – 0.073

Great	Lakes	and	Ontario	(189) MI,	MN,	ON,	WI 0.054 0.065 0.090 –
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    |  7 of 16VONHOLDT et al.

and	Ontario	region	carried	the	 lowest	 (HO = 0.210)	 (Table 2a).	Only	
northern	Canada	and	Quebec	significantly	differed	from	expected,	
with the latter found to have significantly higher observed heterozy-
gosity	than	expected	(Table 2a).	We	further	report	the	expected	pos-
itive correlation between the number of autosomal ROH segments 
and	 inbreeding	 estimates	 (R = .77),	with	 a	weaker	 yet	 similar	 trend	
for	 the	X	 chromosome	 (R = .44).	Autosomal	 inbreeding	 levels	were	
highest	 in	 the	 wolves	 of	 western	 USA	 and	 southwestern	 Canada	
(FROH = 0.296),	which	were	not	significantly	different	from	northern	
Canada	 (FROH = 0.278)	 or	 northern	 Quebec	 (FROH = 0.267).	 Wolves	
of	 the	 Great	 Lakes/Ontario	 (FROH = 0.199)	 had	 significantly	 lower	
inbreeding	levels	(FROH = 0.278)	than	the	other	geographic	regions.

3.3  |  The northern Rocky Mountain population is 
genetically distinct

To provide information relevant to ongoing management consid-
erations and decisions, we partitioned the samples to analyse only 
those belonging to the populations identified in the United States, 
the	 northern	 Rocky	 Mountains	 (n = 188)	 and	 the	 western	 Great	
Lakes	(n = 199).	The	preceding	analysis	identified	the	distinctiveness	
between the northern Rocky Mountains and western Great Lakes 
population segments as per their divergent assignment probabilities 

(K = 3	and	K = 9)	(Figure 1b,c, Figure S2).	We	found	that	six	(4.5%)	of	
the northern Rocky Mountains wolves had assignments to a cluster 
divergent from their geographic origins at K = 3	(when	Q > 0.00001,	
Q = 0.01–0.25),	all	of	which	were	individuals	sampled	in	the	Pacific	
Northwest.	 The	 misclassification	 of	 western	 Great	 Lakes	 wolves	
is more varied due to assignments to the proximate Canada wolf 
populations at K = 3	(Q = 0.01–0.86).	This	pattern	continued	at	K = 9,	
where	the	highest	non-	Rocky	Mountains	assignments	were	wolves	
assigned	to	Canada's	Northwest	Territories	Province	(Q = 0.01–0.37),	
concordant with a shared demographic history. We identified seven 
western	Great	Lakes	individuals	with	assignments	(several	samples	
in	Isle	Royale	NP,	Q = 0.01–0.56)	to	Canada's	Northwest	Territories	
Province,	two	assigned	to	Idaho	(sampled	in	MN	and	WI,	Q = 0.99),	
and	one	to	Oregon/California	 (sampled	in	MN,	Q = 0.99),	with	sev-
eral	demographic	processes	to	explain	such	signatures	(e.g.	admix-
ture,	shared	ancestry,	recent	dispersal,	statistical	noise).

Although	we	found	that	the	northern	Rocky	Mountains	and	west-
ern Great Lakes populations carried comparable observed heterozy-
gosity	levels	(HO, HE = [0.211,	0.224]	and	[0.211,	0.211],	respectively),	
the	per-	state	composition	was	quite	variable	(Table 2b).	Estimations	
at the state level revealed that in the northern Rocky Mountains, 
the four samples from California were the most genetically diverse 
(HO = 0.562),	 followed	 by	 Montana	 (0.333),	 Washington	 (0.298),	
Oregon	(0.285),	Idaho	(0.245),	and	Wyoming	(0.238)	(Table 2b).	In	the	

TA B L E  2 Average	expected	and	observed	heterozygosity	(HE and HO,	respectively)	and	effective	population	size	(Ne from past 50 
generations)	estimates	for	each	(a)	major	geographic	location	(p-	values	are	from	a	Welch	two-	sample	t-	test	of	unequal	variance	between	HE 
and HO)	and	(b)	regional	population	within	the	United	States.	Diversity	estimates	were	derived	from	the	statistically	neutral	SNP	set	while	
effective	population	size	estimates	from	the	minimally	filtered	SNP	set.

(a)

Geographic group (n) HO HE t, df, p Ne

Northern	Canada	(42) 0.223 0.233 t = −3.96,	df = 41.5,	p = 2.879 × 10−4 3050.1

Western	USA	and	southwestern	Canada	(182) 0.220 0.222 t = −1.10,	df = 189.3,	p = .2721 1240.5

Northern	Quebec	(24) 0.284 0.274 t = 4.82,	df = 23.7,	p = 6.777 × 10−5 275.4

Great	Lakes	and	Ontario	(189) 0.210 0.211 t = −0.57,	df = 201.9,	p = .5682 524.8

(b)

Population (n) HO HE t, df, p Ne

Northern	Rocky	Mountains	(176) 0.211 0.224 t = −1.0,	df = 182.9,	p = .3127 1274.3

California	(4) 0.562 0.455 t = 18.9,	df = 3.2,	p = 2.058 × 10−4

Idaho	(43) 0.245 0.243 t = 0.73,	df = 43.0,	p = 0.4678

Montana	(12) 0.333 0.313 t = 1.9,	df = 11.0,	p = .9008

Oregon	(21) 0.285 0.263 t = 6.6,	df = 21.8,	p = 1.403 × 10−6

Washington	(15) 0.298 0.282 t = 2.3,	df = 14.5,	p = .03465

Wyoming	(81) 0.238 0.235 t = 1.3,	df = 82.9,	p = .1958

Western	Great	Lakes	(168) 0.211 0.211 t = −0.34,	df = 180.8,	p = .7351 484.8

Michigan	(49)a 0.219 0.226 t = −1.6,	df = 50.4,	p = .1082

Minnesota	(62) 0.225 0.223 t = 1.0,	df = 67.5,	p = .306

Wisconsin	(57) 0.231 0.223 t = 3.5,	df = 61.4,	p = 9.81 × 10−4

Abbreviation:	n, sample size.
aIncludes	grey	wolves	from	Isle	Royale	National	Park	in	Lake	Superior.
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8 of 16  |     VONHOLDT et al.

western	Great	Lakes,	Michigan	(including	wolves	on	Isle	Royale)	had	
the	lowest	estimates	(HO = 0.219)	compared	to	Minnesota	(0.225)	and	
Wisconsin	 (0.231).	We	 restricted	 the	 analysis	 to	 samples	only	with	
known	years	of	sample	collection	between	1990	and	2020	within	the	
population	of	 the	northern	Rocky	Mountains	 (n = 137)	and	western	
Great	Lakes	 (n = 86)	 to	survey	changes	 in	diversity	over	time.	Using	
Pearson's	product–moment	correlation,	we	found	that	all	heterozy-
gosity estimates for the northern Rocky Mountains population signifi-
cantly	declined	over	the	30 years	surveyed	(HO: R = −.41,	p = 8.3 × 10−7; 
HE: R = −.46,	p = 1.2 × 10−8)	(Figure 2a).	Although	the	WGL	population	
shows a similar albeit weaker pattern of decline, there was no statis-
tical	significance	(HO: R = −.08,	p = .47;	HE: R = −.12,	p = .26)	(Figure 2b).	
Females in the northern Rocky Mountains population were signifi-
cantly more differentiated from each other than males across the 
genome	 (mean	 FST = 0.052	 and	 0.032,	 respectively;	 1-	tailed	 t-	test	
of unequal variance p = .01207)	and	the	X	chromosome	 (FST = 0.051	
and	0.029;	p = .0051)	 (Figure S4).	This	pattern	was	not	found	 in	the	

females	of	the	western	Great	Lakes	population	(genome:	FST = 0.017	
and	0.019;	p = .3242;	X	chromosome:	FST = 0.016	and	0.012;	p = .1876).

The northern Rocky Mountain grey wolves had significantly 
higher autosomal inbreeding coefficients compared to the west-
ern	Great	Lakes,	which	differences	across	the	X	chromosome	were	
not	 significant	 (FROH,	 autosomes:	 RM = 0.299,	 GL = 0.211,	 t = 8.5,	
df = 309.6,	p = 8.67 × 10−16;	X	chromosome:	RM = 0.076,	GL = 0.070,	
t = 0.8,	df = 260.3,	p = .4473)	(Figure S5).	The	outlier	inbreeding	coef-
ficients for western Great Lakes can be attributed to the small and 
isolated	grey	wolf	population	living	in	Isle	Royale	National	Park.

3.4  |  Population effective size estimates show the 
continental history of extermination and recovery

We inferred population effective sizes for the past 50 genera-
tions	(approximately	200 years)	from	autosomal	SNPs	for	each	of	

F I G U R E  2 Heterozygosity	(observed	and	expected)	trends	for	the	(a)	northern	Rocky	Mountain	(n = 137)	and	(b)	western	Great	Lakes	
(n = 86)	distinct	population	segments	in	the	United	States	for	a	30-	year	period	between	1990	and	2020	(Y-	axis).	Pearson	correlation	
coefficients	and	significance	values	are	provided.	Shaded	area	indicates	the	95%	confidence	interval.

(a)

(b)
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    |  9 of 16VONHOLDT et al.

the four regional genetic clusters that carried genetic distinction. 
We estimated Ne ranged between 63.0 and 3848.5 over the past 
50	generations	at	a	regional	scale	(Figure 3a; Table S3).	Northern	
Canada had the highest historical size estimated at 3848.5 wolves 
36	 generations	 (144 years)	 ago,	with	western	USA/southwestern	
Canada	next	largest	for	estimates	of	1989.4	wolves	41	generations	
(164 years)	ago,	 then	Great	Lakes/Ontario	with	878.7	wolves	 (45	
generations	or	180 years	ago),	and	finally	northern	Quebec	at	low	
estimates	maxing	at	464.8	wolves	46	generations	(184 years)	ago.	
We found a significant positive relationship between regional ef-
fective population size and number of generations before present 
(Pearson's	 product–moment	 correlation	 R = .39,	 t = 7.3,	 df = 298,	
p = 2.03 × 10−12)	 (Figure S6).	When	we	 restricted	 our	 analyses	 to	
the two populations, we found that the northern Rocky Mountains 
displayed	a	 steep	and	 rapid	effective	 rate	of	 loss	 (m = −45.6)	per	
generation	while	the	western	Great	Lakes	population's	decline	was	
shallower	 (m = −14.4)	 (Figure 3a).	The	northern	Rocky	Mountains	
experienced a dramatic shift 20 generations ago losing 72.8 wolves 
per generation. In that same time frame, the western Great Lakes 
was	 losing	 4.0	wolves	 per	 generation.	 Their	 current-	day	 respec-
tive estimates are Ne_RM = 141.7	 and	 Ne_GL = 226.3,	 after	 having	
effective	population	size	estimates	reduced	by	1928.6	and	542.1	
wolves,	respectively	(Table S3).

We further compared population estimates for the northern 
Rocky Mountains and western Great Lakes populations obtained 
from	management,	 agency,	 and	 public	 reports	 between	 1982	 and	
2015	 (Table S4).	 Both	 regional	 populations	 have	 a	 history	 of	 sub-
stantial	 expansion	 in	 census	 population	 sizes	 between	 1982	 and	
2010 when the northern Rocky Mountains were estimated to have 
N ~ 1723	 and	 western	 Great	 Lakes	 at	N ~ 4321	 wolves,	 remaining	

mostly	 stable	 to	 the	present-	day	 estimates	 of	N ~ 1881	 and	3025,	
respectively	 (Figure 3b).	 We	 estimated	 that	 the	 western	 Great	
Lakes	 effective	 population	 size	 has	 remained	 stable	 since	 1990	
with an average rate of growth larger than that of the northern 
Rocky	 Mountains	 (GL	m = 0.21;	 RM	m = −0.05),	 with	 significantly	
higher effective population size estimates for western Great Lakes 
(Ne = 226.6)	than	the	northern	Rocky	Mountains	(Ne = 143.8)	(t-	test	
unequal variance p = 1.420 × 10−11).	Lastly,	we	estimated	the	tempo-
ral trend of Ne/N collectively for the northern Rocky Mountains and 
the western Great Lakes and found the effective population size re-
mained	at	5.2–9.3%	of	the	census	size	since	mid-	2000s	(Figure 3b).

We estimated that the decay in heterozygosity for the north-
ern Rocky Mountains had an initial level of HO ~ 0.235	 in	 1991	
and	 decayed	 to	 0.208	 by	 2020	 (approximately	 eight	 generations)	
(Figure 2a).	When	we	use	the	estimated	average	effective	popula-
tion size Ne = 141.7	 for	 the	northern	Rocky	Mountains	during	 that	
time	 (Table S3),	 we	 estimate	 that	 the	 observed	 heterozygosity	
should decay by 0.032 to HO = 0.203,	which	is	within	the	95%	confi-
dence	interval	(Figure 2a).	We	found	the	same	trend	for	the	western	
Great	Lakes	(HO ~ 0.213	and	0.213	in	1988	and	2020,	respectively),	
estimated to decay by 0.016 to HO = 0.197.

3.5  |  Admixture with coyotes and eastern wolves is 
unique to the Great Lakes grey wolves

We created a second dataset that included western coyotes and 
eastern wolves to explore signatures of admixture in the grey wolves 
of the Great Lakes region. We discovered 163,314 genomic loci 
genotyped	in	465	canids	(179	grey	wolves	from	the	northern	Rocky	

F I G U R E  3 Locally	estimated	scatterplot	smoothed	(loess)	trend	lines	of	population	effective	size	(Ne)	histories	for	(a)	each	of	the	four	
identified regional genetic clusters and the regional populations in the United States. The vertical dashed line in each panel indicates the 
acceptance	of	the	U.S.	Endangered	Species	Act	into	law	in	1973.	(b)	Observed	(N)	and	inferred	population	effective	size	(Ne)	histories	for	
the	northern	Rocky	Mountain	and	the	western	Great	Lakes	populations	in	the	United	States.	We	assumed	4 years	per	generation.	The	inset	
displays the ratio of Ne to N	since	1982–2015	for	each	of	the	two	populations	with	values	included.

(a) (b)
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10 of 16  |     VONHOLDT et al.

Mountains population, 184 from the western Great Lakes popu-
lation,	 74	western	 coyotes,	 and	28	 eastern	wolves).	We	 also	 con-
structed	a	statistically	neutral	and	unlinked	dataset	of	80,655	SNPs.	
At	the	highest	level	of	partition	(K = 10),	we	found	that	grey	wolves	
of	the	western	Great	Lakes	population	had	the	highest	average	(±sd)	
probability assignment to clusters of other Great Lakes grey wolves 
(Q = 0.64 ± 0.4)	and	<10%	to	any	other	wolf	group	(3.4 ± 0.1%	assign-
ments to eastern wolves; <2%	to	Rocky	Mountain	grey	wolves),	with	
minimal	assignments	to	western	coyotes	(Q = 0.01 ± 0.1)	(Figure S7; 
Table S5).	Rocky	Mountain	grey	wolves	similarly	formed	their	own	
cluster	(Q > 0.97)	with	low,	albeit	detectable,	partial	assignments	of	
Wyoming	grey	wolves	with	coyotes	(<2%)	and <1%	to	all	other	canid	
groups. The unsupervised cluster analysis was further supported 
by western Great Lakes population grey wolves having the lowest 
genetic	 differentiation	 estimates	 with	 eastern	 wolves	 (FST = 0.06	
and weighted FST = 0.08)	and	western	coyotes	(FST = 0.09	and	0.12),	
in contrast to the estimates between northern Rocky Mountains 
population	grey	wolves	and	eastern	wolves	(FST = 0.10	and	0.10)	or	
western	coyotes	(FST = 0.12	and	0.15).

4  |  DISCUSSION

An	estimate	of	the	effective	population	size	provides	a	means	by	
which conservation practitioners can accurately use theory to pre-
dict	 forward-	in-	time	 outcomes	 for	 various	 viability	 scenarios	 for	
an	endangered	species	(Lacy,	1995).	These	estimates	permit	one	to	
estimate the number of generations until gene flow is required to 
boost the genetic diversity and concomitantly reduce inbreeding 
coefficients. The application of this theory to wild endangered or 
threatened populations has remained challenging but is centrally 
needed for conservation planning and simulating evolutionary 
outcomes	 (Frankham	et	al.,	2019).	One	complication	 in	 the	 inter-
pretation of effective population sizes is the sensitivity of these 
estimates	to	population	structure	(Ellegren	&	Galtier,	2016).	Grey	
wolves	 inhabiting	North	America	 represent	 a	 diversity	 of	 demo-
graphic histories and contemporary dynamics that manifest as 
distinct genomic signatures. Local adaptation, compounded with 
social structure of grey wolves, generates population structure 
and increases the rate at which random genetic drift depletes their 
genomic variation and evolutionary potential. When geographic 
regions	 experience	 local	 extinctions	 from	 over-	exploitation,	 dis-
persals	 will	 re-	populate	 the	 new	 vacancy	 and	 genetically	 ho-
mogenize	 across	 proximal	 subpopulations	 over	 time	 (Ausband	&	
Waits, 2020).	Despite	these	recent	demographic	events	of	reintro-
duction	 or	 re-	population,	 observed	 heterozygosity	 is	 lower	 than	
expected with significant genetic structure across the continent. 
As	per	theory,	this	suggests	that	the	effective	population	sizes	cal-
culated	here	for	each	grey	wolf	population	are	impacted	(Ellegren	
& Galtier, 2016).

The comparison of the census and effective population 
sizes provides a more valuable metric beyond census size 
alone. For species with social organization, substructure, and 

non-	random	 breeding,	 theory	 expects	 that	 effective	 population	
size	will	be	a	fraction	of	the	census	size	(Ellegren	&	Galtier,	2016; 
Frankham, 1995).	Although	there	are	many	field	methods	for	es-
timating the ratio of census size to Ne, these are often challenging 
and require an immense effort in the field. For example, using wolf 
dispersal	and	density	data	on	the	Perch	Lake	pack	(Nm = 5,	Nf = 5)	
in	Minnesota,	Chepko-	Sade	et	al.	(1987)	estimated	effective	pop-
ulation	 size	with	 two	methods:	 the	 root	mean	 square	 (variance)	
method	 (Ne = 804)	 and	 the	 85th	 percentile	 distance	 of	 the	 orig-
inal	 dispersal	 distribution	 method	 (Ne = 1660.7).	 In	 comparison,	
we provided a genomic Ne	estimate	of	222.6	wolves	 in	1987	for	
the	western	 Great	 Lakes,	 roughly	 13–28%	 of	 that	 derived	 from	
wolf dispersal and density data. Further, earlier population esti-
mates	 from	 26	microsatellite	 data	 of	 Yellowstone	National	 Park	
wolves reported Ne	 ranging	between	6	and	22.6	 for	1995–2004	
and	the	respective	census	sizes	of	21	and	80	(range	Ne/N = 0.10–
0.37)	(vonHoldt	et	al.,	2008).	Genomic-	based	inferences	still	face	
challenges	 albeit	 different	 from	 field-	based	 inferences;	 regard-
less, estimates are critical for shaping appropriate conservation 
management plans. Understanding this relationship is important 
because management applies to actual populations which are ob-
served and managed based on census size, not effective popula-
tion size. Using genomic data from these populations, we show 
that this ratio is different in different parts of the distribution. 
Overall, the census and effective population sizes differ by ap-
proximately an order of magnitude.

We	conducted	a	population	genome-	level	survey	of	three	ge-
netic	 groups	 of	 grey	wolves	 across	North	America	 and	 resolved	
deeper	 fine-	scale	 resolution	 that	 was	 reflective	 of	 geography	
and demographic history. These groups correspond to the Great 
Lakes	region,	northern	Quebec,	and	the	western	region	of	Canada	
and the United States. While all the populations we studied have 
a	history	of	 over-	exploitation,	 each	 group	has	unique	 aspects	 to	
their population histories. The grey wolves of the Great Lakes 
carry	 a	 genetic	 signature	 of	 historic	 admixture	 (Heppenheimer	
et al., 2018;	 Koblmüller	 et	 al.,	 2009; Leonard & Wayne, 2008; 
Rutledge et al., 2010; vonHoldt et al., 2011, 2016),	and	habitat	loss	
has	been	of	consequence	to	wolves	in	northern	Quebec	(Larivière	
et al., 2000).	 The	 genetic	 cluster	 composed	 of	 the	 continent's	
western region is likely due to the shared ancestry when wolves 
were	 translocated	 from	west-	central	Canada	as	 founders	 for	 the	
populations in the northern Rocky Mountains with recent disper-
sal	across	the	region	(Hendricks,	Schweizer,	Harrigan,	et	al.,	2019; 
vonHoldt et al., 2010).

4.1  |  Northern Rocky Mountain grey wolves have 
declining genetic diversity

Grey wolves were restored in the northern Rocky Mountains 
through	a	reintroduction	programme	in	the	mid-	1990s	and	a	hand-
ful of dispersing wolves southward from Canada into northwestern 
Montana, which successfully established several populations that 
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    |  11 of 16VONHOLDT et al.

contributed towards the first of many delisting proposals for this 
population	 in	 2003.	 A	 study	 by	 vonHoldt	 et	 al.	 (2010)	 provided	
the first evaluation of genetic structure, diversity, and connectiv-
ity	 over	 the	 initial	 10-	year	 recovery	 period	 (1995–2004)	 inferred	
from microsatellite markers and reported no immediate concerns 
for genetic variability. However, genome sequencing advances have 
provided the grey wolf with a plethora of new genetic methods that 
avoid some central and limiting concerns when using microsatellite 
markers	(Väli	et	al.,	2008).	As	such,	we	encourage	genetic	surveys	
of	grey	wolves	to	consider	a	genome-	wide	reduced	representation	
or	 targeted	 sequence-	based	 method	 for	 large-	scale	 population	
studies, which is feasible for any sample type and is less prone to 
calibration and ascertainment concerns of microsatellites collected 
across	facilities,	platforms,	and	research	groups	(Bonin	et	al.,	2004; 
Pompanon et al., 2005).

We found genetic evidence of dispersal patterns in the Pacific 
Northwest,	where	genetic	signatures	clearly	identified	that	these	
western	continental	wolf	populations	relied	upon	male-	mediated	
dispersal for gene flow. We also detected signatures that female 
wolves	across	 the	western	USA	and	southwestern	Canada	were	
significantly more differentiated from each other than males. In 
contrast, this pattern was not found in the females of the Great 
Lakes and Ontario region, likely an interaction between the popu-
lation never being fully eradicated and an evolutionary history of 
genetic admixture with coyotes. Further, we report evidence of 
both significantly lower levels of genomic diversity in the north-
ern Rocky Mountains paired with eroding diversity and higher 
inbreeding	coefficients	since	1990,	explained	in	part	by	our	new	
effective population size estimates. This temporal decline in ge-
netic diversity was not found in the western Great Lakes wolves. 
One limitation is that our genetic focus does not explore the 
fitness effects of such trends; however, such metrics are often 
central	 in	conservation	strategies.	Although	we	currently	do	not	
report	on	fitness-	related	consequences,	evaluations	of	such	have	
been conducted on highly bottlenecked and inbred populations 
like	Isle	Royale	and	Scandinavia	(Åkesson	et	al.,	2022; Hagenblad 
et al., 2009; Robinson et al., 2019).	The	wolves	of	 the	northern	
Rocky Mountains currently have an increased mortality rate due 
to	 relaxed	 regulation.	Notwithstanding,	 grey	wolf	 life	history	of	
short time to sexual maturity, large litters, and dispersal can miti-
gate	population-	level	risks	from	human-	related	mortality	(Adams	
et al., 2008; Fuller et al., 2003).	However,	 Cassidy	 et	 al.	 (2022)	
recently	found	significant	effects	of	human-	caused	mortality	on	
other	 important	 biological	 processes	 in	 wolves	 (e.g.	 pack	 per-
sistence	and	pup	production)	that	have	implications	for	breeding	
and gene flow. Given the difficulty states have faced in meeting 
their	goals	of	significant	population	reduction	(e.g.	Idaho's	goal	of	
500 wolves with an estimated 1270 census size, Idaho Fish and 
Game	Grey	wolf	management	plan	draft	January	2023),	the	effec-
tive population size estimates are then interpreted to be strongly 
influenced by the number of breeding wolves and gene flow, less 
from census size. Current management actions that seek to re-
duce overall populations and permit hunting during the breeding 

season have the greatest potential to have negative consequences 
on effective population sizes.

4.2  |  Great Lakes grey wolves have a unique 
demographic history

Following theoretical expectations, the level of genetic richness 
and uniqueness is correlated with the western Great Lakes wolf 
demographic	 history	 of	 colonization	 and	 admixture	 (Allendorf	
et al., 2001).	In	agreement	with	previous	findings,	western	Great	
Lakes wolves carry the lowest levels of inbreeding and the high-
est levels of allelic richness and private alleles. This is explained 
by their historic genetic exchange with other sympatric canid 
lineages, supported by both genetic cluster analysis and the low-
est	 genetic	 differentiation	 with	 eastern	 wolves	 (FST = 0.06	 and	
weighted FST = 0.08)	 and	 western	 coyotes	 (FST = 0.09	 and	 0.12),	
in contrast to the estimates between northern Rocky Mountains 
population	grey	wolves	and	eastern	wolves	(FST = 0.10	and	0.10)	or	
western	coyotes	(FST = 0.12	and	0.15).	This	demography	is	unique	
and provides an immediate mechanism by which these populations 
can respond to a rapidly changing world in terms of both climate 
and	 anthropogenic	 activity	 (Carmichael	 et	 al.,	 2008;	 Kagawa	 &	
Seehausen, 2020; Ottenburghs, 2021; Pacheco et al., 2022; Rius 
& Darling, 2014; vonHoldt et al., 2017).

4.3  |  Conservation decisions in light of effective 
size estimates

We compiled reported population sizes across the states that com-
pose the northern Rocky Mountains and western Great Lakes popu-
lation	between	1982	and	2015	from	public	data	and	found	that	grey	
wolf	 effective	 population	 sizes	were	 5.2–9.3%	 of	 the	 census	 size.	
Peterson	et	al.	(1998)	used	demographic	models	of	Ne for Isle Royale 
and estimated an Ne/N	ratio	of	16%.	Further,	many	wild	canid	species	
will	avoid	mating	with	relatives	(Ausband,	2022; Geffen et al., 2011; 
Sparkman et al., 2012; vonHoldt et al., 2008),	 and	 this	 inbreeding	
avoidance mechanism will increase Ne. Our estimates are compara-
ble	to	those	for	the	cooperative	breeding	African	wild	dog	(Lycaon 
pictus)	where	effective	population	sizes	are	8.7–11.3%	of	the	census	
size	(Marsden	et	al.,	2012).	According	to	international	conservation	
goals of the ‘50/500 rule’, the genetic consequences of population 
subdivision	 are	 strongest	 in	 small	 (Ne < 500)	 isolated	 populations	
where inbreeding depression occurs, and genomic diversity erodes 
due	 to	 drift.	 Thus,	 successful	 short-	term	 conservation	 efforts	 can	
target Ne ~ 50	but	should	target	Ne > 500	for	the	long-	term	survival	
of	a	species	(Caballero	et	al.,	2017; Frankham et al., 2014; Jamieson 
&	Allendorf,	2012;	Pérez-	Pereira	et	al.,	2022).	As	per	this	rule,	we	
show that grey wolves fall above minimum effective population 
sizes needed to avoid extinction due to inbreeding depression in 
the	 short-	term	 but	 face	 long-	term	 risk	 of	 extinction	 on	 their	 own	
given	their	present-	day	effective	population	sizes	(Ne ~ 142.7–226.3).	
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A	similar	situation	was	also	found	for	Scandinavian	wolves,	with	real-
ized Ne	below	advised	conservation	goals	(Laikre	et	al.,	2016).	Their	
ultimate suggestion was to increase Ne and promote methods that 
would increase genetic exchange via 3–5 effective migrants per 
generation	with	neighbouring	populations.	Notably,	such	goals	are	
clearly	possible	within	the	ESA	framework	which	defines	‘conserva-
tion’ in section 3 to include ‘the use of all methods and procedures 
which are necessary to bring any endangered species or threatened 
species to the point at which the measures provided pursuant to 
this	Act	are	no	longer	necessary’.	There	are	known	dispersers,	albeit	
unknown if they are effective dispersers, between southwestern 
Canada and the U.S. Rocky Mountains. Combined with the shared 
ancestry due to translocation from the western Canada and north-
ern Rocky Mountain grey wolf populations, demography is a core 
feature	that	shapes	conservation-	relevant	metrics.	Further,	wolves	
in	North	America	can	originate	from	dramatically	different	regions	
with	distinct	collections	of	 local	adaptations	and	ecotypes	 (Carroll	
et al., 2020; Hendricks, Schweizer, & Wayne, 2019; Schweizer 
et al., 2016).	 The	 suggested	 effective	 migrant	 strategy	 would	 re-
quire more consideration of regional signatures of adaptive variation 
(Carroll	et	al.,	2020).	We	envision	this	study	as	a	baseline	for	future	
assessments.

4.4  |  Genetic conservation of grey wolves

Species recovery plans are constructed around a core conservation 
biology	framework	referred	to	as	‘The	Three	R's’	(representation,	re-
siliency,	and	redundancy)	for	reducing	the	risk	of	extinction	(Shaffer	
& Stein, 2000).	Under	 the	ESA,	 this	 can	 be	 satisfied	 by	maintain-
ing multiple large, genetically robust populations across the historic 
range	that	are	self-	sustaining.	Grey	wolves	have	already	met	many	
of these aspects, with several populations found across the United 
States, and natural dispersal occurring to help occupy portions of 
their historic range, although the species still only occupies ap-
proximately	10–15%	of	its	historical	range	(Carroll	et	al.,	2006).	With	
fluctuating federal protection, populations can recover, be delisted, 
experience	 reductions	 through	 human-	caused	mortality,	 and	 then	
return to federal protection, thus restarting the cycle. In addition 
to	jurisdictional	issues	within	the	United	States	(Smith	et	al.,	2016),	
there are also international challenges. Both populations considered 
here are part of a larger grey wolf population that is distributed 
across the United States and Canada border, making their conserva-
tion status dependent upon biological and social conditions in both 
countries.	 Joint	USA–Canada	conservation	plans	and	actions	have	
been	successfully	executed	 in	 the	past	 (Bangs	&	Fritts,	1996),	but	
international	coordination	can	be	complicated	to	maintain	(Quevedo	
et al., 2019).	Any	disruption	of	dispersal	across	this	international	line,	
or decline in one country, would impact the population viability of 
the	wolves.	The	Assistant	Secretary	of	the	Interior	is	quoted,	regard-
ing	the	ESA	that	‘…it	is	in	the	best	interests	of	mankind	to	minimize	
the losses of genetic variations. The reason is simple: they are po-
tential resources. They are keys to puzzles which we cannot solve, 

and may provide answers to questions we have not yet learned to 
ask’	(H.R.	Rep.	No.	93-	412,	pp.	4–5,	1973).	Such	Congressional	intent	
clearly displays the intent of including all means for the conserva-
tion of genetic variation. Further, human activity homogenizes the 
landscape	on	which	endangered	species	rely,	and	such	activities	‘…
threaten their – and our own – genetic heritage. The value of this ge-
netic	heritage	is,	quite	literately,	incalculable’	(93D	Congress	Report,	
1st	Session,	No	93-	412,	page	143).

The minimum effective population size of 500 necessary to 
ensure	 long-	term	 population	 viability	 has	 been	 difficult	 to	 apply	
in practice. There are many reasons for this. One reason is the ab-
stractness—it can be hard for a manager to know what the effec-
tive population size of the population they are managing is when 
what they can count is the census size. In 2021, the northern Rocky 
Mountains had a census size estimated at 3354 and western Great 
Lakes at 4526. However, we can then translate these values to an 
effective population size ranging between 201 and 335 wolves for 
the northern Rocky Mountains and 272 and 453 for the western 
Great	Lakes.	Given	the	strong	skew	in	the	effective-	to-	census	size	
ratio in grey wolves, larger wolf populations are necessary to ensure 
long-	term	adaptation	and	survival.	Disperser	success	is	an	additional	
critical	factor	for	long-	term	survival	of	the	species,	promoting	gene	
flow that will reduce inbreeding and elevate effective population 
sizes through increased allelic variation and demographic rescue 
(Newmark	et	al.,	2023).	Dispersers	are	often	challenged	by	utilizing	
lower quality corridors with high mortality risk to find suitable areas 
for	establishing	new	territories	(Oakleaf	et	al.,	2010).	The	protection	
of grey wolf dispersers between wolf populations is thus important 
to	improve	their	effective	population	sizes	for	long-	term	persistence.
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Abstract

We use the phylogenetically based statistical method of independent contrasts to reanalyze the Wolf, C.M., Gri�th, B., Reed, C.,

Temple, S.A. (1996. Avian and mammalian translocations: update and reanalysis of 1987 survey data. Conservation Biology 10,

1142±1154). translocation data set for 181 programs involving 17 mammalian and 28 avian species. Although still novel in con-

servation and wildlife biology, the incorporation of phylogenetic information into analyses of interspeci®c comparative data is

widely accepted and routinely used in several ®elds. To facilitate application of independent contrasts, we converted the dichot-

omous (success/failure) dependent variable (Wolf et al., 1996; Gri�th, B., Scott, J.M. Carpenter, J.W., Reed, C., 1989. Transloca-

tions as a species conservation tool: status and strategy. Science 245, 477±480) into a more descriptive, continuous variable with the

incorporation of persistence of the translocated population beyond the last release year, relative to the species' longevity. For

comparison, we present three models: nonphylogenetic multiple logistic regression with the dichotomous dependent variable (the

method used by Wolf et al. 1996 and Gri�th et al. 1989), nonphylogenetic multiple regression with the continuous dependent

variable, and multiple regression using phylogenetically independent contrasts with the continuous dependent variable. Results of

the phylogenetically based multiple regression analysis indicate statistical signi®cance of three independent variables: habitat quality

of the release area, range of the release site relative to the historical distribution of the translocated species, and number of indivi-

duals released. Evidence that omnivorous species are more successful than either herbivores or carnivores is also presented. The

results of our reanalysis support several of the more important conclusions of the Wolf et al. (1996) and Gri�th et al. (1989) studies

and increase our con®dence that the foregoing variables should be considered carefully when designing a translocation program.

However, the phylogenetically based analysis does not support either the Wolf et al. (1996) or Gri�th et al. (1989) ®ndings with

respect to the statistical signi®cance of taxonomic class (bird vs mammal) and status (game vs threatened, endangered, or sensitive),

or the Gri�th et al. (1989) ®ndings with respect to the signi®cance of reproductive potential of the species and program length.

# 1998 Elsevier Science Ltd. All rights reserved.

Keywords: Birds; Comparative method; Mammals; Phylogenetically independent contrasts; Reintroduction; Translocation

1. Introduction

Numerous methodological, environmental, species-

speci®c, and population-level factors in¯uence whether

the intentional release of wild-caught or captive-reared

animals into new locations will result in the successful

establishment, re-establishment, or augmentation of a

wild population. Because speci®c causal factors and

their relative importance vary widely among such

release programs (herein referred to as translocations,

following Gri�th et al., 1989; see also Wolf et al., 1996),

it is di�cult to identify general trends associated with

success. Nevertheless, both theoretical considerations

and empirical evidence suggest that some methodologi-

cal and biological factors are of general importance. For

example, such methodological details as raise and

release procedures, number and composition of animals

released, and choice of source stock for the released

animals were shown to in¯uence translocation outcomes

in single-species studies (Beck et al., 1991; Allen et al.,

1993; Reed et al., 1993; Bright and Morris, 1994; Velt-

man et al., 1996). Environmental factors perceived as
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important to success include general habitat quality and

climatic conditions (Lindenmayer, 1994; Veitch, 1994),

as well as the absence of predators or competitors

(Crawley, 1986; Short et al., 1992). Some species-speci®c

and population characteristics considered favorable for

successful invasion of a new location include a relatively

high reproductive potential, an omnivorous diet, small

body mass, and high genetic diversity (Mayr, 1965;

Laycock, 1966; Berger, 1972; Smith et al., 1976; Craw-

ley, 1986; Ehrlich, 1986; O'Connor, 1986). The question

remains: how universal is the in¯uence of such metho-

dological and biological factors? Also, in light of sub-

stantial case-by-case variations, are generalizations

across a range of taxa possible?

Gri�th et al. (1989) (see also Gri�th et al., 1990,

1993) used a comparative approach to test for general

patterns underlying the success vs failure of transloca-

tions among species of birds and mammals. They con-

ducted surveys of translocation programs throughout

North America, Australia, and New Zealand; coded the

outcomes as either a success (reported establishment of

a self-sustaining population), a failure, or incomplete;

and used multiple logistic regression to identify seven

statistically signi®cant predictors of success: (1) taxo-

nomic class (bird vs mammal), (2) legal status of the

translocated species (native game vs threatened, endan-

gered, or sensitive species), (3) habitat quality of the

release area (excellent, good, or fair/poor), (4) location

of the release area relative to the historical range of the

species (core vs periphery or outside), (5) number of

animals released (log10 transformed), (6) program

length (number of years over which releases occurred),

and (7) potential productivity of the translocated species

(high vs low). Wolf et al. (1996) conducted a follow-up

survey, in which they up-dated the status of the trans-

locations in the Gri�th et al. study, increased the num-

ber of programs available for multiple regression

analyses from 155 to 181, and tested additional vari-

ables as predictors of success. Their results, using com-

parable analyses, were largely consistent with the

®ndings of Gri�th et al. (1989). Wolf et al. (1996) pro-

duced a model which contained the ®rst ®ve of the

Gri�th et al. variables (as listed earlier) plus adult diet

of the species in the wild (herbivorous vs omnivorous vs

carnivorous).

As was abundantly demonstrated in the last decade,

interspeci®c comparisons are potentially compromised

by statistical non-independence of species values (Fel-

senstein, 1985; Harvey and Pagel, 1991; Garland et al.,

1993; Martins and Hansen, 1996). A simpli®ed con-

sensus view of the problem can be summarized as

follows. Species are related to greater or lesser degrees,

as indicated by their phylogenetic (evolutionary)

relationships. Closely related species possess many

characteristics, and sometimes much of their selective

regime, that were inherited from common ancestors. As

a result of such inheritance, data for a series of species

may contain hierarchical resemblances (e.g. snakes look

like snakes, elephants look like elephants) and cannot

be assumed to represent independent data points, a

key assumption of both traditional parametric and

nonparametric statistical methods. Detailed discus-

sions of why closely related species tend to be simi-

lar are available elsewhere (Grafen, 1989; Brooks

and McLennan, 1991; Harvey and Pagel, 1991; Eggle-

ton and Vane-Wright, 1994; Martins, 1996a). In gen-

eral, common e�ects of violating the assumption of

independence include an in¯ation of Type I error

rates when hypothesis testing (claiming statistical sig-

ni®cance when none actually exists) and poor estimation

of relationships among variables (and hence diminished

predictive accuracy). The reality of these adverse statis-

tical e�ects was demonstrated both analytically and by

computer simulation studies (Felsenstein, 1985; Grafen,

1989; Martins and Garland, 1991; Garland et al., 1992,

1993; Pagel, 1993; Purvis et al., 1994; DõÂ az-Uriarte and

Garland, 1996, in press; Martins, 1996b).

Inclusion of phylogenetic information in statistical

analyses is now routine in such ®elds as behavioral and

physiological ecology (Miles and Dunham, 1993; Gar-

land and Carter, 1994; Losos and Miles, 1994; DõÂ az et

al., 1996; Martin and Clobert, 1996; Martins, 1996a;

Reynolds and Lee, 1996; Ricklefs and Starck, 1996;

Williams, 1996; Abouheif and Fairbairn, 1997; Bauwens

and DõÂ az-Uriarte, 1997; Price, 1997; Clobert et al.,

1998). Although an historical, evolutionary approach

may not initially seem germane to questions pertaining

to contemporary wildlife translocation success, all

interspeci®c (and many interpopulation) comparisons

are potentially subject to phylogenetic in¯uence in sta-

tistical tests. To illustrate, one might expect a translo-

cation of bighorn sheep in Nevada to share inherent

similarities with a translocation of bighorn sheep con-

ducted elsewhere. Part of this similarity would be

caused by general capture and release methodology,

whereas part of this similarity would also be caused by

biological characteristics of bighorn sheep (e.g. repro-

ductive potential, social systems, disease susceptibility).

Likewise, one might expect similarities between translo-

cations conducted with closely related species (e.g.

Prairie Chicken and Sharp-tailed Grouse), as compared

with translocations involving more distantly related

species (e.g. Canada Goose).

Although comparative biologists have long recog-

nized that species should not be treated as independent

data points, early proposed solutions to this problem,

such as averaging within genera or choosing only one

species per genus, are inadequate because they ignore

potentially informative variation within phylogenetic

lineages (clades), ignore hierarchical relationships

among clades, and diminish statistical power (review in

Harvey and Pagel, 1991). State-of-the-art phylogeneti-
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cally based analyses allow incorporation of phylogenetic

information without loss of statistical power (Martins

and Garland, 1991; Garland and Adolph, 1994; Purvis

et al., 1994; Martins, 1996b).

The present study, therefore, employs phylogeneti-

cally based statistical methods to reanalyze the Wolf et

al. (1996) data set (104 avian and 77 mammalian trans-

location programs, representing 28 avian and 17 mam-

malian species). Felsenstein's (1985) method of

phylogenetically independent contrasts, the ®rst fully

phylogenetic method to be proposed, is the best under-

stood of available methods (Grafen, 1989; Martins and

Garland, 1991; Garland et al., 1992; Pagel, 1993; Purvis

and Garland, 1993; Purvis et al., 1994; DõÂ az-Uriarte and

Garland, 1996, in press; Martins, 1996b; Martins and

Hansen, 1996). Moreover, several free computer pro-

grams are available which implement the method (e.g. Joe

Felsenstein's PHYLIP package, the PDAP package

(Garland et al., 1993), CAIC (Purvis and Rambaut, 1995),

COMPARE (Martins and Hansen, 1996)). In brief, the

method of independent contrasts uses phylogenetic infor-

mation (topology and branch lengths) to transform inter-

speci®c data (i.e. estimates of mean values for a series of

species) into values (standardized independent contrasts)

that, in principle, are independent and identically dis-

tributed, and hence can be analyzed with standard statis-

tical methods (see Methods section for more details).

To facilitate application of phylogenetically indepen-

dent contrasts, we used a more detailed indicator of

translocation outcome as a dependent variable, rather

than the dichotomous measure (success vs failure) used

previously (Gri�th et al., 1989; Wolf et al., 1996). We

developed a continuous outcome variable that was a

composite (see Methods section) of the following infor-

mation: (1) the translocated population persistence (in

years) in the ®eld; (2) the classi®cation of the population

as self-sustaining, declining, or gone; and (3) the maximum

potential life span (years) of each species as a scaling fac-

tor. The continuous dependent variable better meets

assumptions of phylogenetically independent contrasts,

and the inclusion of population persistence information

provides a more quantitative measure of the population's

ability to persist through time. In principle, this more

inclusive dependent variable should increase statistical

power to detect signi®cant predictors of `success.'

2. Methods

2.1. The data

The up-dated avian and mammalian translocation

data used by Wolf et al. (1996) in the multiple logistic

regression models were also used in this study. Of the

421 targeted avian and mammalian translocations

throughout North America, Australia, and New

Zealand, 181 programs were used by Wolf et al. (1996)

in the logistic analyses. Within the sample of 181 trans-

locations, 122 were classi®ed as successful and 59 as

unsuccessful; 104 involved translocations of birds and

77 of mammals; and 24 programs released captive-

reared animals, 141 released wild-caught animals, and

16 released a mixture of captive-reared and wild-caught

animals. Ninety translocations were common to both

the Gri�th et al. (1989) and Wolf et al. (1996) multiple

regression model-building samples.

Both the application of phylogenetically independent

contrasts and ordinary multiple regression analyses gen-

erally require a continuous dependent variable (Felsen-

stein, 1985; Grafen, 1989; Garland et al., 1992; but see

simulation results in Ridley and Grafen, 1996). We there-

fore developed a composite, continuous dependent vari-

able representing the outcome of the translocation

programs. Because the successful establishment of a

population ultimately depends upon its ability to persist

through time, the composite dependent variable incor-

porated the following two features of the translocated

population: (1) its persistence (years) in the ®eld since

the year of the last release of animals; and (2) its classi-

®cation (by the survey respondent) as self-sustaining,

declining, or gone (following the criteria for the dichot-

omous dependent variable used by Gri�th et al. (1989)

and Wolf et al. (1996), with the further distinction of the

unsuccessful programs into `declining' and `gone' cate-

gories). The persistence of a translocated population was

divided by the maximum potential life span (years) of

an individual of the species in the wild to scale for the

wide variability (5±50 yr) in species' longevity. To be

conservative in our scaling of the dependent variable,

we used maximum (as opposed to mean) life expectancy

in the wild to account for the longest possible time that the

original released individuals could have remained in the

area. Therefore, populations which persist beyond the

maximum expected life span are likely sustaining through

reproduction (or through ingress from other populations).

Actual construction of the outcome variable was as

follows. After dividing the population persistence by the

longevity estimate for the species, the resulting ratios

were arranged in ascending order within each of the

three status categories (self-sustaining, declining, and

gone). To eliminate overlap between the three categories

(e.g. self-sustaining populations could have the same

persistence/longevity ratios as populations which are

now gone), the highest persistence/longevity ratio in the

`gone' group was added to all of the ratios in the

`declining' group. In this way, programs with low per-

sistence ratios and declining populations have a higher

outcome score than populations that have already dis-

appeared. Then, the highest ratio for the `declining'

group (which now includes the highest value for the

`gone' group) was added to all of the ratios in the `self-

sustaining' group.

C. M. Wolf et al./Biological Conservation 86 (1998) 243±255 245



2.2. Phylogenetic `transformation'

Phylogenetically based statistical methods require

speci®cation of the topology (branching order) and

branch lengths of the phylogenetic tree for the species in

the study. The interspeci®c topology and branch lengths

depicted in Fig. 1 is a composite of information drawn

from a variety of studies in the literature, representing

molecular, morphological, and paleontological infor-

mation (predominant sources include Li et al., 1990;

Sibley and Ahlquist, 1990; Wayne et al., 1991; Garland

et al., 1993; see Appendix for a detailed description of

the tree derivation).

In the analyses, each tip on the phylogenetic tree

represented a separate translocation program (as indi-

cated by separate questionnaires). Where more than one

translocation was conducted with the same species, we

represented the within-species branching order as a

polytomy (multifurcation) of the distinct translocated

populations. In e�ect, intraspeci®c populations were

assumed to have diverged from a common ancestral

population more-or-less instantaneously (termed a

`hard' polytomy; see Purvis and Garland, 1993). This is

appropriate because many programs combined more

than one source stock of animals. For some programs,

mixing of the source stock was done intentionally in an

e�ort to `increase the genetic diversity' of the translo-

cated animals.

Felsenstein's (1985) method of phylogenetically inde-

pendent contrasts is intended to transform comparative

data so as to make them independent and identically

distributed, as is assumed by most conventional statis-

tical methods. The method works as follows (see Fel-

senstein, 1985; Garland et al., 1992 for more details; and

Garland and Adolph, 1994 for worked examples).

Firstly, for a given variable, the datum at a given tip of

the phylogenetic tree is subtracted from the value for its

closest relative in the data set. For example, we might

subtract the value of the outcome variable for the bird

Telespiza ultima from the value for T. cantans (Fig. 1).

The direction of subtraction is arbitrary (Garland et al.,

1992). This di�erence would constitute one `contrast'.

The reason for computing contrasts is to transform the

data to make them independent in the statistical sense.

The rationale is that any di�erence between, say, T.

ultima and T. cantans depends only on evolutionary

events that have occurred since they diverged from their

last common ancestor and is independent of other such

di�erences (e.g. between the two Anas species).

Secondly, a contrast is standardized by division by

the square root of the sum of its branch lengths (its

standard deviation, under the assumptions that evolu-

tion was similar to a Brownian motion process and that

the available branch lengths are proportional to expec-

ted variance of trait evolution). The standardization is

intended to bring all contrasts to a common variance,

such that they can be considered `identically dis-

tributed', another common assumption of most statis-

tical procedures. The rationale for standardizing by

branch lengths (i.e. computing a ratio; see Garland,

1992) is that contrasts involving relatively long diver-

gence times (e.g. Nyctanassa violacea and Pu�nus pu�-

nus) are likely to show greater phenotypic divergence

than are contrasts that involve recent divergences (e.g.

T. ultima and T. cantans).

Thirdly, the foregoing computations would be repe-

ated for all such pairs of tip species (e.g. for the two

Anas species, for N. violacea and P. pu�nus). For many

of the 45 species shown as tips in Fig. 1, the species is

actually represented in our data set by multiple translo-

cation programs (e.g. two programs for the mouse Per-

omyscus polionotus, 10 programs for the otter Lutra

canadensis, 35 programs for the wild turkey Meleagris

gallopavo). As noted earlier, for the actual analyses,

these conspeci®c programs were represented as poly-

tomies (i.e. small `stars' of equal-length branches des-

cending from the tip node). Computations of contrasts

within these `hard' polytomies were done following Fel-

senstein (1985) and Purvis and Garland (1993). It is

important to note that independent contrasts applied to

a `star' phylogeny result in estimates of correlations,

regressions, etc., that are exactly the same as conven-

tional correlations or regressions (Purvis and Garland,

1993).

Lastly, after contrasts are computed for pairs of tip

species (or for programs within a given species), con-

trasts between internal nodes (branching points) are

computed. Values at internal nodes are estimated as the

weighted (by branch lengths) mean of the descendants

of that node, whether they be two tip species (measured

values), one tip value and one estimated nodal value, or

two estimated nodal values (see Felsenstein (1985) for

details). (Branches below internal nodes in the phyloge-

netic tree are lengthened to re¯ect the fact that values at

nodes are estimates, not data, and so contrasts involving

internal nodes should be devalued [receive lower weight]

in statistical analyses; see Felsenstein, 1985). This pro-

cedure continues all the way down to the root (basal

node) of the tree, and ultimately produces nÿ1 con-

trasts, where n is the number of original tip data points

(181 for the present study). Note that the contrast at the

very bottom of the tree (the root or basal contrast Ð

not shown in Fig. 1) constitutes a general comparison

between the birds and mammals (Garland et al., 1993;

Clobert et al., 1998). Thus, a test of its statistical sig-

ni®cance by use of a 0±1 dummy variable is equivalent

to a test comparing the mean translocation success of

birds and mammals (after adjusting for other variables

in the model).

The logic behind phylogenetically based analytical

methods, of which independent contrasts is the best

understood (review in Martins and Hansen, 1996), is
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Fig. 1. Composite hypothesis of phylogenetic relationships for the 28 avian and 17 mammalian species (181 translocation programs) represented in

our data set. Appendix provides a description of and the sources for the compilation of this phylogeny. Numbers at tips represent the number of

translocation programs in our data set for a given species. Not shown are the polytomous relationships between conspeci®c translocations, which,

for computation of phylogenetically independent contrasts (see Methods section), were achieved by setting internodal branch lengths to zero (see

Felsenstein, 1985; Purvis and Garland, 1993) and tip branch lengths equivalent to a divergence time of 1 yr. This arbitrary, small number signi®es an

expectation of similarity among conspeci®c translocations relative to programs conducted with di�erent species. Also not shown is a connecting

branch between the birds and mammals (their divergence, from ancestral reptiles, was estimated at 270million years ago).
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that species inherit genotypes, phenotypes, and to some

extent habitats from their ancestors. Thus, biological

variables (e.g. body mass) will tend to `follow phylo-

geny'. However, many of the independent variables used

in the present analysis are not biologically inherited: (1)

the purpose of the translocation as either the establish-

ment of a new population, the reestablishment of an

extirpated population, or the augmentation of a criti-

cally small population; (2) the range of the release area

in relation to the historical distribution of the species;

(3) the status of the translocated species; (4) the number

of animals released; (5) the number of separate release

events; (6) the presence or absence of potential compe-

titors on the release site; (7) the source of the translo-

cated animals; (8) program length; (9) whether the

translocated animals were released the same day as

transport or some time later; (10) whether the release

was `hard' or `soft'; (11) whether or not the release was

onto an island; (12) the quality of the habitat into which

the release occurred; (13) and whether or not the habitat

was arti®cially improved prior to release. For such

variables, it makes no sense to place them on a hier-

archical phylogeny. Instead, for non-biological inde-

pendent variables, we collapsed (by setting internal

branches to zero length) the phylogenetic tree shown in

Fig. 1 to create one large polytomy (a `star' phylogeny)

for all 181 translocations. Because non-species-speci®c

variables are neither genetically based nor inherited

through phylogeny, a polytomy signi®es, in e�ect,

equal-relatedness and, hence, independence among the

translocations for those variables. The phylogenetic

topology still exists within this polytomy (see Felsen-

stein, 1985; Purvis and Garland, 1993), which thus pre-

serves contrast computation order and allows

incorporation of such variables into an analysis with

other variables whose contrasts were computed on a

non-star, hierarchical phylogeny.

A non-star, hierarchical phylogeny was used to cal-

culate the independent contrasts for the dependent and

biologically based (phylogenetically inherited) indepen-

dent variables (i.e. taxonomic class, adult diet in the

wild, potential productivity, mean adult body mass, and

migratory behavior). Branch lengths were checked for

statistical adequacy as described by Garland et al.

(1992); see also DõÂ az-Uriarte and Garland, 1996, in

press). These graphs indicated that contrasts computed

with all (non-zero) branch lengths equal to one yielded

adequate standardization for each of the species-speci®c

variables. Thus, contrasts for the dependent variable

and all phylogenetically inherited variables were com-

puted with equal-length branches, not those shown in

Fig. 1.

PDTREE (Version 2) of the Phenotypic Diversity

Analysis Program (PDAP, Garland et al., 1993) was

used for computation of the independent contrasts.

These values were then input to SPSS/PC+ version 5.0

(Norusis, 1992a,b) for subsequent statistical analyses

(e.g. multiple regression through the origin).

2.3. Statistical analyses

To facilitate comparison with the previous study

(Wolf et al., 1996) and to understand di�erences

between the analytical modes, we emphasized three

models: nonphylogenetic multiple logistic regression

with the original dichotomous dependent variable, non-

phylogenetic multiple regression with the new con-

tinuous dependent variable, and multiple regression

using phylogenetically independent contrasts with the

continuous dependent variable. Each of the models was

for the entire data set (i.e. all 181 avian and mammalian

programs). Eighteen candidate-independent variables

were evaluated in the multiple regression analyses,

including all but one of the independent variables con-

sidered by Wolf et al. (1996). (The species' potential

maximum life span was not used as a candidate inde-

pendent variable because this information was included

in the new composite dependent variable.)

Following Wolf et al. (1996), the multiple regression

models were derived using a stepwise selection proce-

dure (forward selection with an option for removal;

signi®cance was evaluated at p�0.05 for entry and

p�0.051 for removal). All ®rst-order interaction terms

of the model parameters were checked for statistical

signi®cance. For the phylogenetically based model,

regressions were computed through the origin, as

required by independent contrasts (Garland et al.,

1992). Assumptions (e.g. normality, heteroscedasticity)

of the multiple linear regressions were checked. Normal

probability and detrended normal probability plots of

the deviances were used to examine the distribution of

the residuals (Draper and Smith, 1981). Plots of Cook's

distance statistic and centered leverage values against

case numbers allowed for identi®cation of in¯uential

points. (Note: in¯uential or `leverage' points may not be

identi®ed by residual diagnostics alone (Draper and

Smith, 1981)). All pairwise correlations (calculated

through the origin for the independent contrasts), var-

iance in¯ation factors (VIF), and eigenvalues were

examined for evidence of multicolinearity (Draper and

Smith, 1981; Montgomery and Peck, 1992). We also

conducted tests for di�erent slopes and mean values

between the birds and mammals (see Garland et al.,

1992, 1993; Clobert et al., in press). Final model selec-

tion was based on the statistical signi®cance of model

parameter estimates and whether the regression coe�-

cients were robust following identi®cation of in¯uential

points.

To allow direct comparisons, the three models are

presented with the same independent variables; thus, we

forced into each model any variable that emerged as

signi®cant in any one of the other two model types. In
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general, comparisons between the two nonphylogenetic

models (logistic and ordinary multiple regressions)

should indicate the e�ects of our rescoring of the success

variable, whereas comparisons of the nonphylogenetic

ordinary regression and the regression using indepen-

dent contrasts should indicate the e�ects of incorporat-

ing phylogenetic information.

In addition to the forced inclusion of two variables,

the nonphylogenetic logistic regression model was

modi®ed from the combined avian and mammalian

model presented by Wolf et al. (1996), their table 3) in

the following ways: the golden lion tamarin transloca-

tion (a statistically in¯uential point) was retained,

indicator (as opposed to deviation) coding was used

(Norusis, 1992a), and the variable for habitat quality

was treated as continuous (0=poor, 1=good,

2=excellent). These modi®cations change the appear-

ance of the model, including the presentation of the

coe�cients, but, with one exception, do not alter the

general interpretations of the model presented in Wolf

et al. (1996), their table 3). As a result of these mod-

i®cations, animals with a carnivorous diet appear to be

as successful as those with an omnivorous diet (the dif-

ference in the partial regression coe�cients is negligible,

Bcarnivorous ÿ Bomnivorous=0.062), both being sig-

ni®cantly more successful than herbivores.

3. Results

After converting the dichotomous dependent variable

(success vs failure) into a composite, continuous vari-

able (see Methods section), the nonphylogenetic ordin-

ary stepwise regression produced a model with ®ve

main-e�ect variables and one ®rst-order interaction

term: habitat quality (B=0.252, p=0.0176, where B

equals the partial regression coe�cient), migratory

behavior (B=ÿ0.504, p=0.0021), status (B=0.551,

p=0.0002), range (B=2.332, p<0.0001), number of

animals (B=0.954, p<0.0001), and range � number of

animals (B=ÿ0.920, p=0.0003) (model r2=0.31,

F=12.911, p<0.0001). Thus, this model contained four

of the six variables included in the multiple logistic

regression model of Wolf et al. (1996). Although taxo-

nomic class (bird vs mammal) and diet were not inclu-

ded in the initial model using the stepwise algorithm,

they had statistically signi®cant coe�cients when forced

into the model (Table 1, second column; combined p for

the two diet dummy variables was determined using the

TEST subcommand in SPSS/PC+). Migratory beha-

vior had a negative coe�cient sign, suggesting that non-

migratory animals were more likely to establish self-

sustaining populations when translocated; however, this

variable was statistically nonsigni®cant with diet and

class forced into the model (Table 1, second column).

Thus, the two nonphylogenetic models, one with a

dichotomous and the other with a continuous depen-

dent variable, were highly consistent.

The initial phylogenetically based model, derived

from ordinary stepwise regression (through the origin)

with the independent contrasts, contained three main-

e�ect variables and one ®rst-order interaction term:

omnivory (B=0.857, p=0.0332), range (B=0.450,

p=0.0008), number of animals (B=0.226, p=0.0191),

and range � number of animals (B=0.382, p=0.0347)

(model r2=0.13, F=6.688, p<0.0001). For compar-

ability with the derivation of the logistic regression

model (where the SPSS/PC+ procedure automatically

codes indicator variables and assesses their ®t as a unit),

the indicator variable for carnivory was then forced into

the model. With both the omnivory and carnivory indi-

cator variables in the phylogenetically based model, the

combined in¯uence of diet was no longer statistically

signi®cant (p=0.0756, as determined using the TEST

subcommand in SPSS/PC+). With the subsequent

removal of both diet indicator variables from the model,

habitat quality entered into the model as a statistically

signi®cant predictor, producing the model: habitat

quality (B=0.184, p=0.0421), range (B=0.418,

p=0.0020), number of animals (B=0.214, p=0.0266),

and range � number of animals (B=0.474, p=0.0094).

The foregoing indicates that three variables entered

by stepwise model-building procedures into all three

multiple regression models (logistic, ordinary, phylo-

genetically independent contrasts): the number of ani-

mals released, the range of the release area, and habitat

quality. For more direct comparison of the three mod-

els, they are presented in Table 1 containing the same

eight independent variables. Forcing variables into the

models alters the partial regression coe�cients, p values,

and model-®t statistics; however, this enables compar-

ison of the relative size of the p values for speci®c inde-

pendent variables and, to a certain degree, permits

interpretation of the relative importance of variables

across the di�erent models. Notable di�erences between

the two nonphylogenetic models and the phylogenetic

model are the lack of signi®cance of taxonomic class,

diet, and status (Table 1). (Although omnivory alone

was initially signi®cant in the phylogenetically based

model, the combined in¯uence of omnivory plus car-

nivory was statistically nonsigni®cant.)

Of the 45 species represented in our data set (see

Fig. 1), ®ve were represented by a su�cient number of

programs (�10) to evaluate intraspeci®c correlations of

translocation success. Of those ®ve species, however,

only two exhibited su�cient variation for both inde-

pendent and dependent variables. In the logistic regres-

sion model for bighorn sheep (n=16 programs), type of

release was a signi®cant predictor of translocation suc-

cess (B=ÿ5.804, p=0.0032); that is, `hard' releases (no

provisioning of food or water) were more successful for

this species. For pronghorn (n=14 programs), logistic

C. M. Wolf et al./Biological Conservation 86 (1998) 243±255 249



regression indicated that habitat improvement was

negatively associated with success (B=ÿ10.491,

p=0.0073). These intraspeci®c results appear to be

nonintuitive and suggest that further investigations are

necessary to understand the relationship between the

dependent and independent variables. Hence, although

it is possible to identify general predictors of transloca-

tion success, practitioners are cautioned that such

results may or may not apply to any particular species.

4. Discussion

Complicated biological questions and associated data

sets can be analyzed in many di�erent ways. Often, little

consensus exists as to the `best' way to analyze a parti-

cular type of data. The application of di�erent analy-

tical methods to a single data set is, therefore, prudent.

To the extent that di�erent analytical techniques lead to

similar conclusions, then we may have enhanced con-

®dence in those conclusions.

With respect to interspeci®c comparative studies, a

¯urry of research activity since Felsenstein's (Felsen-

stein, 1985) seminal paper has led to a consensus that

phylogenetic information should be incorporated into

analyses (Brooks and McLennan, 1991; Harvey and

Pagel, 1991; Eggleton and Vane-Wright, 1994; Martins,

1996a). We have, therefore, reanalyzed the data set of

Wolf et al. (1996) with the method of phylogenetically

independent contrasts. Our reanalysis supports several

of the more important conclusions of Wolf et al. (1996),

and of the original paper by Gri�th et al. (1989), but

also indicates some important di�erences.

Table 1 shows that habitat quality at the release site,

the number of animals released, and release into an area

within the core of the species' historical distribution

were positively associated with success in avian and

mammalian translocation programs, irrespective of the

type of multiple regression analysis employed. All three

of these independent variables are under the control of

translocation practitioners. Thus, our phylogenetic

analysis increases our con®dence that these variables

should indeed be considered carefully when designing

an avian or mammalian translocation program.

Habitat quality was emphasized as an essential com-

ponent of translocation success by innumerable other

authors (Dodd and Seigel, 1991; Jackson, 1994;

Lindenmayer, 1994; Wilson and Stanley Price, 1994;

Table 1

Model coe�cients and statistics of combined avian and mammalian translocations using nonphylogenetic multiple logistic regression,

nonphylogenetic ordinary multiple regression (with a composite, continuous dependent variable), and ordinary multiple regression with

phylogenetically independent contrastsa

Nonphylogenetic Regression of Phylogenetically

Independent Contrastsc

Logistic

Regressionb
Ordinary

Regressionc

Variable B p B p B p

Taxonomic Class 1.181 0.0231 0.413d 0.0262 0.028d 0.9735

Diet 0.0003 0.0414 0.1135

Carnivorous 2.070 0.275d ÿ0.558d

Omnivorous 2.008 0.551d 0.539d

Migratory ÿ0.532d 0.2936 ÿ0.332 0.0746 ÿ0.140d 0.5360

Status 1.967 0.0001 0.513 0.0055 0.093d 0.4651

Habitat Quality 0.817 0.0098 0.209 0.0500 0.176 0.0570

# Animals (log10) 2.512 0.0001 1.018 <0.0001 0.190 0.0592

Range 3.847 0.0119 2.269 <0.0001 0.400 0.0033

Range � # Animals ÿ1.415d 0.1023 ÿ0.907 0.0003 0.415 0.0296

Constant ÿ7.777 ÿ0.413 Ð

Model Statistics

X2 74.637 (9df)

p value <0.0001

r2 0.3365 0.1599e

F 9.638 3.617

p value <0.0001 0.0004

a n=181 translocation programs or 180 phylogenetically independent contrasts.
b Compare with Wolf et al. (1996); regression coe�cients and statistics di�er for reasons discussed in text.
c Produced with a composite, continuous dependent variable.
d Not an original variable for this model; forced into the model for comparison with the other two models. Parameter estimates without footnote

were statistically signi®cant (p�0.05) prior to the forced inclusion of additional variables.
e Regression of independent contrasts is computed through the origin; therefore, the r2 is not comparable with the nonphylogenetic model r2.
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Armstrong and McLean, 1995; Veltman et al., 1996).

Indeed, suitable habitat quality (and quantity) relative

to the requirements of the translocated species was the

factor most often cited as in¯uencing translocation out-

come by our survey respondents (Wolf et al., 1996, their

table 4). In contrast, 64% of the Wolf et al. (1996) sur-

vey respondents reported that they based their evalua-

tion of the habitat quality on their subjective opinion

alone. (The remaining 36% of the respondents incorpo-

rated some quantitative assessment of the habitat qual-

ity.) Nevertheless, given the consistency of habitat

quality as an important correlate of successful translo-

cations, we agree with Lindenmayer (1994), Armstrong

and McLean (1995), and others who recommend that

translocation protocols should incorporate rigorous,

quantitative assessments of habitat quality.

The total number of animals released over the dura-

tion of a translocation program also remained a con-

sistent predictor of translocation success, irrespective of

analytical technique (Gri�th et al., 1989; Wolf et al.,

1996; this study). Although populations were estab-

lished with an extremely small number of individuals

(see examples in Copley, 1994), the consistency of our

results supports the notion that adverse demographic

and environmental stochastic e�ects are more prevalent

in small populations. As discussed by Wolf et al. (1996),

however, determination of some minimum viable num-

ber of animals to release will depend on the unique cir-

cumstances of each translocation. Computer programs

that analyze population viability under diverse condi-

tions may provide helpful minimum population size

estimates. One admonition to translocation practi-

tioners is not to mistake a high density of animals pre-

sent as necessarily indicating a self-sustaining

population. By including duration of a population's

persistence in our outcome variable, we presumably

have reduced potential e�ects of over-reporting of self-

sustaining translocation populations by respondents.

This is an important consideration because the average

population of translocated animals reported on by sur-

vey respondents had not persisted (since the last release)

longer than the maximum expected life span of the

translocated species in the wild.

Release of translocated animals into the core of the

species' historical range was the third consistent pre-

dictor of success in both nonphylogenetic and phyloge-

netic analyses. As noted in Wolf et al. (1996), our

®ndings appear to contradict Lomolino and Channell

(1995) recommendations, which were derived from their

observation that declining terrestrial mammals tend to

persist on the periphery of their historical range. How-

ever, our ®ndings do support a study by Nathan et al.

(1996), in which they conclude that peripheral bird

populations are more vulnerable to extinction. With all

else held equal (e.g. habitat quality), our results suggest

that animals released into the core of their historical

distribution should have a greater chance of persisting

and establishing a self-sustaining population.

Unlike the previous analyses (Gri�th et al., 1989;

Wolf et al., 1996), the phylogenetically based statistical

model indicated that translocations involving mammals

did not have statistically higher average success rates

than those which involved birds. This di�erence cannot

be attributed to our recoding of success into a compo-

site, continuous variable, because the conventional

multiple regression (Table 1, second column) also indi-

cated taxonomic class as a signi®cant predictor of suc-

cess. Instead, the di�erence was likely caused by the fact

that mammals and birds constitute two distinct clades,

and hence all of the information pertaining to a possible

di�erence in mean value was encapsulated in a single

independent contrast connecting the roots of the mam-

malian and avian phylogenetic trees (Garland et al.,

1993). The drastic di�erence in p values between the

nonphylogenetic and phylogenetic analyses with respect

to taxonomic class (Table 1) is consistent with a meth-

odological paper in which home range areas of mam-

malian Carnivora and ungulates were compared

(Garland et al., 1993; and see Reynolds and Lee, 1996,

for a similar example). Whenever single evolutionary

events are involved (e.g. the ancient divergence between

birds and mammals), it may be exceedingly di�cult to

demonstrate statistically signi®cant e�ects (see Garland

and Adolph, 1994; Martins and Hansen, 1996; Ricklefs

and Starck, 1996).

Also, unlike the previous nonphylogenetic analysis

(Wolf et al., 1996 and Table 1, ®rst column), neither diet

nor status was a statistically signi®cant predictor of

translocation success in the phylogenetic model. How-

ever, the omnivory indicator variable exhibited statis-

tical signi®cance (p<0.05) in an early-stage

phylogenetic model without the complementary carniv-

ory indicator variable, thus providing some evidence

that omnivores were generally more successful than

animals of the other two diet categories. Moreover, the

signi®cance level for diet in the phylogenetic model

(p=0.1135) was not that much di�erent from the

ordinary regression (p=0.0414). The di�erence between

the nonphylogenetic logistic regression and the phylo-

genetically based regression with respect to status again

cannot be attributed to our recoding of success, because

the conventional multiple regression also indicated sta-

tistical signi®cance (Table 1).

Signi®cant model parameters in the Gri�th et al. (1989)

study, program length (number of years over which

releases occurred) and species' reproductive potential were

not found to be signi®cant predictors of translocation

outcome in either the phylogenetic or nonphylogenetic

multiple regressions in Wolf et al. (1996) or this study

(see Wolf et al. (1996) for further discussion).

We close by noting an important caveat concerning

the present data set: it is not necessarily representative
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of birds and/or mammals in general. Extant birds and

mammals comprise over 9 000 and 4 000 recognized

species, yet were represented here by only 28 (0.3%) and

17 (0.4%) species, respectively. Many major lineages

were entirely absent, such as hummingbirds, ¯ycatchers,

bats, cats, and whales. Moreover, some species were

represented by multiple programs, most notably the

wild turkey, which accounted for 19% of the 181 data

points. These 35 data points can have a considerable

impact on the statistical models. For example, when

turkey programs were omitted from the non-

phylogenetic ordinary multiple regression analysis

(Table 1, second column), both diet (p=0.4198) and

status (p=0.1383) became statistically nonsigni®cant. In

the logistic regression (Table 1, ®rst column), both

variables also became less signi®cant (diet p=0.0170;

status p=0.0553). Because we were constrained for rea-

sons of comparability with Gri�th et al. (1989) and

Wolf et al. (1996) and because many translocations in

the original surveys had undetermined outcomes, many

species were not included in our model building data

set. Future comparative papers on translocations

should, therefore, focus on improving the phylogenetic

`evenness' of species represented.

5. Conclusion

Although routinely employed in other disciplines,

phylogenetically based statistical analyses are virtually

nonexistent within such ®elds as conservation biology

and wildlife management. Yet conservation and wildlife

biologists often make interspeci®c comparisons. The

same resemblances among closely related species that

are often exploited by wildlife biologists for guidance in

developing methodological protocols can confound tra-

ditional correlational and regression analyses of multi-

species data sets. Species are related to greater or lesser

degrees, depending on their phylogeny, and so do not

necessarily o�er independent or identically distributed

data points, both of which are assumptions of conven-

tional statistical analyses. Although conventional statis-

tical analyses can be used to suggest important predictor

variables in an interspeci®c comparative data set (Grif-

®th et al., 1989; Wolf et al., 1996), phylogenetically

based procedures are theoretically more reliable in

terms of both hypothesis testing and parameter estima-

tion. In any case, the di�erent statistical methods pre-

sented in this study yielded congruent results (see also

Ricklefs and Starck, 1996; Price, 1997) with respect to

three variables associated with translocation success: the

habitat quality of the release location, the number of

individuals released, and the range of the release area

relative to the historical distribution of the species.

Although still somewhat experimental, phylogenetic

methods are continually being developed and re®ned,

and our understanding of comparative statistical meth-

ods has risen dramatically in the past decade. We

strongly encourage conservation and wildlife profes-

sionals to consider application of phylogenetically based

statistical methods in future analyses of comparative

data sets.
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Appendix

Table A1

Sources used to derive the topology and divergence times of the phylogenetic tree in Fig. 11

Lineage Divergence Date (MYA) Source1

Aves/Mammalia 270 Li et al., 1990

Avian Taxa

Callaeas/Creadion 5 (arbitrary date)

Telespiza ultima/T. cantans 1 (arbitrary date)

Cynanoramphus unicolor/C. novaezelandiae 1 (arbitrary date)

Anas fulvigula/A. laysanensis 1 (arbitrary date)

Meleagris/Bonasa, Tympanuchus 20 (arbitrary date) topology,

Johnsgard, 1973

Bonasa/Tympanuchus 15 Johnsgard, 1973

(mid-Miocene for earliest fossil of Tympanuchus)

Tympanuchus pallidicinctus/T. phasianellus 1 (arbitrary date)

Mammalian Taxa

Marsupialia/Eutheria 110 J.A.W. Kirsch, pers. comm.

(100±110MYA)

Novacek, 1992b (130MYA)

Rowe, 1993 (95±100MYA)

Phascolaretidae/Myrmecobiidae 60 J.A.W. Kirsch, pers. comm.

Rodentia/Primates,Carnivora,Artiodactyla2 100 Li et al., 1990 (81±100MYA)

Easteal, 1990 (topology)

Janke et al., 1994 (114�15MYA)

Sciuridae/Muridae 55 Sarich, 1985

Peromyscus/Neotoma 7.3 Catze¯is et al., 1993

Cynomys/Sciurus 30 Hafner, 1984 (near the end of the Oligocene)

Primates/Carnivora,Artiodactyla 85 Li et al., 1990 (65±85MYA)

Janke et al., 1994 (93�12MYA)

Lutra/Martes 20 KurteÂ n and Anderson, 1980

(lower Miocene for earliest occurance of Martes)

1 Sources reported are those other than Sibley and Ahlquist (1990) and Garland et al. (1993). The DNA±DNA hybridization study of Sibley and

Ahlquist (1990) served as the primary source for the avian taxa. Branch lengths were based on the mean � T50H values provided by Sibley and

Ahlquist (1990); each � T50H value was multiplied by a calibration constant between 2 and 4.5 for conversion to an estimated divergence time.

Calibration constants vary because the rate of DNA evolution di�ers among lineages; those used for Fig. 1 were approximated to accommodate the

� T50H branching order and the tentative rates of evolution for speci®c lineages and the fossil record as discussed by Sibley and Ahlquist (1990).

Bleiweiss et al. (1994, 1995) supported our use of the Sibley and Ahlquist phylogeny for the branching order between the Passeriformes, Strigi-

formes, Piciformes, Anseriformes, and Galliformes. Although Livezey (1986) hypothesized a con¯icting phylogenetic tree for the Anseriform genera

based on 120 morphological characters (showing Branta more closely related to Cygnus than with Anas), we chose to use the molecularly-based

analyses of Sibley and Ahlquist (1990). Garland et al. (1993) and sources therein as the primary source for the mammalian taxa. If divergence times

were not available from the literature, we assigned arbitrary divergence times of 1MYA (million years ago) between congeneric species and 5 or

20MYA between species within the same family. The estimated divergence times were used to test for the adequacy of the branch lengths for sta-

tistical analyses (see Garland et al., 1992). The virgule (/) represents the tree node separating the taxon (a) on its right and left (refer to Fig. 1).
2For contradicting branching order, see also Novacek, 1992a,b and Johnson et al. (1994).
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